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1  | INTRODUC TION

Temperate forests of the western United States are significant 
carbon stocks (Buotte et al., 2019; Pan et al., 2011) and include 
some of the most carbon‐dense forests on Earth (Hudiburg et al., 
2009). Increasing forest fire activity threatens these carbon stores 
in parts of the region because larger burn areas can lead to more 
tree mortality (Abatzoglou & Williams, 2016; Hicke, Meddens, 
& Kolden, 2016; Westerling, Hidalgo, Cayan, & Swetnam, 2006). 

However, contemporary CO2 emissions to the atmosphere from 
fire are often significantly exaggerated because of public and 
policymaker misconceptions that forests commonly “burn to the 
ground” during fire and that mortality equals emissions (Figure 1) 
(Mater, 2017; Zinke, 2018). The reality is instead negligible stem 
combustion of live, mature trees (i.e., <5%; Figure 2), followed by 
gradual decomposition over years to centuries (Campbell, Donato, 
Azuma, & Law, 2007; Law & Waring, 2015). Modeled estimates of 
fire emissions reinforce public misconceptions, as tree mortality is 
often mistranslated into 30%–80% of tree carbon emitted imme‐
diately (van der Werf et al., 2010; Wiedinmyer & Neff, 2007), and 
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Abstract
Wildfire is an essential earth‐system process, impacting ecosystem processes and 
the carbon cycle. Forest fires are becoming more frequent and severe, yet gaps exist 
in the modeling of fire on vegetation and carbon dynamics. Strategies for reducing 
carbon dioxide (CO2) emissions from wildfires include increasing tree harvest, largely 
based on the public assumption that fires burn live forests to the ground, despite ob‐
servations indicating that less than 5% of mature tree biomass is actually consumed. 
This misconception is also reflected though excessive combustion of live trees in 
models. Here, we show that regional emissions estimates using widely implemented 
combustion coefficients are 59%–83% higher than emissions based on field observa‐
tions. Using unique field datasets from before and after wildfires and an improved 
ecosystem model, we provide strong evidence that these large overestimates can be 
reduced by using realistic biomass combustion factors and by accurately quantifying 
biomass in standing dead trees that decompose over decades to centuries after fire 
(“snags”). Most model development focuses on area burned; our results reveal that 
accurately representing combustion is also essential for quantifying fire impacts on 
ecosystems. Using our improvements, we find that western US forest fires have emit‐
ted 851 ± 228 Tg CO2 (~half of alternative estimates) over the last 17 years, which is 
minor compared to 16,200 Tg CO2 from fossil fuels across the region.
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is in conflict with observations (Lutz et al., 2017). It is important 
to rectify overestimates because governments are currently using 
mortality and emissions estimates from fire to inform land man‐
agement decisions intended to mitigate climate change (California, 

Executive Department, 2018; Fears & Eilperin, 2019; Nunez, 
2006; Oregon, 2005; UNFCCC, 2015; U.S. Executive Office of the 
President, 2018), emphasizing the need for model improvement 
using field observations.

F I G U R E  1   Conceptual diagram of realistic (observation‐based) versus public perception and model implementation of live forest biomass 
combustion in high‐severity forest fires. A common “public and policymaker perception” (U.S. Executive Office of the President, 2018; 
Zinke, 2018) (a), is that live, mature forests catastrophically “burn to the ground,” with nearly all biomass emitted via combustion rather than 
remaining in the ecosystem as dead biomass (note: photograph from grassland). Flawed “model” fire implementations (b) are less extreme in 
their total ecosystem combustion, with the most significant misrepresentation being the over‐combustion of live, mature trees. In “reality” 
(c), 80%–90% of live stems are killed but not combusted; their mass remains as substantial dead ecosystem carbon pools after the fire. 
*Short‐return interval reburned stands can release additional carbon from dead biomass pools, ranging from ~25% (post‐mature burn) to 
95% (post‐young burn) [Colour figure can be viewed at wileyonlinelibrary.com]

(a)

(b)

(c)

F I G U R E  2   Post‐fire forest landscapes 
following different, varying severity 
fires in Oregon. (a) Ponderosa pine—low 
severity patch 4 years after the 2003 B&B 
Complex mixed severity fire (28,640 ha; 
photo by G. Meigs), (b) Mixed conifer—
moderate severity patch 4 years after the 
2003 B&B complex (photo by G. Meigs), 
(c) Ponderosa pine—high‐severity patch 
2 years after the 2002 Eyerly mixed 
severity fire (photo by T. Hudiburg) and 
(d) Ponderosa pine—high‐severity patch 
5 years after the 2002 Eyerly fire (photo 
by B.E. Law) [Colour figure can be viewed 
at wileyonlinelibrary.com]

(a) (b)

(c) (d)
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While modeling research focuses primarily on improving repre‐
sentation of area burned due to the availability of validating satellite 
products (Hantson et al., 2016; Thonicke et al., 2010), it is critical 
to recognize that simulations can generate inaccurate estimates of 
combustion dynamics through a combination of (a) unrealistic com‐
bustion coefficients (i.e., the biomass fraction that burns) and (b) 
misrepresentation of forest biomass (i.e., carbon) pools. Models use 
assumed fractions of biomass combusted (combustion coefficients) 
in fire and apply that to the biomass in the area burned. These de‐
fault combustion coefficients overestimate pool combustion when 
they exceed ranges of observed combustion across live and dead 
pools, effectively simulating events where forests “burn to the 
ground.”

The largest discrepancies between modeled and observed com‐
bustion of aboveground biomass exist for live, mature trees, which 
are the dominant pool of aboveground carbon across western US 
forests (Ghimire, Williams, Collatz, & Vanderhoof, 2012; Hudiburg 
et al., 2009; Wilson, Woodall, & Griffith, 2013). Default values for 
live tree bole (stem) combustion can range from 30%–80% (S1 and S2) 
in high‐severity events, but post‐fire observations in the western 
United States indicate actual combustion is nearly nonexistent for 
mature trees in fire‐prone ecosystems (Campbell, Alberti, Martin, & 
Law, 2009; Campbell, Fontaine, & Donato, 2016; Lutz et al., 2017). 
Field experiments show that there is inadequate prolonged heat 
to facilitate combustion of live tree stems, even at the highest fire  
intensities (Smith et al., 2016; Sparks et al., 2017).

Most models also lack standing dead tree carbon pools (snags; 
Table S2), essential for representation of forests in the context of dis‐
turbance and mortality (Edburg et al., 2012). High‐severity fires can kill 
live trees, which become snags and the dominant stock of aboveground 
carbon in burned areas (Campbell et al., 2007; Figures 1d and 2). When 
trees die in a “no snag” model, the wood instead transfers to the forest 
floor, becoming downed‐woody debris (Figure 1c). In drier climates, 
snags decompose at slower rates than downed‐woody debris (Wirth, 
Gleixner, & Heimann, 2009), producing relatively slow emissions over 
decades rather than acute, large pulses through combustion. Further, 
biomass location matters for reburn combustion (Campbell et al., 
2007; Ghimire et al., 2012); simulating snags as downed‐woody debris 
facilitates higher rates of combustion in subsequent fires.

Generally, model fire severity is defined by the amount of bio‐
mass killed and consumed. Representation of combustion in mod‐
els varies from a single severity (“static severity,” e.g., CLM 5.0; 
Lawrence et al., 2018) to a range from low‐to‐high (“variable se‐
verity,” e.g., LANDIS‐II; Sturtevant, Scheller, Miranda, Shinneman, 
& Syphard, 2009; Table 1, and Tables S1 and S2). These dynamic 
coefficients are either “categorical” or calculated through fire sub‐
models that largely depend on fuel moisture and tree or woody 
debris size class (Table S2). Default mortality and combustion 
coefficients can be “parameterized” to be more in line with ob‐
servations; however, this is often not done, especially at large 
scales (Buotte et al., 2019; Liang, Hurteau, & Westerling, 2018; 
Tables S6, S7, and S8); modeling experiments instead often rely 
on restricting predicted burn area or fire occurrence to achieve 

realistic combustion (Hudiburg, Law, & Thornton, 2013; Hudiburg, 
Luyssaert, Thornton, & Law, 2013). There is also large variation in 
the biomass pools represented, with a persistent absence of snags. 
Even models that include dynamic combustion coefficients (e.g., 
LPJ‐GUESS‐SPITFIRE) or variable severity (e.g., LANDIS‐II) can 
overestimate emissions because the rate at which standing wood 
becomes downed wood is too high without a snag pool (Figure 1c).

In this study, we compare a range of default combustion coef‐
ficients and forest structure representations of regional‐to‐global‐
scale models with observation‐based combustion coefficients and 
a newly implemented model snag pool. Our observation‐based 
refinements utilize carbon stock datasets that span fire events, 
including new, detailed field observations from the 2013 Rim Fire 
in California (Lutz et al., 2017). We also simulate post‐fire carbon 
cycle dynamics using an improved version of the globally recog‐
nized biogeochemical model DayCent (Hudiburg, Higuera, & Hicke, 
2017; Parton, Hartman, Ojima, & Schimel, 1998) through addition of 
snag pools with varying combustion, decomposition, and fall rates 
(Figure S1). We then estimate 2000–2016 fire emissions across the 
western United States with our improved methods.

2  | MATERIAL S AND METHODS

We calculated emissions from forest combustion in the western US 
states using site observations, the monitoring trends in burn severity 
(MTBS) burn perimeter database, and ecosystem modeling. Mortality 
and combustion coefficients were generated from plot data collected 
before and after fire in the region and from commonly used models. 
We developed a modified version of DayCent (Straube et al., 2018) 
that introduces a snag pool to improve representation of post‐dis‐
turbance ecosystem structure and fluxes. DayCent was also used to 
simulate commonly used model combustion coefficients and mortal‐
ity transfers in both snag‐free and snag‐enabled versions. Finally, we 
estimated recent western US forest emissions (2000–2016) for the 
same range of combustion and pool structures using forest inventory‐
derived plot biomass carbon estimates combined with the MTBS burn 
perimeter and severity database (Eidenshink et al., 2007).

Fire combustion coefficients from the 2013 Rim Fire were cal‐
culated using the Yosemite Forest Dynamics Plot (YFDP; CA; Lutz, 
Larson, Swanson, & Freund, 2012) dataset. The YFDP (37.77°N, 
119.82°W) is part of the Smithsonian ForestGEO network of spa‐
tially explicit monitoring plots (Anderson‐Teixeira et al., 2015). The 
YFDP is a carbon‐dense, mixed‐conifer forest, where live trees con‐
tained ~70% of aboveground biomass pre‐fire (Table 1 and Table 
S4). The YFDP (800 m × 320 m) was divided into ten, 160 m × 160 m 
quadrats, and pre‐ and post‐fire aboveground carbon pools were cal‐
culated for each quadrat (Table 1, and Tables S3 and S4). The plot 
was burned in an unattended backfire set by Yosemite National Park 
to check the advance of the Rim Fire (Lutz, Larson, & Swanson, 2018; 
Lutz et al., 2017).

At plot inception (2009–2010), all trees were identified, mapped, 
and tagged. Snags were measured as to height, diameter, top 
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diameter, and decay class. Shrub patches were delineated as poly‐
gons and shrub biomass was calculated by plot‐specific allometric 
equations (Lutz et al., 2014). Due to the 113 year period of fire exclu‐
sion (Barth, Larson, & Lutz, 2015), herbaceous cover was de minimus. 
Each pre‐fire year (2011–2013), trees were visited to ascertain their 
status in May–June, and therefore, the 2013 survey provided a com‐
prehensive inventory of standing stems. In May 2014, we performed 
the post‐fire survey, noting tree death, whether tree canopies were 
scorched or combusted, and measuring dimensions of partially com‐
busted snags.

In 2011 and 2014, surface fuels were measured with 1,600 m 
transects following the methods of (Brown, 1974) with additional 
data taken on large woody debris (1,000  hr fuels, ≥10  cm diame‐
ter). Live biomass was calculated using the methods of Chojnacky, 
Heath, and Jenkins (2013). Snag biomass was calculated using the 
same equations as when trees were killed by fire when needles were 

only scorched. Pre‐fire biomass of snags was calculated as the mass 
of the bole only, calculated as a conic frustum.

Combustion estimates were also used from published studies in 
mature Oregon forests. (Campbell et al., 2007, 2016; Meigs, Donato, 
Campbell, Martin, & Law, 2009; Figure 2; Table 1). Observations 
from the 2002 Biscuit Fire showed that live tree combustion was 
limited primarily to canopy combustion and bark scorching, resulting 
in a maximum 7% mature tree combustion at high (stand‐replacing) 
severity. These datasets also contained reburned plots that burned 
15 years earlier in the 1987 Silver Fire. The authors did not find any 
significant differences between the combustion coefficients of the 
aboveground pools in the reburn versus the initial burn; however, 
because significantly more of the carbon was in snag, downed wood, 
or small diameter tree pools, more aboveground carbon did combust.

Simulations were performed using a modified version (developed by 
the authors) of the biogeochemical model DayCent (Chen et al., 2016; 

Rim fire (YFDP) 
Pool

Stock  
(Mg C/ha)

Combustion  
(%)

Model (%) 
(moderate‐severity)

Tree 281.3 (53.2) 0.1 (0.0)  

Foliage — — 80–92

Branch — — 30–92

Bark — — 30–46

Bolewood — — 30–46

Shrub 2.9 95.4 na

Snag 13.9 (3.0) 61.5 (8.8) na

Coarse woody debris 39.5 (19.6) 58.3 (33.5) 28–50

Fine woody debris 3.3 (1.4) 94.4 (5.0) 50–100

Litter 11.9 (1.5) 90.4 (4.8) 50–100

Duff 43.6 (5.7) 88.5 (4.3) 50–100

Total 396.4 (54.4) 21.9 (5.0) na

Biscuit fire (high‐ 
severity subset)  
Pool

Stock  
(Mg C/ha)

Combustion  
(%)

Model (%)  
(high-severity)

Tree 92.5 8.7  

Foliage 5.6 73.0 80–100

Branch 14.8 7.9 30–100

Bark 11.7 21.0 30–80

Bolewood 60.5 0.6 30–80

Snag 7.7 17.6 na

Coarse woody debris 7.6 34.1 28–80

Fine woody debris 1.1 78.0 50–100

Litter 9.2 100.0 50–100

Duff 6.0 99.0 50–100

Total 124.0 22.5 na

Note: All combustion percentages are equal to combustion coefficients except for the Rim Fire 
snag pool, where the percentage combines combustion and transfer of snag biomass to  
downed‐wood pools. Bold italicized numbers highlight discrepancies between the range of model 
coefficients (Table S6, S7, S8; Lawrence et al., 2018; Sturtevant et al., 2009) and field observations 
for live trees. Field observations are from this study and previous studies (Campbell et al., 2007; 
Lutz et al., 2012). Standard deviation of YFDP subplots shown in parentheses where applicable.

TA B L E  1   Observed aboveground 
carbon stocks and combustion versus 
default model combustion
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Straube et al., 2018) that introduces standing dead pools and fluxes. 
DayCent is the daily time step of CENTURY, simulating fluxes of carbon 
and nitrogen between the atmosphere, ecosystem, and soil (for further 
model description see Figure S1). Our modified DayCent now incor‐
porates standing dead pools of leaves, fine branches, and large wood 
into the forest submodel, as well as accompanying fluxes of carbon and 
nitrogen involved in both background senescence and prescribed fire 
and harvest events (Figure S1). Fluxes in and out of standing dead pools 
are governed by inputs from death of live pools, fall rates of standing 
dead material, decomposition, photodegradation, and removal by har‐
vest or fire. Attached dead leaves that fall to the ground are partitioned 
into surface structural and metabolic litter. When standing dead wood 
falls, it becomes coarse and fine woody debris. Live and dead material 
involved in fire events may now be returned to the system as charcoal.

Simulations were performed for each of the combustion and 
mortality parameter sets (Table S5) extracted from the YFDP 2013 
Rim Fire, 2002 Oregon Biscuit Fire, and additional regional datasets 
of partial aboveground combustion (e.g., Fahnestock & Agee, 1983; 
Kauffman & Martin, 1989; Knapp, Keeley, Ballenger, & Brennan, 
2005; Meigs et al., 2009). DayCent pre‐fire carbon pools and fluxes 
were parameterized to the 2011 and 2013 carbon stocks of the 
YFDP (Table 1, and Tables S3 and S4; Lutz et al., 2012). Model spinup 
(2,000  years) was based on a pre‐modern fire return interval of 
29 years followed by 120 years of no fire, consistent with historical 
park records. Site soil characteristics were extracted from SSURGO 
(NRCS, 2010). Site climate (temperature and precipitation) was 
based on location data from PRISM (Daly, Taylor, & Gibson, 1997) for 
1981–2017. Post‐fire simulation periods in model experiments were 
driven with historical climate conditions. Mortality proportions were 
based on fire severity mortality classes (Campbell et al., 2016; Meigs 
et al., 2009) comparable to the mortality in the “variable‐severity” 
model (below), facilitating comparison. Mortality classes include 
0%–10%, 10%–50%, 50%–90%, and 90%–100% for very low‐, low‐, 
moderate‐, and high‐severity fire, respectively.

DayCent was also used to simulate default parameter sets from 
the Community Land Model v 5.0 (CLM; Lawrence et al., 2018; Oleson  
et al., 2013) and LANDIS‐II with the Net Ecosystem Carbon and Nitrogen 
Succession (NECN) and Dynamic Fuels & Fire System (Sturtevant et al., 
2009) (Scheller et al., 2007) (Tables S6, S7, and S8). These two models 
represent the range of coefficients and severities used by most other 
fire‐enabled ecosystem, forest landscape, and dynamic vegetation 
models (Tables S1 and S2). In our results, CLM and LANDIS‐II default 
parameters, respectively, inform our “static” and “variable” severity sce‐
narios (combustion and mortality). In total, we performed 18 scenario 
simulations of the YFDP representing the range of fire severity, pool 
combustion, and mortality transfer assumption scenarios.

CLM is the land model of the Community Earth System Model 
(CESM) and simulates the fluxes of energy, water, chemical ele‐
ments, and trace gases between atmosphere, plants, and soil. As the 
land‐model component of CESM, CLM is a globally utilized model in 
the effort to explore land‐climate feedbacks, and has been used to 
research forest–climate interactions throughout the western United 
States (Buotte et al., 2019; Hudiburg, Law, et al., 2013; Hudiburg, 

Luyssaert, et al., 2013). During fire events, CLM employs single se‐
verity and mortality. Combustion is therefore governed by burn area. 
CLM first combusts litter, coarse woody debris, and live trees, and 
then transfers non‐burned tree biomass to dead pools (Table S8).

LANDIS‐II is a forest landscape model simulating growth and 
succession of tree species and age cohorts. LANDIS‐II with NECN 
(derived from CENTURY/DayCent) is used to explore the potential 
effects of evolving climate, disturbance regimes, and management 
on ecosystem structure and composition. During a grid cell fire 
event, species cohort mortality is determined as a product of fire 
severity and species tolerance, with up to 100% of species cohorts 
killed and mortality occurring as death of all cohorts below a variable 
percentage of species longevity. Fire reduction parameters deter‐
mine emissions and specify reduction of dead wood and litter after 
the above mortality scheme kills and deposits biomass on the for‐
est floor in the same time step (Tables S6 and S7). We calculated 
LANDIS‐II equivalent biomass mortality estimates for the YFDP 
dominant stand species (White fir and Sugar pine).

Western US carbon stocks were calculated from over 80,000 
forest inventory plots (FIA) containing over 2.5 million tree records 
in the region following methods developed in previous studies 
(Hudiburg et al., 2009; Hudiburg, Law, Wirth, & Luyssaert, 2011; 
Law et al., 2018; Law, Hudiburg, & Luyssaert, 2013). Uncertainty 
estimates for total regional emissions were calculated using a propa‐
gation of error approach accounting for error in biomass allometrics 
and the MTBS fire perimeters (Law et al., 2018).

Western US fire emissions were calculated from 2000 to 2016 
using MTBS (Eidenshink et al., 2007) estimates of burn area and 
severity combined with FIA plot biomass data aggregated by ecore‐
gion and forest type (30  m pixel resolution; Table S9) and sever‐
ity‐specific combustion factors for each pool (large stems, small 
stems, downed dead wood, understory, standing dead, litter pools 
(Campbell et al., 2007; Meigs et al., 2009; and Rim Fire values from 
this study). Areas of recurring severe fire based on the MTBS re‐
cord (less than 2% of total burn area included reburns from 1984 
to 2016; Table S10) were combusted with modified biomass pools 
reflecting simulated post‐fire conditions using combustion obser‐
vations from reburned plots in the Biscuit Fire study (Campbell  
et al., 2007, 2016; Donato, Fontaine, & Campbell, 2016). Combustion 
factor scenarios were consistent with DayCent YFDP simulation 
sets by carbon pool (see Tables S5–S8). Observation‐based and the 
variable‐severity model‐based sets were applied by severity. The 
static‐severity model combustion percentages were applied across 
all severities within burn perimeters. Comparisons with fossil fuel 
emissions were done using Environmental Protection Agency state 
CO2 emissions data (EPA, 2018).

3  | RESULTS AND DISCUSSION

3.1 | Fire emissions in carbon‐dense forests

The YFDP experienced a mixed‐severity burn in 2013, consuming 
22% of aboveground carbon, with dead biomass producing 95% 
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of estimated emissions (Table 1). The fire induced ~71% tree mor‐
tality (stems ≥1 cm dbh) within 1 year and combusted <1% of live 
tree biomass. When YFDP carbon stocks burned under the range 
of model scenarios, default variable and static‐severity model coef‐
ficients resulted in up to 285% and 486% overestimated fire CO2 
emissions compared to observation‐based coefficients, respectively 
(Figure 3a). Overestimation resulted primarily from high default bole 
combustion coefficients combined with existing high live biomass. 
High‐severity fire consumed 31% and 81% (70 and 183 Mg C/ha) of 
aboveground live tree carbon in model scenarios, compared to 6% 
(14 Mg C/ha) in the observation‐based scenario.

Observation‐based combustion of aboveground carbon de‐
creased from 22% (80 Mg C/ha) to 6% (22 Mg C/ha) from high‐ to 
very low‐fire severity, reflecting transitions between canopy and 
ground fire. With variable‐severity model coefficients, aboveground 
carbon combustion decreased from a maximum of 87% to a min‐
imum of 10%. This wide range is explained by large modeled de‐
creases in emissions with decreasing burn severity, averaging 20% of 
aboveground carbon per severity class (Figure 3a; dotted lines). By 
contrast, observation‐based changes in emitted aboveground car‐
bon averaged 5% per severity class. The static‐severity model sim‐
ulation overestimated observation‐based emissions by 59%–486% 
(high‐low observed severity).

Thirty years’ post‐fire, the static‐severity scenario carbon losses 
still exceeded those from observation‐based severities by 39%–
1010% (Figure 3a). The difference in emissions estimates between 
the variable‐severity model and observation‐based scenarios margin‐
ally decreased over time due to a lack of remaining biomass to decom‐
pose (Figure S3). Nonetheless, the variable and static‐severity models 
overestimated observation‐based emissions by averages of 150% and 
130%, demonstrating persistent unrealistic post‐fire emissions over 
timescales relevant to greenhouse gas management. These results 
highlight that model estimates can both inflate fire emissions and 
the potential carbon benefits of severity‐reduction strategies, such 
as thinning for fuels reduction. Further, static‐severity overestimates 
increase dramatically at lower severities, undervaluing the persistent 
carbon storage capacity of forests experiencing low‐severity fire.

Omission of a snag pool resulted in increased combustion of 
downed‐woody debris (vs. snags); net fire‐event carbon losses were 
50%–79% greater across no‐snag scenarios (Figure 3b). Without snags, 
fire‐killed biomass was deposited on the forest floor and decomposed 
at a faster rate than in the snag scenarios, where large quantities of 
killed biomass decayed in standing dead pools before reaching the 
ground (Figure S1). The combined effects of altered combustion and 
decomposition after 30 years yielded an average doubling of simulated 
net emissions across severities when snags were not represented.

From low‐to‐high severity, “mortality  =  emissions” scenarios 
(“public perception”; Figure 1b) exceeded observation‐based emis‐
sions by 140%–253% (Figure 3b); these results were similar to vari‐
able‐severity scenario results (Figure 3a). At neither 30  years nor 
100 years, post‐fire did the “mortality = emissions” scenario emissions 
decrease below the observation‐based scenarios. Although up to 95% 
mortality was implemented in the observation‐based scenarios, sub‐
sequent decomposition of dead biomass was largely compensated 
by regrowth. These results show that simulating mortality transfers 
that are distinct from combustion does not simply delay these carbon 
losses to the future (Figures S2 and S3); greenhouse gas emissions and 
impacts to the atmosphere are instead markedly decreased.

3.2 | Emissions impacts across western US forest 
fires in the 21st century

Across the western United States, observation‐based combustion 
emissions summed to 232 ± 62 Tg C from 2000 to 2016, emitting 

F I G U R E  3   Simulated ecosystem carbon losses at the time 
of fire (Year 0) and 30 years post‐fire at the YFDP. For scenarios 
with variable severity, full bars indicate emissions density at high 
severity. Dashed lines indicate emissions at very low‐to‐moderate 
severity. Points indicate scenario means (or static emissions). 
(a) Carbon losses for observation‐based and model default 
parameterizations. (b) Carbon losses for observation‐based, 
observation‐based without snags, and “mortality = emissions” 
scenarios
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23% of aboveground carbon stocks within ~11 million hectares 
of burned area (Figures 4 and 5), in agreement with estimates for 
Oregon over similar time periods (Law, 2014; Meigs et al., 2009). As 
at smaller scales, model‐based live tree combustion overestimated 
observation‐based combustion by an order of magnitude (Figure 4), 
leading to regional emissions overestimates of 59% and 83%.

Forest fires in California, Idaho, and Montana accounted for 
54% of total combustion emissions (Figure 5), resulting from higher 
burned area and aboveground carbon density relative to southern 
interior states. Coastal‐state (CA, OR, WA) model‐based scenarios 
exceeded observation‐based emissions by 81% and 103%, com‐
pared to overestimates of 35% and 67% in the Northern Rockies (ID, 
MT, WY). This difference stemmed from greater aboveground car‐
bon density in coastal versus Northern Rocky states. Thus, carbon 
loss is most overestimated in forests with high tree biomass.

Regional observation‐based fire emissions totaled to 5% of fos‐
sil fuel emissions compared to twice that when using default co‐
efficients (Figure 5b). Notably, Idaho and Montana fire emissions 
accounted for 55% and 24% of yearly fossil fuel emissions, respec‐
tively, highlighting the importance of correctly calculating fire emis‐
sions in the Northern Rockies due to large projected increases in 
fire (Westerling et al., 2006). Emissions in California and Washington 
were extremely low relative to fossil fuel emissions, likely because of 
population density (energy usage).

3.3 | Implications

Our results illustrate that the use of inaccurate combustion coeffi‐
cients in models can double forest fire emissions estimates across the 
western United States. Overestimates increase to three to four times in 
carbon‐dense forests such as the YFDP, mostly because models incor‐
rectly combust live trees. Treating carbon released over years to centu‐
ries as an immediate emission by equating combustion with mortality is 
simply inaccurate. Omitting snag representation in models compounds 
this error, because of altered decay and combustion dynamics.

A warming climate and more frequently recurring fire 
(Westerling et al., 2006) may alter some regional forest carbon 
stocks from the present. The field data used in this study includes 

F I G U R E  4   Western US aboveground 
carbon pools and pool fire emissions 
across scenarios, 2000–2016 forest burn 
area. Pre‐fire aboveground carbon (AG) 
pool totals (opaque bars) are compared 
to fire‐event pool carbon emissions 
(translucent bars). Litter/duff, dead wood, 
and live trees account for 21%, 26%, and 
53% of aboveground stocks, respectively

F I G U R E  5   Total state emissions (2000–2016) estimated from 
observed combustion coefficients versus coefficients from variable 
and static‐severity models. (a) Western state forest fire emissions 
and burn area. (b) Western state fire emissions as a proportion of 
fossil fuel (FF) emissions
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area in the 2002 Biscuit Fire that contained the 1987 Silver Fire 
(15 years earlier), where reburned plots showed an additional 26% 
reduction in standing and downed dead wood due to fire com‐
pared to mature single‐burn plots but similar pool combustion 
coefficients across fires (Donato et al., 2016). New observations 
from reburned lodgepole pine stands in the Greater Yellowstone 
Ecosystem show that young stands can lose a majority of the 
aboveground carbon (basal diameter <4  cm; Turner, Braziunas, 
Hansen, & Harvey, 2019), consistent with Biscuit Fire observations 
for the small conifer pool (Campbell et al., 2007). This suggests 
a mechanism by which recurrent burning (“reburn”) could in prin‐
ciple lead to state changes to treeless vegetation over the mid‐
term because of frequent, repeated combustion of aboveground 
stocks over time (Coop, Parks, McClernan, & Holsinger, 2016). The 
percentage of the regional forest landscape that has recently ex‐
perienced such severe reburn is less than 1% (see regional meth‐
ods), but could increase in the future with climate change (Dale  
et al., 2001; Turner et al., 2019), and disproportionally in some 
areas (e.g., Southern California and US Southwest). It will be es‐
sential to accurately estimate these emissions impacts in a regional 
context by quantifying shifting biomass pools (e.g., dead and young 
pools) upon which realistic combustion coefficients are applied.

Resolving modeled inaccuracies is critical because forest fire 
and CO2 emissions‐reduction strategies are currently being imple‐
mented (California, Executive Department, 2018; U.S. Executive 
Office of the President, 2018). Overestimating forest fire emissions 
exacerbates public and policymaker misconceptions (Figure 1). Our 
simulations highlight the need for more studies on pre‐ and post‐fire 
carbon pools over decadal durations in order to capture combus‐
tion dynamics in different forest types to provide observations for 
modelers to better constrain and validate their models. At present, 
even when models correctly estimate burned area, their ability to 
properly inform policy makers about the contributions of fires to 
greenhouse gas budgets can be inadequate, adding fuel to the fire 
when drafting forest management plans.

ACKNOWLEDG EMENTS

J.E.S., T.W.H., and K.J.B. were supported by National Science 
Foundation award number DEB‐1553049 and DEB‐1655183. A.M.S. 
and C.A.K. were supported by the National Science Foundation 
award DMS‐1520873. A.M.S. was partially supported by the NASA 
Carbon Monitoring System Program Award NNH15AZ06I.

CONFLIC T OF INTERE S T

The authors declare no conflict of interest.

ORCID

Jeffrey E. Stenzel   https://orcid.org/0000-0001-8881-0566 

James A. Lutz   https://orcid.org/0000-0002-2560-0710 

Beverly E. Law   https://orcid.org/0000-0002-1605-1203 

R E FE R E N C E S

Abatzoglou, J. T., & Williams, A. P. (2016). Impact of anthropogenic cli‐
mate change on wildfire across western US forests. Proceedings of 
the National Academy of Sciences, 113, 11770–11775. https​://doi.
org/10.1073/pnas.16071​71113​

Anderson‐Teixeira, K. J., Davies, S. J., Bennett, A. C., Gonzalez‐Akre, E. 
B., Muller‐Landau, H. C., Joseph Wright, S., … Zimmerman, J. (2015). 
CTFS‐ForestGEO: A worldwide network monitoring forests in an era 
of global change. Global Change Biology, 21(2), 528–549. https​://doi.
org/10.1111/gcb.12712​

Barth, M. A. F., Larson, A. J., & Lutz, J. A. (2015). A forest reconstruc‐
tion model to assess changes to Sierra Nevada mixed‐conifer forest 
during the fire suppression era. Forest Ecology and Management, 354, 
104–118. https​://doi.org/10.1016/j.foreco.2015.06.030

Brown, J. K. (1974). Handbook for inventorying downed woody material (24 
p). General Technical Reports, INT‐16. Ogden, UT: US Department 
of Agriculture, Forest Service, Intermountain Forest and Range 
Experiment Station.

Buotte, P. C., Levis, S., Law, B. E., Hudiburg, T. W., Rupp, D. E., & Kent, 
J. J. (2019). Near‐future forest vulnerability to drought and fire var‐
ies across the western United States. Global Change Biology, 25(1), 
290–303. https​://doi.org/10.1111/gcb.14490​

California, Executive Department. (2018). Executive Order B‐52‐18. 
Sacramento, CA.

Campbell, J., Alberti, G., Martin, J., & Law, B. E. (2009). Carbon dynam‐
ics of a ponderosa pine plantation following a thinning treatment in 
the northern Sierra Nevada. Forest Ecology and Management, 257(2), 
453–463. https​://doi.org/10.1016/j.foreco.2008.09.021

Campbell, J., Donato, D., Azuma, D., & Law, B. (2007). Pyrogenic carbon 
emission from a large wildfire in Oregon, United States. Journal of 
Geophysical Research: Biogeosciences, 112(G4), G04014. https​://doi.
org/10.1029/2007J​G000451

Campbell, J. L., Fontaine, J. B., & Donato, D. C. (2016). Carbon emissions 
from decomposition of fire‐killed trees following a large wildfire in 
Oregon, United States. Journal of Geophysical Research: Biogeosciences, 
121, 718–730. https​://doi.org/10.1002/2015J​G003165

Chen, M., Parton, W. J., Adair, E. C., Asao, S., Hartman, M. D., & Gao, 
W. (2016). Simulation of the effects of photodecay on long‐term 
litter decay using DayCent. Ecosphere, 7(12), e01631. https​://doi.
org/10.1002/ecs2.1631

Chojnacky, D. C., Heath, L. S., & Jenkins, J. C. (2013). Updated gener‐
alized biomass equations for North American tree species. Forestry, 
87(1), 129–151. https​://doi.org/10.1093/fores​try/cpt053

Coop, J. D., Parks, S. A., McClernan, S. R., & Holsinger, L. M. (2016). 
Influences of prior wildfires on vegetation response to subsequent 
fire in a reburned southwestern landscape. Ecological Applications, 
26(2), 346–354. https​://doi.org/10.1890/15-0775

Dale, V. H., Joyce, L. A., Mcnulty, S., Neilson, R. P., Ayres, M. P., Flannigan, 
M. D., … Michael Wotton, B. (2001). Climate change and forest dis‐
turbances: Climate change can affect forests by altering the fre‐
quency, intensity, duration, and timing of fire, drought, introduced 
species, insect and pathogen outbreaks, hurricanes, windstorms, 
ice storms, or landslides. BioScience, 51(9), 723–734. https​://doi.
org/10.1641/0006-3568(2001)051[0723:CCAFD​]2.0.CO;2

Daly, C., Taylor, G., & Gibson, W. (1997). The PRISM approach to map‐
ping precipitation and temperature. Paper presented at the Proc., 10th 
AMS Conf. on Applied Climatology.

Donato, D. C., Fontaine, J. B., & Campbell, J. L. (2016). Burning the legacy? 
Influence of wildfire reburn on dead wood dynamics in a temperate 
conifer forest. Ecosphere, 7(5), e01341. https​://doi.org/10.1002/
ecs2.1341

Edburg, S. L., Hicke, J. A., Brooks, P. D., Pendall, E. G., Ewers, B. E., 
Norton, U., … Meddens, A. J. H. (2012). Cascading impacts of 
bark beetle‐caused tree mortality on coupled biogeophysical and 

https://orcid.org/0000-0001-8881-0566
https://orcid.org/0000-0001-8881-0566
https://orcid.org/0000-0002-2560-0710
https://orcid.org/0000-0002-2560-0710
https://orcid.org/0000-0002-1605-1203
https://orcid.org/0000-0002-1605-1203
https://doi.org/10.1073/pnas.1607171113
https://doi.org/10.1073/pnas.1607171113
https://doi.org/10.1111/gcb.12712
https://doi.org/10.1111/gcb.12712
https://doi.org/10.1016/j.foreco.2015.06.030
https://doi.org/10.1111/gcb.14490
https://doi.org/10.1016/j.foreco.2008.09.021
https://doi.org/10.1029/2007JG000451
https://doi.org/10.1029/2007JG000451
https://doi.org/10.1002/2015JG003165
https://doi.org/10.1002/ecs2.1631
https://doi.org/10.1002/ecs2.1631
https://doi.org/10.1093/forestry/cpt053
https://doi.org/10.1890/15-0775
https://doi.org/10.1641/0006-3568(2001)051%5B0723:CCAFD%5D2.0.CO;2
https://doi.org/10.1641/0006-3568(2001)051%5B0723:CCAFD%5D2.0.CO;2
https://doi.org/10.1002/ecs2.1341
https://doi.org/10.1002/ecs2.1341


     |  3993STENZEL et al.

biogeochemical processes. Frontiers in Ecology and the Environment, 
10(8), 416–424. https​://doi.org/10.1890/110173

Eidenshink, J., Schwind, B., Brewer, K., Zhu, Z.‐L., Quayle, B., & Howard, 
S. (2007). A project for monitoring trends in burn severity. Fire 
Ecology, 3(1), 3–21. https​://doi.org/10.4996/firee​cology.0301003

EPA. (2018). Inventory of U.S. Greenhouse Gas Emissions and Sinks  
1990–2016. Washington, DC: U.S. Environmental Protection Agency. 
April 2018. EPA 430-R-18-003. Retrieved from https​://www.epa.
gov/state​local​energ​y/state-co2-emiss​ions-fossil-fuel-combu​stion​

Fahnestock, G. R., & Agee, J. K. (1983). Biomass consumption and 
smoke production by prehistoric and modern forest fires in western 
Washington. Journal of Forestry, 81(10), 653–657.

Fears, D., & Eilperin, J. (2019, January 14). Trump’s executive order will 
aggressively cut more forest trees. The Washington Post.

Ghimire, B., Williams, C. A., Collatz, G. J., & Vanderhoof, M. (2012). 
Fire‐induced carbon emissions and regrowth uptake in western U.S. 
forests: Documenting variation across forest types, fire severity, 
and climate regions. Journal of Geophysical Research: Biogeosciences, 
117(G3). https​://doi.org/10.1029/2011J​G001935

Hantson, S., Arneth, A., Harrison, S. P., Kelley, D. I., Prentice, I. C., Rabin, 
S. S., … Yue, C. (2016). The status and challenge of global fire mod‐
elling. Biogeosciences, 13(11), 3359–3375. https​://doi.org/10.5194/
bg-13-3359-2016

Hicke, J. A., Meddens, A. J., & Kolden, C. A. (2016). Recent tree mortality 
in the western United States from bark beetles and forest fires. Forest 
Science, 62(2), 141–153. https​://doi.org/10.5849/forsci.15-086

Hudiburg, T. W., Higuera, P. E., & Hicke, J. A. (2017). Fire‐regime vari‐
ability impacts forest carbon dynamics for centuries to millen‐
nia. Biogeosciences, 14(17), 3873–3882. https​://doi.org/10.5194/
bg-14-3873-2017

Hudiburg, T. W., Law, B. E., & Thornton, P. E. (2013). Evaluation and 
improvement of the Community Land Model (CLM4) in Oregon 
forests. Biogeosciences, 10(1), 453–470. https​://doi.org/10.5194/
bg-10-453-2013

Hudiburg, T. W., Law, B. E., Turner, D. P., Campbell, J., Donato, D. C., 
& Duane, M. (2009). Carbon dynamics of Oregon and Northern 
California forests and potential land‐based carbon storage. Ecological 
Applications, 19(1), 163–180. https​://doi.org/10.1890/07-2006.1

Hudiburg, T. W., Law, B. E., Wirth, C., & Luyssaert, S. (2011). Regional 
carbon dioxide implications of forest bioenergy production. Nature 
Climate Change, 1(8), 419–423. https​://doi.org/10.1038/nclim​
ate1264

Hudiburg, T. W., Luyssaert, S., Thornton, P. E., & Law, B. E. (2013). 
Interactive effects of environmental change and management strat‐
egies on regional forest carbon emissions. Environmental Science & 
Technology, 47(22), 13132–13140. https​://doi.org/10.1021/es402​903u

Kauffman, J. B., & Martin, R. (1989). Fire behavior, fuel consumption, and 
forest‐floor changes following prescribed understory fires in Sierra 
Nevada mixed conifer forests. Canadian Journal of Forest Research, 
19(4), 455–462. https​://doi.org/10.1139/x89-071

Knapp, E. E., Keeley, J. E., Ballenger, E. A., & Brennan, T. J. (2005). Fuel 
reduction and coarse woody debris dynamics with early season and 
late season prescribed fire in a Sierra Nevada mixed conifer forest. 
Forest Ecology and Management, 208(1–3), 383–397. https​://doi.
org/10.1016/j.foreco.2005.01.016

Law, B. E. (2014). Regional analysis of drought and heat impacts on for‐
ests: Current and future science directions. Global Change Biology, 
20(12), 3595–3599. https​://doi.org/10.1111/gcb.12651​

Law, B. E., Hudiburg, T. W., Berner, L. T., Kent, J. J., Buotte, P. C., & 
Harmon, M. E. (2018). Land use strategies to mitigate climate change 
in carbon dense temperate forests. Proceedings of the National 
Academy of Sciences, 115(14), 3663–3668. https​://doi.org/10.1073/
pnas.17200​64115​

Law, B. E., Hudiburg, T. W., & Luyssaert, S. (2013). Thinning effects on 
forest productivity: Consequences of preserving old forests and 

mitigating impacts of fire and drought. Plant Ecology & Diversity, 6(1), 
73–85. https​://doi.org/10.1080/17550​874.2012.679013

Law, B. E., & Waring, R. H. (2015). Carbon implications of current and 
future effects of drought, fire and management on Pacific Northwest 
forests. Forest Ecology and Management, 355, 4–14. https​://doi.
org/10.1016/j.foreco.2014.11.023

Lawrence, D. M., Fisher, R. A., Koven, C. D., Oleson, K. W., Swenson, S. 
C., Bonan, G., … Fox, A. M. (2018). Technical note: CLM5 documenta‐
tion. Paper presented at the NCAR Technical Note.

Liang, S., Hurteau, M. D., & Westerling, A. L. (2018). Large‐scale resto‐
ration increases carbon stability under projected climate and wildfire 
regimes. Frontiers in Ecology and the Environment, 16, 207–212. https​:// 
doi.org/10.1002/fee.1791

Lutz, J., Larson, A., & Swanson, M. (2018). Advancing fire science with 
large forest plots and a long‐term multidisciplinary approach. Fire, 1, 
5. https​://doi.org/10.3390/fire1​010005

Lutz, J. A., Larson, A. J., Swanson, M. E., & Freund, J. A. (2012). Ecological 
importance of large‐diameter trees in a temperate mixed‐conifer 
forest. PLoS ONE, 7, https​://doi.org/10.1371/journ​al.pone.0036131

Lutz, J., Matchett, J., Tarnay, L., Smith, D., Becker, K., Furniss, T., & 
Brooks, M. (2017). Fire and the distribution and uncertainty of 
carbon sequestered as aboveground tree biomass in Yosemite and 
Sequoia & Kings Canyon National Parks. Land, 6(1), 10. https​://doi.
org/10.3390/land6​010010

Lutz, J. A., Schwindt, K. A., Furniss, T. J., Freund, J. A., Swanson, M. E., 
Hogan, K. I., … Larson, A. J. (2014). Community composition and al‐
lometry of Leucothoe davisiae, Cornus sericea, and Chrysolepis semper‐
virens. Canadian Journal of Forest Research, 44(6), 677–683. https​://
doi.org/10.1139/cjfr-2013-0524

Mater, C. (2017). The surprising emissions from Oregon's forests (Guest 
opinion), Opinion. The Oregonian.

Meigs, G., Donato, D., Campbell, J., Martin, J., & Law, B. (2009). Forest 
fire impacts on carbon uptake, storage, and emission: The role of 
burn severity in the Eastern Cascades, Oregon. Ecosystems, 12(8), 
1246–1267. https​://doi.org/10.1007/s10021-009-9285-x

NRCS. (2010). Soil survey staff, natural resources conservation service, 
United States department of agriculture.

Nunez, F. (2006). Assembly Bill 32: the California global warming solu‐
tions act of 2006. California State Assembly.

Oleson, K. W., Lawrence, D. M., Bonan, G. B., Drewniak, B., Huang, M., 
Koven, C. D., … Yang, Z.‐L. (2013). Technical description of version 4.5 
of the Community Land Model (CLM). Paper presented at the NCAR 
Technical Note.

Oregon. (2005). Oregon Senate Bill 1072 (73rd Oregon Legislative 
Assembly). Salem, OR.

Pan, Y., Birdsey, R. A., Fang, J., Houghton, R., Kauppi, P. E., Kurz, W. A., 
… Hayes, D. (2011). A large and persistent carbon sink in the world's 
forests. Science, 333, 988–993. https​://doi.org/10.1126/scien​
ce.1201609

Parton, W. J., Hartman, M., Ojima, D., & Schimel, D. (1998). DAYCENT and its land 
surface submodel: Description and testing. Global and Planetary Change, 
19(1–4), 35–48. https​://doi.org/10.1016/s0921-8181(98)00040-x

Scheller, R., Domingo, J., Sturtevant, B., Williams, J., Rudy, A., Mladenoff, 
D., & Gustafson, E. (2007). Introducing LANDIS‐II: Design and devel‐
opment of a collaborative landscape simulation model with flexible 
spatial and temporal scales. Ecological Modelling. In review.

Smith, A. M. S., Sparks, A. M., Kolden, C. A., Abatzoglou, J. T., Talhelm, A. F., 
Johnson, D. M., … Kremens, R. J. (2016). Towards a new paradigm in fire 
severity research using dose–response experiments. International Journal 
of Wildland Fire, 25(2), 158–166. https​://doi.org/10.1071/WF15130

Sparks, A. M., Smith, A. M., Talhelm, A. F., Kolden, C. A., Yedinak, K. M., 
& Johnson, D. M. (2017). Impacts of fire radiative flux on mature 
Pinus ponderosa growth and vulnerability to secondary mortality 
agents. International Journal of Wildland Fire, 26(1), 95–106. https​://
doi.org/10.1071/WF16139

https://doi.org/10.1890/110173
https://doi.org/10.4996/fireecology.0301003
https://www.epa.gov/statelocalenergy/state-co2-emissions-fossil-fuel-combustion
https://www.epa.gov/statelocalenergy/state-co2-emissions-fossil-fuel-combustion
https://doi.org/10.1029/2011JG001935
https://doi.org/10.5194/bg-13-3359-2016
https://doi.org/10.5194/bg-13-3359-2016
https://doi.org/10.5849/forsci.15-086
https://doi.org/10.5194/bg-14-3873-2017
https://doi.org/10.5194/bg-14-3873-2017
https://doi.org/10.5194/bg-10-453-2013
https://doi.org/10.5194/bg-10-453-2013
https://doi.org/10.1890/07-2006.1
https://doi.org/10.1038/nclimate1264
https://doi.org/10.1038/nclimate1264
https://doi.org/10.1021/es402903u
https://doi.org/10.1139/x89-071
https://doi.org/10.1016/j.foreco.2005.01.016
https://doi.org/10.1016/j.foreco.2005.01.016
https://doi.org/10.1111/gcb.12651
https://doi.org/10.1073/pnas.1720064115
https://doi.org/10.1073/pnas.1720064115
https://doi.org/10.1080/17550874.2012.679013
https://doi.org/10.1016/j.foreco.2014.11.023
https://doi.org/10.1016/j.foreco.2014.11.023
https://doi.org/10.1002/fee.1791
https://doi.org/10.1002/fee.1791
https://doi.org/10.3390/fire1010005
https://doi.org/10.1371/journal.pone.0036131
https://doi.org/10.3390/land6010010
https://doi.org/10.3390/land6010010
https://doi.org/10.1139/cjfr-2013-0524
https://doi.org/10.1139/cjfr-2013-0524
https://doi.org/10.1007/s10021-009-9285-x
https://doi.org/10.1126/science.1201609
https://doi.org/10.1126/science.1201609
https://doi.org/10.1016/s0921-8181(98)00040-x
https://doi.org/10.1071/WF15130
https://doi.org/10.1071/WF16139
https://doi.org/10.1071/WF16139


3994  |     STENZEL et al.

Straube, J. R., Chen, M., Parton, W. J., Asso, S., Liu, Y.‐A., Ojima, D. S., & 
Gao, W. (2018). Development of the DayCent‐Photo model and inte‐
gration of variable photosynthetic capacity. Frontiers of Earth Science, 
12(4), 765–778. https​://doi.org/10.1007/s11707-018-0736-6

Sturtevant, B. R., Scheller, R. M., Miranda, B. R., Shinneman, D., & Syphard, 
A. (2009). Simulating dynamic and mixed‐severity fire regimes: A pro‐
cess‐based fire extension for LANDIS‐II. Ecological Modelling, 220(23), 
3380–3393. https​://doi.org/10.1016/j.ecolm​odel.2009.07.030

Thonicke, K., Spessa, A., Prentice, I. C., Harrison, S. P., Dong, L., & 
Carmona‐Moreno, C. (2010). The influence of vegetation, fire spread 
and fire behaviour on biomass burning and trace gas emissions: 
Results from a process‐based model. Biogeosciences, 7(6), 1991–
2011. https​://doi.org/10.5194/bg-7-1991-2010

Turner, M. G., Braziunas, K. H., Hansen, W. D., & Harvey, B. J. (2019). 
Short‐interval severe fire erodes the resilience of subalpine lodge‐
pole pine forests. Proceedings of the National Academy of Sciences, 
201902841. https​://doi.org/10.1073/pnas.19028​41116​

U.S. Executive Office of the President. (2018). Promoting active manage‐
ment of America’s Forests, Rangelands, and other federal lands to 
improve conditions and reduce wildfire risk (Executive Order 13855). 
Washington, DC.

UNFCCC. (2015). Article 5. Paris agreement. Paris, France. Retrieved 
from https​://treat​ies.un.org/pages/​ViewD​etails.aspx?src=TREAT​
Y&mtdsg_no=XXVII-7-d&chapt​er=27&cxml:lang=_en

van der Werf, G. R., Randerson, J. T., Giglio, L., Collatz, G. J., Mu, M., 
Kasibhatla, P. S., … van Leeuwen, T. T. (2010). Global fire emissions 
and the contribution of deforestation, savanna, forest, agricultural, 
and peat fires (1997–2009). Atmospheric Chemistry and Physics, 
10(23), 11707–11735.

Westerling, A. L., Hidalgo, H. G., Cayan, D. R., & Swetnam, T. W. (2006). 
Warming and earlier spring increase western U.S. forest wildfire 
activity. Science, 313, 940–943. https​://doi.org/10.1126/scien​
ce.1128834

Wiedinmyer, C., & Neff, J. (2007). Estimates of CO2 from fires in the 
United States: Implications for carbon management. Carbon Balance 
and Management, 2(1), 10. https​://doi.org/10.1186/1750-0680-2-10

Wilson, B. T., Woodall, C. W., & Griffith, D. M. (2013). Forest carbon 
stocks of the contiguous United States (2000–2009).

Wirth, C., Gleixner, G., & Heimann, M. (Eds.) (2009). Old-growth forests: 
Function, fate and value–an overview. In Old‐growth forests (pp. 3–10). 
Berlin, Heidelberg: Springer.

Zinke, R. (2018). Wildfires seem unstoppable, but they can be prevented. 
Here's how, Opinion. USA TODAY.

SUPPORTING INFORMATION

Additional supporting information may be found online in the 
Supporting Information section at the end of the article. 

How to cite this article: Stenzel JE, Bartowitz KJ, Hartman 
MD, et al. Fixing a snag in carbon emissions estimates from 
wildfires. Glob Change Biol. 2019;25:3985–3994. https​://doi.

org/10.1111/gcb.14716​

https://doi.org/10.1007/s11707-018-0736-6
https://doi.org/10.1016/j.ecolmodel.2009.07.030
https://doi.org/10.5194/bg-7-1991-2010
https://doi.org/10.1073/pnas.1902841116
https://treaties.un.org/pages/ViewDetails.aspx?src=TREATY&mtdsg_no=XXVII-7-d&chapter=27&cxml:lang=_en
https://treaties.un.org/pages/ViewDetails.aspx?src=TREATY&mtdsg_no=XXVII-7-d&chapter=27&cxml:lang=_en
https://doi.org/10.1126/science.1128834
https://doi.org/10.1126/science.1128834
https://doi.org/10.1186/1750-0680-2-10
https://doi.org/10.1111/gcb.14716
https://doi.org/10.1111/gcb.14716

