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This book is dedicated to

the late Edmundo Fahrenkrog (1947–2001).

This outstanding Chilean conservationist and forester
was a leader in advocating and implementing the kind of
integrated natural resource management promoted in
this text.
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Our deeply held belief that “the matrix matters” was
the primary stimulus to initiate and complete this vol-
ume. Many participants in the debates over conserva-
tion of biodiversity have been willing to view biodiver-
sity as a “set-aside” issue best dealt with by designating
a system of large ecological reserves while largely ig-
noring conservation values on the rest of the land-
scape. By and large, the stakeholders in these debates
over forest resource management—who include both
environmental- and commodity-oriented individuals
and organizations—seem to favor this position, differ-
ing only over reserve location and size and total re-
served area.

Conservation of biodiversity is not a set-aside issue
but rather one that requires significant effort through-
out the forest estate. It is our conviction that a strategy
to maintain forest biodiversity based primarily upon
ecological reserves will fail. Most of the world’s tem-
perate and boreal forests—including all of the most
productive and diverse areas—are already being uti-
lized by human societies, or soon will be. The man-
agement practices used on these lands—the unre-
served forest areas, or the matrix—will largely
determine how successful human society is at conserv-
ing forest biodiversity and maintaining forest health.

The ecological literature contains many papers and
books on reserve systems, the value of habitat patches
and vegetation remnants, and the design of wildlife
corridors. Few publications focus on the ecological
value of the unreserved lands that contain and sur-
round these reserves and corridors. Too often, forests
are viewed as either “habitat” (the reserves) or “not-
habitat” (everything else) in the literature of conserva-
tion biology and in the programs and promotional lit-
erature of environmental organizations.

Our premise is that the conservation of a significant
proportion of forest biodiversity requires a compre-
hensive and multiscaled approach that includes both
reserves and the matrix; we attempt to lay the founda-
tions for such a comprehensive strategy in this book.
Although we do discuss the value of large ecological
reserves—they are a fundamental part of any credible

conservation strategy—the book emphasizes the man-
agement of the matrix. We believe that the importance
of the matrix has been overlooked or at least underem-
phasized by many conservation biologists, environ-
mental organizations, and resource management enti-
ties. Our objectives are to make the critical role of the
matrix more apparent to stakeholders, managers, and
decision makers involved in efforts to sustain biodiver-
sity and ecosystem processes in forest landscapes and
to suggest issues and approaches to sustained manage-
ment of the forest matrix.

Readers expecting generic “recipes” for conserving
forest biodiversity will be disappointed. There are no
universal recipes that can be applied uniformly and un-
critically to all landscapes and stands. Rather, this book
is designed to stimulate readers to identify for them-
selves the best strategies with which to achieve conser-
vation objectives in particular stands and landscapes.

In this book we address approaches to forest man-
agement that enhance the conservation of biodiversity.
We are, however, acutely aware that ecologically sus-
tainable forest management involves a lot more than
the conservation of biodiversity. For example, we have
largely ignored the importance of the matrix for the
provision of goods and services. However, the need to
develop comprehensive multiscaled strategies that
span large ecological reserves and matrix lands applies
equally well to the maintenance of key ecosystem
processes as it does to biodiversity conservation. Simi-
larly, there are many issues associated with social and
economic aspects of sustainable forest management
that we do not discuss in this book. Covering all topics
would take many more volumes.

Our primary focus is on temperate forests, largely
because these are the ecosystems with which we have
had the most professional experience. However, the
general themes and principles have application in
other landscapes, such as tropical forests, as well as in
landscapes used for agriculture and grazing (see
Lefroy and Hobbs [2000] for example).

We are aiming for a wide audience—undergraduate
and postgraduate university students, academics and

P R E F A C E

xi



teachers, foresters and other natural resource managers,
conservation biologists, ecologists, and decision makers
in natural resource management. We have assumed
readers will have a reasonable understanding of basic
ecology, conservation biology, and forestry concepts.

Finally, when the idea for this book first surfaced
(in Patagonia in 1997), the aim was to produce a short
text on matrix management for biodiversity conserva-

tion. It quickly grew to be a substantially more diffi-
cult and larger task than was initially envisaged. Nev-
ertheless, in the treatment of a topic of this size (and
the ever-increasing body of literature associated with
it), there can be no doubt that we have missed some
key issues and not done justice to others. Given this,
we welcome criticism of the book, as it will help im-
prove a future edition.

xii PREFACE
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1

I N T R O D U C T I O N

Nearly everyone is familiar with poet (and cleric) John
Donne’s quotation, “No man is an Island . . . ,” with
its message that we are all connected—a continent
will be affected by the loss of even a tiny part of itself.
This notion of interconnectedness reinforces one
premise underlying this book—that the small network
of existing ecosystem reserves is crucial for the health
of ecosystems extending far beyond their borders—
and turns it upside down: if the matrix can be affected
by what happens in reserves, how much greater is the
effect of the matrix on reserves? From this perspec-
tive, we can see that stands, landscapes, regions—and
all their parts—are intertwined. For this reason, the
conservation of biodiversity requires a comprehensive
strategy across multiple spatial and temporal scales.

No man is an Island, entire of it self; every man
is a piece of the Continent, a part of the main; if
a clod be washed away by the sea, Europe is the
less, as well as if a promontory were, as well as if
a manor of thy friends or of thine own were; any
man’s death diminishes me, because I am in-
volved in Mankind; And therefore never send to
know for whom the bell tolls; it tolls for thee.
(John Donne, Meditation 17 [1624])

This book consists of four parts, each containing
several logically linked chapters. The focus is on the
use of matrix management—management of lands not
currently protected in reserves—because until very
recently the emphasis has been on the creation of
large ecological reserves, with conservation manage-
ment outside these protected-area networks receiving
only limited attention.

Part I consists of four chapters that outline general
themes and principles for developing comprehensive
plans for forest biodiversity conservation through ma-
trix management. This section describes the critical
roles the matrix plays in biodiversity conservation and
explores its importance in key areas of ecology such as
metapopulation dynamics, habitat fragmentation, and
landscape connectivity. It also suggests how knowl-

edge about natural disturbance regimes can be used to
lessen the impacts of human-caused disturbance.

Part II presents the essential elements of a compre-
hensive approach to forest biodiversity conservation.
These include large ecological reserves, landscape-
level management strategies, and stand-level manage-
ment strategies. Reserves are currently the corner-
stone of the ecosystem conservation effort but
problematic when used as the sole biodiversity con-
servation strategy. This section argues that compre-
hensive plans for biodiversity conservation must rely
not only on the use of ecological reserves, but also on
matrix management applied in both near-natural
forests and plantations at multiple spatial and tempo-
ral scales.

Five case studies compose Part III, illustrating as-
pects and elements of applied matrix management in
forests. These studies build on the general principles
for maintaining habitat across a full range of spatial
scales and the landscape- and stand-level strategies
outlined in Part II, and they illustrate the need for
multiscaled strategies as part of a comprehensive ap-
proach to forest biodiversity conservation. These case
studies cover conservation planning and matrix man-
agement issues from North America, South America,
and Australia, providing examples that range from rel-
atively intact forest ecosystems to intensively man-
aged plantations.

Part IV covers additional aspects of matrix
management in forest landscapes, such as the role of
adaptive management and monitoring, ideas for the
ongoing refinement of matrix management, and ob-
servations about the social dimensions and tensions in
implementing matrix-based forest management.

Because so many aspects of matrix management are
intimately interrelated, there is inevitably some repe-
tition in themes and ideas between the different chap-
ters and parts of this book. Nevertheless, we have
tried to make the text accessible to as many readers
from different backgrounds as possible. We anticipate
that different readers will use this book in different
ways. Some will dip in and out according to their



2 INTRODUCTION

interests and requirements. Others, such as field prac-
titioners responsible for implementing on-ground
matrix management, may wish to move directly to
Chapter 3 and subsequently focus most on Chapters
6, 7, and 8 (landscape- and stand-level strategies).

However, earlier chapters of the book give a theoreti-
cal grounding for matrix management, and later 
chapters give a social and economic context for 
comprehensive approaches to forest biodiversity con-
servation.



aPart I primarily explores the topic of matrix manage-
ment. This is because much of the focus of conserva-
tion biologists has been on reserve allocation, with
conservation management outside these protected-
area networks receiving only limited attention. 

In Chapter 1 we define what we mean by “the
matrix”—landscape areas not designated primarily for
conservation purposes. We also define what we con-
sider to be ecologically sustainable forest management
given its critical importance for conserving biodiver-
sity in the matrix. Most of Chapter 1 is given over to a
discussion of the critical roles of the matrix for biodi-
versity conservation, including supporting popula-
tions of species, regulating the movement of organ-
isms, buffering sensitive areas and reserves, and
maintaining the integrity of aquatic ecosystems. Fi-
nally, we briefly highlight the limitations of reserve
systems and why these roles for the matrix are critical
for biodiversity conservation, a theme that is revisited
in considerable detail in Part II (Chapter 5). 

Because the role of the matrix for biodiversity con-
servation has largely been ignored in much of ecology
and conservation biology, Chapter 2 is dedicated to an
exploration of the importance of the matrix in key
topics such as metapopulation dynamics, habitat frag-
mentation, and landscape connectivity. This sets a
theoretical and applied framework for identifying a set
of general principles to guide matrix management in
Chapter 3. We argue that the overarching principle
for matrix management is the maintenance of suitable
habitat at multiple spatial scales. Underpinning this is
the maintenance of stand structural complexity, the
maintenance of connectivity, the maintenance of land-

scape heterogeneity, and the maintenance of aquatic
ecosystem integrity. Because of the varying needs of
different species at different spatial and temporal
scales coupled with the uncertainty of the effective-
ness of any given single strategy in its own right, a
fifth guiding principle—risk-spreading, or the applica-
tion of multiple conservation strategies—is also
discussed in Chapter 3. A sixth principle—using
knowledge and inferences from natural disturbance
regimes—is such a large and important topic in in-
formed matrix management for biodiversity conserva-
tion that an entire chapter (Chapter 4) is dedicated to
it. The fundamental premise of this chapter is that the
impacts of human disturbance on forest biodiversity
can be reduced if those impacts are within the bounds
of natural disturbance regimes such as fires, floods,
and windstorms. 

The four chapters in Part I set a practical and theo-
retical foundation for the detailed discussion in Part II
of a multiscaled set of approaches to conserving forest
biodiversity ranging from large ecological reserves to
individual trees within managed stands. How these
approaches are implemented will vary between stands,
landscapes, and regions. No generic “cookbook” can
be applied uncritically everywhere. This is clearly
demonstrated in the series of case studies that are fea-
tured in Part III, which also illustrate many of the
critical roles of the matrix and reemphasize the gen-
eral principles for matrix management that are the
core of Part I. These case studies also highlight many
of the social and political realities of matrix manage-
ment in the real world, which Parts IV and V discuss
in greater detail. 

PART I Principles for Biodiversity
Conservation in the Matrix





The conservation of biodiversity is one of the fundamental
guiding principles for ecologically sustainable forest man-
agement. Many existing conservation programs are lim-

ited to a primary or exclusive focus on lands contained in re-
serves for biodiversity conservation. Yet, most forest will be
in off-reserve, or matrix, lands in the vast majority of forest
regions and forest types. Comprehensive strategies for the
conservation of forest biodiversity must include both re-
serves and matrix-based strategies. The importance of the
matrix for the conservation of biodiversity in forests reflects
its dominance in both temperate and tropical regions—most
forest landscapes have been, or will be, actively used and
managed. Therefore, many forest-dependent species will
occur primarily in matrix lands—or not at all.

How the matrix is managed will influence the size and vi-
ability of populations of many forest taxa and thus biodiver-
sity per se. Matrix conditions also greatly influence connec-
tivity between reserves and the movement of organisms. In
addition, by acting as buffers, matrix conditions strongly
control reserve effectiveness. The matrix must sustain
functionally viable populations of organisms that are
fundamental to the maintenance of essential ecosystem
processes such as nutrient cycling, seed dispersal, and plant
pollination—processes that underpin the long-term produc-
tivity of ecosystems and their ability to produce goods and
services for human use.

The conservation of biodiversity has become a major
concern for resource managers and conservationists
worldwide, and it is one of the foundation principles
of ecologically sustainable forestry (Carey and Curtis
1996; Hunter 1999). This represents a major chal-

C H A P T E R  1

Critical Roles for the Matrix
The days are over when the forest may be viewed only as trees and the trees
viewed only as timber.

—U.S. SENATOR HUBERT HUMPHREY (IN PATTON 1992)

5

lenge for forest management because forests support
approximately 65 percent of the world’s terrestrial taxa
(World Commission on Forests and Sustainable De-
velopment 1999). They are the most species-rich en-
vironments on the planet, not only for vertebrates,
such as birds (Gill 1995), but also for invertebrates
(Erwin 1982; Majer et al. 1994) and microbes (Torsvik
et al. 1990).

Setting aside networks of dedicated reserves has
been the traditional approach advocated by many con-
servation biologists to conserve the extraordinary bio-
diversity that characterizes forest ecosystems. Many
books and vast numbers of scientific articles have been
written on reserve design and selection (Shafer 1990;
Noss and Cooperrider 1994; Margules et al. 1995;
Anonymous 1996; Pigram and Sundell 1997). In this
book, we argue that the conservation of a significant
proportion of the world’s forest biodiversity will re-
quire a far more comprehensive and multiscaled ap-
proach than simply partitioning forest lands into re-
serves and production areas, which we term the
matrix. This book attempts to lay the foundations for
such a comprehensive strategy. Although large eco-
logical reserves are discussed (see Chapter 5), most of
this book addresses management of the matrix.

Most temperate and subtropical forest landscapes
are composed primarily (or even exclusively) of off-
reserve forests, or matrix lands. It has been estimated
that between 90 and 95 percent of the world’s forests
have no formal protection (Sugal 1997). This is par-
ticularly true in temperate regions where the most
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productive (and species-diverse) forested lands have al-
ready been extensively modified by humans (Franklin
1988; Virkkala et al. 1994). Therefore, forests outside
reserves are extremely important for the conservation
of biodiversity—how they are managed will ultimately
determine the fate of much biodiversity.

Our primary objective in this book is to illustrate
the importance of the matrix for biodiversity conser-
vation and to propose strategies for enhanced matrix
management that can be the basis for a comprehen-
sive approach to maintaining forest biodiversity. We
begin in this first chapter by providing our definitions
of biodiversity and the matrix. We then illustrate 
the importance of the matrix for conserving forest
biodiversity.

Defining Biodiversity and
Ecologically Sustainable 
Forest Management

There are many definitions of biodiversity. Ours is
relatively simple:

Biodiversity encompasses genes, individuals,
demes, metapopulations, populations, species,
communities, ecosystems, and the interactions
between these entities.

There are also many interpretations of ecologically
sustainable forest management (Amaranthus 1997).
Ours follows Lindenmayer and Recher (1998):

Ecologically sustainable forest management per-
petuates ecosystem integrity while continuing to
provide wood and non-wood values; where
ecosystem integrity means the maintenance of
forest structure, species composition, and the
rate of ecological processes and functions with
the bounds of normal disturbance regimes.

Two other terms widely used in this book are stands
and landscapes. We define a stand as “a patch of forest
distinct in composition or structure or both from ad-
jacent areas.”

This definition is often inadequate, such as when
modified cutting practices like retention at the time of
harvest are employed (see Chapter 8); this means that

stands can actually be composed of structural mosaics
(Franklin et al. 2002). However, the simple definition
is widely used and understood (see Helms 1998) and,
except where noted, we use it in this book.

Given that the focus of this book is on forests, we
crudely define a landscape as “many sets of stands,” or
patches, that cover an area ranging from many hun-
dreds to tens of thousands of hectares. Drainage
basins are a good landscape unit, but it often is neces-
sary to consider much smaller areas or very large re-
gional landscape units.

Defining the Matrix from a
Conservation Biology and 
Landscape Ecology Perspective

In the technical language of landscape ecology, the
matrix is defined as the dominant and most extensive
“patch type” (Forman 1995; Crow and Gustafson
1997). Other criteria used in its definition include the
portion of the landscape that is best connected and
that has a controlling influence over key ecosystem
processes such as water and energy flows (Forman
1995).

In conservation biology and forest planning litera-
ture, the “matrix” often refers to areas that are not de-
voted primarily to nature conservation. In temperate
regions in particular, these areas are generally avail-
able for resource extraction and use, including the
production of commodities, as well as for many other
human uses. The definitions of “matrix” from both
landscape ecology and conservation biology perspec-
tives are congruent in many temperate regions where
reserved lands are clearly in the minority. Conversely,
in undeveloped regions, the matrix sensu landscape
ecology (the dominant patch type) may not be equiva-
lent to the matrix sensu conservation biology because
the majority of the forested land is in a “natural” con-
dition. For this book, we have adopted a very broad
definition of the matrix:

The matrix comprises landscape areas that are
not designated primarily for conservation of nat-
ural ecosystems, ecological processes, and biodi-
versity regardless of their current condition (i.e.,
whether natural or developed).
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Much of our focus is on biodiversity conservation
in wood production areas outside the dedicated re-
serve system because land allocation in many jurisdic-
tions around the world has created a distinction be-
tween reserves and commodity landscapes. The term
matrix management is used frequently throughout the
book, and it refers to approaches to conserve biodiver-
sity in forests outside the reserve system.

Critical Roles for the Matrix

There are four critical roles the matrix plays that re-
late specifically to biodiversity conservation: (1) sup-
porting populations of species, (2) regulating the
movement of organisms, (3) buffering sensitive areas
and reserves, and (4) maintaining the integrity of
aquatic systems.

Conditions in the matrix will determine the degree
to which it contributes positively or negatively to
these roles.

Conserving biodiversity for its own sake is only one
of many possible goals of matrix management. An-
other is the production of commodities, such as wood,
and services, such as well-regulated flows of high-
quality water. Management practices in the matrix will
determine whether these goods and services can be
sustained, because such practices also influence
whether elements of biodiversity critical to long-term
sustainability, such as mycorrhizal-forming fungi, are
maintained (Perry 1994). Such organisms need to be
conserved at functionally effective levels to maintain
ecosystem processes (Conner 1988). Hence, conserva-
tion of biodiversity in the matrix is fundamental to
achieving intrinsic goals (e.g., sustainable production
of wood products) and extrinsic goals (e.g., mainte-
nance of regional biodiversity and regulation of
streamflow).

Supporting Populations of Species
The matrix can be managed to support broadly dis-
tributed populations of many species (deMaynadier
and Hunter 1995) (Figure 1.1). Such populations have
a lower risk of extinction through demographic
stochasticity (Pimm et al. 1988; McCarthy et al. 
1994) and environmental variability (Thomas 1990;

Tscharntke 1992) (Figure 1.2). Large populations also
have greater levels of genetic variation (e.g., Billing-
ton 1991; Madsen et al. 1999b) and are less likely to
suffer extinction as a result of genetic stochasticity
(Lacy 1987, 1993a; Young et al. 1996) (Figure 1.3).
For example, Saccheri et al. (1998) demonstrated that
low levels of genetic variation and subsequent in-

FIGURE 1.1. The matrix will be the primary habitat for pop-
ulations of most temperate forest organisms—or not. The
matrix can be managed to provide significant and well dis-
tributed populations of many forest species and is essential
for maintenance of some species. The conservation of biodi-
versity in the matrix can have significant positive implications
for the maintenance of key ecosystem processes. The con-
servation of the Australian arboreal marsupial, the mountain
brushtail possum (Trichosurus caninus), is a classic example.
The species is known to consume a wide range of food re-
sources, including hypogeal fungi that form a mycorrhizal as-
sociation with the root systems of eucalypt trees. Photo by
E. Beaton.

Image Not Available 
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breeding depression significantly increased the risk of
extinction of fragmented populations of the Glanville
fritillary butterfly (Melitaea cinixia) in Finland.

The maintenance of large, well-distributed popula-
tions also reduces the risks that an entire population
will be extinguished in a single catastrophic event such
as a wildfire (Gilpin 1987; McCarthy and Linden-
mayer 1999a). In the forests of southeastern Australia,
the maintenance of populations of Leadbeater’s pos-
sum (Gymnobelideus leadbeateri) in many habitat

patches is predicted to reduce extinction risks as a re-
sult of wildfire (Lindenmayer and Possingham 1995a).

Maintaining populations of species in the matrix
can supplement populations in reserves. Species that
persist in the matrix will also be those most likely to
reside in reserves or remnant patches (Diamond et al.
1987; Laurance 1991a; Ås 1999; Renjifo 2001). The
contribution of matrix populations to the persistence
of populations within reserves is illustrated by the bald
eagle (Haliaeetus leucocephalus) in Yellowstone National
Park. Although Yellowstone is a large reserve (more
than 1 million hectares), the long-term persistence of
the species within the park is dependent on dispersal
by animals from off-reserve populations (Swenson et
al. 1986) (Figure 1.4).

Evidence of rapid species turnover within pro-
tected areas (e.g., Margules et al. 1994a) also suggests
that individuals dispersing from populations in the

FIGURE 1.4. Populations even in some of the largest na-
tional parks often need to be supplemented by populations
in matrix lands. This is illustrated by movement patterns
among bald eagle populations in the Greater Yellowstone
Ecosystem in the central United States (redrawn from Swen-
son et al. 1986). 

FIGURE 1.2. Larger populations have a lower risk of extinc-
tion as a result of environmental variability as indicated in
this diagram (redrawn from Thomas 1990). Larger popula-
tions distributed across reserves and the matrix have a
greater chance of long-term persistence. 

FIGURE 1.3. Relationships between effective population
size and genetic variability as reflected by higher levels 
of heterozygosity in larger populations (redrawn from
Frankham 1996). Larger populations distributed across re-
serves and the matrix should retain higher levels of genetic
variability and, in turn, have a greater chance of long-term
persistence. 

FPO
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matrix can help reverse localized extinctions within
reserves (Thomas et al. 1992a; Hanski et al. 1995).
Many studies show that the occupancy of reserves and
habitat patches by biota is strongly related to their
abundance at larger spatial scales (i.e., throughout re-
gions) (e.g., Askins and Philbrick 1987; Askins et al.
1987; Freemark and Collins 1992; McGarigal and
McComb 1995; Schmiegelow et al. 1997; Arnold and
Weeldenburg 1998; Boulinier et al. 2001).

Regulating the Movement of Organisms
The matrix has a significant effect on connectivity in
forest landscapes (Figure 1.5). In most temperate forest
landscapes, the matrix will be the most important factor
influencing connectivity—the movement of organisms

and genes will be either facilitated or obstructed by the
conditions in the matrix (Taylor et al. 1993).

Noss (1991) defined connectivity as “linkages of
habitats . . . communities and ecological processes at
multiple spatial and temporal scales.”

Connectivity in forest landscapes embodies con-
cepts such as

• Persistence of species in cutover areas
• Species recolonization of cutover areas
• Exchange of individuals and genes among

subpopulations in a metapopulation
• The role of suboptimal habitat (which may or

may not be logged) in maintaining links with
optimal habitat for particular species

FIGURE 1.5. Matrix conditions are the primary controllers of connectivity in landscapes, either facilitating or impeding move-
ment of organisms. In these contrasting views (H. J. Andrews Experimental Forest, western Cascade Range, Oregon, United
States): (A) Dispersed retention of 15 percent of dominant trees and woody debris on this cutover facilitates movement of
many organisms. (B) Clearcutting provides hostile conditions for movement of many organisms. Photos by J. Franklin. 
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Facilitating connectivity in the matrix may prevent
populations of species in reserves from becoming iso-
lated and fragmented (Burkey 1989). It also can allow
populations to maintain or increase their demographic
and genetic size (Lacy 1993a; Saccheri et al. 1998),
thereby enhancing chances of long-term persistence
(Scotts 1994). Connectivity is also important because
of the role of movement in shaping distribution and
abundance patterns (Stenseth and Lidicker 1992)—it
underpins processes such as localized extinction and
recolonization dynamics (Brown and Kodric-Brown
1977) and influences patterns of gene flow (Leung et
al. 1993; Mills and Allendorf 1996).

For plants, connectivity may include not only
movements of species and populations, but also the
movement of propagules such as spores, pollen, and
seeds. In the case of animals, connectivity involves five
broad types of movement (modified from Hunter
1994):

1. Day-to-day movements, such as those within home
ranges or territories. These can be small for species
such as adult frogs, or large in the case of wide-
ranging animals like bats (e.g., Lumsden et al.
1994) or large vertebrates like the black bear (Ursus
americanus; Klenner and Kroeker 1990).

2. Dispersal events between the natal territory and
suitable habitat patches (Wolfenbarger 1946).
These are typically made by juvenile or sub-adult
animals attempting to establish new territories
(Stenseth and Lidicker 1992).

3. Annual patterns of long-distance migration, which
can span continents and/or hemispheres (Keast
1968; Flather and Sauer 1996).

4. Nomadic movements made in response to tempo-
ral and spatial variability of important resources
(e.g., food; Price 1999).

5. Large shifts in distribution patterns in response to
climate change. These have typically been slow in
the past (Keast 1981), but more-rapid and ex-
treme changes are expected in response to global
climate change (Peters and Lovejoy 1992; see
Chapter 5).

Connectivity is controlled by conditions such as ap-
propriate vegetation cover or key structures (e.g., logs)
in the matrix. Connectivity relates, in part, to the extent
of matrix hostility, or “permeability,” for movement

(Wiens 1997a; Hokit et al. 1999). Matrix hostility and
an associated lack of connectivity may result in suitable
habitat remaining unoccupied, meaning that the spatial
distribution of a species may not directly correspond to
the spatial distribution of available habitat (Wiens et al.
1997). The connectivity role of the matrix is illustrated
by a lack of gap-crossing ability among some forest
birds (Dale et al. 1994; Desrochers and Hannon 1997),
resulting in habitat fragmentation. The reluctance of
some species of forest birds to move through open
areas has been documented in many studies (e.g., Mar-
tin and Karr 1986; van Dorp and Opdam 1987; Bierre-
gaard et al. 1992). Conversely, fragmentation-tolerant
species will typically be those that can readily cross ma-
trix lands and colonize isolated patches (Villard and
Taylor 1994; Robinson 1999).

A matrix that provides a high degree of connectiv-
ity is critical, because habitat loss and habitat frag-
mentation are major contributors to biodiversity loss
(Wilcove et al. 1986; Groombridge 1992). For exam-
ple, Angermeier (1995) showed that a lack of connec-
tivity contributed to extinction proneness in fish.
Because natural forest landscapes are typically charac-
terized by high levels of connectivity (Noss 1987; Lin-
denmayer 1998), the connectivity role of the matrix
assumes even greater importance. Species that were
abundant and well distributed in such well-connected
landscapes may not have evolved well-developed dis-
persal mechanisms. Such taxa with relatively low mo-
bility may be vulnerable to landscape change and frag-
mentation because their dispersal systems are
maladapted to reduced levels of connectivity.

Buffering Sensitive Areas and Reserves
Completely open conditions in the matrix produce
significant biotic and abiotic edge effects in adjacent
forest patches (e.g., Lovejoy et al. 1986; Murcia 1995)
with substantial negative implications for biodiversity
conservation (Paton 1994; Richardson et al. 1994).
The intensity of the edge interactions between two
landscape units (e.g., a patch and the surrounding ma-
trix) is typically directly related to their level of struc-
tural contrast. Matrix management strategies that re-
duce the contrast in structural and biophysical
conditions between neighboring areas can, therefore,
significantly reduce the intensity and depth of edge ef-
fects (Parry 1997; Matlack and Litvaitis 1999) (Figure
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1.6). Managing the matrix-to-buffer edges can sub-
stantially increase the effective size of small or
medium-sized reserves and other protected areas em-
bedded within the matrix ( Janzen 1983; Schonewald-
Cox 1988; Nelson 1991; see Chapter 6); processes
that can negatively influence reserves can be reduced
and the area available for species requiring forest-inte-
rior habitats expanded.

To illustrate the magnitude of buffering, Harris
(1984) believed that an old-growth patch bounded by a
recent clearcut would need to be ten times larger than
one surrounded by mature forest to achieve the same
area of interior forest habitat (Figure 1.7). In the case
of fire risks and edge effects, mature forest buffers may
reduce the chance of a fire burning into an old-growth

patch (Harris 1984) because the probability of ignition
and spread declines with increasing age in some forest
types (Agee and Huff 1987). Similarly, an old-growth
forest surrounded by a mature stand may support dif-
ferent species or larger populations of a given taxon
than the same stand bordered by a recently clearcut
forest (Lindenmayer et al. 1999a,b).

Maintaining the Integrity of 
Aquatic Systems
Aquatic ecosystems support much of the biodiversity
in forest landscapes. Aquatic ecosystems include sur-
face water bodies (rivers, streams, ponds, lakes, and
swamps) as well as saturated subterranean habitats
such as the hyporheic zone (the zone below and

FIGURE 1.6. Matrix conditions determine the degree to which reserves and other sensitive areas are buffered. (A) Retention
of tree aggregates in this cutover buffer conditions in an adjacent forest patch (Weyerhaeuser Company lands, eastern Van-
couver Island, British Columbia, Canada). (B) Sharply defined boundary between reserved federal lands (right) and industrial
forest lands (left) (Cascade Range, Washington, United States). Photos by J. Franklin.
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adjacent to the surface stream; Stanford and Ward
1993; Stanford et al. 1994). Aquatic ecosystems and
their associated biodiversity have not received as
much attention as terrestrial ecosystems in conserva-
tion biology, even though they can be heavily, and
sometimes permanently, impacted (Michaelis 1984;
Forest Ecosystem Management Assessment Team
1993). Maintaining and/or restoring the integrity of
aquatic ecosystems must, therefore, receive high
priority.

As the dominant patch type in most temperate
landscapes, the matrix strongly influences the condi-
tion of aquatic ecosystems and water quality (Doeg
and Koehn 1990; Naiman 1992) (Figure 1.8). Vegeta-
tion conditions in a watershed, especially the type and
density of forest cover, directly influence the struc-
ture, environment, and diversity of associated aquatic
ecosystems (Naiman 1992). Terrestrial vegetation also

FIGURE 1.7. The buffering effect of the matrix on old-growth
forest—the diagram shows the size of an area of old-growth forest
needed to maintain interior conditions in a matrix dominated by re-
cently cut forests (250 hectares in size) contrasted with one sur-
rounded by mature forest (25 hectares in size). Redrawn from Har-
ris 1984.

FIGURE 1.8. Matrix conditions determine the degree to
which the integrity of aquatic ecosystems are maintained. (A)
Valley of the south fork of the Hoh River, which is buffered by
federal park lands (Olympic National Park, Washington,
United States). (B) Steep mountain slopes that have been
roaded and clearcut (eastern Vancouver Island, British Co-
lumbia, Canada). Photos by J. Franklin. 

FPO
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regulates the paths and rates of water movement, ero-
sion, and sediment transport through a watershed.

Natural forests typically provide a stable landscape
context for the development of aquatic ecosystems
and organisms (Likens 1985; Naiman and Bilby 1998).
Forest cover mutes environmental extremes, such as
in-stream temperature fluctuations; provides energy
and nutrient inputs; filters sediments; and provides
large woody debris, which is an essential structural el-
ement of many aquatic ecosystems (Harmon et al.
1986; Maser et al. 1988). Forest cover can influence
storm response such as by reducing peak flood flows.
Forests also can extend runoff in watersheds, such as
those dominated by spring snowmelt. Erosion is also
minimized in natural forest landscapes, resulting in
high-quality water with low levels of sediment and
dissolved and suspended materials (e.g., Ghassemi et
al. 1995).

Harvesting practices, rotation lengths, and the den-
sity and quality of road systems are significant vari-
ables influencing the integrity of associated aquatic
ecosystems (e.g., Vos and Chardon 1998; see Chapter
7). Decisions about what constitutes a significant wa-
tercourse, the extent of stream or riparian buffers
(e.g., width and lineal extent), and forestry practices
allowed within the buffers (e.g., levels of tree harvest)
are also critical (Haycock et al. 1997). Clearcutting on
short rotations, extensive and poorly constructed and
maintained road systems, and the limited use of
stream buffers can lead to the degradation of associ-
ated aquatic ecosystems (e.g., Silsbee and Larson
1983; Graynoth 1989). Conversely, extensive buffer-
ing, restrictions on harvesting on steep slopes and un-
stable soils, and limited road densities of well-con-
structed and well-maintained roads are practices that
contribute to the diversity and integrity of aquatic
ecosystems (Clinnick 1985; O’Shaughnessy and Jaya-
suriya 1991; Barling and Moore 1994). One difficulty
in assessing linkages between terrestrial and aquatic
ecosystems is that cause and effect are often highly
displaced in time and place with regard to sources,
sinks, and movement of sediment and coarse woody
debris (e.g., Bormann and Likens 1979; Langford et
al. 1982). However, long-term assessments of material
flows in watersheds are an essential part of a forest
planning process.

Providing for the Production of 
Commodities and Services
The environment returns an estimated $US33 trillion
in goods and services to human society each year
(BirdLife International 2000). In temperate forest re-
gions, the matrix is the primary zone for the produc-
tion of goods and the provision of services (Franklin
1993a). Management practices and conditions in the
matrix will determine the quality, quantity, and sus-
tainability of goods and services obtained from forests
(Chapin et al. 1998) (Figure 1.9). Humans derive a va-
riety of goods from forests (Costanza et al. 1997).
Production of wood fiber is a major one—wood prod-
ucts contribute $US400 billion annually to the world
market economy (or about 2 percent of total gross do-
mestic product) (World Commission on Forests and
Sustainable Development 1999). Services from forests
include the regulation of streamflow, soil protection,
and nutrient retention and cycling. Forests are also
recognized as a major carbon sink—another impor-
tant ecosystem service (Harmon et al. 1990; Brown et
al. 1997; Pinard and Putz, 1997; Wayburn et al. 2000;
Harmon 2001).

Many elements of biodiversity need to be con-
served within the matrix to sustain the long-term pro-
duction of wood and other products, as well as ecosys-
tem services (Pimentel et al. 1992, 1997). Losses of
elements of forest biodiversity may impair essential
ecosystem functions. Examples include organisms that
play key roles in the decomposition of organic matter
(McGrady-Steed et al. 1997), pollination (e.g., Prance
1991; Robertson et al. 1999), seed dispersal, and the
formation of mycorrhizal associations (Maser et al.
1978). Changes in biodiversity could influence the
long-term floristic composition and stand architecture
of forests (Claridge 1993), which could have negative
ramifications for the sustained production of com-
modities. This is related to the “insurance hypothe-
sis,” which suggests that higher levels of biodiversity
should lead to the maintenance of more reliable
ecosystem functions, particularly when environmental
conditions change (Naeem 1998).

Matrix management is also important for conserv-
ing ecosystem processes by emphasizing the impor-
tance of biodiversity conservation in the matrix as well
as conservation of genes, species, and populations for
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their own sake (Simberloff 1998). This is why Conner
(1988) recommended that organisms be conserved at
functionally viable numbers to ensure their ecological
“effectiveness” in the maintenance of ecosystem
processes.

Many of the components of forest biodiversity that
play important roles in ecosystem processes are incon-
spicuous invertebrates (Recher et al. 1996), microbes
(Torsvik et al. 1990), and cryptogams (Ashton 1986;
Vellak and Paal 1999). These taxa have received lim-
ited attention in conservation programs, and even
when they are considered (e.g., Taylor 1991; Brown et
al. 1994) they can be difficult to assess and manage
(Forest Practices Board 1998). Such species play piv-
otal roles in such processes as nutrient cycling and
pollination (Goldingay et al. 1991). Lichens, for ex-
ample, are valuable nitrogen-fixing organisms in many

forest ecosystems as are vascular epiphytes in Aus-
tralian rainforests and wet sclerophyll forests (Lamb
1991). Similarly, fungi that form mycorrhizae pro-
mote the regeneration and growth of trees in most
forests, as has been demonstrated in the Douglas-fir
forests of the northwestern United States (Perry
1994). Retained patches of vegetation within har-
vested forests can provide a reservoir of mycorrhizal
fungi and soil microbes that subsequently inoculate
regenerating forests on a cutover site (Perry and Ama-
ranthus 1997).

Vertebrates also may facilitate ecosystem processes
that sustain forest productivity. Hummingbirds polli-
nate many forest plants (Pauw 1998). Pollen from nu-
merous plant species is carried in the fur of some ar-
boreal Australian animals such as the sugar glider
(Petaurus breviceps); these animals can be significant

FIGURE 1.9. The matrix is the source of most commodities, such as wood, and services, such as well-regulated flows of high-
quality water. Maintaining long-term productivity of such lands and their ability to maintain natural levels of hydrologic and
geomorphic processes is critical (managed forest landscape in Olympic State Experimental Forest, Washington, United
States). Photo by J. Franklin.
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plant pollinators (Carthew and Goldingay 1997;
Goldingay 2000a). Some species of rodents (e.g.,
voles, shrews, and squirrels) and small and medium-
sized forest mammals (e.g., Australian rodents and
marsupials) disseminate spores of mycorrhizal-form-
ing hypogeal fungi (Maser et al. 1977; Claridge and
Lindenmayer 1993; Mills et al. 1993). In the case of
symbiotic small mammal–fungal interrelationships,
activities such as poisoning rodents to enhance tree
survival can negatively affect forest growth and
ecosystem processes (Maser et al. 1978).

Reduced production of goods and services in the
matrix due to impaired ecosystem processes has sub-
stantial social and economic costs (Costanza et al.
1997; Pimentel et al. 1997). For example, populations
of natural parasites and predators are estimated to ac-
complish the equivalent of $100–200 billion worth of
pest control—compared to $20 billion expended on
artificial control measures such as spraying (Pimentel
et al. 1992). Thus, the loss of natural populations of
parasites and predators has massive financial implica-
tions for timber and pulp production from native and
plantation forests (Pimentel et al. 1992). A useful ex-
ample of the intersection of pest control and matrix
management comes from exotic eucalypt plantations
that cover 5 million hectares in Brazil. Strips of native
vegetation left within eucalypt plantations support a
diverse insect biota, including many natural predators
of defoliating lepidopteran caterpillars. These preda-
tors may reduce pest populations in the surrounding
eucalypt plantations (Zanuncio et al. 1997).

Synergies among Roles of the Matrix
The five roles of the matrix are interrelated. For ex-
ample, managing the matrix to buffer sensitive areas,
such as riparian zones, promotes the conservation of
aquatic ecosystems, contributes to improved connec-
tivity for wildlife, and increases the ability of the ma-
trix to support populations of species. This is illus-
trated in the forests of southeastern Australia, where
stream buffers promote the protection of aquatic
ecosystems (Clinnick 1985) and its associated biodi-
versity (Doeg and Koehn 1990) and act as conduits for
the movement of terrestrial vertebrates (Hewittson
1997). They also provide habitat for resident animals
(Recher et al. 1987; Fisher and Goldney 1997), which
may subsequently reinvade post-logging regrowth

stands (Kavanagh and Turner 1994). Some of the
species inhabiting riparian buffers may help control
populations of forest pests, such as the large, defoliat-
ing phasmid “stick” insects.

Limitations of a Reserve-Only
Conservation Strategy for
Biodiversity Conservation

Despite the critical roles of the matrix for forest biodi-
versity outlined above, the traditional emphasis of con-
servation biology and forest management has been the
establishment of large ecological reserves. Reserves are
unquestionably important where particular ecosystem
types, vegetation communities, or forest age classes are
being rapidly modified or eliminated (McNeely 1994a),
or where only small amounts of the original cover of
forest types remain (Pressey et al. 1996; Lindenmayer
and Franklin 2000). The establishment of reserves is
also critical for species intolerant of even limited levels
of human disturbance and for those that can only be
conserved in large ecological reserves. For example,
even limited levels of human-related forest disturbance
can lead to marked changes in stream conditions
(McIntosh et al. 2000) with concomitant negative im-
pacts on some aquatic biota, such as fish (Baxter et al.
1999). However, as important as reserves are, we feel
that a conservation strategy based primarily or exclu-
sively on reserves will fail because of its inherent limita-
tions (as discussed in Chapter 5). As proposed by Soulé
and Sanjayan (1998), 50 percent of tropical taxa would
be extinct within the next few decades, even if more
than 10 percent of tropical forests were protected in
well-designed reserve systems.

We are greatly concerned that approximately half
the world’s native forests have been cleared in the past
forty years—slowing the rate of clearing is critical for
forest biodiversity conservation. Hence, the establish-
ment of reserve systems is essential despite their limi-
tations. However, large ecological reserves and
matrix-based efforts to conserve forest biodiversity
need to be implemented simultaneously. We do not
propose to replace large ecological reserves with
matrix management, but rather we emphasize the
complementarity of the two broad strategies (Figure



16 I. PRINCIPLES FOR BIODIVERSITY CONSERVATION IN THE MATRIX

1.10). We stress the need for both reserves and matrix
management as part of a comprehensive strategy for
biodiversity conservation across multiple spatial and
temporal scales.

FIGURE 1.10. Forest biodiversity will require multiscaled
strategies that encompass large ecological reserves and
management of matrix lands. This is highlighted in this con-
ceptual diagram, which shows the complementarity be-
tween the two broad approaches (from D. Perry personal
communication). 
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gradients of vegetation cover. Simultaneous consideration

of both models is useful because it can lead to greater

awareness of the range of conditions that occur in real land-

scapes and, in turn, the diversity of responses to such

varying conditions by different biota. Both models have lim-

itations. In particular, landscapes are usually treated (inten-

tionally or otherwise) in very simple terms as having two

components—patches (habitat) and remaining land (non-

habitat). Real landscapes are more complex than this. Such

complexity matters—particularly when attempting to predict

the response of species to landscape modification.

The simplification of landscape conditions pervades

many major themes in conservation biology in which the im-

portance of the matrix has received little or no considera-

tion. Ecological theories such as island biogeography,

nested subset theory, and metapopulation biology often

take a highly reductionist approach and largely ignore the
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[A] species or system may simply not operate in the way envisioned by the theories
applied to it. 
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complexity found in real landscapes. This limits the explana-
tory and predictive value of such theories because

• Habitat fragments and reserves are treated as is-
lands and the matrix is often considered as either
totally unsuitable habitat or neutral habitat.

• There is no recognition that the matrix is inherently
heterogeneous in both form and function and thus
variable, for example, in habitat quality.

• Interrelationships between fragment–matrix dynam-
ics are disregarded or greatly oversimplified.

Conditions in the matrix are pivotal to studies of habitat
fragmentation, metapopulation dynamics, extinction
proneness, edge effects, and reserve design. The re-
sponses of biota in habitat fragments are not isolated from
conditions in the surrounding matrix. Matrix conditions
may even be more important in determining the survival of
some species than factors that are traditionally examined,
such as fragment size and patch isolation. Consideration of
the matrix can highlight fundamental differences in species
responses between fragmented forest landscapes versus
fragmented agricultural landscapes, such as the magnitude
of edge effects and threshold vegetation cover impacts on
species loss.

In order to develop more useful ecological theory and to
advance biodiversity conservation efforts, it is important to

shift the emphasis from the fragments to the manage-
ment of the matrix in which they are embedded. If the
biota in the fragmented landscape is to persist then
the management of the matrix becomes all important.
Ameliorating the matrix may be the most important
way to manage fragments. (Crome 1994)
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In this chapter, we address two main themes. First, we
describe two models that have been developed to clas-
sify patterns of landscape cover: Forman’s 1995 corri-
dor-patch-matrix model and McIntyre and Hobbs’
(1999) landscape continuum model. We discuss why it is
useful to consider both models and also how both are
often (mis)interpreted in ways that oversimplify the
complexity and range of habitat conditions within real
landscapes. Such oversimplification is not confined to
these two landscape models—it pervades many
themes in conservation biology. In the second part of
this chapter, we explore interrelationships between
the role and importance of the matrix and major
themes in conservation biology. Such conservation-re-
lated topics as island biogeography, extinction prone-
ness, habitat fragmentation, metapopulation dynam-
ics, connectivity, reserve selection, and edge effects
have developed in recent decades. Their frequent
omission of a key element—conditions in the ma-
trix—has often limited the comprehensiveness of
some of these concepts and curtailed their predictive
value in real landscapes.

Models of Landscape Cover
The matrix is often the most extensive patch type in a
landscape (Forman 1995; see Chapter 1). It is consid-
ered in both the general conceptual models of land-
scape cover discussed below—the corridor-patch-
matrix model and the landscape continuum model.
The aim of both models is to incorporate the range of
conditions in a landscape.

The Corridor-Patch-Matrix Model

Forman (1995) developed the corridor-patch-matrix
model, in which landscapes are conceived as mosaics
of three components: patches, corridors, and the ma-
trix (Figure 2.1). Forman defined these landscape
units as follows:

• Patches are . . . relatively homogeneous
nonlinear area[s] that differ from their
surroundings.

• Corridors are narrow, linear patches of a patch
type that differ from those on either side.

• The matrix is the dominant patch type in a
landscape. It is characterized by extensive
cover, high connectivity, and/or a major con-
trol over dynamics.

The matrix is often intersected by corridors or per-
forated by smaller patches (Forman 1995). In Forman’s
model, patches and corridors are two types of readily
identifiable landscape components distinguished from
the background matrix (Forman and Godron 1986;
Kotliar and Wiens 1990) (Figure 2.1).

Forman (1995) noted that “every point in a land-
scape was either within a patch, corridor, or the back-
ground matrix,” and in allowing for the complexity of
many landscapes he states that patches within the ma-
trix can be “as large as a national forest or a single
tree” (Dramstad et al. 1996). Similarly, the matrix can
be “extensive to limited, continuous to perforated, and
variegated to nearly homogenous” (Forman 1995).

The Landscape Continuum Model

In some landscapes, the boundaries between patch
types are not obvious, and differentiating them from
the background matrix may not be straightforward.
The landscape continuum model was developed in re-
sponse to this problem (McIntyre 1994; McIntyre and
Hobbs 1999) (Figure 2.2). The model was originally

FIGURE 2.1. A landscape perspective based on the corri-
dor-patch-matrix model (sensu Forman 1995). The model
has a number of patch types, including the most extensive
background matrix (patch type C).
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proposed for semi-cleared grazing and cropping land-
scapes in parts of rural eastern Australia characterized
by small fragments of woodland habitat and relatively
isolated native trees scattered throughout grazing
lands (McIntyre and Barrett 1992; McIntyre et al.
1996) (Figure 2.3). Here, from a human perspective,
“patches” and “corridors” are difficult to identify
among the loosely organized and spatially dispersed
arrays of trees (or other vegetation cover such as na-
tive grassland). Although single paddock trees in isola-
tion may not provide habitat or act as micropatches
for many taxa (but see Fischer and Lindenmayer
2002), numerous trees scattered across a landscape
will collectively provide habitat for some species (e.g.,
for some woodland birds; Barrett et al. 1994). In this
way, the landscape continuum model takes account of
small habitat elements that might otherwise be classi-
fied as “unsuitable habitat” in the background matrix
(Tickle et al. 1998). More recently, McIntyre and
Hobbs (1999) extended their model to include other

types of landscapes, such as tropical and temperate
forests.

The landscape continuum model developed by
McIntyre and Hobbs (1999) recognizes four broad
cover classes. At opposite ends of the continuum are
the intact landscape and the relictual landscape. Inter-
mediate between these conditions are the variegated
landscape and the fragmented landscape (Figure 2.2):

In variegated landscapes, the habitat [not neces-
sarily an unsuitable environment] still forms the
matrix, whereas in fragmented landscapes, the
matrix comprises “destroyed habitat.” (McIntyre
and Hobbs 1999)

McIntyre and Hobbs (1999), and other workers be-
fore them (e.g., Wiens 1994; Pearson et al. 1996), be-
lieved that landscapes were more complex than could
be described by the corridor-patch-matrix model.
Furthermore, they contended this approach to be an-
thropocentric because human disturbances give rise to
a greater range of landscape conditions. McIntyre and
Hobbs (1999) argued their model was needed because
the corridor-patch-matrix model did not “capture the
richness of possible landscape configurations, since it
always assumes that the matrix is ‘nonhabitat’ . . . ”
(McIntyre and Hobbs 1999). They equated the
corridor-patch-matrix model to only one landscape
condition—fragmentation—a condition in which they
considered patches and corridors to be habitat “is-
lands” embedded within a hostile background matrix
(McIntyre and Hobbs 1999).

McIntyre and Hobbs (1999) believed that by rec-
ognizing different landscape conditions, conservation
strategies could be better focused. In their view, many
forest landscapes will conform to an intact or varie-
gated condition for numerous elements of the biota if
the matrix is managed appropriately. Failure to em-
brace matrix management means that the background
matrix can be readily distinguished from the patches
and corridors it contains (McIntyre et al. 1996) and
the system will degenerate from a variegated to a frag-
mented or even relictual one (sensu McIntyre and
Hobbs 1999). By recognizing that some landscapes
were variegated, matrix management strategies would
attempt to prevent landscapes deteriorating into a
“fragmented” condition that is significantly less suit-
able for biota (McIntyre et al. 1996). Conversely, by

FIGURE 2.2. States of landscape condition in the landscape
continuum model. Redrawn from McIntyre and Hobbs 1999.

FPO
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distinguishing fragmented landscapes from variegated
ones, appropriate matrix management protocols
would “re-variegate” fragmented landscapes through
steps such as restoring connectivity and halting de-
grading processes (Hobbs et al. 1993; McIntyre and
Hobbs 1999).

We believe that some of the assertions about the
advantages of the landscape continuum model fail to
recognize aspects of Forman’s (1995) original corri-
dor-patch-matrix model. The interpretation of this
model by McIntyre and Hobbs (1999) is often a land-
scape composed of patches and corridors of suitable
habitat embedded within a hostile (nonhabitat) ma-

trix. However, Forman (1995) stated that the matrix
was often the largest and most dominant landscape
component “characterized by extensive cover, high
connectivity, and/or a major control over dynamics”
(see definition given in Chapter 1). The corridor-
patch-matrix model is actually “interpretation-free” in
terms of the response of a given species to particular
landscape components (Forman 1995). The corridor-
patch-matrix model does not rely on a single patch
and corridor type or matrix condition of uniform
quality and also allows for a continuum of conditions
by recognizing that landscapes are a mosaic of many

FIGURE 2.3. Variation in vegetation cover in different landscapes. (A) A strongly patchy landscape composed of forest stands
of different ages and composition (conifers, hardwoods, and mixtures of the two groups) (Harvard Forest in central Massa-
chusetts, United States) (photo by J. Franklin). (B) A variegated landscape (sensu McIntyre and Barrett 1992) of scattered pad-
dock trees in southeastern Australia (photo by D. Lindenmayer). (C) A landscape dominated by a matrix of old-growth forest
of Douglas-fir and other coniferous species (Mount Hood National Forest, Oregon, United States) (photo by J. Franklin). 
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types of patches and corridors that cover different
landscapes to varying extents.

Congruence between the 
Corridor-Patch-Matrix and
Landscape Continuum Models

The corridor-patch-matrix model and the landscape
continuum model are congruent on many levels. Both
clearly recognize a gradient in the complexity of land-
scape conditions and a continuum of landscape “natu-
ralness.” Also, the matrix will usually be the dominant
landscape component irrespective of whether the
corridor-patch-matrix model or the landscape contin-
uum model is applied.

The primary distinctions between the two models
are differences in their relative perspectives on land-
scapes. The focus of the corridor-patch-matrix model
is on the pattern or form of different landscape units
(i.e., the size and shape of different patches and patch
types) that compose a landscape mosaic. McIntyre and
Hobbs (1999) have recognized that distinct patch
boundaries may not always be identifiable in some
landscapes (particularly those classified as “varie-
gated”). Therefore, the emphasis of their landscape
continuum model is on the specific function of a given
landscape across a structural gradient of vegetation
cover—a focus that requires stipulating the organism
or assemblage of interest and specifying the processes
influencing species’ responses.

Using both models leads to a better appreciation of
landscapes and how species respond to them. This is
important because landscape changes, such as habitat
fragmentation, are both a pattern (e.g., subdivision of
habitat cover) and a process (e.g., altered population
dynamics) (Wiens 1994; Cale 1999). Looking at at-
tributes of both models encourages landscape ecolo-
gists, conservation biologists, and land managers to
think not only about the form and the function of a
landscape but also about the interrelationships between
form (or structure) and function. It is also useful be-
cause patterns of landscape cover seen from a human
perspective may or may not provide a useful frame-
work for interpreting biotic response to landscape
conditions (Ingham and Samways 1996). Strips of

vegetation may provide conduits for movements be-
tween patches for some animals that avoid the sur-
rounding matrix because of its unsuitability (e.g., kan-
garoo populations in the wheatbelt of Western
Australia; Arnold et al. 1993). In other cases, some
taxa will live in, and move readily through, the matrix
(e.g., bird taxa in rural northern New South Wales,
Australia; Barrett et al. 1994).

A limitation of all landscape models is recognizing
that species will have unique responses to the same
landscape (Kotliar and Wiens 1990; Villard et al.
1999). Interspecific variation in response will depend
on (1) the scale at which species perceive the environ-
ment (Andrén 1996), (2) the habitat requirements of a
particular species, (3) where suitable habitat occurs in
a landscape, and (4) how animals move across (and
disperse between) areas of suitable habitat (Tickle et
al. 1998). Such an organism-centered view of land-
scape cover means there is no single most appropriate
perspective or scale from which to view landscapes
(Haila 1999). Aerial photography interpretation—
which both models use to conceptualize landscapes—
is only able to represent species-specific responses in a
limited sense.

Limitations in the Application 
of the Landscape Models

Irrespective of the original intentions of the architects
of the corridor-patch-matrix model and the landscape
continuum model, both models have often been mis-
interpreted by practicing landscape ecologists and
conservation biologists. The models are sometimes
simplified to represent landscapes as patches or corri-
dors of habitat, which contrast markedly with remain-
ing areas of nonhabitat. This is a reductionist ap-
proach based on a human interpretation of the
perceived function of a landscape. Too often, mapping
tools (such as geographic information systems, or
GIS) have been used to define patches, assuming that
species would perceive “patches” in the same way and
at the same scale as humans do (Bunnell 1999a). How-
ever, the determination of what constitutes a suitable
patch and what does not must be based on the habitat
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requirements, movement patterns, and other attrib-
utes of the organism of interest.

The binomial classification of landscapes into habi-
tat and nonhabitat is problematic for other reasons not
accounted for by either landscape model (as tradition-
ally interpreted). First, habitat quality for a particular
species is often a graded, rather than an either/or,
measure. In effect, there can be a gradient of condi-
tions that are suitable to varying degrees (Whittaker et
al. 1973; Austin 1999) with some areas of habitat being
more important than others (Block and Brennan 1993;
Lindenmayer and Cunningham 1996). This is not un-
like the source-sink concept of Pulliam et al. (1992)
and others (e.g., Howe et al. 1991). Second, patches
and corridors (as traditionally defined) are never uni-
form but rather are always characterized by within-
patch heterogeneity (Forman 1995). Such heterogene-
ity matters (Fox and Fox 2000)—as demonstrated in
many studies that have found that within-patch quality
can have a significant influence on species occurrence
as well as (or instead of) attributes like patch size (e.g.,
Lindenmayer et al. 1993a, 1999b; Mac Nally et al.
2000; Sieving et al. 2000). In these cases, within-patch
processes as well as between-patch processes can be
important (Harrison and Taylor 1997).

The simplifications in landscape models are under-
standable given the complexity of real landscapes and
the difficulty ecologists face in tackling such complex-
ity. However, it is important to know the assumptions
underlying these models and the limitations in their
application.

Landscape Models and the
Terminology Used in This Book

Although this book is largely about the function
(rather than the pattern or form) of landscapes for for-
est biodiversity conservation, we have not adopted the
terminology used by McIntyre and Hobbs (1999). In-
stead, we use the terms patches, corridors, and matrix be-
cause they will be more familiar to readers responsible
for implementing matrix-based management. It is cru-
cial to emphasize that the “matrix” in the corridor-
patch-matrix and landscape continuum models can
range from a very small entity, such as the area around

a clump of vegetation (e.g., for beetles; Wiens et al.
1997), to a large one, such as an entire national forest
(Forman 1995) or an entire geographic region such as
the area surrounding Yellowstone National Park (the
Greater Yellowstone Ecosystem). This means that the
scale of the matrix will vary according to the organism
or ecological process under scrutiny and that strategies
for biodiversity conservation within the matrix also
will be variously scaled from single trees to entire land-
scapes (see Chapters 3, 6, 7, and 8).

The Matrix and Major
Themes in Conservation
Biology
Reductionist approaches to the complexity of real
landscapes are not confined to models of landscape
cover. It is commonplace in many aspects of conserva-
tion biology where the importance of the matrix has
often been overlooked. Failure to recognize the rich-
ness of the matrix concept has the potential to limit
the applicability of some theoretical constructs of con-
servation biology to practical resource management
and conservation problems.

Island Biogeography

An observation made early in the study of ecology was
that large areas support more species than smaller
ones do (e.g., Arrhenius 1921; Preston 1962)—a fact
that was later often referred to as the species-area rela-
tionship (Rosenzweig 1995). Species-area relationships
are common for some groups, such as birds (Newton
1998). The theory of island biogeography (Macarthur and
Wilson 1963, 1967) was developed, in part, to explain
the species-area phenomenon, particularly for island
biotas. Part of this theory considers aggregate species
richness on islands of varying size and isolation from a
mainland source of colonists (Shafer 1990). The bal-
ance between extinction and recolonization is pre-
dicted to produce an equilibrium number of species
on a given island, which is a derivative of island size
and island isolation. Larger and less-isolated islands
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are predicted to support more species. Diamond
(1975) (among many others) likened oceanic islands to
reserves and extended the theory of island biogeogra-
phy as a basis for generic design principles for pro-
tected areas. This became a highly controversial topic
in conservation biology for several decades (see re-
views by Gilbert 1980; Burgman et al. 1988).

Island biogeography theory does not account for
conditions and processes in the matrix, such as distur-
bance regimes (Baker 1992), the magnitude of edge
effects (that are, in turn, related to patch-matrix con-
trasts), and matrix suitability for habitat and move-
ment—all of which strongly influence the distribution
of species in forest landscapes (Gascon and Lovejoy
1998). Uncritical adoption of “general rules” for re-
serve design derived from island biogeography theory
can even have a negative effect on conservation values
(Simberloff 1988). The theory is too simplistic to have
practical application in most real-world landscape mo-
saics (Zimmerman and Bierregaard 1986; Doak and
Mills 1994; see Chapter 5).

Island Biogeography Theory and General
Reserve Design Principles
As reserves and habitat fragments have been likened
to oceanic islands, some elements of the theory of is-
land biogeography have been proposed as general
principles to guide the design of nature reserves (e.g.,
Terborgh 1974; Diamond 1975; Diamond and May
1976; Shafer 1990; Noss and Cooperrider 1994). The
IUCN’s 1980 World Conservation Strategy (IUCN
1980) adopted these principles, and in Australia they
were recommended for wildlife management in
forests (Davey 1989).

Six general principles (based on the unrealistic as-
sumption that there are identical places from which
protected areas can be selected) are derived largely
from island biogeography theory:

Principle 1. Large reserves are better than small
reserves.

Principle 2. A single large reserve is better than a
group of small ones of equivalent total area (the
basis for the so-called SLOSS [Single Large Or
Several Small] debate; see Gilbert 1980;
Burgman et al. 1988).

Principle 3. Reserves close together are better than
those far apart.

Principle 4. A compact cluster of reserves is better
than a line of reserves.

Principle 5. Circular reserves are better than long,
thin ones.

Principle 6. Reserves connected by a corridor are
better than reserves not connected by a corridor.

Effects of the matrix on biodiversity are ignored,
whether positive or negative. Yet, matrix conditions
can significantly influence biodiversity conservation.
For example, the outcomes of Principles 2, 3, and 4
(reserve size and spatial location) depend upon inter-
acting factors that include

• Demographic interactions between populations in
reserves and populations from the surrounding
matrix lands. These may include the dispersal
capabilities of those taxa targeted for conser-
vation and their ability to colonize reserves
from the matrix (Swenson et al. 1986).

• Disturbance regimes in both the matrix and those
parts of a landscape set aside for reservation.
Where disturbance regimes do not impact
landscapes or are not fundamental to persist-
ence or regeneration, the outcome of Princi-
ple 2 may be quite simple—a single large re-
serve will often function more effectively than
a number of smaller ones of equivalent size.
More-complex trade-offs occur in environ-
ments where disturbance regimes are impor-
tant (Baker 1992). For example, a single large
reserve may be more susceptible to destruc-
tion by a single catastrophic event than a set
of smaller, spatially separated ones (Quinn
and Hastings 1987; Quinn et al. 1989; Lin-
denmayer and Possingham 1995b). Organ-
isms in patches unaffected by a disturbance
may be able to recolonize patches where lo-
calized extinctions have resulted from a
catastrophic event. Such a lack of correlation
in disturbance regimes between different
patches has promoted the persistence of a
number of species (Berger 1990; Murphy et
al. 1990; Stacey and Taper 1992).

Conditions in the matrix, including the level of
structural contrast between reserves and matrix lands,
also influence the effect of reserve shape (Principle 5).
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If negative edge effects emanating from the matrix are
limited, a long, narrow reserve system might better
capture sensitive areas, particularly those character-
ized by a linear spatial configuration like a riparian
system (Burgman and Ferguson 1995).

Island Biogeography and Other Issues
Associated with Matrix Conditions
One significant issue ignored in island biogeography
theory is that the composition of a faunal community
can be more important than species richness (Noss
1983). The contribution of the matrix to patterns of
species diversity and the response of individual species
and species assemblages to landscape change are not
taken into account. The theory may fail where the
matrix provides even temporarily suitable habitat
(Zimmerman and Bierregaard 1986; Ricketts 2001). It
also has limited predictive ability when the impor-
tance of fragment size is outweighed by other factors
such as (1) disturbance regimes or habitat conditions
within and outside patches (e.g., Fitzgibbon 1997; Fox
and Fox 2000), (2) edge effects at the patch-matrix in-
terface (Saurez et al. 1998), and (3) levels of hetero-
geneity and connectivity across entire landscapes 
(Brereton 1997; Metzger 1997).

Examples that illustrate the shortcomings of island
biogeography theory include the Biological Dynamics
of Forest Fragments Project in Brazil, where edge ef-
fects and matrix conditions had a substantially greater
influence than fragment size for some animals (Brown
and Hutchings 1997; see Chapter 14). In that study,
there was an increase in frog, small mammal, and but-
terfly species richness following the isolation of rain-
forest patches—a result opposite to predictions from
island biogeography theory (Gascon and Lovejoy
1998). Species richness was elevated by an influx of
taxa capable of using the changed matrix. Estades and
Temple (1999) similarly recorded increased bird
species richness in small rather than large Nothofagus
spp. remnants embedded within an exotic radiata pine
(Pinus radiata) plantation in Chile. An increase in
species number in fragments may be due to the influx
of organisms displaced from the adjacent matrix (Bier-
regaard and Stouffer 1997; Darveau et al. 1995) or a
predominance of edge or generalist taxa from the sur-
rounding matrix (Gascon and Lovejoy 1998; Ås

1999)—taxa that are sometimes called invaders (see
also Halme and Niemelä 1993; Saurez et al. 1998).

In summary, some of the influences of the matrix
that limit island biogeography theory are that (after
Davies et al. 2001): (1) the matrix can influence dis-
persal and recolonization rates (Ricketts 2001; Van-
dermeer et al. 2001); (2) the matrix can provide suit-
able habitat for some of the original taxa (Laurance
1991a; Gascon et al. 1999); (3) invading species can
use the matrix as habitat and colonize habitat frag-
ments (Aldrich and Hamrick 1998; Saurez et al. 1998);
and (4) the matrix can affect the type and magnitude
of edge effects (see the section that follows).

Given the problems with the six general principles
from island biogeography theory outlined above,
Margules et al. (1982) warned against their wide-
spread application. This was because their uncritical
adoption without consideration of matrix conditions
and other factors can have negative implications for
biodiversity conservation.

A problem for reserve design that stems from the
uncritical application of island biogeography theory
has been excessive emphasis on large reserves (for a
detailed discussion, see Chapter 5). While large re-
serves are unquestionably important, small remnants
also can have considerable value for biodiversity (Gas-
con 1993; Powell and Björk 1995; Turner 1996; An-
gelstam and Pettersson 1997; Semlitsch and Bodie
1998; McCoy and Mushinsky 1999; Palmer and
Woinarski 1999; Schwartz 1999; Abensperg-Traun
and Smith 2000; Mac Nally and Horrocks 2000). In-
deed, sometimes the protection of small reserves is the
only conservation option, particularly in highly
productive landscapes subject to significant human
alteration.

Nested Subset Theory

Ignoring the matrix and treating reserves and habitat
fragments as equivalent to oceanic islands not only
limits the validity of island biogeography theory, but
also affects the broadly related concept of nested subset
theory (Patterson and Atmar 1986). This theory at-
tempts to extend the species-area relationship under-
pinning island biogeography theory by tracking both



2. The Matrix and Major Themes in Landscape Ecology and Conservation Biology 25

the numbers of species and their identities on islands.
The premise is that species-poor small islands should
support assemblages that are subsets of larger species-
rich islands (Patterson 1987; Cutler 1991). The con-
cept has been (often uncritically) extended to reserves
and habitat fragments, where it is implied that
species-poor small fragments should support assem-
blages that are subsets of larger species-rich
fragments—assuming that islands (including habitat
fragments) are unaffected by matrix conditions (Doak
and Mills 1994). Nested subset theory would not pre-
dict, for example, the results of empirical studies such
as those from the Biological Dynamics of Forest Frag-
ments Project in Brazil (see Chapter 14), or the out-
comes for birds in the Tumut Fragmentation Experi-
ment in southeastern Australia (see Chapter 13).
Advocates of nested subset theory often fail to test the
null hypothesis that small patches merely sample or-
ganisms from a larger regional pool of taxa (but see
Haila et al. 1993).

Constructs such as island biogeography theory and
nested subset theory that assume that reserve “islands”
are located in a sea of “unsuitable [matrix] lands”
(Gascon and Lovejoy 1998; Gascon et al. 1999) may
be too pessimistic in their predictions of species loss
and fail to recognize the importance of matrix-based
conservation strategies and/or the recovery of forests
following disturbance. This led Wiens (1994) to con-
clude that

fragments of habitat are often viewed as islands
and are managed as such; however, habitat frag-
mentation includes a wide range of spatial pat-
terns. . . . Fragments exist in a complex landscape
mosaic and dynamics within a fragment are af-
fected by external factors that vary as the mosaic
structure changes and/or the recovery of forests
following disturbance. The simple analogy of
fragments to islands, therefore, is unsatisfactory.

Habitat Loss, Habitat Fragmentation,
and Landscape Composition

Natural processes can cause habitat loss and the frag-
mentation of landscapes and habitats. Geological
events (e.g., volcanic eruptions; Croizat 1960;

Franklin et al. 1985), long-term climatic change
(Cunningham and Moritz 1998), and wildfires
(Williams and Gill 1995; Agee 1999) are some exam-
ples. But human landscape modification, including
vegetation clearing, is by far the most significant mod-
ern factor resulting in habitat loss and habitat frag-
mentation (Saunders et al. 1987; Groombridge 1992)
and is often a significant threat to the persistence of
forest fauna worldwide (Wilcox and Murphy 1984;
Wilcove et al. 1986).

Proper interpretation of fragmentation effects re-
quires consideration of habitat fragments and condi-
tions in the matrix and the use of both by the organ-
isms targeted for investigation (Wiens 1994; Gascon
et al. 1999). Fragmentation effects and metapopula-
tion dynamics (see the following section) only become
relevant when habitat suitability in the matrix under-
goes changes that creates patch-matrix differences
that significantly influence the species of interest
(Fahrig and Merriam 1994). Crome’s (1997) recom-
mendation is most apt here: “[A]s much, if not more
emphasis [should be] placed on the matrix as on the
fragments in research.”

Processes Associated with Habitat Loss 
and Habitat Fragmentation
The dynamics of populations are influenced by four
interrelated processes associated with habitat loss and
subsequent habitat fragmentation: habitat loss, subdi-
vision of habitat, patch isolation, and edge effects
(Figures 2.4 and 2.5).

• Habitat loss. After habitat loss occurs, habitat
fragments become “samples” of the original

FIGURE 2.4. Interrelationships between the loss of a
species and habitat loss (as a systematic threatening
process) and subsequently cascading (often random) frag-
mentation effects that operate in addition to habitat loss
and low levels of habitat cover (modified from Clark et al.
1990). 
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(pre-fragmentation) vegetation cover (Con-
nor and McCoy 1979; Zuidema et al. 1996).
Recent studies indicate the total amount of
forest habitat (and hence also the amount of
suitable habitat in the matrix) can be a more
important factor influencing the distribution
of forest organisms than the spatial configura-
tion of habitat (Delin and Andrén 1999;
Fahrig 1999; Trzcinski et al. 1999; Villard et
al. 1999). For some generalist species, which
can use disturbed environments, the amount
of suitable habitat may increase with habitat
loss as the area between patches expands
(Saunders and Ingram 1995; Lindenmayer et
al. 2001a).

• Subdivision of habitat. Greater levels of habitat
loss can lead to increased subdivision of re-
maining habitat, resulting in smaller habitat
patches—the habitat-fragmentation process
(Fahrig 1997; Bender et al. 1998). This may
reduce populations of some species to nonvi-
able levels (Shaffer 1981; Shaffer and Samson
1985; Armbruster and Lande 1993).

• Patch isolation. Increasing habitat loss and
habitat fragmentation can lead to larger dis-
tances between remnant patches and, there-
fore, to greater levels of patch isolation (Fritz
1979; Smith 1980; Hanski 1994a). This may
impede interfragment movement (Powell and
Powell 1987; Bierregaard and Lovejoy 1989;
Desrochers and Hannon 1997). The relation-

ship between forest habitat loss and patch iso-
lation is not necessarily linear. A modeling
study by Franklin and Forman (1987) forecast
that patches of old-growth forest can become
fragmented even when approximately 70 per-
cent of the landscape cover remains. Percola-
tion models (e.g., Gardner et al. 1987) predict
that habitat fragmentation begins to occur
when about 60 percent of original vegetation
cover remains. Below some threshold level of
habitat loss, distances between habitat patches
can increase exponentially (Gustafson and
Parker 1992).

• Edge effects. The ratio of patch perimeter to
interior area increases in fragmented environ-
ments. This can result in edge effects within
remaining patches. Such edge effects can in-
clude weed invasion (Brothers and Spingarn
1992; Burdon and Chilvers 1994), altered mi-
croclimatic conditions (e.g., modification of
wind speeds, light fluxes, and temperature
regimes; Chen et al. 1992; Matlack and Lit-
vaitis 1999), increased nest predation and
brood parasitism (Paton 1994; Robinson et al.
1995), and lowered rates of fledging success
among birds with territories located at habitat
edges (Hutha et al. 1998). 

Theoretically, habitat loss can occur without habi-
tat fragmentation, as shown by Forman’s (1995) land-
scape modification models (such as perforation, dis-
section, and shrinkage) that were tested empirically on
the use of an artificial ecosystem by grassland insects
(Collinge and Forman 1998). However, in the major-
ity of cases it will be extremely difficult to separate the
effects of habitat fragmentation from the effects of
habitat loss (Andrén 1997; Harrison and Bruna 2000).
The two processes are nearly always confounded. Al-
though theoretical models associated with landscape-
levels of vegetation cover and patterns of species loss
attempt to tackle this problem (Fahrig 1997, 1999),
from a practical perspective it is essential to be aware
that several processes accompany landscape modifica-
tion (Bunnell 1999a; Fahrig 1999).

Determining the relative importance of habitat loss
versus habitat fragmentation (i.e., the amount of habi-
tat left versus the spatial configuration of remaining
habitat) is an important area of research in forest land-
scapes. If habitat loss is the primary factor influencing

FIGURE 2.5. Graphical summary of the interacting effects
of habitat loss and habitat fragmentation (modified from
Zuidema et al. 1996). 

FPO
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the persistence and occurrence of species (which ap-
pears to be true for the majority of taxa; Fahrig 1997),
then a thrust of forest management must be to main-
tain suitable habitat at multiple spatial and temporal
scales—which is what, in our view, the overarching
objective of matrix management should be (see Chap-
ter 3).

Habitat Loss and Species Loss
Over 80 percent of the world’s endangered birds are
threatened by habitat loss (Temple 1986). In central
Amazonia, for example, habitat loss has caused an im-
mediate and obvious decrease in species richness
(Zimmerman and Bierregaard 1986; Klein 1989).
Habitat loss is also considered to be the chief factor in
invertebrate extinctions (Thomas and Morris 1995).
The total amount of habitat lost can be a better pre-
dictor of species loss than the spatial arrangement of
habitat in many landscapes, especially those with rela-
tively high levels of remaining cover (Fahrig 1998; see
the section that follows). The loss of species is be-
lieved to track the loss of habitat in these cases.

Cascading Fragmentation Effects below
Threshold Habitat Cover Levels
With and King (1999) defined critical thresholds as
abrupt, nonlinear changes (such as the rate of loss of
species) that occur in some measure across a small
amount of habitat loss. Below threshold levels of habi-
tat cover, the loss of species and population declines of
individual taxa are more substantial than predicted
from habitat reduction alone (Andrén 1994; With and
Crist 1995; With 1997; McCarthy and Lindenmayer
1999b). Empirical studies of the capercaillie grouse
(Tetrao urogallus) identified threshold habitat cover re-
sponses, with populations of this species declining
faster than by habitat tracking alone when less than 30
percent habitat cover remained (Rolstad and Wegge
1987). Other studies of birds support these findings
(Enoksson et al. 1995). However, Mönkkönen and Re-
unanen (1999) recognized that threshold responses to
vegetation cover will vary on a species-by-species basis.

In a review of studies on birds and mammals, An-
drén (1994) calculated that threshold levels for re-
maining habitat were 10–30 percent of original levels
of vegetation cover. That is, populations declined

more rapidly than expected by habitat loss alone when
less than 10–30 percent of habitat cover remained.
Threshold levels will vary among landscape types and
species (Andrén 1999), from 60 percent for some taxa
to 10 percent for others (Bennett and Ford 1997).
They will also vary according to the number and spa-
tial arrangement of patches in fragmented environ-
ments (Thomas et al. 1990; Lamberson et al. 1994),
the movement capabilities of the species targeted for
investigation (Andrén 1994, 1999), and the spatial
scale at which organisms use the landscape (Cale and
Hobbs 1994; Pearson et al. 1996). It is important to
recognize that 10–30 percent threshold levels in habi-
tat availability will be an underestimate for many
species (Mönkkönen and Reunanen 1999), and that
some species could be lost above particular threshold
cover levels, simply as a function of habitat loss per se.

As levels of habitat cover drop below critical
threshold levels, a wide range of factors in addition to
continued habitat loss can influence both the reduc-
tion in species diversity and the decline of populations
of individual taxa. These are sometimes called cascad-
ing fragmentation effects and are summarized in Table
2.1. They include demographic stochasticity, genetic
stochasticity, and environmental variability. Additional
factors that become important below threshold levels
of habitat cover are altered ecosystem processes (e.g.,
pollination; Cunningham 2000), disrupted species in-
teractions (e.g., aggressive interspecific behavior), and
altered intraspecific dynamics (e.g., Allee effects; Allee
et al. 1949). For example, Ims et al. (1993) found that
with increasing habitat loss and habitat fragmentation,
the social system of the capercaillie grouse changed
from a lekking system to one of solitary displaying
males.

Threshold Habitat Levels, Species Loss, 
and Matrix Conditions
Conditions in the matrix substantially influence
threshold responses, for example, through their im-
pacts on permeability to movement (Taylor et al.
1993), and thus colonization probabilities for habitat
fragments (Andrén 1999). A reappraisal of the seminal
paper by Andrén (1994) showed that threshold values
depended significantly on landscape context—in other
words, whether the matrix surrounding habitat frag-
ments was an agricultural one or one composed of re-
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growth forest regenerated after timber harvesting
(Mönkkönen and Reunanen 1999).

Although the threshold concept is an appealing one
and has some empirical evidence to support it (e.g.,
Jansson and Angelstam 1999), the concept is not free
of problems.

First, threshold theory (like most fragmentation
paradigms) treats landscape cover as a categorical vari-
able with only two states—habitat and nonhabitat.
This is too simplified. Not all habitat patches are
alike, and internal differences between them can have
significant effects on species occurrence (Linden-
mayer et al. 1999b). Similarly, not all human-
perceived nonhabitat is alike—even limited suitability
of conditions in some parts of the matrix can influence
the ability of some species to persist in a landscape.

Second, threshold levels for habitat loss will vary
for each species and will depend on the scale at which
it interacts with the patch mosaic in a landscape (With
1999). For some taxa there may not be distinct thresh-
olds at all but rather responses might be linear, curvi-
linear, or some other form.

Third, there are often interactions between matrix
conditions and habitat loss—habitat loss does not
occur in isolation from other processes in the land-

scape. This is highlighted in the biotic interactions
model developed by Ambuel and Temple (1983) and
empirical studies such as those on fragmented popula-
tions of small mammals (Dunstan and Fox 1996) and
birds (Mac Nally et al. 2000). In these cases, species
composition is influenced as much by matrix condi-
tions and habitat suitability within fragments as it is
by fragment size per se.

Finally, patterns of habitat loss rarely occur in a
random fashion across a landscape that results in a
given level of habitat cover of uniform quality. Rather,
fragmentation is a nonrandom process driven by
human land-use practices—vegetation remnants are
not therefore representative of the pre-fragmentation
landscape (Saunders et al. 1987). The most productive
parts of a landscape are almost always those modified
first (Woolley and Kirkpatrick 1999; Smith et al.
2000; Scott et al. 2001a,b). In these cases, the re-
sponse of some individual taxa (and the number of
species persisting) will be strongly affected by the
quality of what remains as well as how much remains.
Threshold theory ignores the critical role of some
(often small) areas of a landscape for the persistence of
biodiversity. For example, the limited area of riparian
systems can be essential for a large amount of the bio-

TABLE 2.1.

Potential “cascading” impacts of habitat loss and habitat fragmentation 
that occur below threshold habitat cover levels.

IMPACT AND EXAMPLES SOURCE

Destabilized population dynamics (e.g., disrupted sex ratios and Allee effects) McCarthy et al. 1994; Allee 1931

Altered movement patterns (e.g., modified home ranges) Barbour and Litvaitis 1993

Altered social systems Ims et al. 1993

Food shortages in fragments Robinson 1998; Zanette et al. 2000

Altered breeding success (e.g., smaller young) Hinsley et al. 1999

Increased short-term population densities in habitat fragments Darveau et al. 1995

Altered vulnerability of populations to catastrophic events Burgman et al. 1993 

Increased human hunting pressure Redford 1992

Altered gene frequencies in populations Lacy 1993a; Sarre 1995

Altered interactions between species (e.g., interspecific aggression) or Catterall et al. 1991; Lavorel et al. 1999

weed/parasite invasions

Disrupted ecological processes (e.g., pollination) Kapos 1989; Klein 1989

Increased potential for some types of disturbance (e.g., windthrow) Lovejoy et al. 1986

Altered evolutionary processes (e.g., morphological changes in organisms) Hill et al. 1999; Weishampel et al. 1997
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diversity in some ecosystems (e.g., Mac Nally et al.
2000), and degradation of this habitat can have im-
pacts highly disproportionate to their areal extent (see
Chapter 6). Similarly, specialized habitats like cave
systems can be small but support an important and
often unique component of the endemic biota of a re-
gion (Culver et al. 2000; see Chapter 6).

In summary, there are no generic rules for thresh-
old levels of vegetation or habitat cover (e.g., 10, or
30, or 70 percent). Rather, thresholds will depend on
the landscape in question (a forest-forest or forest-
agriculture system), the species of interest, and the
ecological processes in question (the extent of tree
health or the hydrological impacts of rain-on-snow
events as a function of the extent of landscape-wide
clearcutting).

A useful illustration of the effects of different
processes in different systems and different species
comes from Australian forest and woodland systems.
There can be extensive loss of an array of small and
intermediate-sized mammals from forest ecosystems
whose vegetation appears to be relatively intact. The
wide distribution of feral predators (the red fox [Vulpes
vulpes] and feral cat [Felis catus]) in these landscape

(and their use of the road system) could be important
factors driving species loss despite limited apparent
habitat loss (May 2001). Threshold cover levels and
species decline and loss do not appear to be related in
this case. Conversely, threshold levels of cover of na-
tive woodlands of 30 percent or more have been found
to be important for limiting the effects of tree dieback
and death (McIntyre et al. 2000).

Compositional Studies, Habitat
Fragmentation, and Matrix Conditions
Many compositional and modeling studies clearly
demonstrate that matrix conditions have a significant
bearing on species occurrence in fragmented ecosys-
tems (Szaro and Jakle 1985; Fahrig and Merriam
1994; Fitzgibbon 1997; Saari et al. 1998; Saab 1999;
Renjifo 2001). A species for which the matrix is suit-
able or even partially suitable will be significantly less
affected by fragmentation than one for which the ma-
trix is totally lacking in value (Davies and Margules
1998; Ås 1999; Ricketts 2001) (Table 2.2).

Landscape composition and patch-matrix contrasts
also influence the effects of disturbance regimes. For
example, the spatial juxtaposition of fire-prone pastures

TABLE 2.2.

Examples of matrix effects on species responses.

ORGANISM, STUDY SITE DESCRIPTION REFERENCES

Hazel grouse (Bonasa In areas where the matrix was dominated by agricultural land, Åberg et al. 1995

bonasia), Scandinavia hazel grouse were absent from suitable habitat patches >100 m 

from a population source area; hazel grouse occupied patches 

up to 2 km from a population source if the matrix was an 

intensively managed plantation forest

Small mammals, Brazil The response of small mammals in rainforest fragments was Malcolm 1997

different if the matrix was cleared pasture compared with 

regrowth rainforest

Birds, North America Up to 65% of the variation in the distribution of some taxa Pearson 1993

could be explained by matrix conditions

Invertebrates, English Populations changed according to the nature of the surrounding Webb et al. 1984;

heathlands landscape matrix Webb and Hopkins
1984

Red-listed fungi, Norway The occurrence of fungi at the stand level was strongly related Sverdrup-Thygeson

to its occurrence in the surrounding forest. Where there was 1999

long-term (>140-year) persistence of host logs in a landscape, 

fungi were likely to occur in a stand.
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can significantly increase wildfire risk in adjacent rain-
forest fragments (Kauffman and Uhl 1991). Similarly,
relatively nonflammable patches in Yellowstone Na-
tional Park burned when the surrounding matrix sup-
ported high-intensity fires (Romme and Despain 1989).

The preceding examples clearly illustrate that ma-
trix conditions are fundamental to interpreting frag-
mentation effects. This can help explain why two
patches of similar shape and size, but with different
landscape contexts, may have very different levels of
biodiversity (Lindenmayer et al. 1999b,c; Vandermeer
et al. 2001). Even if the matrix is suitable only for for-
aging (Landers et al. 1979; Loman and von Schantz
1991; Yahner 1983; Rodenhouse and Best 1994;
McAlpine et al. 1999), or allows for the extension of
home ranges, it may facilitate the occupancy of (other)
breeding sites (McCarthy et al. 2000).

History of the Matrix and 
Fragmentation Effects
Historical factors in the matrix also can be very useful
for interpreting fragmentation effects and associated
population phenomena (Thomas et al. 1992a; Díaz et
al. 2000). For example, forest fragmentation effects
can appear and then disappear depending on regener-
ation dynamics in the surrounding matrix (Fahrig
1992). In other cases, the length of isolation of rem-
nants created by a high contrast with conditions in the
surrounding matrix is a significant predictor of species
occurrence in some fragments (Suckling 1982; Ben-
nett 1990b). Loyn (1987) showed that one bird species
was lost from habitat fragments for every decade of
isolation in a modified landscape in eastern Victoria,
southeastern Australia. Forest fragmentation, there-
fore, has both a temporal and a spatial domain (Lord
and Norton 1990), and it is dependent on matrix con-
ditions and the length of time the matrix has been
characterized by a particular condition.

The Use of the Matrix and 
Fragmentation Effects
Several studies have shown that a species’ ability to ex-
ploit the matrix can strongly influence the nature and
strength of fragmentation effects (Mills 1995; Sisk et
al. 1997). In some cases, new species will occur in the
matrix when it is modified, which may affect the dy-

namics of populations residing within habitat frag-
ments. For example, clearing of moist forest in Brazil
led to the colonization of the matrix by new species
(Brown and Hutchings 1997; Tocher et al. 1997).
These included both predators and competitors of the
original inhabitants of the fragments (Gascon and
Lovejoy 1998).

In places where there is high contrast in suitability
between a patch and the surrounding matrix, a fence
effect can occur—levels of patch occupancy and
within-patch population density may be considerably
higher than expected. Here, animals are reluctant to
disperse from a patch of suitable habitat into neigh-
boring areas of unsuitable habitat; that factor can in-
flate levels of abundance (e.g., “crowding”) and/or
patch occupancy (Wolff et al. 1997; Bayne and Hob-
son 1998). Animals restricted to areas of favorable
habitat when dispersing (e.g., Garrett and Franklin
1988; Merriam and Lanoue 1990) may be particularly
prone to this effect.

Many fragmentation studies (e.g., Sieving et al.
2000) have focused almost exclusively on species use
of remnants or corridors and ignored the role of the
surrounding landscape matrix (see critiques by Sim-
berloff et al. 1992; Laurance and Bierregaard 1997).
This is because the vegetation that characterizes the
landscape matrix is often different from that in habitat
remnants. However, such matrix areas may support
populations of species also found in the remnant
patches, and they may make a substantial contribu-
tions to population persistence (Gascon et al. 1999).
On this basis, Wiens (1989) noted that

a focus exclusively on fragmentation of habitats
misses the point that it is often the structure 
of an entire landscape mosaic rather than the size
or shape of individual patches [that matters]. . . .
The likelihood that dispersal can occur between
fragments and forestall the extinction of sensitive
species on a regional scale is influenced by the
configuration of the fragments and the landscape
mosaic in which they are embedded.

Sampling of the landscape matrix may reveal that
some areas considered to be “remnants” are, in fact,
part of a habitat continuum and may not be acting as
discrete habitat patches at all. Studies in the Biological
Dynamics of Forest Fragments Project showed that
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frogs could breed and travel across the matrix (cleared
pasture) that surrounded the rainforest fragments, in-
dicating that the remnants were not true isolates for
these taxa (Tocher et al. 1997; see Chapter 14). The
matrix may be particularly important in forest ecosys-
tems where either (1) remnants (e.g., old-growth
patches) are surrounded by a matrix that regenerates
following harvesting and can eventually provide suit-
able habitat for a significant proportion of the forest-
dependent biota, or (2) enough structural attributes of
the original stand are retained in the matrix to allow
forest-dependent taxa to persist there.

Hence, the effects of fragmentation in forest envi-
ronments where protected areas are embedded within
a matrix of regenerating or structurally enriched for-
est may be quite different from those in many agricul-
tural systems where the surrounding matrix is often
thought to be unsuitable, or “hostile,” for forest biota
(McGarigal and McComb 1995; Estades and Temple
1999).

In summary, traditional perspectives on fragmenta-
tion effects like those based on ocean-island models
and on island biogeography theory are often inappro-
priate where the matrix is not wholly inhospitable
(Pither and Taylor 1998; Ricketts 2001). Understand-
ing fragmentation effects requires an understanding of
how biota use all landscape components, including the
matrix (Laurance 1991a; Åberg et al. 1995; Flather
and Sauer 1996).

Metapopulation Dynamics

A metapopulation is a “set of local populations which
interact via individuals moving between local popula-
tions” (Hanski and Gilpin 1991). Hanski and Sim-
berloff (1997) contend that the metapopulation para-
digm is most useful when successful interpatch
dispersal is infrequent and migration distances are
limited. Hastings (1993) suggested from simulation
modeling that populations could be considered to be
“independent” where dispersal rates between them
were less than 10 percent.

The concept of metapopulation dynamics has been
used widely to describe the spatial arrangement of
subpopulations of species in fragmented environments

(e.g., Arnold et al. 1993; Hanski and Thomas 1994;
McCullough 1997), particularly those taxa susceptible
to localized extinction and recolonization (Hanski
1998). Most models of metapopulation dynamics are
simplified and do not consider the strongly influential
effects of the matrix on patch processes and interpatch
dispersal. As noted by Wiens (1997a), most metapop-
ulation models assume that the “the matrix separating
subpopulations is homogeneous and featureless.” Per-
haps this is a relict of island biogeography theory,
which some workers consider to be a precursor of
metapopulation theory (Wiens 1995). Therefore, pre-
dictions from many population models are unlikely to
be accurate because of the simplifying assumptions
they make about matrix suitability and patch-matrix
interrelationships (see Pope et al. 2000). This has led
some workers to suggest that simple forms of
metapopulation modeling should not be used in popu-
lation management in real landscapes (e.g., Doak and
Mills 1994; Fahrig and Merriam 1994).

By ignoring the matrix in a landscape that is
thought to be fragmented, important factors can be
overlooked in metapopulation modeling. Considera-
tion of the matrix may reveal that a species is not
distributed as a metapopulation at all (Hanski and
Simberloff 1997). Including appropriate information
on the matrix and how it is used by an organism
should improve the understanding of the factors influ-
encing the species distribution in patchy landscapes
such as production forests.

Types of Metapopulations
Hanski and Gyllenberg (1993) describe some different
forms of metapopulation structure, where a metapop-
ulation structure is defined as “a system of habitat
patches which is occupied by a metapopulation and
which has a certain distribution of patch sizes and in-
terpatch distances” (Hanski and Gilpin 1991). Two ex-
treme forms of metapopulation structure were recog-
nized by them—the Mainland-Island structure and
the Levins structure (Figure 2.6). The Mainland-
Island metapopulation structure has two major fea-
tures: (1) a large “mainland” area in which populations
are secure and rarely (if ever) suffer extinction, and (2)
an array of small patches in which extinctions can be
relatively common events. The mainland provides a
source of dispersalists to recolonize the patches and
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reverse localized extinctions. A number of species of
butterflies are thought to exhibit a Mainland-Island
metapopulation structure (Harrison et al. 1988; Han-
ski and Thomas 1994).

The Levins metapopulation structure (from Levins
1970) is characterized by all the patches being the
same size. There is no “mainland.” Localized extinc-
tions in the patches are reversed by recolonization
from other patches (Hanski and Gyllenberg 1993).
Harrison (1991) believed that most metapopulation
structures will be characterized by patches that vary in
size and spatial location—in other words, they will 
fall between the two extremes illustrated by the
Mainland-Island and Levins models.

Metapopulations in the Real World

An increasing number of species have been identified
that display various types of metapopulation dynamics
(e.g., Hill et al. 1996; Carlson and Edenhamn 2000).
Nevertheless, it is not clear whether metapopulations
are common in real landscapes (Hastings and Harri-
son 1994; Harrison and Taylor 1997; but see Niemien
and Hanski 1998). Dispersal is essential to the mainte-
nance of metapopulation dynamics (Hanski 1999b),
but for some species it may not occur across a hostile

matrix. Therefore, it is not appropriate to assume that
all patchily distributed taxa function as metapopula-
tions (Hanski and Simberloff 1997). For example, a
study of geckos in Western Australia showed that ani-
mals were isolated populations confined to woodland
patches with no movement across the matrix (Sarre et
al. 1995).

Studies of the matrix also have revealed that some
patchily distributed species are not distributed as
metapopulations. If a species exhibits metapopulation
structure, then patches close to occupied patches
should be more likely to be occupied than more dis-
tant ones (see Smith 1994; Koenig 1998). There
should, in turn, be spatial dependence in its distribu-
tion pattern. Statistical tests for seventy-six species of
birds living in eucalypt patches of the Tumut Frag-
mentation Experiment in southeastern Australia (see
Chapter 13) found no evidence of spatial dependence,
suggesting that metapopulation dynamics were not
occurring in any of these taxa (Lindenmayer et al.
2001a). In the same study, extensive surveys of the ra-
diata pine matrix surrounding eucalypt fragments
showed that many species used the matrix (see Chap-
ter 13).

The occurrence of species in the matrix can create
problems in the application of metapopulation models
that ignore matrix effects. For example, Lindenmayer
et al. (1999d) found poor predictive ability for Han-
ski’s (1994b) incidence metapopulation model for two
species of arboreal marsupials that persisted in the
matrix. McCarthy et al. (2000) found that the ability
of their target species (the white-throated treecreeper
[Cormobates leucophaeus]) to forage both in habitat
fragments and in the surrounding matrix (termed
“landscape complementation”; Dunning et al. 1992)
significantly reduced the fit between model-predicted
and actual values for patch occupancy. Estades (2001)
found that when matrix habitat had value as a food re-
source, traditional patch size effects tended to dissi-
pate significantly.

The Matrix, Interpatch Dispersal, 
and Interpatch Movements
Interpatch dispersal can be strongly influenced by the
surrounding matrix (Wiens 1997b). Andrén and Delin
(1994) found that managed forests had no negative ef-

FIGURE 2.6. Types of metapopulations. Classical metapop-
ulations are demonstrated by the Levins (1970) model (see
text) in which all patches are the same size and equidistant.
“Mainland” in the mainland-island model refers to a large
area of habitat whose populations never suffer extinction.
The mixtures model falls between the classical and
mainland-island models in terms of patch size and distance.
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fects on interpatch dispersal by the red squirrel (Sciu-
rus vulgaris). Thus, conditions in the matrix can
strongly influence the degree of isolation of patches,
which may be more or less than typically revealed by
simple euclidean distances in landscape models of
population dynamics (Ricketts 2001). Most existing
computer models for metapopulation dynamics as-
sume that the matrix is totally unsuitable breeding and
foraging habitat and does not influence the success of
interpatch dispersal and that taxa have random disper-
sal patterns. Nonrandom dispersal patterns and the ef-
fects of matrix conditions on dispersal were found to
be significant in the dynamics of butterfly populations
(Conradt et al. 2000). Lindenmayer et al. (2000a)
found greater congruence between the predictions of
a metapopulation model and actual field data for patch
occupancy when the effects of matrix conditions on
dispersal were included in the model specifications.
Most metapopulation models do not consider move-
ment in the context of the mosaic nature of most real
landscapes (Cale 1999). Linear distance may actually
be a poor measure of connectivity and/or isolation
(Wegner and Merriam 1979). Two fragments far apart
with high connectivity will be less isolated than
closely spaced ones with low interpatch connectivity
(Haila 1999).

Forecasts from metapopulation models will also be
very poor for animals that cannot use the matrix but
can readily disperse through it. Metapopulation mod-
els generally do not accommodate changes in home
range sizes that can occur with habitat fragmentation
(e.g., Barbour and Litvaitis 1993), changed landscape
mosaics (Milne et al. 1992), or frequent movements
between many patches to gather spatially separated
food resources (e.g., Boone and Hunter 1996). Con-
cepts such as the central place foraging theory are rele-
vant to how matrix conditions and their relationships
with patch configuration influence patchily distrib-
uted organisms (Recher et al. 1987; Lindenmayer et
al. 1993a). For example, modeling of an Australian
kingfisher, the laughing kookaburra (Dacelo no-
vaeguineae), produced inaccurate estimates of patch
occupancy because birds appear to alter home range
movements in response to landscape change, and to
move between many different patches to gather

food—in other words, classic metapopulation models
did not fit (Lindenmayer et al. 2001b).

Spatial and Temporal Changes in 
Matrix Suitability
Most metapopulation models assume that the matrix
and the patches it contains are homogeneous (Wiens
1997a) and that the habitat suitability of both land-
scape elements will not change on a spatial or tempo-
ral basis. Yet, in wood production forests the reverse
will often occur and habitats will become suitable for
many taxa with increasing time after harvesting, espe-
cially if matrix-based management strategies are
adopted. Spatially explicit models like the one devel-
oped by Possingham and Davies (1995) can be useful
in this regard. Different habitat-quality values can be
assigned to any number of patches in this model.
These habitat-quality values can, in turn, have varying
temporal trajectories depending on, for example, re-
growth of cutover stands in the matrix (Lindenmayer
and Possingham 1995a).

All models invariably simplify the systems they at-
tempt to portray (Burgman et al. 1993). Metapopula-
tion models are no different in this regard (Hanski
1999a), and models like Hanski’s (1994b) incidence
function model consistently favor simplicity above
model complexity (Ludwig 1999). However, it is es-
sential to consider temporal and spatial variation in
matrix conditions when applying metapopulation
modeling to dynamic managed landscapes. It is also
vital to check model assumptions before models are
applied to real landscapes and real conservation prob-
lems (Wiens 1994; Pope et al. 2000). In some patchily
distributed populations there will be no conformity to
a metapopulation structure (1) where the matrix is so
hostile that it precludes movement and relict popula-
tions are confined only to totally isolated habitat
patches, (2) where the matrix is sufficiently suitable to
facilitate frequent movements between habitat
patches, and (3) where conditions in the matrix are
suitable enough to allow organisms to forage or live
there.

The incorporation of these sorts of considerations
into modeling frames may ultimately lead to new gen-
erations of spatially explicit population models that
include some of the complexity that characterizes real
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landscapes and the responses of biota to it (e.g.,
Gustafson and Gardner 1996; Hokit et al. 1999).

Connectivity and Corridors

Determining what constitutes connectivity for a given
species or group of organisms is a critical issue in con-
servation biology. Much work has focused on corri-
dors, yet connectivity in forests involves much more
than just the establishment of wildlife corridors
(Wiens 1997a), and the connectivity role of the matrix
(see Chapter 1) has often been overlooked. This is
particularly true in forest environments—the majority
of corridor studies have been in agricultural land-
scapes (Saunders and Hobbs 1991; Gustafsson and
Hansson 1997). Dynamic matrix conditions can have a
fundamentally important influence on connectivity in
forest ecosystems (Lindenmayer 1998).

Although the establishment of wildlife corridors is
common in wood production forests (reviewed by
Lindenmayer 1998), assessments of their effectiveness
in contributing to connectivity cannot be made with-
out consideration of the matrix (Noss 1987; Sim-
berloff and Cox 1987; Beier and Noss 1998). More-
over, if there is continued habitat loss in the
surrounding matrix, the establishment of corridors
may make only a limited contribution to biodiversity
conservation (Rosenberg et al. 1997; Harrison and
Bruna 2000).

If conditions in the matrix are hostile, then large
corridors linking large retained patches may be re-
quired to retain connectivity for some species. Con-
versely, given suitable matrix conditions, reliance on
corridors to provide connectivity may be minimized
(Rosenberg et al. 1997) and corridor widths reduced
(Forman 1995; Lindenmayer 1998). Only a limited
amount of movement may then be required to “res-
cue” populations in reserves or habitat remnants and
limit losses of genetic variability or limit population
decline (Stacey and Taper 1992; Mills and Allendorf
1996). For example, an average of only one migrant
per generation (every three to four years) was pre-
dicted to stem losses of expected heterozygosity from
patchy populations of arboreal marsupials (Linden-
mayer and Lacy 1995a).

The matrix will be a filter rather than a complete
barrier to movement for many organisms (Gascon and
Lovejoy 1998). Forman (1995) termed the control of
the matrix over connectivity as “resistance” and hy-
pothesized that barriers to movement across the matrix
will be reduced if patch conditions resemble those in
the matrix (see Stouffer and Bierregaard 1995 for an
example). However, matrix resistance also will depend
on the dispersal mechanisms of a given species
(whether it is random or influenced by habitat quality),
and the scale at which a species moves (Ricketts 2001).
If a species is very vagile and populations are not sub-
divided among patches, then the landscape will be
patchy and continuous. Connectivity is therefore a
species-specific phenomenon—an outcome of species-
specific dispersal behavior and movement patterns
(e.g., whether the main form of movement is flying or
crawling) and how these interact with patterns of land-
scape cover. For these reasons, a simple map of vegeta-
tion cover may not correspond to a map of connectiv-
ity for a given species (Ingham and Samways 1996),
and it may not reveal whether a landscape is connected
or fragmented (Wiens et al. 1997; With 1999).

Consideration of matrix conditions is particularly
important for connectivity in forest landscapes. This
is because, unlike agricultural areas, logged and regen-
erated lands will often immediately or eventually pro-
vide suitable habitat for many species (Pattemore and
Kikkawa 1975; Loyn 1985a; Smith 1985). Even the
structural complexity provided by exotic plantations
can provide connectivity for forest species (including
some that otherwise could not move through an agri-
cultural landscape) (Renjifo 2001). Hence, changes in
matrix conditions that might even be relatively minor
may substantially enhance connectivity for many taxa.
There are many factors influencing not only the suit-
ability of the matrix as habitat, but also the suitability
of the matrix for movement in managed forests.
These include the type and extent of silvicultural
practices in the matrix (Bennett 1990a; Machtans et
al. 1996; Vesely and McComb 1996; see Chapter 8),
partial retention of original stands (Taylor 1991; Thi-
ollay 1997), and rotation length (Curtis 1997; see
Chapter 7).

Understanding relationships between matrix con-
ditions and the movement behavior of target organ-
isms is fundamental to analyses of connectivity. Even
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if a habitat patch is close to another occupied patch
and well within typical dispersal distances, it may be
isolated because of hostile conditions in the matrix
(Taylor et al. 1993). In many other cases, dispersal
pathways used by organisms will not always conform
to designated corridors (Gustafson and Gardner 1996;
Lindenmayer 1998; Cale 1999).

Conservation management strategies applied
throughout the matrix may provide better connectivity
than wildlife corridors for species that disperse ran-
domly (e.g., cabbage butterfly [Fahrig and Paloheimo
1988] and eastern screech-owl [Otus asio; Belthoff and
Ritchison 1989]). In Australia, matrix suitability can
allow migratory and nomadic species such as native pi-
geons and honeyeaters access to resources that fluctu-
ate in temporal and spatial availability (Date et al.
1996; Price 1999). Connectivity via stepping stones or
dispersed islands of potentially suitable habitat may be
the best way for these and other mobile species (like
butterflies and bats), which can move readily across the
matrix between roosting areas and foraging locations
(Lumsden et al. 1994; Schultz 1998; Law et al. 1999).
Individual structures, such as trees and logs, can also
function as stepping stones.

Most existing knowledge about connectivity and
the matrix comes from theory (e.g., Murphy and
Noon 1992) and simulation modeling (e.g., Burkey
1989; Boone and Hunter 1996; Lindenmayer and
Possingham 1996). Since robust empirical data linking
matrix conditions and connectivity are presently lim-
ited (Nicholls and Margules 1991; Bennett 1998),
carefully designed studies of the interrelationships be-
tween matrix conditions and connectivity are badly
needed (see Chapter 17).

Extinction Proneness

Species vary widely in their response to habitat loss
and fragmentation; some decline, while others remain
unchanged or even increase (Saunders and Ingram
1995; Dooley and Bowers 1998). In an effort to better
predict species responses to landscape change, corre-
lations between extinction proneness and particular
traits of species (such as diet, body size, life history
strategy, longevity and fecundity, habitat require-

ments, and type of locomotion) have been the focus of
many studies (e.g., Terborgh 1974; Karr 1982; Pimm
et al. 1988; Robinson and Quinn 1988; Burbidge and
Mckenzie 1989; Lawler 1993; Gaston and Blackburn
1995). Extinction-prone species appear to include
large wide-ranging taxa (often predators), rare species,
or species that are sparsely distributed. One crucial
factor in assessing the likelihood of species persistence
is occurrence in matrix habitats.

Sixteen nonflying species of Queensland mammals
were studied to determine correlations between ex-
tinction proneness and ecological traits such as body
size, longevity, fecundity, trophic level, diet, and pop-
ulation abundance both in rainforest patches and in
the surrounding modified landscape matrix (Laurance
1991a). The best predictor of persistence was the
abundance of the species in stands of regrowth forest
and pastures in the landscape matrix surrounding the
rainforest fragments (Figure 2.7). Species that were
rare or absent in the matrix were also those most
likely to have been lost or to have declined substan-
tially in the rainforest fragments (e.g., brown antechi-
nus [Antechinus stuartii], Atherton antechinus [Antechi-
nus godmani], and tiger quoll [Dasyurus maculatus])
(Laurance 1991a, 1997a). Several factors may explain

FIGURE 2.7. Correlations between extinction proneness
and use of the matrix by sixteen species of nonflying mam-
mals in North Queensland (redrawn from Laurance 1991a).
The solid dots show plotted values between matrix abun-
dance and extinction proneness. The values in brackets are
the number of species with the same plotted value. The di-
agonal line is the fitted relationship between the two param-
eters. Extinction proneness (y-axis) is ranked from high (5) to
low (1). Matrix abundance is scaled from 1 to 5, with 1 indi-
cating that a species was never detected in the matrix and a
value of 5 indicating that a species was commonly observed
in the matrix.
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these findings. Animals lost from the matrix may be
lost from an entire region (and hence also habitat
fragments). Conversely, individuals dispersing from
matrix habitats may “rescue” declining populations in
the fragments (Laurance 1997a).

Persistence in the matrix and resilience to extinc-
tion proneness has also been demonstrated in other
studies. The Wog-Wog Fragmentation Experiment in
southeastern Australia (Margules 1992) showed that
the species of beetles that inhabited the radiata pine
matrix surrounding fragments of eucalypt forest were
most likely to persist in the fragments (Davies et al.
2000). Similar outcomes have been found for insects in
Scandinavian forests (Ås 1999), as well as in studies of
temperate and tropical bird populations (Blake 1983;
Howe 1984; Diamond et al. 1987; Renjifo 2001).

Reserve Selection

Around the world, reserve systems have generally
been developed on an ad hoc basis (Terborgh 1992;
see Chapter 5). In an attempt to improve systems of
protected areas (e.g., to enhance their representative-
ness), reserve selection methods have been developed,
such as gap analysis (e.g., Scott et al. 1993; Stoms et
al. 1998) and mathematical algorithms (Kirkpatrick
1983; Williams et al. 1996; Pressey 1997). There are
numerous hypothetical examples of these approaches
for the selection of reserves (Bedward et al. 1992;
Nicholls and Margules 1993; Noss and Cooperrider
1994; see Chapter 5). However, the potential contri-
bution of the matrix to species persistence is often ig-
nored by these methods (Burgman and Lindenmayer
1998). The focus is on species captured within re-
serves, usually without regard to their status in sur-
rounding matrix lands. However, many of the organ-
isms that persist in the matrix will also be the ones
most likely to occur in the reserve system. The inclu-
sion of the matrix will add considerably to the effi-
ciency of reserve design because reserve selection rou-
tines can be focused principally on taxa that can be
conserved only in the protected areas. Diamond (1976)
recommended that the selection of reserves should be
made on the basis of the species that require them for
survival. Therefore, while the stated goal of a network

of reserves has traditionally been to adequately repre-
sent the biodiversity of a region, more efficient and
refocused reserve design approaches could be those
that target species not captured adequately in sensi-
tively managed matrix lands.

Lewis et al. (1991) described some reserve design
algorithms that better account for matrix conditions
and showed how the buffering potential of adjacent
matrix lands could significantly influence protected
area outcomes in the Australian state of Tasmania (see
also Nix 1997). As noted by Wiens (1989):

To establish reserves according to ecological in-
sights requires both a consideration of broad-
scale landscape configurations and knowledge of
the ecological requirements of species that are
important in particular situations.

Edge Effects

Distinct edges or boundaries are created between
clearcut and unlogged areas (Matlack 1993; Esseen
1994; Parry 1997). Profound modifications of biologi-
cal and physical conditions can occur at these bound-
aries; these modifications are typically referred to as
edge effects (Wilcove 1985; Temple and Cary 1988;
Yahner 1988; Reville et al. 1990; Chen 1991; Chen et
al. 1992; Kremsater and Bunnell 1999).

The magnitude of many types of edge effects is
often related to the level of contrast between the ma-
trix and other landscape units; where the contrast is
high, there will be more intense interactions and spa-
tially extensive edge influences (Laurance and Yensen
1991; Mesquita et al. 1999). The extent of the area of
the matrix supporting such high-contrast conditions
can also influence the magnitude of edge effects. For
example, microclimate edge effects may be greater
where a large clearcut abuts a retained patch than
where the cutover is small (Lindenmayer et al. 1997a).
An assessment of conditions in the matrix is therefore
fundamental to an understanding of the impacts of
various kinds of biotic and abiotic edge effects. It is
also vital to the development of buffering protocols in
the matrix that aim to better protect sensitive habitats
in forest landscapes. For example, the width of buffer
strips to protect riparian areas from pesticides and to
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reduce in-stream invertebrate mortality (more than 50
meters in Australian eucalypt plantations; Barton and
Davies 1993) may be quite different from that re-
quired to mitigate changed wind patterns that may
otherwise penetrate several hundred meters from cut-
over boundaries (Harris 1984; Saunders et al. 1991).

The intensity of edge effects, or the area of a patch
subject to significant edge influence or modification,
depends on many variables. The magnitude of an edge
effect is dependent on the parameter of interest
(which has its own unique pattern of response; see
Figure 2.8)—whether it is an environmental variable
(e.g., air temperature), an ecological process (e.g., rate
of organic matter decomposition), or a community in-
teraction (e.g., predation of one species by another).
The magnitude of edge effects will also be influenced
by the extent of the area of the matrix supporting

high-contrast conditions. For example, Lindenmayer
et al. (1997a) found that windthrow significantly in-
creased in retained strips of forest when the adjacent
clearcut was large rather than small cutblocks.

Edge effects are not uni-directional processes. In
addition to edge effects penetrating from the matrix
into adjacent patches, forest patches can exert edge in-
fluences on adjacent harvested areas. The effects of
retained trees on light and other microclimatic factors
are well known in the forestry literature. Similarly,
Lindenmayer et al. (2001a) found the occurrence of
birds in the matrix was strongly related to their occur-
rence in adjacent retained patches (see Chapter 13). It
is important to be cognizant of the reciprocal nature
of edge influences, but in the remainder of this section
we concentrate on the impacts of edge processes ema-

FIGURE 2.8. Variation in edge penetration for a range of measures in the Biological Dynamics of Forest Fragments Project in
Brazil. See Chapter 14 for further details (modified and redrawn from Laurance et al. 1997).
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nating from the matrix and penetrating into adjacent
retained patches.

Edges of forest along boundaries with cutovers may
be subject to significant microclimatic changes, such
as increased temperatures and decreased humidity
that extend for varying distances from an edge. Edge
influences may be limited or extend for tens or hun-
dreds of meters into a forest depending upon the envi-
ronmental variable, physical nature of the edge, and
weather conditions at the time of measurement
(Moore 1977; Miller et al. 1991; Chen et al. 1992;
Parry 1997). In some cases, edge effects can lead to
the degradation of habitat in protected areas such as
wildlife corridors (Lindenmayer et al. 1997a) and can
disrupt connectivity between larger reserved areas
(Lovejoy et al. 1986).

Wildlife biologists have known for many decades
that certain game species have strong preferences for
edge environments where foraging and hiding/thermal
cover are close together (Leopold 1933; Patton 1974;
Matlack and Litvaitis 1999). Large populations of
white-tailed deer (Odocoileus virginianus) in the north-
ern United States may exert considerable grazing pres-
sure on food plants that occur at forest edges (Johnson
et al. 1995), including endangered taxa (Miller et al.
1992). This can limit stand regeneration (Tilghman
1989) and alter patterns of species diversity in plants
(Miller et al. 1992) and birds (McShea and Rappole
2000).

Studies in the Northern Hemisphere have docu-
mented negative vertebrate responses to forest edges,
including interior forest species (i.e., those requiring
habitats away from edge environments) (Gates and
Gysel 1978; Andrén and Angelstam 1988; Telleria and
Santos 1992; Terborgh 1992; Rudnicky and Hunter
1993; Paton 1994; Rich et al. 1994; Robinson et al.
1995). Many bird species in tropical forests are inte-
rior species (Terborgh 1989; Frumhoff 1995) and tend
to avoid edges. This is, in part, because the efficiency
of foraging patterns is impaired if home ranges or ter-
ritories are transgressed by nonhabitat or edge condi-
tions (McCollin 1998). Another important factor in-
fluencing species responses in edge environments is a
lack of food—Burke and Nol (1998) provide an exam-
ple in which the abundance of arthropods was signifi-
cantly lower along the edges of small woodlots than in

the interior of larger patches, resulting in a negative
effect on bird populations.

Elevated levels of nest predation along edges may
not be a general phenomenon characteristic of all
habitats and landscapes (Berg et al. 1992; Hanski et al.
1996, reviewed by Lahti 2001). Many studies in which
significant nest predation effects have been observed
are in agricultural landscapes where there are large
contrasts between vegetation remnants and the sur-
rounding environment (e.g., Andrén 1992; Bayne and
Hobson 1997, 1998; Hannon and Cotterill 1998).
Conversely, nest predation at edges may be limited or
absent in landscapes with low levels of contrast
(Schmiegelow et al. 1997), such as continuous Aus-
tralian eucalypt forest dissected by minor bush tracks
or juxtaposed native forest and exotic softwood plan-
tations (Lindenmayer et al. 1999e). Sargent et al.
(1998) showed that nest predation effects in hardwood
fragments in South Carolina (United States) were
lower if they were adjacent to pine stands rather than
agricultural fields.

Certain types of edge effects can vary in their im-
pacts between different forested ecosystems. Forest
edges on the boundary of clearcuts in Sweden are
characterized by reduced bird species diversity (Hans-
son 1983), but no such pattern occurs in clearcut forest
edges in the northeastern United States (Rudnicky and
Hunter 1993). Similarly, patterns of brood parasitism
characteristic of edge environments in many northern
hemisphere landscapes appear to be rare in parts of the
Southern Hemisphere, such as in Australia (but see
Luck et al. 1999). Even within North America, in-
creased nest predation and brood parasitism seen in
studies on the eastern side of continent are not com-
mon in the west (Kremsater and Bunnell 1999; Mar-
zluff and Restani 1999). Notably, a recent review of the
literature (Lahti 2001) has shown that the majority of
studies did not find increased nest predation at edges.

Differences in invertebrate community composi-
tion have been observed between edge and interior
environments (e.g., Keals and Majer 1991; Hill et al.
1992; Scougall et al. 1993). Populations of inverte-
brates such as amphipods responded negatively to in-
creased levels of exposure, moisture, and temperature
regimes at the edges of forest fragments in southeast-
ern New South Wales (Margules et al. 1994b). Other
examples of edge responses in insects have been docu-
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mented by Hill (1995), Baur and Baur (1992), and
Bellinger et al. (1989).

Edge environments can exert a strong influence on
plant species (Laurance 1991b). Plant reproduction,
growth, and mortality may respond to edges, depend-
ing upon the species and specifics of the edge. Chen et
al. (1992) observed positive responses in tree repro-
duction and growth of surviving mature trees in old-
growth forests bordering on recent clearcuts. Nega-
tive effects included accelerated mortality of mature
trees due to windthrow.

Edge effects vary according to the type of harvest-
ing prescriptions employed in the cutover area (e.g.,
clearcutting or shelterwood) and will generally decline
(but rarely disappear completely) with the develop-
ment of regenerating forest (Savill 1983). This is be-
cause the magnitude of edge effects is strongly related
to the contrast in structure between harvested areas
and retained patches.

Understanding various types of biotic and abiotic
edge effects and their relationships to matrix condi-
tions is fundamental to the development of appropri-
ate buffering protocols that can make the matrix man-
agement more protective of sensitive areas in forest
landscapes (see Chapters 3 and 6).

The Matrix and the 
Importance of Habitat

The study of habitat is essential for the evolving fields
of landscape ecology and conservation biology. Be-
cause habitat is an organism-specific concept (Whit-
taker et al. 1973), an understanding of habitat is
needed to determine what constitutes a suitable patch
or a fragmented landscape for a particular species.
Habitat information is also fundamental to matrix
management and, in turn, to any comprehensive plan
for conserving forest biodiversity. The availability of
habitat is one of the primary factors influencing the
distribution and abundance of organisms (Caughley
1978; Krebs 1978), and an understanding of distribu-
tion patterns through the use of habitat analysis can
be crucial for determining (1) if the areas suitable for a
particular species are also those targeted for forestry
operations, (2) if areas that are not logged provide ef-

fective refugia or reserves, and (3) if logging practices
alter the characteristics of a forest in ways that (tem-
porarily or permanently) influence the distribution of
a species, and, if so, how might logging practices be
modified to mitigate such impacts?

Habitat analysis (sensu Morrison et al. 1992) also
can be useful for determining relationships between
the species’ distribution and abundance and structural
and floristic conditions in forests (Urban and Smith
1989; Block and Brennan 1993; Pearce et al. 1994).
This information is useful for matrix management be-
cause it is central to identifying (1) the structural and
floristic attributes that need to be retained to conserve
particular species (Adams and Morrison 1993; Lin-
denmayer 1994a; see Chapter 8), (2) how many of
these stand and/or landscape characteristics are
needed (McComb and Lindenmayer 1999), and (3)
how such attributes should be spatially arranged (Nel-
son and Morris 1994).

Increasingly, the importance of habitat is being rec-
ognized in landscape ecology and conservation biology.
The loss of habitat is a key driver in species loss (Fahrig
1999) and, conversely, the maintenance of habitat
across many spatial scales is a fundamental plank of any
comprehensive approach for the conservation of forest
biodiversity. We believe it is the overarching goal of
matrix management. General principles to achieve this
goal are the topic of the next chapter.

Conclusion
In this chapter, we have explored only a small subset of
the significant themes in landscape ecology and conser-
vation biology. The aim was not criticize either disci-
pline but, rather, to highlight the importance of the
matrix as a fundamental landscape component and to
demonstrate the complexity that characterizes all real-
world landscapes. Serious deficiencies arise in many as-
pects of conservation biology theory when the matrix is
overlooked or relegated to the status of nonhabitat.
Such oversights are understandable given the complex-
ity of landscapes—and conservation biologists and
landscape ecologists have often been forced to select
relatively simple theories and approaches as part of pre-
liminary attempts to understand landscapes. Much has
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principles that can be applied generically. Given such
complexity, unique approaches to conserving biodi-
versity will be necessary that reflect different land-
scapes, species assemblages, and many other factors
(including social ones). Accounting for the inherent
complexity that characterizes forest ecosystems does
not mean that developing robust plans for conserving
biodiversity is impossible. In Chapter 3, we propose a
framework and a set of associated generic, multiscaled
principles to tackle the problem.

already been learned from testing existing theories and
approaches. Greater efforts should now be made in
conservation biology and landscape ecology to include
the roles and contributions of the matrix.

We believe that much of ecology (including con-
servation biology and landscape ecology) is signifi-
cantly more difficult than other areas of science such
as physics and chemistry. Applied ecology (and, hence,
ecologically sustainable forest management) is unlike
physics and chemistry in that there are few general



Since species loss is predominantly driven by habitat loss,
the overarching goal of matrix management must be to
prevent habitat loss. Conservation planning for many

species often focuses on developing strategies that operate
at only one or two spatial scales, but any comprehensive
plan for forest biodiversity conservation requires maintaining
habitat across the full range of spatial scales. General princi-
ples to meet this objective include

• The maintenance of connectivity
• The maintenance of landscape heterogeneity
• The maintenance of stand structural complexity
• The maintenance of the integrity of aquatic systems

by sustaining hydrologic and geomorphological
processes

Identifying what constitutes, for example, sufficient con-
nectivity or suitable stand complexity for a given species or
set of taxa is not a trivial task. Adoption of multiple strate-
gies at multiple spatial scales is important because it in-
creases the chances that suitable connectivity, heterogene-
ity, stand complexity, and aquatic ecosystem integrity will be
provided for most taxa in at least some parts of a landscape.
This is the core of an additional guiding theme for develop-
ing comprehensive plans for forest biodiversity conserva-
tion: risk-spreading. Risk-spreading involves the implemen-
tation of a range of strategies at different spatial scales. It
has particular value because if one strategy subsequently
proves to be ineffective, others will be in place that might
better conserve the entities targeted for management. Risk-
spreading is also important because the wide range of dif-
ferent habitat and other requirements of many species re-
quires the implementation of multiple strategies at different

C H A P T E R  3

Objectives and Principles for Developing Comprehensive
Plans for Forest Biodiversity Conservation

Forest management is not rocket science—it is far more complex 
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scales—from large ecological reserves to the retention of in-
dividual structures within harvested units.

The risk-spreading approach contrasts fundamentally
with the norm of strict production forestry. Production
forestry tries to reduce variability at the stand and landscape
levels. Risk-spreading, conversely, aims to ensure a range of
conditions at all spatial scales; stands and landscapes are
not homogenized.

Some authors have proposed alternative strategies to the
generic principles outlined in this chapter, such as biodiver-
sity surrogate schemes (e.g., indicator species). The validity
of such surrogate schemes is a questionable scientific 
basis for a comprehensive approach to forest biodiversity
conservation.

The role of the matrix for biodiversity conservation
has been recognized (often unwittingly) by legislation
and policy directives in some countries; such direc-
tives specify that species should be conserved
throughout their known natural ranges—in other
words, both in large ecological reserves and in matrix
lands (e.g., Commonwealth of Australia 1992; Forest
Ecosystem Management Assessment Team 1993; Yaf-
fee 1994; British Columbia Ministry of Forests 1995).
Maintaining populations of species in large ecological
reserves and in the matrix is only possible by main-
taining suitable habitat at multiple spatial scales. This
must be the overarching objective of any comprehen-
sive plan for forest biodiversity conservation. This ob-
jective is fundamental because habitat loss is the pri-
mary factor influencing species loss (Novacek and
Cleland 2001), and different species perceive habitat
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over a range of spatial scales (Chapter 2). We will first
discuss the importance of the maintenance of suitable
habitat at multiple spatial scales and then describe
general principles necessary to achieve this goal.

The Primary Objective: 
Maintenance of Suitable Habitat 
for a Range of Spatial Scales

Habitat can be broadly defined as “the range of envi-
ronments in which a species can occur” (Whittaker et
al. 1973). In this book, we consider suitable habitat for
a species to be that where reproduction occurs at a
rate high enough to maintain long-term positive pop-
ulation growth. Access to habitat influences the distri-
bution and abundance of all organisms (Elton 1927;
Morrison et al. 1992), and it significantly influences
survival, reproduction, and long-term population per-
sistence (Krebs 1978; Block and Brennan 1993).

Maintenance of habitat at multiple spatial scales is
essential because

• Different species have different spatial and other
requirements (Allen and Starr 1988; Wiens
1989; Allen and Hoekstra 1992; Haila et al.
1993). Suitable habitat may vary from exten-
sive intact stands for area-sensitive organisms,
such as some wide-ranging carnivores
(Milledge et al. 1991; Bart and Forsman
1992), to the moisture and decay conditions
provided by individual logs for invertebrates
(Økland 1996; Meggs 1997). For example,
empirical studies suggest that while the provi-
sion of wildlife corridors and retained trees on
logged sites will make a major contribution to
the conservation of populations of the moun-
tain brushtail possum (Trichosurus caninus) in
Australian mountain ash forests (Linden-
mayer et al. 1994b), areas containing large
continuous stands dominated by old-growth
trees will be essential for the conservation of
the yellow-bellied glider (Petaurus australis) in
this same forest type (Lindenmayer et al.
1999a; Incoll et al. 2000).

• Individual taxa respond to factors at multiple spa-
tial scales. The distribution and abundance of a
given individual species is influenced by fac-

tors at multiple scales (Gutzwiller and Ander-
son 1987; Schneider 1994; Jaquet 1996). For-
man (1964) demonstrated how factors at a
hierarchy of spatial scales influenced the dis-
tribution of the moss Tetraphis pellucida from
global climate to the microhabitat of an indi-
vidual log. Similarly, Diamond (1973) showed
how the distribution of birds in New Guinea
was influenced by multiscaled processes rang-
ing from broad geographic factors to branch
sizes of individual trees. With (1994) demon-
strated how nymphal stages of a species of
grasshopper moved and interacted with the
patch structure of landscapes differently than
larger, faster-moving adults. Similarly, the
management of the capercaillie grouse in the
Bavarian Alps of Germany requires the main-
tenance of both appropriate stand-level con-
ditions and suitable landscape-level patterns
of habitat (Storch 1997).

Multiple management scales are needed because
there are multiple ecological scales (Poff 1997; Elkie
and Rempel 2001), not only for different ecological
processes (Figure 3.1) and different species, but also
for the same species (Hokit et al. 1999; Lindenmayer
2000). Thus, there is no single “right” or “sufficient”
scale for forest and conservation management. A sin-
gle conservation strategy adopted at a single spatial
scale will only meet a limited number of stand and
landscape management goals (Christensen et al. 1996;
Tang et al. 1997) and will provide suitable habitat for
only a limited number of different taxa.

Another reason a multiscaled approach is impor-
tant is that different processes at different spatial
scales are interdependent. What happens at the stand
level cannot be divorced from what takes place at the
landscape level and vice versa. A stand of old growth
surrounded by other old-growth stands will behave
quite differently (and support different species assem-
blages) than an old-growth stand embedded within an
extensive region of continuous clearcutting (Harris
1984) (Figure 1.4 in Chapter 1). Similarly, a landscape
is composed of an array of stands (as defined in Chap-
ter 1) and the structural composition of these stands
can influence species occurrence at the landscape
level. A lack of suitable habitat within many different
stands may combine to preclude a species from entire
landscapes (Lindenmayer et al. 1999a).
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Finally, multiscale conservation strategies may pro-
duce a heterogeneous landscape (Forman 1995) con-
taining the spatially dispersed array of resources
needed by some species (Krusic et al. 1996; Law and
Dickman 1998). Baudry (1984) describes such a cir-
cumstance in the field/hedgerow landscapes of
France.

Principles for Maintaining Suitable
Habitat at Multiple Spatial Scales

Angelstam (1996) recognized that habitat loss and
habitat fragmentation can occur at several spatial
scales in forests. First, at a landscape scale, there can
be a direct loss of habitat per se. Second, within “in-

tact” forest cover, formerly continuous areas of dis-
tinct forest types or successional stages (e.g., old-
growth stands) can become fragmented. Finally,
structural and floristic elements can be lost within
given forest types (Angelstam 1996). As a result of
these multiscaled effects, habitat conservation at
multiple scales encompasses implementing manage-
ment strategies at scales from a few square meters to
thousands of hectares—from individual trees to large
ecological reserves. General principles to meet this
objective include (1) maintenance of connectivity
across a landscape, (2) maintenance of landscape het-
erogeneity, (3) maintenance of structural complexity
and plant species diversity within managed stands,
and (4) maintenance of the integrity of aquatic
ecosystems, including hydrological and geomorpho-
logical processes. 

FIGURE 3.1. Different spatial and temporal scales of ecological processes. Redrawn from Urban et al. 1987. Reproduced with
permission of the American Institute of Biological Sciences.

Image Not Available 
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Each of these principles is, in itself, multiscaled.
For example, the maintenance of connectivity may en-
tail the provision of individual decayed logs for inver-
tebrates (Barclay et al. 1999) through to intact net-
works of riparian vegetation for some vertebrates
(Lindenmayer and Peakall 2000). Similarly, the main-
tenance of heterogeneity may require the appropriate
spatial juxtaposition of structures within a stand for
some species (Haila et al. 1993; Lindenmayer et al.
1997b) and the spatial juxtaposition of habitat patches
across entire landscapes for others (Price 1999).

Habitat conservation at multiple spatial scales un-
derscores the critical importance of a fifth guiding
principle—the need to implement an array of man-
agement strategies. This is a risk-spreading approach
that is essential in case any single strategy is subse-
quently found to be ineffective.

The five general principles discussed below and
strategies for their practical implementation are ex-
plored in Chapters 6, 7, and 8. The integration of
strategies as part of a comprehensive plan for forest
biodiversity conservation is the primary topic of
Chapter 9.

Principle 1. Maintenance of connectivity

Connectivity in the landscape for most species will be
determined by conditions in the matrix because con-
nectivity is fundamentally controlled by the degree to
which it is hostile or permeable (Wiens 1997a; Hokit
et al. 1999; see Chapter 1). Connectivity will influence
processes such as population persistence and recovery
after disturbance (Lamberson et al. 1994), the ex-
change of individuals and genes in a population
(Leung et al. 1993), and the occupancy of habitat
patches (Villard and Taylor 1994).

What constitutes effective connectivity varies
among species (Hobbs 1992; Bennett 1998). This is
because of interspecific differences in movement pat-
terns and dispersal behavior (Wolfenbarger 1946).
How these species-specific traits intersect with pat-
terns of landscape cover will determine the ultimate
level of connectivity (Wiens et al. 1997). Connectivity
may be achieved by strips of retained habitat, or
“wildlife corridors,” for some taxa (Bennett 1990a;
Hewittson 1997; Beier and Noss 1998), but not others
(e.g., Thomas et al. 1990). Research supporting the
use of corridors by some species has been documented

(Hobbs 1992; Lindenmayer 1998; Gilbert et al. 1998;
Aars and Ims 1999; Laurance and Laurance 1999).
For other species, small discrete patches of suitable
habitat may act as “stepping stones” and thus provide
connectivity (Forman 1995; Dramstad et al. 1996)
(Table 3.1).

Although establishing corridors or stepping stones
will be valuable for some taxa (Metzger 1997), main-
taining connectivity for other species requires retain-
ing appropriate vegetation cover throughout the en-
tire matrix (Murphy and Noon 1992; Franklin 1993a).
Example taxa include the northern spotted owl (Strix
occidentalis caurina), which disperses randomly and
does not remain within defined strips of habitat (corri-
dors) (Murphy and Noon 1992; see Chapter 11).

Riparian corridors or stream buffers can make a
substantial contribution to the maintenance of con-
nectivity in managed forest landscapes. They provide
habitat for large numbers of terrestrial and aquatic
fauna and flora (Loyn et al. 1980; Naiman et al. 1993;
Spackman and Hughes 1995). Populations of some
species can be much more fecund in riparian corridors
(Soderquist and Mac Nally 2000) and provide disper-
salists to other less-productive parts of the landscape.
Riparian corridors may also act as dispersal routes for
some terrestrial animals (Lindenmayer and Peakall
2000). Although riparian corridors are useful for some
terrestrial taxa inhabiting forests, linkages outside the
riparian zone may be required to maintain connectiv-
ity for upland species (McGarigal and McComb 1992;
Claridge and Lindenmayer 1994; Whittaker and
Montevecchi 1999).

Riparian corridors also fulfill a number of roles un-
related to the maintenance of connectivity for terres-
trial organisms. They can support substantial levels of
forest biomass—up to 100 times more than other
parts of forest landscapes (Catling and Burt 1995)—
which means they play an important role in carbon
storage. Riparian corridors also (1) contribute exten-
sively to the maintenance of intact watersheds
(Naiman et al. 1993; Barling and Moore 1994; see
Chapter 6), (2) provide protective buffers for aquatic
taxa (Silsbee and Larson 1983; Doeg and Koehn
1990), (3) provide habitat for plant taxa restricted to
the riparian zone (Michaelis 1984), and (4) provide
energy (organic matter) and nutrients to maintain
aquatic ecosystem function—another guiding princi-
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ple for matrix management (see later in this chapter).
For example, litter fall from trees in riparian vegeta-
tion can regulate energy flows, provide a source of or-
ganic carbon, and significantly influence physical and
chemical conditions in stream systems (Campbell et
al. 1992; Thomas et al. 1992b; Haycock et al. 1997).
The retention of riparian corridors can be justified on
this basis of these roles alone.

To sum up, the maintenance of connectivity is crit-
ical for any comprehensive plan for forest biodiversity
conservation and essential for successful matrix-based
biodiversity management. Managing the matrix to in-
crease its suitability as habitat and increase its perme-
ability to movement is fundamental to the mainte-
nance of connectivity.

Principle 2. Maintenance of 
landscape heterogeneity

Another essential principle for conserving biodiversity
is maintaining appropriate levels of spatial complexity,
or landscape heterogeneity. The diversity, size, and spa-
tial arrangement of habitat patches are important for
some taxa (e.g., Hanski 1994a; Halley et al. 1996;

Turner et al. 1997; Saab 1999; Debinski et al. 2001).
Strategies to set aside larger conservation areas, such as
the Greater Yellowstone Ecosystem, are based on the
need for large, heterogeneous areas (Clark and Minta
1994). On a smaller scale, prairie-wetland birds in
North America have significantly smaller area require-
ments in heterogeneous than in homogeneous land-
scapes (Naugle et al. 1999). Landscape heterogeneity is
also important because of its relationships with the im-
pacts of habitat fragmentation. Such effects may be less
crucial for taxa that evolved in landscapes where fre-
quent natural disturbances create a naturally heteroge-
neous environment (Hansson and Angelstam 1990;
Hansen et al. 1991; Rudnicky and Hunter 1993;
Schieck et al. 1995; Schmiegelow et al. 1997).

Natural forest landscapes are rarely homogeneous
(Figure 3.2). They are typically a mosaic of patches
representing different forest composition and age
classes where different structural conditions occur
(Spies and Turner 1999). This is due to (1) geographic
variation in environmental conditions such as mois-
ture, temperature, light (Waring and Major 1964;
Zobel et al. 1976; Mackey 1993), slope, aspect,

TABLE 3.1.

Examples of the use of stepping stones to aid connectivity.

ORGANISM, LOCATION DESCRIPTION REFERENCES

Butterflies, Europe Stepping stones contributed to the connectivity Nève et al. 1996

in butterfly populations in Europe.

Fender’s blue butterfly It was speculated that stepping stones rather Schultz 1998

(Icaricia icaroides fenderi), than corridors would facilitate dispersal 

Oregon, United States in Fender’s blue butterfly.

Brown Kiwi The brown kiwi used small forest remnants Potter 1990

(Apteryx australis mantelli), in the matrix as stepping stones.

New Zealand

Fruit pigeons and Mobile species like fruit pigeons and bats are Date et al. 1996;

bats, Australia able to utilize resources in small habitat Law et al. 1999

patches located many kilometers apart to 

help them move across the landscape.

Plants, worldwide Stepping stones may assist connectivity Collingham and

in plant populations as part of range Huntley 2000 

shifts in response to climate change.
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altitude, and soil type (Austin et al. 1990; Ohmann
and Spies 1998), and (2) spatial and temporal variation
in disturbance regimes (Wardell-Johnson and
Horowitz 1996), which in turn are often influenced by
environmental conditions (Angelstam 1997; Linden-
mayer et al. 1999f).

Environmental gradients and existing forest patch
conditions and patterns strongly influence disturbance
regimes. These have an additional indirect impact on
landscape pattern (Foster et al. 1997, 1998; Mackey et
al. 2002).

Recognizing that not all parts of a landscape are
created equal in their productivity and biodiversity is
implicit in environmental patterning (e.g., biodiversity
“hotspots,” Hansen and Rotella 1999; see Chapter 6).
Understanding these spatial inequities is often vital in
planning matrix management for biodiversity conser-
vation. For example, areas with the highest timber
productivity are also often those where biodiversity
values are highest (Braithwaite et al. 1993).

Great care should be taken in assessing the extent
and type of landscape heterogeneity required in the
matrix. This topic has frequently been misrepresented
and abused by proponents of intensive wood produc-
tion (Scientific Panel on Ecosystem Based Forest
Management 2000). For over a century, production
foresters have favored the “fully regulated forest” in
which there is a perfectly balanced age-distribution of
forest stands (varying in age up to the rotation time).
The aim of the fully regulated forest is to provide an
even flow of wood products (Oliver et al. 1997). The
notion of creating such “equilibrium landscapes” per-
sists today, albeit in modified forms. Desirable land-
scape heterogeneity has been represented as sixty dif-
ferent age classes of managed pine forest (Pinus spp.)
in the southeastern United States (e.g., Boyce 1995).
Oliver et al. (1997) proposed generic forest policies
based on the creation of four or five structural types of
managed forest over the entire forest estate. Such reg-
ulated or equilibrium forest landscapes can have sig-
nificant negative impacts on biodiversity in the matrix,
particularly when it is assumed that essentially all
commercial forest land will eventually be harvested.
These are not the types of “heterogeneous land-
scapes” needed for biodiversity. Many negative conse-
quences of such oversimplified approaches have been
documented ranging from the complete elimination
of some forest structures (Linder and Östlund 1998)
to species loss (Lindenmayer et al. 1999a).

Further details of approaches to maintain landscape
heterogeneity in matrix lands are explored in Chap-
ters 6 and 7.

Principle 3. Maintenance of stand 
structural complexity

Stand structural complexity includes a wide variety of
structural features such as

FIGURE 3.2. Unmanaged forests are rarely homogeneous,
as illustrated by this area of mountain ash forest in the Aus-
tralian state of Victoria. Stands of different ages, fire histo-
ries, and levels of biological legacies (such as snags) are ap-
parent across the topographic gradient from the ridgeline to
the bottom slope. Photo by D. Lindenmayer.
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• Trees from multiple age cohorts within a
stand

• Large living trees and snags
• Large-diameter logs on the forest floor
• Vertical heterogeneity created by multiple or

continuous canopy layers
• Canopy gaps and anti-gaps (i.e., areas with

very dense canopy coverage under which un-
derstory development can be limited; Halpern
and Franklin 1990; Franklin et al. 2002)

• Thickets of understory vegetation

Structural complexity embodies not only particular
types of stand attributes, but also the way they are spa-
tially arranged within stands. For example, the juxta-
position of overstory and understory trees from multi-
ple-age cohorts within a stand contributes to vertical
heterogeneity in forests (Figure 3.3). Structural com-
plexity per se is a common feature of all natural tem-
perate forests throughout the world (Franklin et al.
1981; Berg et al. 1994; Noel et al. 1998), and high lev-
els of spatial heterogeneity are characteristic of essen-
tially all old-growth forests (Franklin et al. 2002), al-
though each type differs in specific details.

Logging may lead to marked medium- to long-
term changes in stand structure and plant species
composition (Halpern and Spies 1995; Lindenmayer
and Franklin 1997a) (Figure 3.4) that can negatively
impact taxa dependent not only on particular struc-
tural attributes but also on presently abundant gener-
alist species (Niemelä et al. 1993). For example, it can
impair the suitability of foraging habitat for verte-
brates, such as birds and bats (Brown et al. 1997;
Woinarski et al. 1997; Brokaw and Lent 1999).

Active management to maintain structural com-
plexity is vital to prevent the decline and eventual
loss of key structural attributes. This problem is not
new. Almost 120 years ago, Gayer (1886) expressed

FIGURE 3.3. Structural complexity is a characteristic feature
of unmanaged forests worldwide. This stand of mountain
ash forest supports a dense understory of 65-year-old Acacia
spp. trees and tree ferns (at least 200 years old), and an
overstory of large 350-year-old snags together with 65-year-
old fire-regrowth stems. This stand also provides valuable
habitat for the endangered Leadbeater’s possum—the snag
on the right of the photograph supports a nesting colony of
the species. Photo by D. Lindenmayer.

FIGURE 3.4. Structural complexity can be lost from inten-
sively managed stands as has occurred in this stand near
Copenhagen in Denmark. This area of forest has been har-
vested many times in the past centuries and is characterized
by an almost complete lack of coarse woody debris and un-
derstory plants as well as by trees of similar diameter and
uniform spacing. There are no decadent trees in the stand.
Photo by D. Lindenmayer.
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concerns about the simplification of German forests.
In Sweden, a century of intensive management in a
123,000-hectare area of boreal forest transformed
stand structure from one dominated by widely
spaced, large-diameter trees to young, densely
stocked forests. The number and volume of large
trees and snags were reduced by 90 percent and the
extent of old stands by 99 percent (Linder and
Östlund 1998) (Figure 3.5). Recently it was recog-
nized that large, dead trees are particularly valuable
for biodiversity in Scandinavian forests (Samuelsson
et al. 1994). Berg et al. (1994) calculated that almost
50 percent of the threatened (or red-listed) species in
Sweden were dependent on snags or logs. Similarly,
mature deciduous trees are also now a rare element
of managed stands in Scandinavia (Esseen et al.
1997), but they are a key component of forest com-

position for a wide range of animal and plant groups
(Enoksson et al. 1995).

The negative effects of logging on biodiversity may
be partly mitigated by the retention of structural ele-
ments at the time of harvest (Hansen et al. 1991;
Franklin et al. 1997; Hazell and Gustafsson 1999)
(Figure 3.6). Bunnell (1999b) listed a wide range of
species benefits from the maintenance of biological
legacies in logged areas. Enhancement of stand struc-
tural complexity is considered essential to reverse the
decline of many red-listed species in Scandinavia
(Berg et al. 1994; Linder and Östlund 1998).

FIGURE 3.5. Altered structural attributes in four districts of
Swedish boreal forest subject to a century of intensive har-
vesting. Data are shown for the number of pine trees in dif-
ferent diameter classes (A) and the volume of snags (B). Re-
drawn from Linder and Östlund 1998. Reprinted with the
permission of Elsevier Science. FIGURE 3.6. Structures typically selected for retention at

the time of timber harvest typically include structures that
cannot be reproduced during subsequent rotations, such as
the large old trees, snags, and logs shown here (Willamette
National Forest, western Oregon, United States). Photo by J.
Franklin.

Image Not Available 
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Maintenance of stand structural complexity can be
valuable in four ways:

1. It may allow organisms to persist in logged areas
from which they would otherwise be eliminated—a
“lifeboating” function (Franklin et al. 1997). Many
species will remain in logged areas if some of the
original structures are retained or microclimatic
conditions are maintained within tolerance levels.
Examples include (a) species that display long-term
site affinity (Van Horne 1983), such as parrots
(Webster 1988) and some types of arboreal marsu-
pials (Tyndale-Biscoe and Smith 1969); (b) plants
that persist on large trees, such as epiphytes, and
including lichens and mosses (Hazell and Gus-
taffson 1999); and (c) populations of small mam-
mals that use windrows of logs within otherwise
unsuitable areas of exotic softwood (Friend 1982).
Very long-term persistence or continuity of partic-
ular structural features through many successive
generations on the same site may allow insects and
threatened species of fungi to persist within logged
Norwegian forests (Sverdrup-Thygeson and Lin-
denmayer 1999, 2002). Such ecological “continu-
ity” is regarded as a measure of forest sustainability
by forest managers in that country. Retaining
freshly cut logs within harvested forests facilitates
the persistence of diverse groups of fungi that
might otherwise be lost from production land-
scapes (Niemelä et al. 1995). Dead trees left in
these environments are also used by saproxylic bee-
tles (Niemelä et al. 1993, 1995; Kaila et al. 1997).
Importantly, retaining selected structures as part of
a harvesting operation can provide the resources
required by non-autotrophic organisms, such as
mycorrhizal fungi, that inoculate the remainder of
the cutover area and facilitate stand regeneration
(Perry 1994; Simard et al. 1997).

2. It may allow logged and regenerated stands to
more quickly return to suitable habitat for species
that have been displaced—a “structural enrich-
ment” function (Franklin et al. 1997). This can
limit the time logged areas remain unsuitable habi-
tat (Lindenmayer and Franklin 1997a). Several
studies have shown that retained trees can promote
the recolonization of logged and regenerated
forests by birds (e.g., Recher et al. 1980; Smith

1985; Kavanagh and Turner 1994; Hansen et al.
1995a).

3. It may enhance dispersal of some animals through
a cutover area—a “connectivity” function (Frank-
lin et al. 1997). For example, retention of logs
provides travel routes for microtine rodents and
allows animals to disperse into, and through, dis-
turbed areas (Maser et al. 1977). This has been
termed softening the matrix (Franklin 1993a). It
may be particularly useful for taxa that employ
random dispersal strategies and do not use
wildlife corridors (Thomas et al. 1990; Murphy
and Noon 1992).

4. It may be essential to provide the within-stand
variation in habitat conditions required by some
taxa—a “habitat heterogeneity” function. Struc-
tural complexity (e.g., trees of multiple ages or
multiple layers of understory and overstory vegeta-
tion) can provide optimum habitat for a range of
forest taxa, including some habitat specialists
(Franklin 1993b). It also may provide more niches
within a stand with corresponding benefits for
species richness (Lindenmayer et al. 1991a;
Niemelä et al. 1996).

Practical matrix management approaches to main-
tain stand structural complexity are discussed in detail
in Chapter 8.

Principle 4. Maintenance of the 
integrity of aquatic ecosystems

A central goal of matrix management is preserving
aquatic ecosystem integrity and the hydrologic and
geomorphological processes upon which much bio-
diversity depends. Given its fundamental importance
to human societies, the maintenance of a well-regu-
lated, high-quality supply of water is (or should be)
one of the chief objectives in the management of for-
est lands (O’Shaughnessy and Jayasuriya 1991;
Fenger 1996).

The degree to which the integrity of aquatic
ecosystems and associated processes is maintained is
largely determined by conditions in the matrix.
Forests have powerful influences on hydrological
processes such as the interception of rainfall and
snow, and the condensation, evapotranspiration, and
infiltration of moisture (Swanson et al. 1988;
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Naiman 1992; Wardell-Johnson and Roberts 1993).
Forest conditions also strongly affect nutrient reten-
tion and soil stability, especially on slopes. Forests
adjacent to aquatic ecosystems stabilize banks and
provide sediment filters (Barling and Moore 1994).
They also have a direct influence by controlling light
and temperature regimes and providing inputs of or-
ganic matter and nutrients in the form of litter.
Forests also provide large woody debris, which is a
significant structural element of riparian, riverine,
and many wetland and pond ecosystems (Harmon et
al. 1986; Koehn 1993) (Figure 3.7) that affects
stream hydrodynamics (Gippel et al. 1996) and habi-

tat suitability for aquatic biota (Maser et al. 1977;
Abbe and Montgomery 1996).

Inappropriate rates or patterns of forest harvest and
poorly constructed road systems can have a negative
impact on hydrological and geomorphological
processes and biodiversity in aquatic ecosystems
(Doeg and Koehn 1990; Naiman 1992; Trayler and
Davis 1998). Harvesting schedules resulting in exten-
sive areas of recently clearcut forest can increase flood
flows (Jones and Grant 1996) with massive effects on
aquatic ecosystems (e.g., Silsbee and Larson 1983;
Graynoth 1989).

Roads, relative to the area they occupy, exert
disproportionate, persistent, and intense impacts on
aquatic ecosystems (Forman 1998). Several studies
have shown that road density has a negative effect on
aquatic fauna (Vos and Chardon 1998). Many hydro-
logical changes arising from road networks are per-
manent because subsurface flows and patterns are in-
terrupted and altered flows rerouted into extensive
constructed surface channels (e.g., road ditches and
culverts) ( Jones and Grant 1996; Walker 1999).

Riparian buffers and other strategies to protect the
integrity of aquatic ecosystems have been in place in
some jurisdictions for several decades (e.g., wood pro-
duction forests in southeastern Australia; Recher et al.
1980; Forestry Commission of Tasmania 1993). In
other jurisdictions, the relationships between forest
management practices and aquatic ecosystems are
often unacknowledged by the wood products industry.
This is changing, however, with increased attention to
the effects of forest practices on fisheries and water
quality in many regions, such as the Pacific Northwest
in the United States (see Forest Ecosystem Manage-
ment Assessment Team 1993).

In summary, it is clear that in watersheds that are
predominantly matrix lands—meaning most temper-
ate zone watersheds—issues such as the type and rate
of forest harvesting, quality and density of road net-
works, and levels of buffering will determine the de-
gree to which aquatic biodiversity and water quantity
and quality will be maintained (Doeg and Koehn
1990; Naiman 1992; Barling and Moore 1994;
Naiman and Bilby 1998).

We consider some practical matrix-based manage-
ment strategies for maintaining intact aquatic ecosys-
tems in Chapter 6.

FIGURE 3.7. Forest cover is critical to the physical and bio-
logical integrity of small streams because it regulates light
and temperature regimes and provides inputs of organic
matter and large woody debris (Gifford Pinchot National
Forest, western Washington, United States). Photo by J.
Franklin.
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Principle 5. Risk-spreading and the 
importance of different conservation 
strategies at different spatial scales

Embracing the four general principles outlined above
requires adopting multiple approaches at multiple
scales. This has many advantages. First, the adoption
of multiple approaches is more likely to provide con-
ditions needed by different species in at least some
parts of a landscape. Management for diversity calls
for diversity of management (Evans and Hibberd
1990). This is critical because, as outlined earlier, suit-
able connectivity, stand complexity, landscape hetero-
geneity, and aquatic ecosystem integrity will be de-
fined on a species-specific basis and can vary markedly
between species. Since defining these variables for a
large set of species is essentially impossible, creating a
range of conditions is a practical response to this
problem.

A multifaceted approach to management has an-
other advantage. If any one strategy is found to be in-
effective (e.g., the establishment of wildlife corridors),
others (such as tree retention on logged areas) will be
in place that might better protect sensitive elements of
forest biodiversity. This is a form of risk-spreading in
forest management (Lindenmayer and Franklin
1997a); it reduces overreliance on a single strategy
that may subsequently be found to be of limited value
in meeting specific conservation objectives. Risk-
spreading is particularly appropriate for biodiversity
conservation because it is often extremely difficult to
accurately forecast the response of species to land-
scape modification (see Mac Nally et al. 2000).

The risk-spreading approach highlights not only
the need for different conservation strategies at differ-
ent spatial scales, but also a need for variation in the
protocols governing the way any given strategy is ac-
tually implemented at a particular spatial scale. An-
other advantage of multiple management strategies is
that a given approach may generate positive benefits
for another strategy implemented at a different spatial
scale. For example, increased levels of stand retention
on logged sites can reduce rates of windthrow and
vegetation loss in adjacent wildlife corridors, riparian
areas, wetland buffers, and small reserves within the
matrix.

The risk-spreading approach contrasts fundamen-
tally with the norm of strict production forestry. Pro-
duction forestry tries to reduce variability at the stand
and landscape levels. Risk-spreading, conversely, aims
to ensure a range of conditions at all spatial scales;
stands and landscapes are not homogenized.

The Indicator Species Concept

The guiding principles in this chapter provide a gen-
eral framework for enhanced biodiversity conserva-
tion. They are the broad principles to help develop
comprehensive plans for conserving forest biodiver-
sity and, in turn, guide more focused strategies for
matrix management at the landscape level (Chapters 6
and 7) and the stand level (see Chapter 8). Some
workers have suggested that indicator species will be a
useful approach to conserve biodiversity in matrix
forests. However, we regard the use of indicator
species as a simplistic substitute for the adoption of
the guiding principles outlined above.

Landres et al. (1988) defined an indicator species as

an organism whose characteristics (e.g., pres-
ence or absence, population density, dispersion,
reproductive success) are used as an index of at-
tributes too difficult, inconvenient, or expensive
to measure for other species or environmental
conditions of interest.

The term indicator species has been used to mean
different things (Spellerberg 1994; Hilty and Meren-
lender 2000). Some examples of types of indicator
species include

• A species whose presence indicates the pres-
ence of a set of other species and whose ab-
sence indicates the lack of that entire set of
species

• A keystone species (sensu Terborgh 1986) that
is a species whose addition to, or loss from, an
ecosystem leads to large changes in abun-
dance or occurrence of at least one other
species (e.g., Mills et al. 1993)

• A species whose presence indicates human-
created abiotic conditions such as air or water
pollution (Spellerberg 1994)
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• A dominant species, meaning one that pro-
vides much of the biomass or who numeri-
cally dominates an area

• A species that indicates particular environ-
mental conditions, such as certain soil or rock
types (Klinka et al. 1989)

• A species believed to be sensitive to, and
therefore an indicator of, environmental
changes such as global warming (Parsons
1991) or modified fire regimes (Wolseley and
Aguirre-Hudson 1991)

• A management indicator species, which is a
species believed to reflect the impacts of a
disturbance regime or the efficacy of efforts to
mitigate disturbance impacts (Milledge et al.
1991)

There are many problems with the indicator
species concept. These have been reviewed by several
authors (Landres et al. 1988; Simberloff 1998; Lin-
denmayer et al. 2000b), and an extensive appraisal is
beyond the scope of this book. Briefly, however, there
are three major problems with the concept of indica-
tor species. 

The first problem is that different species can re-
spond differently to disturbance—even taxonomically
or ecologically similar species like guild members
(Simberloff and Dayan 1991; Morrison et al 1992;
Thiollay 1992). Each species has different habitat re-
quirements and responds differently to forestry prac-
tices (see Berg et al. 1994) and to the effects of land-
scape change and habitat fragmentation (Robinson et
al. 1992; Villard et al. 1999; Debinski and Holt 2000).
Therefore, the response of a given species to human
activities may not be indicative of that of other taxa
(Kotliar and Wiens 1990). Even the same species can
respond in different ways in differently modified land-
scapes (Dooley and Bowers 1998; Lindenmayer et al.
2001c). Hence, the possibility that there are valid in-
dicator species seems remote. For example, Caro
(2001) showed that protected areas set aside for large
mammals in East Africa did not lead to the conserva-
tion of small mammals. Hence, large mammals were
not useful indicators or umbrella species for small
mammals.

The second problem is that so-called indicator
species might lack sensitivity to change. Indicators
with a high threshold response may result in some en-

vironmental problems being well advanced (and diffi-
cult to reverse) before they are detected (Lindenmayer
et al. 2000b). Similarly, although Milledge et al.
(1991) believed that the maintenance of suitable habi-
tat for a management indicator species would con-
serve other taxa with similar requirements, Landres et
al. (1988) gave an opposing view. They noted that any
species specifically targeted for conservation by par-
ticular management actions can no longer be an inde-
pendent yardstick of those actions for other species.

The third and last problem is that we may not suf-
ficiently understand the causal relationships between a
nominated indicator species and the process for which
it is supposed to be indicative. Although many work-
ers have contended that particular taxa are indicator
species (e.g., Davey 1989; Johnson 1994; Hill 1995),
the specific entities for which they are supposed to be
indicative are often not explicitly stated. For example,
is the presence of an indicator species indicative of the
occurrence of a wide range of other species, the abun-
dance of some selected other taxa, or the absence of a
given threatening process (Lindenmayer and Cun-
ningham 1997)? Even where the indicator species
concept has been best developed—in the case of pol-
lution indicator species (Spellerberg 1994)—the be-
havior of some indicator species may prove to be con-
trary to what was first expected. Significantly, the
causal relationships between disturbance (or other
forms of perturbation) and species response have not
been established for any taxon recommended as an in-
dicator species (Lindenmayer et al. 2000b).

Indicator species, and related concepts such as um-
brella and focal species, are used as surrogates for bio-
diversity (e.g., Lambeck 1997, 1999). It is sobering to
consider the results of a study of biodiversity surro-
gates by Andelman and Fagan (2000). They examined
the efficacy of an array of biodiversity surrogates in-
cluding indicator species, flagship species, and um-
brella species and found that none captured more
species or better protected habitat areas than a given
organism selected at random from the large databases
they had assembled to conduct their tests.

Although it is clear that there are major technical
problems with the indicator species concept, it 
may nevertheless have some value as a social mecha-
nism to promote biodiversity conservation. For exam-
ple, its use may stimulate increased conservation
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management or applied management activity. How-
ever, difficulties will arise if attempts are made to ac-
tively implement biodiversity surrogate schemes such
as the indicator species and focal species approaches
on the ground. The uncritical application of such ap-
proaches could have considerable negative impacts for
biodiversity conservation (Lindenmayer et al. 2000b)
by giving managers a false impression that they have
adequately conserved biodiversity when they have not.
There is strong evidence to suggest that the conserva-
tion of one or several indicator species will not neces-
sarily lead to the conservation of all elements of biodi-
versity (Prendergast and Eversham 1997; Pärt and
Söderstrom 1999; Andelman and Fagan 2000; Carroll
et al. 2001). In addition, the indicator species concept
could focus particular management actions on individ-
ual forest components. Modern forest management
entails managing forests for all their components, not
just for selected ones (Franklin 1993a). Ecological sys-
tems are multiscaled (e.g., aquatic ecosystems; Poff
1997), ecological processes are multiscaled (see Figure
3.1), and factors at different scales influence the distri-
bution of a particular species (and also different
species). The indicator species concept oversimplifies
the need for sophisticated and carefully considered
approaches for matrix management applied at a range
of spatial and temporal scales.

The inherent problems with the indicator species
approach and similar biodiversity surrogate schemes
do not mean that matrix management should overlook
the need to implement strategies targeted at conserv-

ing particular species and then subsequently monitor
the effectiveness of such strategies (see the case stud-
ies on spotted owls in Chapter 11 and Leadbeater’s
possum in Chapter 13). But it is crucial to recognize
that such actions directed at particular species may not
automatically conserve other elements of biodiversity.

Finally, indicator species are only one form of indi-
cator that might be applied in managing forests.
Other indicators such as water quality or levels of soil
quality are not linked to the indicator species concept
(Noss 1999) but can be targets for monitoring and
management under agreements such as the Montreal
Process for ecological sustainability (e.g., Santiago
Declaration 1995; Commonwealth of Australia 1998).

Other Principles

Other general principles for developing comprehen-
sive plans for forest biodiversity conservation agree-
ments may emerge from future research. One particu-
larly valuable principle not addressed in this chapter is
the use of knowledge of disturbance regimes in natu-
ral forests to guide matrix management. The general
philosophy of this principle is that strategies for biodi-
versity conservation are most likely to be successful in
cases where human disturbance regimes (such as log-
ging) are similar in their effects to natural disturbance
(Hunter 1994). This is a massive topic in its own right
with far-reaching implications at the stand and land-
scape levels. It is addressed in Chapter 4.





Natural disturbance regimes and their interactions with cli-
mate and terrain determine the size, shape, location,
and types of patches that provide heterogeneity in un-

managed forest landscapes. These disturbance regimes cre-
ate a rich array of biological legacies, such as logs, intact
thickets of understory vegetation, and large living and dead
trees, which provide within-stand structural complexity and
habitat for many organisms.

Natural disturbance regimes provide insights into silvicul-
tural approaches that can reduce impacts on biodiversity.
From detailed observations of natural forests and natural
disturbance regimes, inferences can be drawn that are useful
in developing forest management approaches that achieve
the general principles outlined in Chapter 3. Two guiding
principles are particularly relevant in this regard—
maintenance of landscape heterogeneity and maintenance
of stand structural complexity.

Human disturbance regimes will never be exact dupli-
cates of natural disturbances, and this should not be the
goal in incorporating knowledge from natural disturbance
events. Rather, the objective is to use such information to
develop silvicultural systems that better achieve the guiding
principles outlined in Chapter 3, thereby enhancing the con-
servation of biodiversity in matrix lands while achieving
other human objectives, including commodity production.

Effective conservation of forest biodiversity requires
the maintenance of suitable habitat at multiple spatial
scales (Chapter 3). Knowledge and inferences from
natural forests and disturbance regimes can be used in
designing on-the-ground management approaches
that better conserve biodiversity. We agree with the

C H A P T E R  4

Using Information about Natural Forests, Landscapes, and
Disturbance Regimes
Disturbances are a major driver of vegetation change and not necessarily rare events that are
“outside the system.” . . . Using a framework of disturbance ecology, it is possible to evaluate
how well disturbances that derive from direct and indirect human sources match disturbance
regimes of the past which have shaped many ecosystems and to which many species are adapted.

—SPIES AND TURNER (1999)
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view that impacts of human disturbances on biodiver-
sity are generally less when these disturbances resem-
ble natural ecological disturbances (Hunter 1994), the
premise being that organisms are best adapted to the
disturbance regimes under which they have evolved
(Bergeron et al. 1999; Hobson and Schieck 1999).
Conversely, organisms may be less adapted to novel
ecosystem disturbances, including those involving dif-
ferent disturbance agents, different frequencies or in-
tensities of disturbance, or new combinations of dis-
turbances (Paine et al. 1998).

In this chapter, we briefly discuss natural distur-
bance regimes in forests, but a thorough treatment is
beyond the scope of this book. We then outline the
value of using knowledge and information from natu-
ral disturbances to guide development of human dis-
turbance regimes (i.e., management) so that better
outcomes for biodiversity conservation can be
achieved. We examine both the landscape and the
stand levels. The chapter ends with a comparison of
human and natural disturbances for biodiversity con-
servation and exploration of the consequences of dif-
ferences. We also briefly review the concept of his-
toric or natural ranges of variability (NRV) with
regard to its value in guiding management regimes.

We emphasize our view that natural ecosystems,
disturbance regimes, and ranges of variability are pri-
marily of value as information sources and guides in
planning for management of natural resources. Using
such natural models as templates is rarely appropriate
in managing matrix lands. There are many reasons for
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this, including the goal-directed nature of matrix
management and the highly altered conditions that
currently exist in most forested landscapes as a result
of human influences at local to global scales. Matrix
management objectives rarely include the re-creation
of a past condition; we question whether this is an ap-
propriate or feasible goal, even on reserves. Our view
is that we should learn from natural models and apply
that information in designing management regimes to
achieve multiple goals, including the conservation of
biodiversity.

Natural Disturbances in Forests

Natural disturbances are characteristic of all ecosys-
tems (Pickett and Thompson 1978; Agee 1993). We
define natural disturbances as discrete events that are
not primarily of human origin and which alter
ecosystem structure and resource availability (see
White and Pickett 1985). The composition and
structure of forests at the tree, stand, landscape, and
ecosystem scales are shaped by disturbance events
such as wildfires (Luke and McArthur 1978;
Wadleigh and Jenkins 1996; Gill et al. 1999), wind-
storms (Foster and Boose 1992; Peterson and Pickett
1995; Foster et al. 1997; Schnitzler and Borlea
1998), volcanic eruptions (Franklin 1990; Franklin
and MacMahon 2000), floods (Calhoun 1999), land-
slides (Ogden et al. 1996; Veblen et al. 1996), disease
(Holling 1992b; Cogbill 1996), and drought (Gor-
don et al. 1988).

Natural Disturbance and 
Landscape Heterogeneity
Nonuniform patterns of organism distribution and
abundance result (in part) from spatial variation in
environmental regimes, such as climate, terrain,
soils, and nutrients (e.g., Croizat 1960; Woodward
and Williams 1987; Nix and Switzer 1991; Prentice
et al. 1992; Mackey 1994; Hansen and Rotella 1999).
Such spatial variation leads to natural forests being
heterogeneous at the landscape scale (see Chapter 3).
Disturbance regimes overlay and interact with the
patterns created by environmental regimes to further
shape heterogeneous landscapes and influence the

distribution of species (Wardell-Johnson and
Horowitz 1996; Spies and Turner 1999; Beaty and
Taylor 2001). Factors such as topographic variability
result in undamaged patches of forest within the
broad boundaries of a disturbance event, such as a
fire or windstorm (Syrjänen et al. 1994; Eberhart and
Woodard 1987; Delong and Kessler 2000) (Figure
4.1).

Natural Disturbance and Biological Legacies
Natural disturbance regimes not only create consider-
able heterogeneity at the landscape level but also cre-
ate heterogeneity within stands (Angelstam 1996;
Noel et al. 1998). This is because most natural distur-
bances leave traces and features of the original stand
in the form of biological legacies. Biological legacies are
organisms, organically derived structures, and organi-
cally produced patterns that persist from the predis-
turbance ecosystem (Franklin et al. 2000b), and they
include logs, intact thickets of understory vegetation,
large living trees, and snags (Franklin et al. 1985;
Hansen et al. 1991; Cascade Center for Ecosystem
Management 1995) (see Table 4.1, Figure 4.2). Even
intense catastrophic disturbances, such as the Mount
St. Helens eruption in Washington state (northwest-
ern United States), can leave enormous numbers and
varieties of biological legacies (Franklin and MacMa-
hon 2000).

FIGURE 4.1. Variability in fire effects related to topography
in lodgepole pine (Pinus contorta) forests burned in the
1988 wildfires in Yellowstone National Park, Wyoming,
United States. Photo by J. Franklin.



FIGURE 4.2. Natural disturbances in forests typically leave
behind extensive biological legacies (including structures
from the original stand) that are incorporated into the young
recovering forest. The types and quantities vary with the
type of disturbance. Contrasting types and levels of biologi-
cal legacies between disturbances are apparent in this pho-
tographic series: (A) Standing dead trees and logs in areas
subject to wildfires (Yosemite National Park, California,
United States). (B) Organic matter on forest sites disturbed
by intense windstorms (Bull Run River drainage, Mount
Hood National Forest, Oregon, United States). (C) Legacies
of snags, logs, and sapling trees in the scorch zone of the
Mount St. Helens 1980 eruption (Washington, United
States). (D) Above-ground biological legacies associated
with clearcutting (Willamette National Forest, Oregon,
United States). Photos by J. Franklin.
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Biological legacies have a wide range of functions.
They can

• Survive, persist, and regenerate after disturbance
and be incorporated as part of the recovering
stand. Multi-aged stands of forest (i.e., stands
with trees from different age cohorts) result
from biological legacies (live trees) surviving a
disturbance and being incorporated into a
post-disturbance stand (e.g., Lindenmayer 
et al. 1991d, 1999f; Franklin and Fites-
Kaufmann 1996).

• Assist other species in persisting in a disturbed area
through a variety of mechanisms (often termed a
life-boating function). The Mount St. Helens
volcanic eruption provided excellent examples
of this phenomenon (Franklin et al. 1985;
Franklin and MacMahon 2000).

• Provide habitat for species that eventually recolo-
nize a disturbed site. For instance, legacy trees
facilitate the return of vertebrates to logged
and regenerated stands (e.g., Carey 1995;
Gibbons and Lindenmayer 1997). This phe-
nomenon has been referred to as structural en-
richment of the post-disturbance stand.

• Influence patterns of recolonization in the dis-
turbed area. Biological legacies within a dis-
turbed area can provide foci that facilitate
population recovery. That is, stand recovery
can occur not only via colonization from
neighboring disturbed areas, but also from or-
ganisms and structures persisting within a dis-
turbed area. These multi-foci or “nucleated”
recovery processes (sensu Turner et al. 1998)
have been observed by Franklin and MacMa-
hon (2000) within the eruption-affected area
at Mount St. Helens and following the confla-
grations that burned 45 percent of Yellow-
stone National Park in 1988 (Spies and
Turner 1999).

• Provide a source of energy and nutrients for other
organisms. This function is particularly impor-
tant as it relates to maintaining a flow of en-
ergy into the soil to maintain the rich array of
soil organisms, including mycorrhizal-form-
ing fungi (Amaranthus and Perry 1994;
Hooper et al. 2000). 

• Modify or stabilize environmental conditions in
the recovering stand. Perry (1994) demon-
strated how resprouting trees in disturbed
forests in the Pacific Northwest of the United
States helped stabilize soil conditions and soil
microbes.

The concept of biological legacies is highly rele-
vant in assessing forestry impacts on biodiversity.
Naïve comparisons of the biota of logged and un-
logged stands have been made that ignore the influ-
ence of legacies from natural forests in cutover areas
on recolonization of species (Macfarlane 1988). If
legacies are not considered, an incorrect conclusion
may be drawn that there are no logging impacts.
Quantities and types of legacies are depleted by log-
ging and other silvicultural practices over several cut-
ting cycles, which will ultimately have detrimental im-
pacts on species dependent on these stand attributes
(Lindenmayer and Franklin 1997a). Hence, differ-
ences in the types and numbers of biological legacies

TABLE 4.1.

Broad categories of biological legacies 
(modified from Franklin et al. 2000b).

TYPE OF 
BIOLOGICAL LEGACY EXAMPLES

Organisms Whole organisms

Perenating parts

Propagules (seeds, 
spores, eggs)

Organic matter Dissolved and particulate 
organic matter

Feces

Structures Snags

Logs and coarse woody 

debris

Large soil aggregates

Termite mounds

Bodies of dead animals

Patterns (Plant or Root mounds

Animal Created) Burrows

Root channels

Understory community 

patterns (gaps and 

anti-gaps)

Wallows/yards

Soil chemical, microbiological, 

and physical patterns
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left by human and natural disturbances and the im-
pacts of such differences on biodiversity need to be
quantified before inferences are drawn about effects of
logging (see below).

The severity of natural disturbance regimes influ-
ences the numbers, types, and spatial patterns of bio-
logical legacies that remain in a disturbed area
(Franklin et al. 2000b). This is because disturbances
can be regarded as “editors”—selectively removing or
modifying stand components to varying degrees
(Franklin et al. 2000b). Types, numbers, and spatial
arrangement of biological legacies also influence the
trajectory of succession and recovery processes fol-
lowing disturbance (Turner et al. 1998). A combina-
tion of chance and the environmental factors affecting
disturbance regimes (see above) will influence the mix
of colonizing species, propagules, and other legacies at
a site following disturbance. Subsequent changes in
stand conditions reflect a sorting of species according
to life histories, interspecific interactions, and other
factors, such as the presence of herbivores (Egler
1954). Recovery following disturbance almost never
starts at “zero.” For example, the persistence of large
living trees in disturbed stands leads to a multicohort
forest (Lindenmayer et al. 1999f). Similarly, the floris-
tic composition of a post-disturbance stand will be
strongly influenced by predisturbance vegetation and
its persistence in the form of individuals, seeds, and
other propagules (Franklin et al. 2000b).

Variability in Disturbance Regimes
Natural disturbances vary substantially in their timing
(e.g., the time of the year or time of day when they
occur), frequency (or return interval), intensity, size,
heterogeneity (i.e., variation in intensity and impact
within the limits of the total area affected), and dura-
tion (e.g., fires and windstorms can be relatively short-
lived whereas drought and insect attack can be pro-
longed).

These factors act together rather than in isolation.
For example, fire frequency and fire intensity usually
co-vary—few forest landscapes naturally experience
frequent high-intensity wildfires, but many are char-
acterized by recurrent low-intensity disturbances.
Factors such as climatic conditions and topography
further influence how variables interact within partic-
ular landscapes and stands (Lindenmayer et al. 1999f).

Variation in disturbance regimes leads to marked
differences in landscape and stand conditions by sig-
nificantly influencing the number, type, and spatial
distribution of habitat patches (e.g., age cohorts of
stands) as well as stand-level biological legacies (see
Hansen et al. 1991; Lindenmayer and Franklin
1997a). Such temporal and spatial variability in natu-
ral disturbance regimes helps explain regional differ-
ences in species assemblages. For example, areas of
western Canada subject to high natural fire frequen-
cies support more taxa typical of early successional
forests than regions with longer disturbance return in-
tervals (Bunnell 1995).

Disturbance regimes are inherently variable, so no
two disturbances will be identical. This variability also
produces multiple (and often simultaneously acting)
disturbance pathways (Noble and Slatyer 1980;
Turner et al. 1998; Spies and Turner 1999). This is il-
lustrated in many mesic forest types, such as those
found in northwestern North America (Halpern 1988;
Morrison and Swanson 1990). Although some distur-
bance pathways have higher probabilities of occur-
ring, the variability in natural recovery patterns sug-
gests that variation in human (logging) disturbance
regimes in forests is also appropriate (discussed later
in this chapter).

Old-growth Australian mountain ash forests reveal
the structural complexity that is related to inherent
variability in natural disturbance regimes. Few stands
are pure old growth; the majority of these stands in-
corporate trees of multiple ages and also show evi-
dence of understory rejuvenation (Lindenmayer et al.
2000c). Old-growth Douglas-fir stands in the Cascade
Range of the Pacific Northwest often have similar
multi-aged structures (Franklin and Hemstrom 1981).
Late-successional stands of pine and mixed conifer in
the Sierra Nevada in the western United States incor-
porate the full range of developmental stages within
individual stands as a mosaic of structural units
(Franklin and Fites-Kaufman 1996; Franklin et al.
2002).

To summarize, the interplay of different distur-
bance factors over different temporal and spatial scales
creates complex stand conditions that develop over
prolonged periods (e.g., over multiple natural life
spans of a given tree species). Therefore, it may take a
very long time (more than 1,000 years) to restore
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aspects of structural complexity lost as a result of tra-
ditional management regimes that simplify forests,
such as large-scale clearcutting (Resource Assessment
Commission 1992; Stohlgren 1992).

Natural Disturbance as a Guide for
Enhanced Biodiversity Conservation

Many scientists and resource managers believe that
conservation of biodiversity is best achieved by forest
management regimes that are as consistent as possible
with natural ecological processes, including distur-
bance regimes (e.g., Hunter 1994). The assumption is
that logging should have minimal effects on biodiver-
sity when operations are within the bounds of natural
disturbance regimes (Attiwill 1994; Bunnell 1995). 

Three properties of natural disturbance regimes
that can guide harvesting are frequency, spatial pat-
tern, and levels of legacies (Hunter 1993). Hence, de-
termining congruence between human and natural
disturbance regimes requires knowledge of

• Size, pattern, and composition of patches in
different forest types and successional stages
of those forest types (Mladenoff et al. 1993;
Angelstam and Pettersson 1997).

• Impacts of natural disturbances on ecosystem
processes and properties, such as soil nutrient
regimes.

• Types, quantities, and spatial arrangements of
biological legacies that are left behind by nat-
ural disturbances at both the stand and the
landscape scales (Franklin et al. 2000b). This
includes the size distribution, composition,
and geographical distribution of undisturbed
(refugial) patches that are left within the
boundaries of disturbance events (e.g., De-
long and Kessler 2000).

Forest harvesting contrasts with typical natural for-
est disturbances in several important characteristics:

• Harvesting usually occurs with higher fre-
quency and greater regularity than natural
disturbances (McCarthy and Burgman 1995),
at least in forest types that are subject to
episodic, stand-replacing disturbances. As a
consequence of frequent harvesting, age class

distributions are skewed toward younger
stands.

• Harvesting alters plant species composition in
terms of both tree and non-tree components
(Halpern and Spies 1995). Some species (es-
pecially commercial tree species and aggres-
sive understory shrubs and herbs) are favored
while other species decline. For example, red
cedar (Toona australis) has been virtually elimi-
nated from natural forests in northern New
South Wales and southern Queensland (Aus-
tralia) by logging (Boland et al. 1984).

• Harvesting simplifies stand structures, some-
times drastically, such as when clearcutting is
utilized (Lindenmayer and Franklin 1997a)
(Table 4.2).

• Harvesting alters the spatial distribution of
structural attributes of stands such as snags
and understory (Lindenmayer et al. 1991e;
Mladenoff et al. 1993).

Comparisons with natural disturbance regimes high-
light the limitations of intensive forest management
regimes (Lindenmayer et al. 1991e; Franklin et al.
2000b). The magnitude of differences between natural
disturbances and intensive timber management
regimes is clearly the basis for many problems in bio-
diversity conservation in managed forest landscapes
(see Box 4.1). For example, Thompson and Angelstam
(1999) described problems for woodland caribou
(Rangifer tarandus) in Canada arising from creation of
patches smaller than those created by natural distur-
bances. In another case, regeneration failures in
logged, high-elevation forests in northeastern Victoria
(Australia) occur where high-intensity slash fires are
used (purportedly to promote stand regeneration) in-
stead of the characteristically less-intense natural fires.

Attempts to create greater congruence between
natural and human disturbance have usually focused
on mesic forest types where harvesting methods, such
as clearcutting, are traditionally applied (Rülcker et al.
1994; Lindenmayer and Franklin 1997a; Bergeron et
al. 1999). However, the importance of matching dis-
turbance regimes applies equally to forests where
other harvesting systems (such as selection cutting)
are deployed. These silvicultural approaches can also
have long-term impacts when applied repeatedly over
a longer period (Meredith 1984; Thiollay 1992; Bader
et al. 1995; Gibbons and Lindenmayer 1997). For ex-



BOX 4.1.

Lack of Congruence between Natural and Human Stand-Level Disturbance
in Australian Mountain Ash Forests

TABLE 4.2.

Differences in the effect of clearcutting and natural wildfires on stand structure 
in Australian mountain ash forests.

FOREST RESPONSE AFTER FOREST RESPONSE AFTER 
VARIABLE NATURAL WILDFIRES CLEARCUTTING

Forest floor architecture Large diameter logs often occur Average number, size, and volume of logs reduced

Spacing of hollow trees Regular or random Clustered

in the forest

Standing life of hollow trees Up to, or more than, fifty years Trees removed during logging or destroyed by 

regeneration fire

Range of forms of living Often two or more morphological Trees removed during logging

trees and snags forms present

Survival of hollow trees Variable—it depends on stand age Stems removed or severely burnt

and fire intensity

Age class structure Multi-aged stands may occur Even-aged stands

Plant species composition Variable depending on fire intensity Shrubs and ground plants typical of wet

and frequency environments lost. Tree ferns, fire-resistant
understory thickets, and rainforest trees
depleted.

Australian mountain ash forests provide a useful example
of the need to create greater congruence between natural
and human disturbance regimes. The most common form
of natural disturbance is wildfire, and the most common
form of human disturbance is clearcutting followed by a
very high-intensity slash fire to burn logging debris. The
two forms of disturbance have substantially different im-
pacts at the stand and landscape levels (Table 4.2). These
differences can have severe implications for biodiversity
conservation (Lindenmayer and Franklin 1997a).

Wildfires in mountain ash vary in intensity. In some
stands, high-intensity fires kill many trees and only very
few living trees remain. In others, where less-intense fires
occur, a multi-aged stand develops that contains a mixture
of fire-damaged living and dead trees. Large living trees
and snags are key habitat components, because they con-
tain cavities that are used as den, nest, and shelter sites by
many vertebrate and invertebrate taxa (Gibbons and Lin-
denmayer 2001).

Clearcutting in mountain ash forests produces simple
even-aged stands on the cut area (Lutze et al. 1999). Trees
with cavities are scarce and numbers are typically much
lower than in stands subject to natural disturbance
regimes (Lindenmayer et al. 1991b). This has negative im-

pacts for more than 100 species of vertebrates dependent
on these structures. Long-lived understory plants like tree
ferns (Dicksonia antarctica and Cyathea australis) are re-
duced by 95 percent in cutover areas (Ough and Ross
1992). These plants can tolerate natural wildfires and can
also tolerate natural physical disturbances such as me-
chanical damage resulting from windstorms and snowfalls.
However, intensive mechanical disturbance from logging
machinery coupled with high-intensity regeneration fires is
essentially a novel form of perturbation in mountain ash
forests—the reason it has such detrimental impacts on the
understory (Ough and Ross 1992).

Clearcutting is well outside the bounds of natural dis-
turbance regimes in mountain ash forests, particularly with
respect to its effects on biological legacies such as cavity
trees, snags, and understory vegetation (Lindenmayer and
McCarthy 2002a ). By modifying silvicultural prescriptions,
conditions in logged areas can be made more similar to
those characteristic of naturally disturbed mountain ash
forests (see recommendations in Gibbons and Linden-
mayer 1997, Ough and Murphy 1998, Ball et al. 1999).
This, in turn, should make a positive contribution to biodi-
versity conservation.
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ample, the demise of red spruce (Picea rubens) forests
in the northeastern United States and their replace-
ment with short-lived tree species have been attrib-
uted to recurrent partial cutting (Seymour and
Hunter 1999).

In summary, in order to use natural forests as mod-
els for managing matrix forests it is necessary to docu-
ment spatial and temporal patterns created by natural
disturbance as well as biophysical and environmental
processes that underpin and influence natural distur-
bance regimes (Spies and Turner 1999).

Natural Disturbance as a Guide 
for Forest Management at 
the Landscape Level

Patch types, sizes, and shapes and the internal com-
plexity of patches (i.e., biological legacies) created by
disturbance regimes in natural landscapes can be used
to provide guides for planning patch patterns in ma-
trix landscapes (Mladenoff et al. 1993; Wegner 1994)
(Table 4.3), such as the size, location, spatial arrange-
ment, and rotation period of harvest units (Franklin
1993b). Selecting forest management regimes that
maintain or restore landscape heterogeneity (the sec-
ond guiding principle in Chapter 3) is particularly im-
portant where forest biodiversity conservation is a
concern (Hunter 1990; Haila et al. 1993; Welsh and
Healy 1993; McNeely 1994b). Historical fire regimes

and resulting landscape patterns have been used to de-
velop novel approaches for landscape management
that have significant benefits for biodiversity conser-
vation (e.g., Cissel et al. 1999). Harvest units were ac-
tually enlarged (to 500 hectares) to more closely ap-
proximate the size of patches created in pre-European
disturbance regimes in forest landscapes in Wisconsin
(United States) (Parker 1997). This was done concur-
rently with increased retention of structures and small
patches within harvest units.

Some management practices in the forests of
British Columbia attempt to mimic landscape patterns
created by natural disturbances (British Columbia
Ministry of Forests 1995). For example, forest patches
are retained within clearcut harvest units to mimic the
unburned patches left by wildfires (see Chapter 8 for
further details). Retained patches in regenerating har-
vest units are valuable in promoting recolonization of
wildlife and other organisms, even though they are
not identical to remnant patches in burns (Delong and
Kessler 2000).

Identifying disturbance refugia—areas that were
rarely subjected to natural disturbances—and protect-
ing or carefully managing them is another way to
achieve greater congruence between natural and
human disturbance regimes at the landscape level.
The ASIO model developed for Swedish forests (Rül-
cker et al. 1994) attempts to do this for parts of the
landscape that formerly would have been fire refugia.
Additional approaches are explored in Chapters 6 
and 7.

TABLE 4.3.

Landscape-level differences in patches between clearcut logging and wildfire. 

ATTRIBUTE FORM OF DISTURBANCE

Wildfire Clearcut Logging

Patch numbers Variable, but can be small Deterministic and set by prescription for

depending on spatial contagion number of harvest units

Patch size Highly variable, but can Deterministic and set by prescription for cutover size

be very large

Patch location Variable depending on climate, Set by prescription and accessibility

terrain, and other factors

Patch pattern Often displays contagion Usually dispersed

Patch boundary Often diffuse Sharp
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Establishing Baseline Landscape Patterns 
for Comparison with Managed Forests

Contrasting patterns of landscape heterogeneity and
composition in managed and unharvested landscapes
have been the focus of many studies (e.g., Ambrose
and Bratton 1990; Ripple et al. 1991, 2000; Williams
and Marcot 1991; Wegner 1994). Models can also be
useful tools in such comparisons. A model was used in
order to estimate the proportion of old-growth forest
in the northern Rocky Mountains ecosystems prior to
European settlement (Lesica 1996). Computer simu-
lations were used to demonstrate that declines in late-
successional forest could be reversed simultaneously
with reduced risks of high-intensity wildfires in the
mixed conifer forests of the Sierra Nevada in Califor-
nia through active management (Johnson et al. 1998).

Large differences in the mean age of the forest and
patch characteristics were found when wildfires were
compared with traditional forms of dispersed logging
using models (McCarthy and Burgman 1995). Differ-
ences between fire and harvesting are present even if
the area disturbed and the mean disturbance frequency
are the same (Figure 4.3a). More and larger areas of
old forest occur in burned than in logged landscapes, a
conclusion identical to that of Bergeron et al. (1999) in
their study in Canadian forest (Figure 4.3b).

Variability in natural disturbance regimes is as im-
portant as the mean return interval in examining con-
gruence between human and natural disturbance
regimes (McCarthy and Burgman 1995; Bergeron et
al. 1999). Seymour and Hunter (1999) devised an in-
teresting method for calculating rotation times based
on the variability in natural disturbances rather than
on the mean return interval (see Chapter 6). This is
the basis for two important inferences, assuming that
congruence between natural and forest landscapes is a
goal: (1) regeneration of newly cut forests should cre-
ate new stands at rates similar to those produced by
natural disturbances, and (2) the rotation period in
parts of a landscape subject to traditional clearcutting
needs to be at least twice as long as the mean return
rate for natural disturbances in forests. This is neces-
sary to achieve the right-skewed distribution of age
classes generated by natural disturbances and to pro-
vide for some areas of very old forest that would be

otherwise absent (Van Wagner 1978; Spies and
Turner 1999).

Other forms of vegetation analysis have been used
to reconstruct presettlement conditions and distur-
bance regimes in natural forest landscapes. Preman-
agement landscapes in Sweden have been recon-
structed using analyses of pollen, charcoal, and plant
fragments (e.g., Björse and Bradshaw 1998; Linder
and Östlund 1998). Species-rich deciduous forests
were found to have been dramatically reduced by
human activity; such forests currently compose less
than 1 percent of forested land but support more than
55 percent of all the threatened species in Swedish
forests (Berg et al. 1994). A logical inference is that
forest planning to improve biodiversity conservation
should include the expansion of deciduous forest
(Björse and Bradshaw 1998).

FIGURE 4.3. (A) Differences between deterministic (log-
ging) and stochastic (fire) disturbance on the area of forest in
different age classes in Australian forests (from McCarthy
and Burgman 1995). (B) An example for a Canadian forest
(Bergeron et al. 1999). 
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Comparisons of Scandinavian forests with ecologi-
cally similar but unmanaged Russian forests have been
important in documenting natural disturbance
regimes, natural landscape patterns, and natural levels
of structural complexity in forests (e.g., Siitonen and
Martikainen 1994; Angelstam et al. 1995; Hanski and
Hammond 1995; Martikainen et al. 1996; Uuttera et
al. 1996). Extensive late-successional forests still exist
in Russia, in contrast to Sweden and Finland, where
young managed stands dominate as the result of in-
tensive and recurrent forestry operations. Pine forests
in Russia currently contain thirty-three times more
snags, forty-six times more logs, and eight times more
large trees than equivalent forests in Sweden (Angel-
stam 1996). Differences in disturbance regimes be-
tween the two areas is a basis for understanding differ-

ences in faunal assemblages. Similar cross-nation
comparisons were conducted for boreal forests in
eastern Canada and Fennoscandia (Imbeau et al.
2001). An important outcome of that work was that
the cavity-nesting birds that have severely declined in
the latter area have been identified as being among
those species likely to be under threat with the expan-
sion of industrial forestry in eastern Canada (Imbeau
et al. 2001).

Natural Disturbance as a 
Guide for Forest Management 
at the Stand Level

As traditionally practiced, existing silvicultural sys-
tems—from clearcutting to selective harvesting (in-
cluding group selection and gap-phase removal)—do
not incorporate landscape- and stand-level complexity
characteristic of natural disturbance regimes (Franklin
et al. 1997, 2002). There is, of course, no reason that
management regimes focused exclusively on wood
production should follow a natural rather than an
agricultural model. The degree of differences (see Box
4.1) can be inferred by comparing the types, quanti-
ties, and spatial arrangements of biological legacies
(Franklin 1993b; Haila et al. 1993; Franklin et al.
1997; Fries et al. 1997; Lindenmayer and Franklin
1997a). Such legacies, which are essential habitat
components for wildlife, may be totally eliminated
from harvested areas (Lindenmayer and Franklin
1997a). Hence, a key question is, How different are
the types and numbers of biological legacies remain-
ing after multiple logging rotations in comparison
with multiple natural disturbance events?

Young stands regenerated following natural distur-
bances typically have high levels of structural com-
plexity resulting from biological legacies from the
previous stand (Figure 4.4). Clearcuts are unlike most
natural disturbances in this regard (Lindenmayer et al.
1991e; Esseen et al. 1997; but cf. O’Neill and Attiwill
1997; Tuckey 2001) (Table 4.4). Wildfires typically
consume less than 10 percent of the wood, leaving
huge quantities of dead and down timber (Foster
1983; Payette et al. 1989), whereas up to 95 percent of
wood volume may be removed in clearcutting (Angel-

BOX 4.2.

Caveats for Identifying Landscape Patterns
from Natural Fire Regimes

Efforts to identify natural patterns in forest landscapes
are complicated by inherent variability in fire frequencies
and fire sizes. Fire intervals and fire sizes are variable
over time (Chou et al. 1993; Gill and McCarthy 1998),
making it difficult to determine baseline patterns against
which to compare (and modify) patterns created by log-
ging regimes. Also, historical landscape patterns may be
influenced by disturbances by native peoples (King
1963; Flannery 1994; Bowman 1998), making it difficult
to establish “natural” patterns for benchmarking (Hunter
1996). A number of studies have shown that forests
thought to have been pristine are now known to have
been influenced by human activity for a prolonged pe-
riod (Lamb 1966). Another problem for benchmarking is
that landscapes and ecosystems change in relation to
changes in long-term climate—what a system was like
500 years ago will be different from 5,000 years ago
(Lawton 1997). Long et al. (1998) showed that fire fre-
quency has varied continuously in the Oregon Coast
Range (northwestern United States) on millennial time
scales. Similarly, Bergeron et al. (1998) noted that large
changes in the fire frequency in the boreal forests of
Canada during the Holocene meant there was not a (sin-
gle) characteristic fire regime for this system.

Finally, it is essential to recognize that few distur-
bance regimes in modern forest landscapes are “natu-
ral”; fires, for example, are routinely extinguished to
limit threats to human life and property. Indeed, fire has
been virtually eliminated as a natural disturbance regime
in Swedish forests (Fries et al. 1997).
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mation on the longevity of individual biological lega-
cies (e.g., how long snags remaining standing) can be
the basis for planning recruitment schedules necessary
to maintain desired levels of structures of particular
types, ages, and conditions as part of modified silvicul-
tural systems (Gibbons and Lindenmayer 1996; Ball et
al. 1999). Similarly, data on habitat relationships of
target organisms assist in defining types of stand con-
ditions that are needed to conserve biota that are sen-
sitive to traditional forest practices.

New silvicultural systems are often a necessity
when maintenance of biodiversity and ecosystem
processes is a goal, because of the vast differences be-
tween natural and human disturbance regimes at the
stand and landscape levels. Black spruce (Picea mari-
ana) forests in Canada provide a useful example (Berg-
eron et al. 1999). Fire, competition, and gap dynamics
are the primary natural processes influencing stand
dynamics in black spruce forests. A sequence of cut-
ting of different cohorts could emulate some of the
complex and heterogeneous stand conditions typical
of multicohort black spruce forests (Figure 4.5). The
aim is to maintain at least some aspects of the natural
composition and structure of natural forests and to in-
tegrate them into an array of silvicultural systems em-
ployed within the one stand. Similar modifications of
clearcutting practices to enhance structural complex-
ity have been described for three major forest types in
Sweden (Angelstam and Pettersson 1997; Fries et al.
1997) (Table 4.5).

Silvicultural approaches that can be used to 
create greater congruence between natural and human

FIGURE 4.4. Temporal patterns of accumulation of coarse
woody debris following fire in the Douglas-fir forests of the
Pacific Northwest region of the United States. Redrawn from
Maser et al. 1978.

TABLE 4.4.

Differences in the quantities of biological legacies following different types of
forest disturbances (modified from Franklin et al. 2000b). 

LEGACY TYPE FORM OF DISTURBANCE

Fire Wind Clearcut

Snags Abundant Few None

Logs Common Abundant Few or none

Soil disturbance Low Patchy High

Understory plants Common Abundant Few

Soil nutrients Pulse in nitrogen and No change Pulse in nitrogen and

phosphorus release phosphorus release

stam 1996). Perhaps the only significant similarity be-
tween clearcutting and wildfire is in creating a light
environment (i.e., near full sunlight) desired for the
regeneration and rapid early growth of shade-intoler-
ant plants (Franklin et al. 2002).

There are also temporal contrasts between tradi-
tional silvicultural regimes and natural disturbances.
For example, legacies, such as overstory trees and 
understory plants, are known to survive repeated 
natural disturbance events based on carbon dating 
and dendrochronology (Banks 1993; Mueck et al.
1996). Large logs can persist through many natural
disturbances. In Scandinavia, such persistent 
logs sustain populations of many red-listed species
(Bader et al. 1995). The inference is that forest man-
agement regimes should be designed to maintain such
biological legacies through multiple rotations. Infor-
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TABLE 4.5.

Suggested modifications of traditional clearcutting forest management based on
natural features found in three disturbance regimes of boreal forests
(modified from Fries et al. 1997; Angelstam and Pettersson 1997).

DECIDUOUS OR NORWAY 
SCOTS PINE FORESTS ON DRY SPRUCE–DOMINATED FORESTS  UNEVEN-AGED NORWAY SPRUCE
OR MESIC SITES NATURALLY  ON MESIC SITES NATURALLY FORESTS NATURALLY REGENERATED
REGENERATED BY FIRE REGENERATED BY FIRE BY GAP-PHASE DYNAMICS

FIGURE 4.5.
A sequence of cutting
of different cohorts to
emulate the complex
and heterogeneous
stand conditions
typical of multicohort
black spruce forests
(from Bergeron 
et al. 1999).

Use of the clearcutting system with
green tree retention and more varied
rotation period (e.g., 50–200 years)

Use prescribed burning or slight or
moderate mechanical disturbance of
ground vegetation (scarification)

Leave trees as relicts; omit, vary, or
modify the traditional low thinning to
generate self-thinning; girdle, push
over, or fell selected trees

Use natural regeneration by means of
seed trees of shelterwood system or by
seeding

Leave single or groups of large pines
at final felling

Use of the clearcutting system with
green tree retention and more varied
rotation (e.g., 100–200 years)

Use prescribed burning or slight to
moderate mechanical disturbance of
ground vegetation (scarification)

Leaves trees as relicts; omit, vary, or
modify the traditional low thinning to
generate self-thinning; girdle, push
over, or fell selected trees

Use of natural regeneration of seeding
(after scarification) to complement
planting

Promote a portion of deciduous trees
at thinning; no thinning and
acceptance of self-thinning

Leave single or groups of large pines
at felling

Design certain areas for deciduous
successions; use modified clearcutting
system; promote deciduous trees at
cleaning and thinning; no thinning and
acceptance of self-thinning

Leave forest patches of 0.1 to several
hectares on clearcut areas

Use of selection systems or
shelterwood systems that assure
continuity in tree cover

Leave (parts of) selected stands uncut

Leave trees as relicts and accept that
some of them die by uprooting

Leave wind-thrown trees on the site

Use natural regeneration or, if
necessary, planting

Use prescribed burning on a portion of
this site type (preferable combined
with green tree retention)

Retain living and dead trees; vary the
intensity of tree removal to promote
self-thinning; girdle, push over, or fell
selected trees

Favor other species than spruce and,
above all, deciduous trees

No ditching
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disturbances are discussed in detail in Chapter  7 (land-
scape patterns) and Chapter 8 (stand management).

Natural disturbance regimes typically exhibit high
levels of variability within a given forest landscape
that should be considered when using them as models
for silvicultural systems. Knowing about multiple dis-
turbance pathways and what is, in essence, a contin-
uum of variability is useful in forest management
planning. Application of multiple silvicultural pre-
scriptions to different parts of the landscape (Rülcker
et al. 1994) (Box 4.3; Figures 4.6 and 4.7) as well as
within a single stand (Bergeron et al. 1999) (see 
Figure 4.5) may be needed to achieve desired levels 
of structural complexity. The benefits of multiple

FIGURE 4.6. Variability in fire regimes in Swedish boreal
forests and associated variations in harvesting regimes (from
Rülcker et al. 1994). The acronym ASIO (Almost never, Sel-
dom, Infrequent, Often) on the x-axis highlights the fre-
quency of fires. The black polygons symbolize the extent of
natural disturbance (fire on the x-axis) in relation to human
disturbance (on the y-axis). Reprinted with the permission of
Skog Forsk, Sweden.

BOX 4.3.

The ASIO System in Sweden

The Swedes have proposed a model called ASIO—the
acronym refers to the frequency of fire in a particular part
of the forest and it stands for Almost never, Seldom, Infre-
quently, and Often. The model uses natural disturbance in
boreal forests as a template to guide silvicultural practices.
The primary form of natural disturbance in Swedish boreal
forests was formerly fire, although it has been virtually
eliminated by efficient fire-suppression methods.

In the past, the prevalence and impacts of fire varied
across Swedish forest landscapes—it was common in dry
areas but relatively rare in wet areas (Rülcker et al. 1994).
Differences in fire regimes have, in turn, strongly influ-
enced patterns of species distribution and abundance
across Swedish forest landscapes.

Swedish boreal forests have been classified according
to the ASIO system (Angelstam 1997). As shown below,
forest management systems are based on the ASIO model
to guide variable silvicultural systems so they better emu-
late natural disturbance regimes (Rülcker et al. 1994) (see
Figure 4.8).

• “Almost never” forest includes wetland forest,
ravines, small islands in lakes, and northeast-
facing slopes. These forests are habitat for a
range of species that require stable microhabi-
tats. The recommended management regime for
these areas is no forestry activity.

• “Seldom” forest land rarely burned—on average
every 200 years. This type of forest occurs not
only on watercourses, but also around flat, moist

areas. Selective and shelterwood harvesting is
recommended for this category of forest.

• Forest land that burned “infrequently” (every 100
years on average) includes all mesic areas (apart
from those assigned to the “almost never” and
“seldom” categories). It comprises the majority of
boreal forest in Sweden, and the fire frequency
was the same as the rotation time now employed.
The silvicultural system here is controlled burning
of the cutover with the retention of seed trees on
site.

• The frequency of fires in “often” forests was ap-
proximately fifty years. All dry forest land (e.g.,
pine forest on sedimentary soils located on flat
terrain) is assigned to this class. These areas sup-
port trees that survive recurrent low-intensity
fires—so controlled burning of the forest is used.
Because the fire regimes resulted in multi-aged
stands, the final felling operation includes the re-
tention of seed trees.

The ASIO strategy is one of the few examples where a
practical strategy is used in variable silvicultural systems to
create greater congruence with natural disturbance
regimes (Rülcker et al. 1994). The application of the ASIO
strategy is useful because revised approaches to forest
management in Sweden have attempted to maintain high
levels of wood production and simultaneously embrace
sound environmental practices to conserve biodiversity
(Angelstam and Pettersson 1997).
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silvicultural systems are exemplified in Douglas-fir
forest in the Coast Ranges of Oregon (United States),
where several different cutting regimes are needed to
conserve the full complement of bird species (Cham-
bers et al. 1999).

We can infer that using an array of silvicultural sys-
tems would be beneficial to biodiversity from the vari-
ability inherent in natural disturbance regimes. This
natural variability generates heterogeneity in land-
scapes and stands in types, quantities, and distribution
of biological legacies (Boxes 4.1 and 4.3). For exam-
ple, since approximately 30 percent of mountain ash
stands are multi-aged, biologists have recommended
that as much as 30 percent of managed Victorian
mountain ash stands should be maintained in a struc-
turally diverse condition by using methods other than
clearcutting (McCarthy and Lindenmayer 1998).
Even if high levels of stand retention are imple-
mented, the uniform adoption of the same silvicul-
tural system can erase between-stand heterogeneity.
Substantial within-forest-type heterogeneity occurs in
Western Australian forests due to variations in hydro-
logical regimes and related variability in fire regimes
(Wardell-Johnson and Horowitz 1996). Different sil-
vicultural systems may be needed to maintain struc-
tural and floristic properties of these forests as well as
the associated patterns of localized plant endemism.

Finally, it is important to recognize that the recon-
structed disturbance regimes are really approxima-
tions. Consequently, basing all management within a
landscape on this hypothesized regime is risky (see
Hunter 1996). Any untested silvicultural prescrip-
tion—and even those that have been utilized for many

decades or even centuries—may lead to an “ecological
surprise,” such as reductions in long-term site produc-
tivity and loss of desired biotic components. For ex-
ample, when staggered-setting clearcutting was
adopted in the federal forests of the Pacific North-
west, its role in fragmenting forest habitat was not
even considered (Franklin and Forman 1987). For all
the reasons given above, variation in silvicultural sys-
tems provides for a form of risk-spreading (see Chap-
ter 3) from the viewpoints of long-term wood produc-
tion as well as biodiversity conservation.

Lessons for Forest Ecosystem
Restoration from Intense Stand-
Replacing Disturbances

Forest ecosystems subject to intense floods, wildfires,
windstorms, and volcanic eruptions provide many
valuable lessons regarding aspects of forest manage-
ment (Franklin and MacMahon 2000; Franklin et al.
2002). Such stand-replacing events can even aid land-
scape restoration by creating some of the structural
complexity and landscape heterogeneity that have
been lost through traditional forestry practices. Severe
flooding can reshape or “reset” riparian areas through
massive mobilization and redistribution of sediment
and coarse woody debris (Bayley 1995), thereby revi-
talizing modified aquatic ecosystems (Gregory 1997).
Similarly, major wildfires generate immense legacies
of snags and logs and promote the development of
cavities in trees (Inions et al. 1989), structural attrib-
utes that are depleted by some forestry practices.

Understanding the effects of intense disturbances
on such variables as types and numbers of biological
legacies provides information to guide management of
forest ecosystems recovering after such events, such as
salvage and restoration activities. Such information
also can help account for historical impacts of past
human and natural disturbance. For example, the ef-
fects of the 1938 hurricane in the forests of northeast-
ern North America were reinterpreted following an
experimental study of uprooted forest; observed im-
pacts on these forests were actually the result of the
hurricane and extensive post-disturbance salvage log-
ging, which removed most of the rich array of biolog-

FIGURE 4.7. Application of the ASIO system (see Box 4.3)
in relation to different forest types and disturbance regimes
in Swedish forests (from Rülcker et al. 1994). Reprinted with
the permission of Skog Forsk, Sweden.
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ical legacies left behind by the storm (Foster et al.
1997). These timber salvage operations, which were
the largest in the history of the United States, had
enormous effects on hydrology and many other
ecosystem processes. In Australian mountain ash
forests, many impacts on stand structure attributed to
wildfire are actually the results of widespread and in-
tensive post-fire salvage harvesting (Smith and
Woodgate 1985; Lindenmayer 1996).

Forest management agencies can capitalize on ben-
efits that can flow from catastrophic natural distur-
bances (Gregory 1997), although these benefits can be
lost as a result of inappropriate post-disturbance prac-
tices, such as excessive timber salvage after partial-
stand-replacing wildfire (Hutto 1995; Hobson and
Schieck 1999) and windstorms. It may be appropriate
to limit salvage and reforestation activities on some
areas subject to stand-replacing disturbances. The
government of Victoria has adopted policies that pro-
hibit salvage logging in the Yarra Ranges National
Park following major fires (Land Conservation Coun-
cil 1994). In the United States, federal forests in the
Pacific Northwest are subject to significant con-
straints on salvage activity following major forest dis-
turbances to ensure that adequate structural legacies
are retained (Forest Ecosystem Management Assess-
ment Team 1993). Indeed, naturally developed early-
successional forest habitats, with their rich array of
snags and logs and nonarborescent vegetation, are
probably the scarcest habitat in the current regional
landscape. In southeastern Asia, salvage logging of
burned rainforests can lead to significant forest deteri-
oration and loss with major negative impacts on the
regenerative potential of stands and a wide range of
other undesirable effects (van Nieuwstadt et al. 2001).

We conclude this section by noting that rapid and
uniform reforestation of large areas subjected to a
stand-replacing disturbance may have detrimental
consequences for biodiversity, just as in the case of ag-
gressive timber salvage operations. Disturbed forested
areas that take many decades to develop closed forest
canopies may make valuable contributions to biodi-
versity, particularly if they contain structural legacies,
such as snags, logs, and scattered live trees. Natural
elements of biodiversity that require early-
successional conditions are more likely to be accom-
modated in such naturally disturbed areas than they

are in clearcuts. Humans are typically much more effi-
cient than nature at promptly, densely, and uniformly
reforesting large disturbed areas and can greatly trun-
cate the open pre–tree-canopy-closure successional
stage. More consideration and study of the role of
large, naturally disturbed areas in maintaining re-
gional biodiversity, such as of song bird populations in
western North America, is needed.

The Lack of Congruence between
Natural and Human Disturbances

Human disturbance will never exactly mimic natural
disturbance regimes, and we view such a goal as inap-
propriate. Wildfires do not remove the large amounts
of biomass that logging operations do (Angelstam
1996). Nevertheless, lessons learned from observing
natural disturbances can provide guides for matrix
management at both the landscape and the stand lev-
els (Table 4.6). Peterken (1999) has outlined how
greater congruence between human and natural dis-
turbance regimes can promote biodiversity conserva-
tion, even in heavily modified environments like plan-
tations (see Box 10.1 in Chapter 10).

Ultimately, the objective is to use information from
natural disturbances to develop human disturbance
regimes that achieve defined goals in balancing biodi-
versity and commodity production. Creating identical
replicas of natural disturbance regimes—even in large
biological reserves—is impossible and is certainly not
the aim of modified silvicultural systems. As an exam-
ple, natural fires that cover tens or even hundreds of
thousands of hectares (Dyrness et al. 1986) are socially
and politically unacceptable as models for harvest
patch sizes (Hunter 1993; Haila et al. 1993; see Chap-
ter 7).

Although there is already substantial evidence that
modified silvicultural practices can sustain biodiversity
better than traditional practices can (e.g., Franklin et
al. 1997; Ough and Murphy 1998; Hickey et al. 1999),
empirical data that quantify relationships between dif-
ferent biotic elements and alternative silvicultural
practices are still very limited (Fries et al. 1997).
Uncertainties are evident even among foresters, as
illustrated by the Society of American Foresters’
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(1984) observation that it is unlikely that forest man-
agers can create functional old growth by silvicultur-
ally manipulating younger forests. The inappropriate-
ness and impossibility of matching natural and human
disturbance regimes in the matrix are reasons why
large ecological reserves are needed. The value and
limitations of large ecological reserves are the topic of
the next chapter.

Historic or Natural Range 
of Variability

Our final topic in this chapter is the historic or natu-
ral range of variability (HRV or NRV) and its use in
designing and implementing plans for ecosystem
management, including maintenance of biodiversity.
We use the term HRV, although many other terms
have been applied, including range of natural variabil-
ity (Aplet and Keeton 1999). HRV is widely used in
North America to describe “the bounded behavior of
ecosystems prior to the dramatic changes in state
factors prior to settlement” (see Aplet and Keeton
1999) or, more broadly, human manipulation. For
example, HRV can be applied to such widely dis-

parate parameters as variability in the percentage of
old-growth forest within a region during the last
millennium or in monthly mean temperatures in
stream ecosystems over decades of record prior to
initiation of extensive logging.

The objective in utilizing HRV is to identify the
range of specific conditions that have been experi-
enced by biota prior to significant modern human ac-
tivity and that are presumed, therefore, to be within
their tolerance range. The assumption is that “restor-
ing and maintaining landscape conditions within dis-
tributions that organisms have adapted to over evolu-
tionary time is most likely to produce sustainable
ecosystems” (Manley et al. 1995). Activities of indige-
nous peoples are usually accepted as “natural” and are
incorporated within the HRV.

HRV can be (and has been) calculated and applied
at multiple scales, including the watershed, landscape,
and regional levels. In fact, the “scale dependence” of
HRV is one of the issues that complicates its applica-
tion and has been a source of criticism, along with dif-
ficulties in acquiring valid information about HRV for
many ecosystem parameters, and the effects of cli-
matic variability during the historic period. Generally,
the smaller the area considered in calculating HRV,

TABLE 4.6.

General principles for creating greater congruence between 
human and natural disturbance in matrix forests. 

VARIABLE PLANNING APPROACH REFERENCE

Regeneration scheduling Create new stands at the same rate Seymour and Hunter 1999
as those produced by natural disturbance

Forest type cover Similar to natural (historical levels) Björse and Bradshaw 1998

Rotation time Double the mean interval between Seymour and Hunter 1999
major disturbance events

Harvest unit size Similar range of sizes to those created Parker 1997
by natural disturbance

Harvest unit location Parts of landscapes more subject Hansen and Rotella 1999
to natural disturbance

Harvesting intensity at the Leave similar types, amounts, and Franklin et al. 2000b
stand level (silvicultural patterns of biological legacies to 
system) those arising from natural disturbance

Variation in harvesting Silvicultural systems vary across Rülcker et al. 1994
intensity at the landscape the landscape depending on 
level (silvicultural system) spatial variation in natural disturbance
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the greater the range of variability (Aplet and Keeton
1999). The proportion of old-growth forest in the Pa-
cific Northwest provides an example; at the scale of a
small watershed, the proportion of old growth in a
typical small watershed (e.g., 100 to 1,000 hectares)
varied from close to zero to nearly 100 percent during
the last 1,000 years, but only 30 to 75 percent at the
level of the entire Douglas-fir region. 

An important consideration in use of HRV is the
difficulty in obtaining and interpreting relevant data
(Aplet and Keeton 1999). There can be significant dif-
ferences of opinion with regard to interpretation of
evidence and, consequently, conclusions about what
truly represents the HRV. The historic pattern of dis-
turbances in the Black Hills of South Dakota—a re-
gion characterized by forests of ponderosa pine (Pinus
ponderosa)—provides an excellent example (Shinne-
man and Baker 1997). The traditional interpretation
of the presettlement landscape was that of frequent,
low-intensity wildfires that maintained open, park-like
pine stands. A careful reassessment found evidence
that there were also large, intense (stand-replacing)
fires in the presettlement landscape, which periodi-
cally generated large patches (exceeding 5,000
hectares) of relatively dense, closed-canopy forests, in-
cluding old growth (Shinneman and Baker 1997).
Hence, there was a mosaic of disturbance regimes and
forest conditions present in the Black Hills, and man-
agement plans need to reflect this complexity.

HRV values have been developed for a wide variety
of parameters or ecosystem elements and subse-
quently applied in management (Manley et al. 1995).
For example, HRV has been utilized in development
of the Northwest Forest Plan (USDA Forest Service
and USDI Bureau of Land Management 1994a,b),
such as in setting objectives for desired levels of late-
successional forest within the range of the northern
spotted owl. Similarly, HRV concepts were applied in
developing the current strategy for managing national
forest lands within the Sierra Nevada (California and
Nevada) (USDA Forest Service 2001a,b). HRV has
also been utilized on much smaller spatial scales to de-
velop ecologically based management regimes, such as
a disturbance-based management regime proposed for
federal forest lands in the Oregon Cascade Range
(United States) (Cissel et al. 1998) (see Chapter 7).

We conclude this section by noting that HRV—
like other natural models—should be viewed as tools
and guides in developing and evaluating management
regimes that are intended to sustain biodiversity. Nei-
ther HRV nor any of the concepts discussed earlier in
this chapter should be taken as strict models or
bounds that are to be precisely followed. Rather, in-
formation on natural disturbance regimes and their
effects and HRV are indicative of conditions under
which biota have persisted and are, therefore, useful
guides to approaches and conditions that may sustain
biodiversity and ecosystem processes in the future.





a
PART I I Biodiversity Conservation 

across Multiple Spatial Scales

In Part I, we argued that the maintenance of suitable
habitat across multiple spatial scales is fundamental for
comprehensive approaches to the conservation of for-
est biodiversity (Chapter 3). In the second part of this
book, we describe three major elements of a compre-
hensive approach—setting aside large ecological re-
serves (Chapter 5), adopting landscape-level matrix
management strategies (Chapters 6 and 7), and adopt-
ing stand-level matrix management strategies (Chapter
8). All three approaches are needed because each one
will be inadequate by itself for some elements of biodi-
versity. If matrix management is practiced only at the
stand level, key landscape-level values may be lost.
Conversely, many processes, such as the movement of
ungulates and the migration of fish, cannot be dealt
with at the stand level. Therefore, simultaneous con-
sideration of the strategies in Chapters 5, 6, 7, and 8 is
needed to accommodate the extraordinary biodiversity

that characterizes forest ecosystems. As an example, if
stand-level issues, such as a limited supply of snags, are
disregarded in many cutblocks, the consequences can
be cumulative and result in large areas of unsuitable
habitat, which will eliminate opportunities for species
to recolonize regenerating forest. In Chapter 9, we
briefly revisit ideas associated with the integration of
strategies at scales ranging from individual stands to
large ecological reserves as part of comprehensive ap-
proaches to biodiversity conservation.

Chapters 6, 7, and 8 relate primarily to matrix
management in natural or near-natural forests. How-
ever, the landscape-level and stand-level approaches
to matrix management that we have outlined are also
relevant to intensively managed plantation landscapes,
where even moderate changes in management
regimes can contribute positively to biodiversity con-
servation (Chapter 10).





During recent decades, conservation biologists have fo-
cused primarily on the design, selection, and establish-
ment of large ecological reserves. In the many cases

where the objectives are broader than the conservation of
an individual taxon or assemblage, four general principles—
the CARR principles—provide a framework for the design
and selection of reserve systems. Reserves should be Com-
prehensive, Adequate, Representative, and Replicated.
Mathematical algorithms and gap analysis can be used to
guide the selection of reserves to make them more repre-
sentative and comprehensive and therefore help them bet-
ter represent the biodiversity of an area or region. However,
these methods often fail to address the adequacy of re-
serves and ignore the dynamics of ecosystems, including
those associated with large-scale environmental change.
Other approaches, such as risk assessment methods, are
needed to take these factors into account.

Despite the merit of the CARR principles and associated
analytical methods, it is extremely difficult to create reserve
systems that are truly comprehensive, representative, and
adequate for all elements of biodiversity. This reality is the
major limitation of a reserve-only focus. If reserves lack rep-
resentation of many ecosystems, and opportunities for their
expansion are limited, then matrix management is essential
for the conservation of many species.

The fact that existing reserve systems have limitations
does not justify substituting matrix management for the re-
tention of existing reserves or the establishment of addi-
tional reserves. What it does mean is that comprehensive
plans for forest biodiversity conservation must increasingly
incorporate matrix-based approaches that complement
reserve-based approaches.

C H A P T E R  5

Importance and Limitations of 
Large Ecological Reserves

It is certain that the . . . park and reserve system will be totally inadequate for
conservation of the products of four billion years of evolution. . . . A new
ecocentric paradigm, that integrates biodiversity conservation with the totality of
human activities, is long overdue.

—NIX (1997)
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Although much of the focus of this book is on the ma-
trix (see Chapter 1), the conservation of forest biodi-
versity requires both large ecological reserves and ma-
trix management. Credible (and comprehensive)
conservation programs must include ecological re-
serves wherever possible (McNeely 1994a; Chris-
tensen et al. 1996) to ensure the maintenance of habi-
tat across multiple spatial scales (see Chapter 3).

In this chapter, we examine issues associated with
large ecological reserves. First, we discuss why large
ecological reserves are a fundamental element of any
comprehensive plan for forest biodiversity conserva-
tion. Second, we outline approaches to the design and
selection of reserves. Third, we consider why reserves
sometimes need to be managed. Finally, we discuss
the limitations of a reserve-only approach to the con-
servation of forest biodiversity. The limitations of re-
serves are treated in some detail because they high-
light the need for matrix-based conservation
strategies. For the purposes of this book, we distin-
guish between large ecological reserves (the focus of
this chapter) and smaller areas of protected habitat
that are embedded within the matrix (see Chapter 6).

The Importance of 
Large Ecological Reserves

Large ecological reserves are extensive tracts managed
primarily to perpetuate natural ecosystems and related
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processes, including biota. They are an essential part
of all comprehensive biodiversity conservation plans
and are needed in all ecosystems and vegetation types.
They are important because

• Large ecological reserves support some of the
best examples of ecosystems, landscapes,
stands, habitat, and biota and their interrela-
tionships. They also provide important op-
portunities for the maintenance of natural
evolutionary processes.

• Many taxa find optimum conditions within
large ecological reserves, which become
strongholds for these species.

• Some species are intolerant of human intru-
sions, making it imperative to retain some
areas that are exempt from human activity.

• Large ecological reserves are needed to pro-
vide control areas against which the impacts
of human activities in managed forests can be
compared.

• Effects of human disturbance on biodiversity
are poorly known, and some impacts may be
irreversible. Others such as synergistic and
cumulative effects can be extremely difficult
to quantify or predict. Ultimately, this makes
large ecological reserves valuable as “safety
nets” relatively free from human disturbance.

Large Ecological Reserves and
Restricted Communities

The priority on establishment of large ecological re-
serves in conservation programs is often warranted
because near-natural examples of many ecosystems
and vegetation types are rapidly disappearing. They
must be identified and protected now or they will be
lost forever. Hence, an emphasis on ecological re-
serves is necessary where particular ecosystems, vege-
tation communities, or forest age classes are being ex-
tensively and rapidly modified (McNeely 1994a) and
only limited amounts of the original cover remain
(Pressey et al. 1996). Examples come from all over the
world and include old-growth forests in Scandinavia
(Jarvinen et al. 1977; Uuttera et al. 1996) and the
northwestern United States (Thomas et al. 1990;
Kohm and Franklin 1997), deciduous forests in Cen-

tral Europe (Hannah et al. 1995), dry forests of west-
ern Central America, and brigalow (Acacia har-
pophylla)–dominated vegetation communities in east-
ern Australia (Nix 1994; Fensham 1996). Indeed, we
conclude that there are threats wherever a forest type
capable of commercial exploitation exists.

Large Ecological Reserves 
and Human Disturbance

The establishment of large ecological reserves is es-
sential for ecological processes and taxa negatively im-
pacted by even low levels of human disturbance. Some
taxa may be conserved only within large reserves. Putz
et al. (2000) recognized this need for tropical forest
ecosystems and stressed that some areas should never
be logged. In another example, populations of the
arboreal marsupial yellow-bellied glider (Petaurus aus-
tralis) within the montane ash forests of Victoria ap-
pear to be virtually confined to extensive unfrag-
mented stands of old-growth forest (Incoll 1995;
Lindenmayer et al. 1999a). Extensive old-growth
stands now occur only in closed water catchment re-
serves where no logging has occurred. Similar types of
old-growth species occurrence relationships have
been reported for other taxa elsewhere around the
world (e.g., Jarvinen et al. 1977; Benkman 1993;
Niemelä 1997).

Large ecological reserves can be useful to protect
some species from human activities, such as hunting.
For example, the ibex (Capra ibex ibex) was extermi-
nated from France prior to the development of a sys-
tem of national parks and survived only in a hunting
reserve in Italy (Grodinski and Stüwe 1987; Skonhoft
et al., in press).

Large ecological reserves are valuable because the
impacts of human activities, such as forest harvesting
on biodiversity, are poorly known and for many
species will probably never be known. Some effects
will almost certainly be irreversible. As noted in
Chapter 3, for most species we have little or no under-
standing of what constitutes suitable connectivity, het-
erogeneity, stand structural complexity, and aquatic
integrity. In other cases, the ability to detect responses
to human disturbance may vary depending on the as-



5. Importance and Limitations of Large Ecological Reserves 77

semblages targeted for study—some may show a rapid
response (Niemelä et al. 1993) whereas for other taxa,
extinctions may occur a prolonged period after distur-
bance has occurred (even if such perturbations are
halted; Lamberson et al. 1994). This can lead to what
Tilman et al. (1994) termed an “extinction debt.” This
makes it important to maintain large ecological re-
serves in case errors are made in matrix management
(i.e., the risk-spreading approach discussed in Chapter
3).

Large Ecological Reserves as Reference 
Points to Quantify Human Impacts
Large ecological reserves are fundamental to quantify-
ing the impacts of natural and human disturbances
(Norton 1999). They are needed as reference points
to contrast with disturbed areas as part of scientific ex-
periments and observational studies (Christensen et
al. 1996; Norton 1999; Lindenmayer et al. 2000b).
The numerous unexpected responses of plant commu-
nities and biota following the 1988 fires in Yellow-
stone National Park and the 1980 eruption at Mount
St. Helens are two of many examples that highlight
the contribution of large ecological reserves to in-
creased scientific understanding. The value of large
ecological reserves as reference points is further
demonstrated in places such as Scandinavia where the
extent of landscape change and stand simplification
has been so substantial that it is difficult to envisage
original conditions. Angelstam (1996) noted that

In some heavily modified landscapes, such as
those in parts of Scandinavia, particular species
have become so rare that it is impossible to com-
plete meaningful studies of their habitat require-
ments. It has become necessary to examine in-
tact landscapes elsewhere that still support these
species to determine the properties and struc-
tures of suitable habitat.

In this case, forest managers and ecologists from
Scandinavia examined Russian forests to gain new in-
sights into ways to better conserve forest biodiversity
in their own countries (Angelstam et al. 1995; see
Chapter 4).

Large ecological reserves are also useful for com-
parisons of landscape heterogeneity between logged
or unlogged landscapes (Ambrose and Bratton 1990;

Mladenoff et al. 1993) and the corresponding re-
sponses of biota (McGarigal and McComb 1995; Lin-
denmayer et al. 1999a). Such work may show it is nec-
essary to increase the size of reserves to accommodate
particular types of landscape patterns that cannot be
replicated within production landscapes (Baker 1992;
Mladenoff et al. 1994). 

Large Ecological Reserves 
and Cumulative Effects
Large ecological reserves are valuable because they
are relatively safe from cumulative impacts of human
activities (sensu Cocklin et al. 1992a,b). These occur
when repeated perturbations accumulate spatially or
temporally in a landscape and have negative impacts,
particularly when they exceed threshold levels (Risser
1988; McComb et al. 1991). Examples include altered
hydrological regimes that arise when the aggregate
area of harvest units in a landscape exceeds a given
size (Aust and Lea 1992). In the case of the response
of the biota, species still present in forest landscapes
after an initial harvesting rotation may disappear dur-
ing subsequent rotations if refugia are destroyed or if
habitats needed for recolonization of logged and re-
generated areas are eliminated (Crome 1985; Linden-
mayer 1995).

Cumulative effects can result in novel types of dis-
turbance with impacts well outside the bounds of nat-
ural disturbance regimes with corresponding negative
outcomes for biodiversity conservation and ecosystem
processes at the stand and landscape levels (Paine et
al. 1998). Unfortunately, the ability of matrix manage-
ment strategies to mitigate or reverse cumulative
human disturbance impacts is unknown. This makes it
crucial to have some areas set aside as large ecological
reserves.

Another reason for setting aside large ecological
reserves is that organisms in managed landscapes must
sometimes contend with the combined effects of two
or more types of perturbation—a deterministic one
(logging) as well as a random or stochastic one (e.g.,
wildfire) (Lindenmayer 1995). There are many docu-
mented cases where the impacts of two types of dis-
turbance are independently unimportant but together
create significant problems for biodiversity conserva-
tion (Taylor 1979; Caughley and Gunn 1995; Paine et
al. 1998). The combined effects of logging, fire, and
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grazing of domestic herbivores in forest ecosystems is
a useful example (Kirkpatrick 1994). Fire, grazing, or
logging acting individually may not have significant
detrimental impacts in the forests of southeastern
Queensland. However, when combined, the recruit-
ment of new trees to replace harvested stems is 
impaired—trees are either burned by subsequent fires
or eaten by domestic livestock (Smith et al. 1992).
The problem of cumulative effects of logging and fire
is also increasingly recognized in tropical forests
(Holdsworth and Uhl 1997). These effects are inextri-
cably linked because logging opens the canopy of
tropical forests, creates additional coarse and fine
fuels, dries the understory, and promotes the develop-

ment of fire-prone grasses. Fire frequency can in-
crease dramatically and preclude forest recovery. In
addition, fires are not constrained to logged ignition
points; Putz et al. (2000) noted that in 1999, the area
of logged forest was 10 percent of the total area actu-
ally burned by fire in Bolivia. The negative cumulative
impacts of fire and subsequent salvage logging in
other rainforests such as those in southeastern Asia
are also increasingly being recognized (van Nieuw-
stadt et al. 2001).

Multiple (and sometimes compounding) forms of
disturbance mean that while some species presently
persist in managed landscapes, their future occurrence
is not guaranteed. The concepts of “species richness

BOX 5.1.

Large Ecological Reserves, Wilderness, and Biodiversity Conservation

The word wilderness derives from the Old English “wild
deer-ness” relating to uninhabited and uncultivated tracts
of land occupied only by wild animals (Shea et al. 1997).
Wilderness is a human construct that relates to the re-
moteness of areas from human influence and human infra-
structure development (Mackey et al. 1998). The concept
is usually linked to the spiritual, aesthetic enjoyment, and
recreation needs of western peoples in natural landscapes
(Mackey et al. 1999). The views of indigenous peoples
(such as those that lived throughout the continents of
North America and Australia), who occupied the land be-
fore European settlement and who did not have concepts
of wilderness, have generally not been taken into consid-
eration (Hammond 1991).

The role of wilderness in conserving biodiversity is
complex. Some authors contend that large wild areas are
essential. For example, Noss and Cooperrider (1994) state
that “unless it contains many millions of acres, no reserve
can maintain its biodiversity for long.” (See also initiatives
like the Wildlands Project; Foreman et al. 1992). There is
certainly evidence to demonstrate that in some jurisdic-
tions, for example, the only places where the stream chan-
nel and deep-pool architecture of riparian systems re-
mains unaltered by human activities occur in roadless
designated wilderness areas (McIntosh et al. 2000). In
turn, the conservation of particular groups (such as fish)
can be related to such a lack of human disturbance, high-
lighting the value of wilderness areas (Baxter et al. 1999).

However, strong relationships between wilderness val-
ues and conservation values are not always apparent. Lin-
denmayer et al. (2001b) found no correlation between the
occurrence of any species of arboreal marsupials in central

Victorian forests and measures of the intensity of human
development taken from the National Wilderness Inven-
tory (Lesslie and Maslen 1995) such as the distance of field
survey sites from roads. Better predictors of species occur-
rence were found to be such factors as the extent of ma-
trix management practices (e.g., levels of tree retention on
harvest units). Similarly, at a continental level there was no
relationship between the number of threatened Australian
mammal species and wilderness quality (as measured by
the National Wilderness Inventory), although significant
trends were recorded for vascular plants (Mackey et al.
1999).

Some areas will be important for biodiversity conserva-
tion precisely because the remainder of the landscape
that contains them has been subject to intensive human
use. Schwartz and van Mantgem (1997) demonstrate this
for the intensively modified landscapes of Illinois in the
Midwest region of the United States, where small reserves
(less than 10–20 hectares) have valuable roles to play in
conserving many plant and animal taxa. These ecosystems
have been so extensively transformed by humans, they
will never be wilderness. Yet the remnants support numer-
ous species, many of which can be conserved by appropri-
ate management.

We support the concept of wilderness—wilderness
quite clearly has spiritual, aesthetic, and recreation values.
Yet wilderness and biodiversity conservation are not al-
ways mutually inclusive (Brown and Hickey 1990). There is
abundant evidence to show that while large wild areas
have considerable conservation value, small reserves in
“non-wilderness” areas also have much to contribute to
the conservation of biodiversity.
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relaxation” and “extinction debts” are well known in
the theoretical literature (Macarthur and Wilson
1967; McCarthy et al. 1997; Brooks et al. 1999) and
also from empirical data (e.g., Loyn 1987; Robinson
1999). Since the current existence of a species may not
be a good indicator of its future persistence (Linden-
mayer 1995), we need to avoid overconfidence in our
ability to ensure the conservation of some taxa in the
long term (Niemelä et al. 1993; Noss and Cooperrider
1994).

Large Ecological Reserves, Wilderness, 
and Biodiversity Conservation

The concepts of large ecological reserves, wilderness,
and biodiversity conservation have been intertwined
by many authors, but as we show in Box 5.1, they are
not necessarily synonymous. For example, Dobson et
al. (2001) recommend a mix of reserve-based and ma-
trix-based conservation strategies from their studies of
plants, birds, and herpetofauna in several states in the
United States, noting:

Our results indicate that, although protecting
wilderness is valuable and relatively easy, con-
serving the most biodiversity will require greater
focus on those areas that are also of highest
value to humans.

Therefore, while large ecological reserves and
wilderness areas are valuable, small protected areas
also can be important—a topic discussed at the end of
this chapter and in Chapter 6.

The Design of Reserve Systems

A thorough treatment of the design of reserve systems
is well beyond the scope of this book. However, since
large ecological reserves are a fundamental compo-
nent of a comprehensive plan for forest biodiversity
conservation, we provide below a summary of some of
the key themes in reserve design. Detailed treatments
of reserve design are found in many books and papers,
such as Noss and Cooperider (1994), Margules et al.
(1995), Pigram and Sundell (1997), and Margules and
Pressey (2000).

Principles for Reserve Design
The “general reserve design principles” derived from
island biogeography theory provided much of the
early focus on reserves in conservation biology (see
Chapter 2). Problems with these design principles are
considered in Chapter 2 and in Box 5.2. The remain-
der of this section will deal with better-developed ap-
proaches for reserve design.

The design of a perfect reserve system, if conserva-
tion science were the only factor influencing land

BOX 5.2.

Island Biogeography and Reserve Design

Almost all conservation biology texts summarize the six
“general principles of reserve design” proposed by Dia-
mond (1975) based on the theory of island biogeogra-
phy (Macarthur and Wilson 1963, 1967). This is not sur-
prising given the considerable effort dedicated to
discussing and testing predictions from island biogeog-
raphy over the past three decades (reviewed by Shafer
1990). However, Zimmerman and Bierregaard (1986) and
Doak and Mills (1994) showed why island biogeography
theory often has little practical value in reserve design.
This is, in part, because reserves do not operate as iso-
lates like oceanic islands (Saunders et al. 1991). Rather,
attributes of, and processes in, the matrix can be highly
influential (Gascon et al. 1999; see Chapter 2).

Much of island biogeography theory focuses on the
numbers of species. However, in many reserve design
cases, species diversity per se is not the important
issue—the number of species may remain constant or
even increase after fragmentation, but large changes in
species composition can take place (Bennett 1990b;
Hutchings 1991 in Gascon and Lovejoy 1998). Different
species can exhibit conflicting (even diametrically oppo-
site) responses to the same ecological process, and
these cannot be taken into account with simple (and
often misleading) measures such as species diversity.
Additional concerns for reserve design should be the
identity of taxa that comprise species assemblages in re-
serve systems (Murphy 1989), the viability of populations
of threatened species in reserves (Grumbine 1990; Lam-
berson et al. 1994), and the need to improve represen-
tativeness or comprehensiveness for biodiversity surro-
gates captured within a set of protected areas (Scott et
al. 1993; Mackey et al. 1988).

We believe that rather than apply generic and some-
what simplistic general design principles, it is far better
to select and design reserves with specific objectives in
mind.
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allocation, would depend solely on ecological consid-
erations such as

• Whether the aim is to conserve a particular
species, conserve the maximum number of
species possible, or protect complete or repre-
sentative sets of taxa associated with a given
vegetation community or forest type

• The viability of populations of a given organ-
ism in any reserve or set of reserves

• The threats to the integrity of reserves result-
ing from activities in the matrix

In most cases, the objectives of a reserve system are
broader than the conservation of an individual taxon
or assemblage, such as the representation of the full
array of biodiversity of a region (Austin and Margules
1986). If this is the goal, three guiding principles—the
CAR principles—underpin the design of a reserve sys-
tem. This acronym stands for Comprehensive, Ade-
quate, and Representative (Dickson et al. 1997). Com-
prehensiveness refers to the need for a reserve system to
capture the complete array of biodiversity, ranging
from species (and their associated genetic variation) to
communities and ecosystems. Adequacy relates to the
need for a reserve system to support populations of
species that are viable in the long term. Representative-
ness means that a reserve system should sample the full
range of species, forest types, communities, and
ecosystems from throughout their geographic ranges
(Pressey and Tully 1994; Anonymous 1995; Burgman
and Lindenmayer 1998).

A fourth principle could be added to the CAR
principles—Replication. This refers to the need for a
reserve system to contain multiple protected areas of a
given vegetation type, forest community, or species.
This limits the risk that all reserved examples of an
vegetation type, population, or community could be
affected by a single catastrophic event, such as a wild-
fire (Lindenmayer and Possingham 1994). For this
reason, replication is often vital (Pickett and Thomp-
son 1978). The need for replication is influenced by

• The size of a single reserve, especially
whether or not it exceeds the maximum size
of a single disturbance event

• Whether a biodiversity surrogate (such as a
forest type or an age cohort of that forest
type) is sufficiently well represented in a given

reserve such that there is a high probability
that some unaffected area of the surrogate will
remain after a disturbance and, consequently,
propagules or offspring can recolonize dis-
turbed areas

• Whether there is high potential for more than
one reserve to be damaged by the same cata-
strophic event

Replication may not always be possible because the
targeted organism or entity may be so limited that all
individuals are captured in one reserve.

Replication of reserve systems may have other val-
ues. Replication may better protect taxa that might
otherwise be lost from a single reserve because of
species turnover (or localized extinction) or distribu-
tional changes enforced by processes such as global
warming (see below). Such temporal considerations in
reserve design are valuable because although two can-
didate areas may appear to be similar at the time re-
serve selection tools are applied, they may subse-
quently follow different successional pathways and
eventually have quite different conservation values.
Hence, both merit consideration for establishment.

Reserve Design and Surrogate Schemes
The design of a CARR reserve system will often be
based on surrogates for overall levels of biodiversity.
These surrogates are attributes thought to represent
the distribution and abundance of species and assem-
blages (Hunter 1994). They can include forest types or
other plant communities (Brown and Hickey 1990;
Specht et al. 1995), particular climatic parameters (e.g.,
rainfall), ecoregions (Sims et al. 1995), or climate do-
mains (Mackey et al. 1988; Richards et al. 1990).

Surrogates are essential in reserve design because it
is impossible to document comprehensively all biodi-
versity (Burgman and Lindenmayer 1998). A region
or landscape can be classified and mapped according
to biodiversity surrogates, providing a spatial dataset
against which reserve selection procedures can be ap-
plied. Box 5.3 provides an example.

Reserve Selection and Historical Levels 
of Vegetation Cover
To fully meet the goals of a CARR reserve system,
comparisons should be made between current levels of
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biodiversity or biodiversity surrogates and those at
some time in the past. For example, if there are reser-
vation targets of 10 percent for each biome (Scientific
Advisory Group 1995), that should mean 10 percent
of the original extent of those biomes. In the case of
Australian forest reserve planning, this has entailed
comparisons with the assumed pre-1750 distribution
of particular forest types (Dickson et al. 1997; Austin
et al. 2000) in an attempt to ensure that 10–15 percent
of the original cover of each type is represented in the
reserve system (Anonymous 1995). This period imme-
diately preceded the arrival of Europeans in Australia,
which was the beginning of widespread vegetation
clearing and landscape change (Walker et al. 1993). A
similar approach was used in New Zealand (Awimbo
et al. 1996).

Reserve Selection
Although representation of the full array of biodiver-
sity of a region is a traditional goal of a reserve system,
existing protected area networks typically contain a
biased sample of biodiversity (e.g., Pressey 1995; Nor-
ton 1999). Societies tend to reserve land for which
there is no other current economic use—the “worth-
less land hypothesis” (Hall 1988) (see also the section
below on the limitations of large ecological reserves).
An excellent example is in Chile, where forests at high
latitudes and altitudes are well represented while
those at lower latitudes and altitudes are not (Armesto
et al. 1998).

Methods such as reserve selection algorithms (Kirk-
patrick 1983; Margules et al. 1995; Pressey 1997) and
gap analysis (Scott et al. 1993; Noss and Cooperrider
1994) can be used to resolve problems associated with
a lack of representativeness (e.g., Williams et al. 1996;
Pressey 1997). Gap analysis integrates information on
biodiversity, land tenure, and management regimes to
identify biodiversity surrogates poorly represented in
the existing reserve system. Burke (2000) presents a di-
verse set of recent examples of the application of gap
analysis. The two approaches can also be used in com-
bination (Pressey and Cowling 2001). Reserve selec-
tion procedures are typically implemented in a step-
wise fashion (after Margules and Pressey 2000):

1. Compile data on biodiversity in the target region.
2. Identify conservation goals for the target region.

3. Review existing reserve systems in the target re-
gion.

4. Identify additional reserves (using reserve selection
or gap analysis techniques).

5. Implement conservation actions.
6. Maintain (manage) the specified values of the se-

lected reserves.

As part of the identification process, three princi-
ples govern most reserve selection protocols. These
are complementarity, flexibility, and irreplaceability
(Pressey et al. 1993).

Complementarity is the degree to which a given area
contributes previously underrepresented features
(e.g., species, land units, ecosystem types, or environ-
mental climatic domains) to a reserve system. The
principle involves identifying a set of areas in which
all species or land units are represented (or repre-
sented a number of times). Heuristic algorithms or
mathematical programming can be used to implement
complementarity (Kirkpatrick 1983; Margules et al.
1988). These operate by identifying new reserves that
are to be added to a set of protected areas until all
species or units are represented.

It may also be possible to develop a representative
network of reserves from a range of different combi-
nations of areas. This is the principle of flexibility,
which allows different areas to be substituted in a re-
serve system if they contribute the same previously
underrepresented taxa or land units (Pressey et al.
1993).

The concept of irreplaceability has two meanings in
reserve selection: (1) the degree to which an area is es-
sential to the goal of a completely representative re-
serve system, and (2) the contribution a given area
makes to representativeness (Pressey et al. 1993). Irre-
placeability both addresses the potential conservation
value of a given area and provides a means to explore
different planning options.

The principles of complementarity, flexibility, and
irreplaceability can be applied to any type of biodiver-
sity unit—species, species assemblages, ecosystem
types, land units, environmental classes, and the like
(Margules et al. 1995). The result of a reserve selec-
tion analysis is a map of selected biodiversity surro-
gates, subsets of taxa, assemblages, ecosystems, envi-
ronments, or combinations of these.
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One example of how reserve design algorithms can
help improve the representativeness of reserve sys-
tems is provided in Box 5.3. However, there are a
number of problems associated with using reserve se-
lection algorithms to improve representativeness.

First, extensive baseline data are often required to
provide detailed coverage of surrogates (e.g., forest
types or vegetation communities) from which to insti-
gate reserve selection protocols. These data are un-
available for many areas, particularly developing na-
tions (Norton 1999). Pressey and Cowling (2001)
argue that this should not preclude the application of
reserve design algorithms, although users need to be
aware of data limitations.

Another problem is that the units used as a basis for
reserve selection (e.g., forest types, plant communities
or ecological vegetation units, climatic domains) may
not be good surrogates for other forms of biodiversity
(Burgman and Lindenmayer 1998). Would a set of
areas set aside for a suite of forest birds also ade-
quately sample the reptile taxa? Good correspondence
was found by Kirkpatrick and Brown (1994) between
areas selected on the basis of environmental domains
and target plant communities in Tasmania, although
many rare species missed selection. Dominant forest
type was found to be a reasonable surrogate for
bryophytes in New South Wales (Pharo and Beattie
2001). But in many cases, the ability of one measure to
act as a surrogate for another remains unknown
(Pressey 1994b; Wardell-Johnson and Horowitz 1996;
Gustafsson et al. 1999; Lindenmayer et al. 2000b).
Forest type has been used as a surrogate for reserve
selection in Australia. However, some widespread
dominant tree species occur across a wide range of en-
vironments and species assemblages vary between
these different environments (Hunter 1991). Some
rare plants are associated with particular soil or rock
types rather than with overstory vegetation. A good
example of this is the array of rare plant species en-
demic to serpentine soils (Lyons et al. 1974; see Chap-
ter 6). Correspondence between faunal distribution
and environmental classifications (such as forest types
or land systems) is also unclear. In addition, some taxa
such as invertebrates and small mammals are closely
associated with understory plants (Gullan and Robin-
son 1980; Woinarski and Cullen 1984) rather than
with dominant tree species.

Finally, reserve design algorithms often attempt to
identify a minimum set of areas to achieve representa-
tiveness (see Box 5.3). This minimalist approach to re-
serve design (Crome 1994) can mean that protected
areas are vulnerable to species loss (Virolainen et al.

BOX 5.3.

An Application of a 
Reserve Selection Algorithm

One application of a reserve selection procedure comes
from the forests of southern New South Wales in south-
eastern Australia (Nicholls and Margules 1993; Margules
et al. 1995). The area examined was approximately
3,800 square kilometers, and the study aimed to identify
the minimum area required to sample 10 percent of the
twenty-six environmental domains that occur in the area
as well as 10 percent of the area occupied by each of
thirty-one communities of forest trees. A grid of 1-
square-kilometer pixels was overlaid on the study area
and a series of steps was used to achieve the goal of
sampling 10 percent of the area of the various environ-
mental domains and forest communities. These were
(after Margules et al. 1995):

Step 1. Identify a subset of grid cells that sam-
pled 10 percent of the area of each of the
thirty-six environmental domains.

Step 2. Determine the extent to which the thirty-
six different forest communities had also been
sampled by the procedure in Step 1.

Step 3. Add more grid cells until 10 percent of
the area of each forest community had been
sampled.

This work showed that thirty-four grid cells achieved
the 10 percent sampling target after the completion of
Step 1 and that the addition of a further three grid cells
was required to sample the tree communities to the
same level. The thirty-seven grid cells were equivalent to
8.7 percent of the entire study area. The flexibility of the
approach used by Nicholls and Margules (1993) and
Margules et al. (1995) was highlighted by the fact that
some of the grid cells chosen could be substituted for
others in the region and still achieve the same level of
representation with a similar number of grid cells.

Margules et al. (1995) then compared the spatial dis-
tribution of the thirty-seven grid cells that had been se-
lected with current land tenure. This showed that a large
number of the grid cells (and thus particular tree species
and environmental conditions) were not represented in
the national park system as it existed at that time (Mar-
gules et al. 1995).
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1999; Rodrigues et al. 2000)—the problem of reserve
adequacy discussed in the nest section.

Reserve Adequacy
Using biodiversity surrogates as part of reserve selec-
tion procedures can facilitate the process of reaching a
nominated target for reserve allocation (e.g., 10 per-
cent of a given forest type). But reserve selection algo-
rithms often fail to consider some of the issues associ-
ated with the adequacy criteria of the CARR
principles. They do not, for example, reveal how
much land needs to be reserved in total. They also
typically ignore the potential for environmental
changes (such as those forecast to occur with global
warming—see below) and ecosystem and population
dynamics (Cabeza and Moilanen in press). For exam-
ple, reserve selection algorithms do not provide an in-
dication of the viability of populations of species that
initially occur in a reserve system (Witting and
Loeschcke 1995; Burgman and Lindenmayer 1998).
Extinction risk assessment tools such as population vi-
ability analysis are useful for exploring issues associ-
ated with the viability of populations in large ecologi-
cal reserves (Armbruster and Lande 1993). Other
approaches can be valuable, such as the optimization
methods recently developed by Moilanen and Cabeza
(in press), which optimize reserve selection by specifi-
cally incorporating the likely persistence of target
species in a reserve network. Long-term empirical
studies of the dynamics of populations of different
sizes (Berger 1990) and the presence of species within
reserves of different sizes (Newmark 1985, 1987;
Gurd and Nudds 1999) also may provide an indication
of the chances of persistence (and hence the viability)
of populations residing within reserves.

The adequacy of a reserve system is also under-
pinned by such considerations as the size, number,
and shape of individual protected areas, connectivity
between protected areas (Burkey 1989), natural dis-
turbance regimes within reserves (Pickett and
Thompson 1978), and analyses of the impacts of
threatening processes in the matrix and how they may
threaten the integrity of reserves (Nelson 1991). How
these factors actually influence adequacy will depend
on the particular objectives of a reserve system and
the biodiversity surrogates targeted for conservation.
Generally, many adequacy issues can be addressed by

making reserves as large as possible (Soulé and Sim-
berloff 1986; Hunter 1994). This is because

• Large reserves will generally (although not al-
ways) support more species than smaller ones.
This view is supported by the species-area re-
lationship elucidated by Preston (1962) and
more recently reviewed by Connor and
McCoy (1979) and Rosenzweig (1995).

• Large reserves will generally support larger
(and thus less extinction-prone) populations
of particular taxa (Armbruster and Lande
1993). However, population size will also be a
function of other factors such as environmen-
tal productivity, habitat suitability, and the
spatial arrangement of suitable habitat
(Braithwaite 1984). Large populations are also
likely to have greater genetic variability than
small ones (Billington 1991) and are less likely
to suffer extinction as a result of genetic sto-
chasticity (Lacy 1987; Saccheri et al. 1998).

• Large reserves will have a better chance of in-
corporating natural disturbance regimes
(Pickett and Thompson 1978; Baker 1992).
This, in turn, has implications for the amount
of replication that is needed across a system of
reserves (see the CARR principles outlined
above).

• Large reserves will contain a greater area of
interior habitat buffered from negative edge
effects ( Janzen 1983) associated with the
boundaries of reserves (e.g., weed invasions;
Richardson et al. 1994).

In some cases, large reserves may not be superior to
small ones. Cinnamon fungus (Phytophthora cin-
namomi), which causes severe disease in plant commu-
nities, is now widespread through the extensive
wilderness areas of southwestern Tasmania and is dis-
persed by hikers. In contrast, the risk of spreading the
fungus can be more readily controlled within smaller
protected areas that are targeted for careful proactive
management (such as midspatial-scale reserves within
wood production forests) (M. Brown personal com-
munication).

Reserve adequacy involves much more than the
total area or size of protected areas. Processes taking
place in the matrix impinge on reserve integrity (Nel-
son 1991). For example, up to two-thirds of World
Heritage sites suffer from threats originating outside



84 II. BIODIVERSITY CONSERVATION ACROSS MULTIPLE SPATIAL SCALES

their boundaries (World Resources Institute 1992).
Disturbance regimes do not recognize reserve-matrix
boundaries. For example, pollutants and pests flow
from the matrix into reserves via river systems and
wetlands, and surrounding incompatible land uses af-
fect species inside reserves (Calhoun 1999). Deter-
mining the extent to which threatening processes
originating in the surrounding matrix can be con-
trolled or mitigated can be a good way to assess
whether or not a reserve is adequate (Janzen 1983).

Connectivity between protected areas will also
strongly influence reserve adequacy (Norton 1999).
Matrix-based strategies, such as the provision of corri-
dors and stepping stones and the retention of original
cover throughout harvested areas, may contribute to
the dispersal of organisms between reserves.

Management within Reserves

Simply setting aside a set of reserves will not necessar-
ily ensure the conservation of biodiversity. Manage-
ment in reserves is often needed to maintain habitat
suitability for some species (see Box 5.4; Figure 5.1).
Some reserves may need to be actively managed to
maintain ecological processes or limit the impacts of a
threatening process (Barker et al. 1996). For example,
the active exclusion of fire from reserves can be imper-
ative. The endemic Tasmanian conifer, King Billy pine
(Arthrotaxis selaginoides), is highly sensitive to fire, and
living trees can exceed 1,000 years of age. The species
is fully protected but nevertheless remains susceptible
to fire in reserved areas (Brown 1988) (Figure 5.2).

Active incorporation of fire may be essential in
other reserves. For example, the complete suppression
of fires within reserves may lead to large changes in
vegetation structure and plant species composition
with negative impacts on biodiversity (Zackrisson
1977; Shinneman and Baker 1997; Miller and Urban
2000). In some cases, there may have to be restoration
of past burning regimes (Burrows et al. 1989; Fulé and
Covington 1999) (Figure 5.1). For example, Parks
Canada has reintroduced fires in the form of pre-
scribed burning to some national parks as has the Na-
tional Park Service in many parks in the United
States.

Active management in the Kruger National Park in
South Africa involved the installation of permanent
water bodies within the park to prevent animal die-off
during drought years. As dry-season habitats for large
ungulates occur in highland areas outside the bound-
aries of the national park, the animals needed access to
nearby water.

FIGURE 5.1. Active management is sometimes required to
maintain or restore important ecological values or conserve
particular taxa. Prescribed fire in Wilson’s Promontory Na-
tional Park in the Australian state of Victoria is used to pro-
mote habitat suitability for the rare bird the ground parrot
(Pezoporus wallicus). Photo by D. Lindenmayer.

FIGURE 5.2. Reserving species in strictly protected areas
may not mean they are conserved. A classic example is the
highly fire-sensitive tree species King Billy pine, in Tasmania,
Australia. The photo shows extensive fire-damaged stands
of the species. A fire occurred in 1914, and there has been
minimal regeneration of the pine since then. Photo by J.
Hickey.

Image Not Available 
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Animal populations within reserves sometimes
have to be controlled (e.g., Wilson et al. 1992) (Box
5.4). Examples include feral predators (Kinnear et al.
1988), overabundant native animals, such as kanga-
roos in Australian reserves (Shepherd and Caughley
1987), and deer in small North America forest re-
serves (Johnson et al. 1995).

Although active human management of reserves is
often needed, it has to be balanced against the impor-
tance of maintaining all or portions of reserves as free
as possible from human activities. This is because the
full impacts of human actions are not known and
some may have unexpected negative effects on biodi-

versity. For example, when restoring past fire regimes,
only part of a reserve or a subset of protected areas
might be targeted for deliberate burning.

Reserve Selection and 
Design in the Real World

Large ecological reserves are fundamental to a com-
prehensive conservation plan, but as demonstrated
above, the selection and design of reserves is a de-
manding task. There are many factors to consider—
chief among them are the objective(s) for setting aside
a reserve. Is the reserve intended to capture a repre-
sentative sample of all biota or a subset of biota, to
conserve a particular threatened species, or to protect
a scenic feature? Issues such as representativeness, ad-
equacy, replication, reserve size, and reserve shape fol-
low logically from the objectives of setting aside a re-
serve. Other considerations include the type and size
of natural disturbance regimes, conditions in the sur-
rounding matrix, and the need for management
within reserves.

The CARR principles can provide a useful theoret-
ical framework for reserve design that addresses some
(but not all) of these issues. When selecting a reserve,
planning tools such as reserve selection algorithms are
useful, but they are not panaceas because

• They are data intensive and require informa-
tion that is almost never available in the ma-
jority of jurisdictions.

• Data limitations require the use of biodiver-
sity surrogates, which is problematic.

• They typically do not address reserve ade-
quacy.

• They typically do not address connectivity
between reserves.

• The individual circumstances of a particular
reserve selection case will dictate the most ap-
propriate algorithm to use (Pressey et al.
1997).

Only some of these problems are relevant to 
gap analysis, because the start of the procedure is 
the existing reserve system. However, where the aim
is to minimize the amount of land captured in pro-
tected areas the outcome of gap analysis will still have

BOX 5.4.

Management Within and Outside Reserves

The highly endangered western swamp tortoise
(Pseudomydura umbrina) near Perth in Western Australia
is a useful example of both the need to manage reserves
and the extrinsic processes in the matrix outside
reserves.

The western swamp tortoise is regarded as Australia’s
most endangered reptile (Cogger 1995), with a distribu-
tion covering only about 100–150 square kilometers.
Much of this has been extensively modified for other
uses such as agriculture and urban development (Kuch-
ling et al. 1992). Two swamps, one covering 65 hectares
and the other 155 hectares, were set aside as reserves
for the western swamp tortoise. The species disap-
peared from the larger reserve, and by the late 1980s
only a few dozen animals remained in the smaller swamp
(Kuchling et al. 1992). In addition to the restricted range
of the species, four factors were thought to have con-
tributed to its decline (after Kuchling et al. 1992):

1. Predation by the introduced red fox (Vulpes
vulpes).

2. Specialized requirements that made the
species dependent on habitat that was itself
rare.

3. Reliance on reserves that supported marginally
suitable habitat susceptible to periodic desic-
cation. 

4. Low rates of fecundity.

This example highlights the fact that simply setting
aside a reserve and failing to address the need for man-
agement action both within the reserve and in the
neighboring matrix will not always guarantee the long-
term survival of a species (Burgman and Lindenmayer
1998).
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significant limitations (Pressey 1994a). Nevertheless,
the use of gap analysis and reserve selection algo-
rithms is far better than an ad hoc approach to reserve
design (Margules and Pressey 2000; Pressey and
Cowling 2001).

Despite the potential value of reserve selection
methods, their use has often been hypothetical
(Ehrlich 1997; Kremen et al. 1999; Prendergast et al.
1999). One exception is the work by Brown and
Hickey (1990), who used forest type, geology, eleva-
tion, and broad climatic regions to identify gaps in the
coverage of forest reserves of Tasmania and then to
identify areas called “Recommended Areas for Protec-
tion” (M. Brown personal communication). The
CARR criteria for reserve design also have been ap-
plied (in part) to the forest estate in Australia during
the Regional Forest Agreement process (e.g., Pressey
et al. 1996).

One major problem in reserve selection is that no
two parts of a landscape or region are the same (they
differ in climate, landscape context, and a host of
other factors)—the environmental continuum concept
of Austin (1999) and others. Competing human de-
mands and the extent of past impacts will almost al-
ways be different among parcels of land. Hence, in the
real world there is never an array of identical candi-
date reserves from which to select. Prendergast et al.
(1999) acknowledged this for the United Kingdom
and noted the impossibility of picking reserves from a
set of candidate areas. Even more important is that
political, economic, and social factors almost always
take precedence over ecological goals and require-
ments when land is considered for reserve allocation
(Hunter 1994; Pressey et al. 1996; Lawton 1997; Mar-
gules and Pressey 2000). The tension between eco-
nomic, social, and ecological objectives makes reserve
selection highly idiosyncratic. What is appropriate in
one jurisdiction will be entirely unsuitable in others.
For example, in the United Kingdom, reserve design
is influenced by the fact that there are many different
types of reserves that are acquired by many different
institutions, including government and voluntary bod-
ies (Prendergast et al. 1999). In contrast, for many
less-developed nations, simply setting aside reserves
without considering the interests, behavior, and atti-
tudes of the local human population typically leads to
conflicts and ultimately degradation within a reserve

(e.g., Western and Gichohi 1993; Smith et al. 1997).
The reality of successful reserve design in many parts
of the world is neatly revealed in a recent paper on the
Masoala National Park in Madagascar, in which the
design was based on a unique blend of ecological and
socioeconomic criteria including strong local commu-
nity support (Kremen et al. 1999). Tellingly, the final
section of that paper also acknowledged the support of
the U.S. ambassador and the president of Madagascar.
Such idiosyncrasies are perhaps best summed up by
Prendergast et al. (1999), who noted that “no single
procedure for identifying areas of conservation inter-
est is likely to be universally appropriate.”

The limitations of a reserve-only approach and the
importance of matrix management for the conserva-
tion of forest biodiversity are highlighted by the
largely theoretical approaches to reserve selection and
the complexities of reserve design in the real world.

Limitations of a Reserve-Only
Conservation Strategy for
Biodiversity Conservation

Reserves are an essential part of any comprehensive
regional strategy for forest biodiversity conservation.
Conversely, a plan that ignores the matrix and is
based exclusively on reserves will fail because of the
inherent limitations of a reserve-only approach.
These include

• Limited area available to allocate to reserves
• Limited size of most reserves
• Lack of representativeness of reserves
• Social and economic impediments to expan-

sion and management of reserve systems
• Difficulties in capturing highly mobile taxa,

such as migratory or nomadic species
• Difficulties in capturing taxa with fine-scale

or patchy distribution patterns
• Instability of abiotic and biotic conditions

within reserves
• Potential impacts from intensification of ma-

trix exploitation once reserve systems are es-
tablished, including reduced matrix contribu-
tion to conservation and potentially degraded
productivity on matrix lands
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Limited Area Available for Reserves

The limited area available for forest reserves is a sig-
nificant limitation on a reserve-only focus for biodi-
versity conservation. The limitation relates to both
the absolute amount of suitable area available and the
socially acceptable area. Recent statistics indicate that
approximately 38×106 square kilometers, or about 8
percent of the world’s forest, is protected in IUCN
category 1b reserves (i.e., strictly protected areas)
(Commonwealth of Australia 1999) (Figure 5.3).

Reserves are not likely to exceed 10–15 percent of
the land base in the vast majority of forest regions
around the world, even in wealthy countries such as

the United States, Canada, and Australia. Usually, it
will be significantly less. For example, the total area of
strictly protected forests in twenty-six countries in
Europe is about 3 million hectares, or roughly 1.7
percent of the total forest area (Parviainen et al.
2000). The figures at national levels in Europe are
similarly small. In Finland in 1994, only 0.7 percent of
the southern and mid-boreal coniferous forest was in
dedicated nature reserves (Virkkala et al. 1994). Cur-
rently, reserves in the entire forest estate in Finland
total approximately 3.5 percent, similar to levels in
Sweden (National Board of Forestry 1996a; Hazell
and Gustafsson 1999).

FIGURE 5.3. Worldwide, most forest types have limited representation in reserves. IUCN Category 1a areas are strictly pro-
tected reserves, and the data clearly show that global levels of protection of most broad forest types are minimal (less than 5
percent). Data from Commonwealth of Australia 1999 and World Conservation Monitoring Centre.

FPO



88 II. BIODIVERSITY CONSERVATION ACROSS MULTIPLE SPATIAL SCALES

Even in the rare cases where reserve targets of 
40 percent are achieved for a particular region or for-
est type, the majority of forest land and its associated
biodiversity will still be in the matrix. Where reserva-
tion levels are low, as in Scandinavia, matrix manage-
ment is even more crucial for the conservation of
biodiversity.

The total area of reserved land is relatively mean-
ingless unless representativeness and comprehensive-
ness are considered (Armesto et al. 1998). The IUCN
has set reservation targets of 10 percent for each
biome on a global basis (Scientific Advisory Group
1995). Reservation levels at or below such percentages
are likely to be typical, except for some high-profile
forest types with limited distribution, such as the giant
sequoia (Sequoiadendron giganteum) forests of the
Sierra Nevada in California and the King Billy pine
forests of Tasmania (Brown 1988). Approximately 30
percent of the forest land in the Douglas-fir (Pseudot-
suga menziesii) region of the United States has been
reserved, including most remaining late-successional
forest. 

The kind of targets adopted for reserved areas,
such as 10 percent of the land base, are arbitrary and
were not developed using any scientific criteria (Sci-
entific Advisory Group 1995; Soulé and Sanjayan
1998). In fact, such levels are generally viewed as to-
tally inadequate (Rodrigues and Gaston 2001), and
perhaps as much as 50 percent of a region and even
100 percent of an ecosystem may need to be reserved
in some cases (Noss and Cooperrider 1994). No single
minimum reserve target will be appropriate because,
for example, areas, ecosystems, or nations with higher
levels of endemism or species richness may require
much larger proportions of the land base to be pro-
tected (Rodrigues and Gaston 2001).

Increased reserve levels (such as 20–30 percent)
will still be insufficient for some individual species.
For example, approximately 20 percent of the mon-
tane ash forests of the Central Highlands of Victoria
has been set aside as reserves (Commonwealth of Aus-
tralia and Department of Natural Resources and En-
vironment 1997). Despite this level of protection,
there is a threat that recurrent disturbances such as
wildfire will extinguish the endangered Leadbeater’s
possum from large ecological reserves (Lindenmayer
and Possingham 1995a). Wide-ranging carnivores and

ungulates are particular challenges in terms of the
necessary size of reserves (Noss and Cooperridder
1994).

In summary, due to limitations in the area available
for the reserve system, the majority of forest biodiver-
sity will either exist in the matrix outside protected
areas—or may cease to exist (Franklin 1993a; Linden-
mayer and Franklin 2000).

The Limited Size of Any Given Reserve
The limited area that can be committed to reserves
also limits reserve size in many cases. While small and
medium-sized reserves still have significant conserva-
tion value (Zuidema et al. 1996), they may not support
viable populations of some species in the long term
(Wilcove 1989; Armbruster and Lande 1993). Even
small species, such as some invertebrates, may be vi-
able only in large numbers (Thomas 1990; Tscharntke
1992) or may need large areas for long-term persist-
ence (Økland 1996; Didham 1997). This problem may
not only be a function of the size of a given reserve
size per se (Newmark 1985; Clark and Zaunbrecher
1987), but also the predominance of low-productivity
environments in reserves (see below).

Small reserves are likely to be too small to fully in-
corporate natural disturbance regimes, such as wild-
fires. Many cannot incorporate disturbance initiation
areas as well as the surrounding places where distur-
bances would naturally spread (Baker 1992). There-
fore, natural landscape patterns and levels of biologi-
cal legacies (see Chapter 4) will not be captured
within such reserves.

Long-term persistence of some species in small re-
serves depends on supplementation from populations
in adjacent matrix lands. Metapopulations of butter-
flies in the United Kingdom provide an example
(Thomas et al. 1992b). This also applied to the north-
ern spotted owl in northwestern United States prior
to adoption of current forest plans (Yaffee 1994; see
Chapter 11). In such cases, protecting isolated re-
serves is not sufficient to maintain resident popula-
tions (Baillie et al. 2000).

Small reserves are a problem for mobile species
that require resources which vary in their temporal
and spatial availability (reviewed by Law and Dickman
1998) and occur both within and outside reserves
(Redford and da Fonseca 1986; Woinarski et al. 1992;
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Mac Nally and Horrocks 2000). Examples are pro-
vided by a number of Australian forest birds
(Woinarski and Tidemann 1991), such as pigeons and
honeyeaters (Keast 1968; Date et al. 1996), as well as
fruit bats (Palmer and Woinarski 1999). The swift
parrot (Lathamus discolor) in the Australian state of
Tasmania is another classic example; only 2 percent of
the nesting habitat of the species occurs in dedicated
conservation reserves with the rest on private and
publicly owned production forests (Brereton 1997).
Such problems are related to difficulties in reserving
highly mobile taxa and not a lack of representativeness
of the reserve system. The long-term conservation of
the swift parrot depends almost entirely on manage-
ment actions outside reserves (Brown and Hickey
1990; Swift Parrot Recovery Team 2000).

Various strategies have been proposed to deal with
current limitations on potential reserves sizes, includ-
ing the restoration of large subregions and the use of
buffers around core areas (Noss and Harris 1986),
such as the biosphere reserve approach (Noss and
Cooperrider 1994). However, the potential for such
approaches appears limited, particularly by social and
economic factors.

Our view is that the area limitations for reserves re-
quire integrated conservation strategies across re-
serves and matrix lands, including production envi-
ronments, to assist movement between temporally
suitable habitats and protect roosting and foraging
sites for highly mobile taxa.

Lack of Representativeness
Existing reserve systems are almost always an unrep-
resentative sample of the range of environments, bio-
mes, biogeographic provinces, plant communities,
forest types, and rare taxa that occur in a region (e.g.,
Crumpacker et al. 1988; Johnson 1992; Khan et al.
1997) (Table 5.1; Figures 5.4 and 5.5). In the vast ma-
jority of countries, most of the productive and often
biologically rich forest lands have been long since oc-
cupied and converted to agricultural and urban envi-
ronments as well as to managed forests. Consequently,
land captured within reserves is typically characterized
by one or more of the following: steep terrain, high
elevation, high latitude, or low productivity.

Reserve systems in North America, Europe, Aus-
tralia, New Zealand, and Asia are typically in areas of

low productivity (Braithwaite et al. 1993; Hunter and
Yonzon 1993; Pressey 1995; Norton 1999) (Figure
5.4). In northwestern North America, highly produc-
tive sites were occupied by private landowners more
than a century ago, and so they are poorly represented
in forest reserves. Consequently, protected areas are

TABLE 5.1.

Lack of representativeness of biogeographic
provinces in reserves in Australia (after Johnson

1992; Burgman and Lindenmayer 1998).

BIOGEOGRAPHIC 
PROVINCE AREA (KM2) % PROTECTED

Queensland coastal 300,000 27.2  

Tasmanian 68,000 20.5  

Southern mulga/saltbush 837,000 7.0  

Southern sclerophyll 246,700 6.9  

Western sclerophyll 410,800 6.5  

Eastern sclerophyll 643,000 5.6  

Northern savannah 580,900 4.5  

Northern coastal 350,400 3.7  

Western mulga 778,100 2.9  

Eastern grassland/savannah 527,800 1.9  

Brigalow 231,600 1.7  

Northern grasslands 967,000 0.7

FIGURE 5.4. Reserve systems worldwide do not contain a
representative samples of species, communities, or ecosys-
tems. This is clearly evident from the bias of forest reserves
to steep, infertile land in northern New South Wales (Aus-
tralia). Redrawn from Pressey 1995. Reproduced from Web
search (www.control.com.au/search).
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dominated by steep, high-elevation lands with low
vertebrate diversity (Harris 1984; Scott 1999) (Figure
5.5). Similar circumstances exist in Scandinavia
(Virkkala et al. 1994). In Chile, more than 90 percent
of the protected land is concentrated at latitudes
above 43 degrees and areas of highest biodiversity
have virtually no representation in the reserve system
(Armesto et al. 1998).

The bias toward low-productivity environments
has significant implications for biodiversity conserva-
tion. First, there is theoretical and empirical evidence
that suggests that species diversity of plants and ani-
mals is often (although not always) positively associ-
ated with productivity (Harris 1984; Srivastava and
Lawton 1998). Second, populations of particular
species may be limited in low-productivity areas, such
as those on poor soils (Braithwaite 1984), in steep ter-
rain (Lindenmayer et al. 1991a), or at high elevations.

For example, bioenergetics research illustrates the
high costs of animal movement on steep terrain (Tay-
lor et al. 1972) and several studies have demonstrated
than populations of forest-dependent animals are
lower in such areas (e.g., Lindenmayer et al. 1997c,
1999b).

Lack of representativeness has occurred because
reserves have typically been set aside for reasons other
than nature conservation (Pressey 1994a; Khan et al.
1997) such as (1) low value for commodity production
or human settlement (Chindarsi 1997), (2) high value
for recreation (Pouliquen-Young 1997; Sax 1980), or
(3) high scenic and aesthetic values (Recher 1996).

As a result, matrix (unreserved) lands can some-
times have higher current value for particular ele-
ments of biodiversity than formally protected large
ecological reserves (Armesto et al. 1998).

Social and Economic Impediments to
Expanding Reserve Systems
Although many reserves are unrepresentative and too
small to support viable populations of some species
(East 1981; Grumbine 1990), there are limited oppor-
tunities to improve their size and representativeness.
Many poorly represented forest types and other plant
communities are often in private ownership and are
valuable for other land uses—making them difficult
and/or expensive to add to the reserve system (Scott et
al. 2001b). For example, in the Great Lakes region of
Wisconsin, in the United States, simply absorbing re-
maining old-growth forest stands within a large eco-
logical reserve was not a feasible management option
(Mladenoff et al. 1994). In the monsoon rainforests in
northern Australia, it was politically untenable to re-
serve and manage all representative samples (Price et
al. 1995). A combination of strategies was recom-
mended that included both monsoon rainforest re-
serves and matrix-based management in savannah
landscapes surrounding the rainforest patches.

Difficulties in Capturing Taxa with Fine-Scale
or Patchy Distribution Patterns
Even extensive reserve systems may fail to adequately
capture species-rich assemblages with fine-scale or re-
stricted distributions. This is, in part, related to the
sampling effect (Connor and McCoy 1979); that is, re-

FIGURE 5.5. The bias in the reserve system in the United
States is typical of reserve systems around the world in
being dominated by low-productivity and high-elevation
areas. Redrawn from Scott et al. 2001a,b.
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serves “sample” a subset of a landscape or region.
Hence, reserves may fail to capture some species or a
key environment for those species. Localized biodi-
versity hotspots that support concentrations of species
or are critical for species persistence (e.g., overwinter-
ing or calving grounds; Hansen and Rotella 1999)
may be left out. Conservation of velvet worms (Phy-
lum Onychophora) in southern Australia illustrates
this problem. Onychophorans are a species-rich group
with substantial localized variability in genetic diver-
sity (Rowell et al. 1995; Tait et al. 1995). Numerous
“cryptic species” occur (P. Sannucks personal commu-
nication). Many species have patchy and often highly
limited distributions. Some species of onychophorans
have poor dispersal ability and depend on rotting log
habitats in wet forests, making them susceptible to
such disturbances as prescribed burning and wood-
chipping (New 1995). Setting aside reserves for these
and many other species-rich assemblages with re-
stricted distributions is problematic as there are in-
variably taxa confined to matrix lands. Matrix-based
conservation strategies are essential in these cases,
such as small reserves within the matrix (see Chapter
6). For onychophorans, stand-level strategies, such as
retaining logs within clumps of intact vegetation cover
and using low-intensity prescribed fires for site prepa-
ration after logging (Forest Practices Board 1998), can
have considerable conservation value (see Chapter 8).
Examples for other species exist as well. For instance,
in East Africa, protected areas set aside for large
mammals do not adequately conserve small mammals,
making matrix lands valuable for the protection of
these species (Caro 2001).

Instability of Conditions
The persistence of populations within reserves can be
dependent on the maintenance of populations in the
surrounding matrix. Natural ecosystems are dynamic
with concomitant changes in species composition
(e.g., Woinarski et al. 1992; Margules et al. 1994a) and
changes in species distribution patterns. Therefore,
species will sometimes disappear from a reserve (Wit-
ting and Loeschcke 1995; Rodrigues et al. 2000).

Most reserves are subject to recurrent disturbances
such as wildfires—hence, the proposition that reserves
should exceed the maximum size of disturbed areas
(Pickett and Thompson 1978; Hobbs and Huenneke

1992). Larger areas have a greater probability of sup-
porting areas that escape the effects of a single cata-
strophic fire event (Seagle and Shugart 1985). Rela-
tively large-scale catastrophic disturbances in small
reserves may limit their ability to support viable
populations of some taxa (McCarthy and Linden-
mayer 1999a; Norton 1999). In such circumstances,
the maintenance of suitable habitat in the matrix is
important to maximize the prospects of population
persistence.

Margules et al. (1994a) studied plant communities
on natural pavements of limestone in northern Eng-
land and discovered that the set of areas needed to
conserve all taxa in 1985 no longer supported them in
1994, just nine years later (Table 5.2). If the respective
limestone pavements were treated as reserves and no
other populations of those organisms existed, the net-
work of reserves identified in 1985 would not have
conserved many species of plants (Burgman and Lin-
denmayer 1998).

Studies of birds (Rodrigues et al. 2000) and plants
(Virolainen et al. 1999) have produced similar results
to those of Margules et al. (1994a). Rodrigues et al.
(2000) suggested selecting the best areas for a particu-
lar species to overcome these problems and focusing
on rare species. However, selecting the best areas for

TABLE 5.2.

Plant species turnover on limestone 
pavements in Yorkshire (United Kingdom) 

over a nine-year period (modified from 
Margules et al. 1994a).

CHANGE IN THE NUMBER OF NUMBER OF 
SPECIES PER PAVEMENT PAVEMENTS

No Change 7 

Net Loss of Species   

1–5 21  

6–10 10  

11–15 10  

>15 5  

Net Gain of Species   

1–5 10  

6–10 9  

11–15 2  

>15 0  
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reserves is usually not possible and, moreover, this ap-
proach still ignores the landscape context of reserves
and, hence, the contribution of the matrix to biodiver-
sity conservation.

Anticipated changes in species ranges associated
with global climate change (Peters and Lovejoy 1992;
Parmesan 1996) also have major consequences for
species currently occurring in reserves—they may dis-
appear from reserves in the relatively near future (Pe-
ters and Darling 1985). Climate strongly affects
broad-scale distribution patterns of plants and animals
(Nix 1978; Woodward 1987) through its fundamental
influence on environmental resources such as the
availability of water and heat regimes (Mackey 1994).
Given this, rapid changes in climate associated with
global warming will likely result in large shifts in the
distributions of many species (Parmesan 1996; Mc-
Carty 2001); a temperature increase of 3°C may pro-
duce a habitat shift of 250 kilometers in latitude or
500 meters in elevation (Macarthur 1972).

Some of the potential changes stimulated by global
climate change include

• Contractions or expansions in the range of a
species

• Altered breeding times (e.g., flowering pat-
terns, bird migration behavior, frog spawning;
reviewed by McCarty 2001)

• Altered growth patterns (e.g., growing sea-
sons for plants) and changed palatability of

plant-based food for herbivorous animals
(Kanowski 2001)

• Fragmentation of a continuous range into a
patchy and disjunct distribution

• Complete extirpation of a species (Mansergh
and Bennett 1989) (Figure 5.6)

FIGURE 5.6. Conditions in reserves do not remain constant
but can change in response to altered environmental condi-
tions such as climate change. Species presently captured
within a reserve may not persist there if climatic conditions
change. This is illustrated by hypothetical changes in species
distribution patterns in response to global warming. Re-
drawn from Mansergh and Bennett 1989.

FIGURE 5.7. Predicted changes in the distribution of the Australian mammal the swamp antechinus (Antechinus minimus) in
response to one possible climate change scenario under global warming (redrawn from Brereton et al. 1995). These results
highlight the importance of maintaining populations of species both within and outside reserves in case major changes in cli-
mate take place as has been predicted as a result of global warming. Courtesy of Victorian Department of Natural Resources
and Environment.

Image Not Available 
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Altered distribution patterns have significant impli-
cations for the conservation of biodiversity (Peters
and Darling 1985). Most reserves will be too small,
lack sufficient variation in terrain and elevation, or
both, to accommodate widespread within-reserve
range shifts (Lindenmayer et al. 1991c; Brereton et al.
1995). If conditions in the surrounding matrix are un-
suitable or preclude species from dispersing between
reserves, then taxa will be unable to migrate to areas
supporting suitable bioclimatic conditions and suffer
severe declines or extinction (Westman 1990) (Figure
5.7). This prospect underscores the importance of the
overarching principle of Chapter 3—maintaining crit-
ical habitat across multiple spatial scales.

Intensification of Exploitation in the Matrix
An expanded system of protected areas may shift addi-
tional harvesting pressures onto remaining matrix
forests (Davie 1997). If levels of timber harvest are not
modified to reflect reductions in available land, the
benefits of expanded reserve systems may be largely
offset by increased production pressures (intensive
harvesting) in the matrix. There are signs of this prob-
lem in Australian forests with a policy of harvesting
“intensification” in matrix lands following the estab-
lishment of new reserves (Bauhaus 1999) (see Box
5.5). Intensive, recurrent mechanical thinning opera-

tions are now being added to clearcutting in some
Australian forests (Churton et al. 1996). Intensifica-
tion has the potential to threaten both biodiversity
and ecosystem productivity in matrix lands. For the
Regional Forest Agreements in Australia, it may have
been better to improve matrix management practices
in the larger area of wood production forest than to
expand the reserve system (see Box 5.5).

Downgrading the Conservation Value 
of Matrix Lands
Discounting the gains made by appropriate matrix
management may mean the downgrading of the con-
servation value of matrix lands in some quarters. Es-
tablishing large ecological reserves can distract atten-
tion from comprehensive multiscaled plans needed to
ensure the long-term conservation of species, commu-
nities, or ecosystems (Schwartz 1999). Focusing solely
on large ecological reserves can be counterproductive
when small habitat areas within the matrix also may
make a valuable contribution to conservation
(Franklin et al. 1997; Hale and Lamb 1997; Mac Nally
and Horrocks 2000). In South American forests,
Armesto et al. (1998) argued that priority should be
given to managing forest remnants in intensively
managed landscapes—remnants that currently have
high levels of unprotected biodiversity. Many other

BOX 5.5.

Intensification of Management in the Matrix—the Land Allocation Problem in Tasmania

The situation in the Australian state of Tasmania highlights
the problems of focusing solely on reserve systems and
neglecting the importance of the matrix for biodiversity
conservation. Here, the conservation movement has fo-
cused extensively on increasing the size of the reserve
system—particularly those forests with high “wilderness
value.” Under the recently signed Regional Forest Agree-
ment for Tasmania, which locks in decision making for the
forest estate, the size of the reserve system increased by
approximately 400,000 hectares (now encompassing 40
percent of the forest in the state). However, the trade-off
was that up to 85,000 hectares of native eucalypt forest
will be cleared for exotic plantations of radiata pine and
fast-growing eucalypts from mainland Australia. These will
be managed on a 15- to 30-year rotation (Forestry Tasma-
nia 1999). The percentage of the state’s forests managed
for plantations will increase from 2.8 percent to 5.1. per-

cent in the next ten years—up to 20 percent of a given
biogeographic province can be converted to plantations
under the regional forest agreement. Although the reserve
system is now more representative than it was previously,
the areas targeted for plantation establishment are the
highly productive parts of the northwest and northeast of
Tasmania—areas already heavily fragmented by agricul-
ture and existing plantations.

The focus on expanding the reserve system in Tasma-
nia while neglecting the importance of the matrix will have
a negative effect on biodiversity values. This is of consid-
erable concern given that there are 114 forest-associated
threatened species in Tasmania. A far better outcome for
biodiversity conservation arising from the Regional Forest
Agreement process would have been to improve manage-
ment in the matrix and forgo increases in the reserve
system.
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examples highlight the importance of small areas of
habitat in matrix lands (Kirkpatrick and Gilfedder
1995; Prober and Thiele 1995; Angelstam and Peters-
son 1997; Fries et al. 1998; Semlitsch and Bodie 1998;
Law et al. 1999; Lindenmayer et al. 1999b, McCoy
and Mushinsky 1999; Abensperg-Traun and Smith
2000). The habitat remnants in all these examples are
not candidates for inclusion in large ecological re-
serves. They are too small, spatially dispersed, and
embedded in production landscapes. Tenure con-
straints also limit their potential to become reserves.

If the conservation values of matrix lands are not
considered, the wrong message can be sent to owners
of unreserved land. Barrett et al. (1994) and McIntyre
and Barrett (1992) recognized this in conserving bird
populations in northern New South Wales, Australia.
They recommended influencing management on
woodland remnants and other small habitat patches
within the agricultural matrix rather than securing a
few large ecological reserves. Focusing only on large
ecological reserves would have concentrated efforts on
approximately five species that depend on large and rel-
atively undisturbed areas of forest. In contrast, conserv-
ing small protected areas in the matrix helped protect a
larger number of species and strongly signaled to pri-
vate landowners that biodiversity conservation could be
enhanced without evicting them from their land and
returning it to a natural state (Barrett et al. 1994).

Many species can and will persist in forests man-
aged for timber and pulpwood production with im-
proved matrix management (e.g., Hunter 1990; Lun-
ney 1991; Gustafsson and Ahlen 1996; Recher 1996).
A comprehensive review of timber harvesting in trop-
ical zones highlighted the conservation values of har-
vested tropical forests (Putz et al. 2000). Other work-
ers have called for reassessment of these managed
areas for biodiversity (Cannon et al. 1998). New crite-
ria for ecological sustainability and biodiversity con-
servation in temperate and tropical production forests
acknowledge the importance of matrix lands (e.g.,

Convention for Sustainable Development Intergov-
ernmental Panel on Forests, Helsinki Process, Mon-
treal Process; see Arborvitae 1995). Conservation val-
ues of the matrix are further highlighted by codes of
forest practice throughout the world that promote the
conservation of biodiversity and wood production as
joint objectives (e.g., British Columbia Ministry of
Forests 1995; Department of Natural Resources and
Environment 1996; Fenger 1996; Asia-Pacific
Forestry Commission 1997).

Matrix Management Versus Reserves

We emphasize again that, despite the limitations of
reserves, we are not arguing to substitute matrix man-
agement for reserves. Rather, we stress the potential
contributions of the matrix for biodiversity conserva-
tion and hence the need for both reserves and matrix
management as part of any comprehensive conserva-
tion strategy to maintain habitat across multiple spa-
tial scales. This is consistent with principles outlined
in Chapter 3, where we highlight the importance of
simultaneously implementing a range of conservation
strategies to spread risk in conservation management
and meet the demands of a more diverse array of 
forest-dependent taxa.

When matrix management is properly imple-
mented, the total land base needed for strictly pro-
tected ecological reserves may be less because

• There will be fewer species that can be con-
served only in reserves.

• The overall amount of land where biodiver-
sity conservation is considered will be in-
creased.

• Biodiversity conservation occurs across a
broader and more representative set of envi-
ronments.

• Threatening processes emanating from the
matrix will be reduced.



Acomprehensive approach to the conservation of forest

biodiversity incorporates a continuum of conservation

approaches from the establishment of large ecological

reserves through an array of conservation measures within

the matrix, including the maintenance of individual forest

structures within the managed stand. In this chapter, we pro-

vide a checklist of elements that should be considered as

part of a multiscaled approach to forest biodiversity conser-

vation, elements that are consistent with the general princi-

ples outlined in Chapter 3. The checklist contains four broad

categories of approaches to landscape-level matrix manage-

ment: (1) protection of aquatic ecosystems and networks,

specialized habitats, biological hotspots, and remnants of

late-successional or old-growth forest found within the ma-

trix; (2) establishment of landscape-level goals for retention,

maintenance, or restoration of particular habitats or struc-

tures as well as limits or thresholds for specific problematic

conditions; (3) design and subsequent management of

transportation systems (generally a road network) to take ac-

count of impacts on species, critical habitats, and ecological

processes; and (4) selection of the spatial and temporal pat-

tern for harvest or other management units. The first of

these—the importance of midspatial-scale protected areas

within the matrix—is the focus of this chapter. The remainder

are addressed in Chapter 7.

Midspatial-scale protected areas within the matrix are

often critical habitats for biodiversity and fundamental to the

maintenance of ecosystem processes. They can include (1)

aquatic ecosystems, such as streams, lakes, and ponds; (2)

wildlife corridors; (3) specialized habitats, such as cliffs,

caves, thermal habitats, meadows, and vernal pools; (4) bio-

logical hotspots or places of intense biological activity, such

C H A P T E R  6

Landscape-Level Considerations within the Matrix: 
Protected Habitat at the Patch Level

. . . the patchy structure of landscapes is important to ecological functioning at a
variety of levels of biological organization, and is itself worthy of conservation
and management attention.

—BAKER (1992)
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as calving sites, overwintering grounds, and spawning habi-
tats; and (5) remnants of late-successional and disturbance
refugia. Other places in the matrix may need to be pro-
tected or specially managed for cultural and social reasons,
although these too can sometimes have considerable value
for many elements of biodiversity.

The value of midspatial-scale protected areas is often
highly disproportionate to the area they occupy, but they
can be severely compromised by inappropriate practices
within the matrix. These areas typically require special man-
agement, including the establishment of networks of buffers
(such as riparian corridors) and protection from routine log-
ging and other silvicultural activities. Zoning systems can
sometimes be useful to signify the need for particular care
to maintain the integrity of midspatial-scale protected areas
in the matrix.

The importance of both large ecological reserves and
the appropriate management of matrix lands for forest
biodiversity was covered in Chapter 5. Since most ex-
isting or potential reserve systems are going to be lim-
ited, however, the long-term fate of many forest-de-
pendent organisms will depend on activities and
conditions in the unreserved portions of forested
landscapes, which we refer to as the matrix. The chal-
lenge, then, is to develop and implement management
strategies that sustain rather than reduce biodiversity
in the matrix (deMaynadier and Hunter 1995).

We begin this chapter with a checklist of elements
that should be considered in forest management that
are consistent with the general principles outlined in
Chapter 3 (Table 6.1). The remainder of Chapter 6 is
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an exploration of patch-level habitats that require
landscape-level consideration within the matrix, in-
cluding aquatic ecosystems, wildlife corridors, and spe-
cialized habitats. Additional landscape-level considera-
tions within the matrix, such as road systems and the
arrangement of harvest units in space and time, are
identified and discussed in Chapter 7. Finally, ap-
proaches to management of harvested forest stands
within the matrix that contribute to maintenance of
biodiversity, such as modified silvicultural regimes and
long rotations, are considered in Chapter 8.

A Checklist for Forest 
Biodiversity Conservation

A comprehensive approach to the conservation of bio-
diversity incorporates a continuum of conservation
approaches from the establishment of large ecological
reserves through an array of conservation measures
within the matrix, including the maintenance of indi-
vidual forest structures at the stand and substand scale
(Table 6.1). Elements in the checklist are approxi-
mately hierarchical, progressing from very large spa-
tial-scale strategies (large ecological reserves) to
midspatial-scale or landscape-level strategies (e.g.,
protected areas within the matrix) to stand-level silvi-
cultural approaches (e.g., structural retention). The
checklist is intuitive, but its elements have rarely been
presented in a comprehensive and hierarchical list
(Figure 6.1).

The general principles (see Chapter 3) of maintain-
ing connectivity, landscape heterogeneity, stand com-
plexity, and the integrity of aquatic systems apply to
all matrix lands. However, any one of the elements of
matrix management identified in Table 6.1 may con-
tribute to these principles (Table 6.2).

How the components listed in Table 6.1 are actually
addressed in a real landscape—individually and collec-
tively—depends upon many considerations. These in-
clude the nature of the landscape—physical and biologi-
cal conditions, human developments (such as roads),
objectives of the landowner(s), regulatory and social di-
rectives, and species targeted for conservation. Since each
landscape is unique in the mix of such considerations, we
cannot offer generic landscape- and stand-level prescrip-

TABLE 6.1.

Checklist of factors for matrix management.

LARGE ECOLOGICAL RESERVES (CHAPTER 5)

CONSERVATION STRATEGIES WITHIN THE MATRIX:
LANDSCAPE-LEVEL CONSIDERATIONS
(CHAPTERS 6 AND 7)*

Protected habitat within the landscape matrix:
protected areas at intermediate-spatial scales*

Aquatic ecosystems and riparian buffers*

Springs, seeps, vernal features, lakes, ponds, wetlands,
streams and rivers, and associated buffers

Wildlife corridors*

Culturally sensitive areas within the matrix

Special habitats*

Cliffs, caves, rockslides, thermal features, meadows, 
vernal features

Remnant patches of late-successional forest*

Biological hotspots*

Calving areas, source areas for coarse woody debris,
populations of rare species

Fire, wind, and other disturbance refugia*

Other landscape-level considerations

Transportation systems (e.g., roading networks)

Landscape-level goals for specific structural features (e.g.,
large snags) or vegetative conditions

Spatial and temporal patterns of timber harvesting

Dispersed versus aggregated

Size of harvest units

Rotation lengths

Restoration and re-creation of late-successional forests or
other habitat features

CONSERVATION STRATEGIES WITHIN THE MATRIX:
STAND-LEVEL CONSIDERATIONS (CHAPTER 8)

Habitat within management units or stands

Retention of structures and organisms at time of 
regeneration harvest

Creation of structural complexity through stand 
management activities

Lengthened rotation times

Strategies addressed in this chapter are indicated by an 
asterisk (*).
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tions. We do feel that each element of the checklist needs
to be appropriately considered in developing a conserva-
tion strategy for a forest landscape. The management
regimes that emerge from such a planning effort will vary
widely in different natural and social settings, as illus-
trated by the case studies in Chapters 11 to 15.

Approaches to Landscape
Management

Considerations in landscape-level matrix management
can be assigned to four broad categories:

1. Protection of aquatic ecosystems and networks, specialized
habitats, biological hotspots, and remnants of natural for-
est found within the matrix

2. Establishment of landscape-level goals for retention,
maintenance, or restoration of particular habitats or struc-
tures as well as limits or thresholds for specific problematic
conditions

3. Design and subsequent management of transportation
systems (generally a road network) to take account of im-
pacts on species, critical habitats, and ecological processes

4. Selection of the spatial and temporal patterns for harvest
or other management activities

Spatially explicit databases on conditions in the exist-
ing landscape are an essential starting point for landscape-
level matrix management. This may take the form of GIS
data layers or maps. One important layer is the forest
types (or other mappable vegetation units) that occur and
their condition (e.g., age class, harvest history, etc.). The
data layers or maps should include the location of roads
and stream systems as well as rare and significant vegeta-
tion types or places (e.g., biological hotspots; see below).
Spatially explicit information of this type provides the
basis for analyzing and displaying management alterna-
tives. In some jurisdictions, maps of pre-European settle-
ment patterns of vegetation cover can be useful for com-
parison with existing cover (see the discussion in Chapter
4 on contrasting natural patterns and those created by
human disturbance). However, such maps are difficult to
produce in places with a prolonged history of human use,
such as in many parts of Europe. The fundamental im-
portance of spatially explicit data layers or maps to land-
scape analysis and management planning is obvious and
nontrivial; however, it is an immense topic in itself, which
we will not deal with further here.

FIGURE 6.1. Hierarchical framework for integrated forest management for biodiversity conservation. The framework includes
large ecological reserves and landscape-level and stand-level matrix-based management. 

FPO
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The rest of this chapter focuses on identification
and protection of midspatial-scale areas within the
matrix—category 1 of the earlier list. Remaining land-
scape-level matrix issues are addressed in Chapter 7.

The Roles of Midspatial-Scale
Protected Habitats within the Matrix

Identifying and protecting sensitive and ecologically
important habitats within the matrix is essential in de-
veloping comprehensive strategies for biodiversity
conservation. Some of these habitats are widely dis-
tributed, such as stream and river networks and asso-
ciated riparian zones, and lakes, ponds, and wetlands
and associated littoral zones. Others, such as caves,
rock outcrops, and areas of specialized rock types, may

be rare but important for species found nowhere else
(Culver et al. 2000). These types of habitat may not be
adequately represented in a system of large ecological
reserves; in fact, with some very rare habitats the goal
may be to protect all extant examples. Also, large eco-
logical reserves often cannot mitigate loss of such
habitats elsewhere in a region or landscape, such as in
the case of spawning habitat for anadromous fish. Fi-
nally, remnant patches of natural vegetation, such as
stands of late-successional forest, may need to be
identified and protected.

Protected areas within the matrix can be consid-
ered to be midspatial-scale reserves managed prima-
rily for conservation goals. These “meso-reserves”
contribute to biodiversity conservation by

• Providing critical habitat for some biota, for
example, organisms that are totally dependent

TABLE 6.2.

Matrix management and the achievement of the general principles outlined in Chapter 3. 

PRINCIPLE STRATEGY

Principle 1. Maintenance of connectivity • Riparian and other corridors
• Protection of sensitive habitats with the matrix
• Vegetation retention on logged areas throughout the landscape
• Careful planning of roading infrastructure
• Landscape reconstruction

Principle 2. Maintenance of landscape • Riparian and other corridors
heterogeneity • Protection of sensitive habitats within the matrix

• Midspatial-scale protected areas
• Spatial planning of cutover sites
• Increased rotation lengths
• Landscape reconstruction
• Careful planning of roading infrastructure
• Use of natural disturbance regimes as templates (see Chapter 4)

Principle 3. Maintenance of stand complexity • Retention of structures and organisms during regeneration harvest
• Habitat creation (e.g., promotion of cavity-tree formation)
• Stand management practices
• Increased rotation lengths
• Use of natural disturbance regimes as templates 

Principle 4. Maintenance of intact • Riparian corridors
aquatic ecosystems • Protection of sensitive aquatic habitats with the matrix

• Careful planning and maintenance of roading infrastructure  

Principle 5. Risk-spreading • Adoption of array of strategies critical to principles listed above
• Ensuring that strategies are varied between different stands and 

landscapes (“don’t do the same thing everywhere”)
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upon unique features such as caves and ther-
mal features.

• Protecting aquatic and semi-aquatic ecosys-
tems and, in some cases, providing essential
inputs for those ecosystems, such as coarse
woody debris.

• Providing refugia for forest organisms that
subsequently provide propagules and off-
spring for recolonizing surrounding forest
areas as they recover from timber harvest (Ka-
vanagh and Webb 1998).

• Maintaining landscape heterogeneity (Princi-
ple 2 in Chapter 3). For example, the protec-
tion of even small grassland patches within in-
tensively cropped landscapes enhanced
invertebrate conservation by providing land-
scape heterogeneity (Halley et al. 1996).

• Facilitating connectivity (Principle 1 in Chap-
ter 3). For example, meso-reserves can be
stepping stones that facilitate movement of at
least some animals across managed landscapes
(Nève et al. 1996).

• Providing nuclei or nodes for the restoration
and expansion of key habitats, such as in-
creased amounts of late-successional forest
(McCarthy and Lindenmayer 1999a).

• Significantly increasing protection for habi-
tats, vegetation types, and organisms poorly
represented or absent in large ecological re-
serves.

Protecting and Sustaining
Aquatic Ecosystems
Aquatic features of landscapes—streams, rivers,
wetlands, lakes, and ponds—are critically important
to biodiversity conservation and ecosystem function,
although they are often not specifically considered 
as part of traditional reserve design (Pringle 2001). 
A very large proportion of the biodiversity found 
in forested landscapes is associated with aquatic
ecosystems—all aquatic and many of the terrestrial
organisms (Loyn et al. 1980; Naiman et al. 1993;
Naiman and Bilby 1998; Brinson and Verhoeven
1999; Calhoun 1999; Pharo and Beattie 2001).

Considerations in conservation planning must ex-
tend substantially beyond the most obvious aquatic

ecosystem components, which are the surface waters
occupying a stream channel or depression. For exam-
ple, the hyporheic zones (sensu Stanford and Ward
1993) of streams and rivers and the benthic environ-
ments of lakes are integral functional elements of
aquatic ecosystems and harbor rich and distinctive
biotas.

The habitat and functional relationships between
spatially adjacent terrestrial and aquatic habitats have
rarely received sufficient consideration in forest
management and conservation planning. Adjacent
terrestrial habitats (e.g., riparian and littoral zones)
should be viewed as integral components of aquatic
ecosystems because of the extensive functional rela-
tionships between adjacent terrestrial and aquatic
communities. For example, the half life of large
woody debris in the Queets River (Olympic National
Park in Washington state, United States) was found
to be approximately twenty years, which means that
virtually all wood disappears within fifty years; the
inference is that harvesting all large coniferous trees
within riparian zones of large streams could have ad-
verse impacts on the structure of aquatic ecosystems
within three to five decades (Hyatt and Naiman
2001). Many organisms utilize both aquatic and ter-
restrial habitats during their life cycles. For example,
in the Sierra Nevada range in California (United
States), nearly 100 percent of the aquatic inverte-
brates are closely associated with adjacent terrestrial
(e.g., riparian) areas (Sierra Nevada Ecosystem Pro-
ject 1996).

Aquatic influences on adjacent terrestrial habi-
tats need to be considered along with terrestrial in-
fluences on aquatic processes and biota. For exam-
ple, riparian forests are important habitats because
of their unique microclimate and vegetative struc-
ture and composition. Recognition of this has in-
creased interest in the conservation of riparian
habitats for their own sakes rather than simply as
protective buffers for adjacent streams. In another
example from the Sierra Nevada, approximately 17
percent of the plants and 21 percent of the verte-
brate species are closely associated with riparian or
wet areas (Sierra Nevada Ecosystem Project 1996).
In southeastern Alaska, 74 percent of all plant
species in the 145-square-kilometer Kadashan
River drainage were found in the riparian zone. In
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the state of Washington, 60 percent of 480 species
of wildlife occur in wooded riparian zones (Raedeke
1988). These levels of riparian contribution to
biodiversity are probably common in forest
landscapes.

Aquatic ecosystems have been immensely im-
pacted—physically, chemically, and biologically—by
a wide variety of human activities. Some activities
have been intentional and direct, such as the creation
of dams and other structures and diversion of water,
which alters flow regimes and impedes movement of
organisms and materials. Many other activities have
been incidental, such as pollution and additional sed-
imentation (Metzeling et al. 1995).

Aquatic and riparian habitats were found to be the
most altered and impaired habitats in the Sierra
Nevada (Sierra Nevada Ecosystem Project 1996), and
such circumstances are probably widespread. This re-
sulted from many factors, including dams and water
diversions, mining, timber harvesting, and repeated
release of fish into areas from which they were previ-
ously absent. Massive declines in amphibian abun-
dance, distribution, and diversity and probably similar
(but unknown) impacts on aquatic invertebrate diver-
sity have been a consequence of fish introductions.
The deterioration of forested wetlands in Finland is
another example of the problems created by intensive
timber harvesting. Protective measures are now being
developed for endangered plant communities there
that often support high levels of plant biodiversity
(Aapala et al. 1996).

A fundamental premise of this book is that
aquatic features will be identified and appropriate
measures adopted for their conservation. A detailed
consideration of the conservation values and appro-
priate management of aquatic ecosystems is far too
large and specialized a topic to address here. Our
focus is on the management of the terrestrial envi-
ronment (the forest) as it interacts with aquatic
ecosystems. It is important to ensure that conditions
(e.g., habitat and water quality) essential to aquatic
biodiversity are maintained along with those condi-
tions critical for terrestrial organisms and riparian
health.

Stream and River Networks

Riverine networks are large-scale networks of streams
and rivers that occur in all forested regions. They typ-
ically consist of complex (often dendritic), strongly
longitudinal, hierarchically structured, large-scale
networks that we refer to as streamscapes and river-
scapes. Streams and rivers are broadly (but not sharply
or consistently) differentiated on the basis of “volumes
of water moving within a visible channel, plus subsur-
face water moving in the same direction and the asso-
ciated floodplain and riparian vegetation” (Naiman
and Bilby 1998).

Vegetation associated with streams and rivers is
variously described as a riparian or streamside influ-
ence zone. Traditionally, riparian zones were defined
by the presence of water-loving plants intolerant of
high moisture stress and tolerant of seasonal flooding.
They also have distinctive disturbance regimes (John-
son et al. 2000). However, the area that is now consid-
ered relevant to aquatic ecosystems is usually much
broader than the zone characterized by riparian plants
(Swanson et al. 1982; Gregory et al. 1991; Naiman
and Bilby 1998). The term streamside influence zone
recognizes the broader region that has significant in-
teractions with streams and rivers, including shading
influences and primary source areas of allochthonous
inputs. Our riparian focus is on the larger interpreta-
tion. The term streamside corridor incorporates the
aquatic ecosystem—including the hyporheic zone—
and terrestrial near-stream areas that have significant
functional relationships with the aquatic ecosystem in-
cluding a more narrowly defined riparian zone.

There are important and mutual relationships be-
tween aquatic and terrestrial ecosystems (Swanson et
al. 1982; Gregory et al. 1991; Naiman and Bilby 1998;
Naiman et al. 2000). Streams and rivers have major
impacts on streamside terrestrial assemblages in terms
of microclimate (Chen 1991), movement corridors for
wildlife, habitat for terrestrial organisms (such as
breeding areas for amphibians), sources of energy and
nutrients (e.g., from returning anadromous fish), and
agents of erosion, deposition, and flooding. However,
as noted earlier, riparian zones are increasingly recog-
nized as distinctive and important habitats for biodi-
versity (Doeg and Koehn 1990; Kondolff et al. 1996;
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Naiman et al. 2000). Consequently, riparian zones are
increasingly proposed for protection on the basis of
their intrinsic value rather than simply as a buffer
zone for aquatic ecosystems (e.g., Recher et al 1980;
Sierra Nevada Ecosystem Project 1996).

Multiple Roles of Forests

Forests and other terrestrial vegetation within a
streamside corridor have extensive and substantial in-
fluences on aquatic ecosystems. The nature of these
relationships changes (often systematically) along the
gradient of stream size (Vannote et al. 1980; Swanson
et al. 1982; Gregory et al. 1991) (Figure 6.2).

The main roles of riparian forests in supporting
biodiversity and maintaining the function of riverine
ecosystems include 

• Environmental controls, such as on light and
temperature regimes (Budd et al. 1987)

• Inputs of organic matter and nutrients
(Graynoth 1989; Barling and Moore 1994)

• Physical protection, such as stabilization of
stream banks and filtering sediments

• Provision of coarse woody debris—a key struc-
tural component of streams and rivers for habi-
tat and its effects on hydrological processes
(Silsbee and Larson 1983; Harmon et al. 1986)

Terrestrial vegetation exerts a major control on envi-
ronmental conditions of small streams. Closed-canopy
forest can completely shade streams up to the third or
fourth order in size (sensu Strahler 1957), resulting in
light levels that sustain only low levels of aquatic pri-
mary productivity, such as by algae and mosses (Fig-
ure 6.2). Shading also prevents solar heating of water

FIGURE 6.2. Compositional, structural, and functional attributes of aquatic ecosystems, including their interrelationship with
the riparian zone, tend to vary longitudinally with stream order as represented here with dominant predators, producer
groups, P/R (production/respiration ratio), importance of wood, and proportion of invertebrate functional groups. Redrawn
from Sedell et al. 1988.
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(Barton et al. 1985). One of the early rationales for
forest buffers on streams in northwestern North
America was to prevent water temperatures from
reaching lethal levels for salmonid fish (Beschta et al.
1987; Hicks et al. 1991).

Since primary productivity in shaded streams is
limited, terrestrial plants and animals provide the en-
ergy and nutrient base in the form of allochthonous
materials—leaves, branches, feces, and other detri-
tus, root exudates, and so forth (Campbell et al.
1992). Streamside corridors that incorporate a vari-
ety of life forms (herbs, shrubs, and trees) are partic-
ularly valuable in providing these materials that vary
in both quality and timing and are the basis for the
food chain and a primary source of nutrients (Gre-
gory et al. 1991). Products from the small stream
systems are, of course, exported to downstream
aquatic ecosystems.

Streamside vegetation also can contribute to the sta-
bilization of stream channels. For example, root sys-
tems bind stream banks, and stems and organic debris
may reduce the potential for erosion. Uprooting of tree
stems also can contribute to erosion when streamside
trees are windthrown or undermined by water.

Large woody debris derived from a streamside cor-
ridor is an important input to stream and river ecosys-
tems (Swanson et al. 1982; Maser et al. 1988; Naiman
and Bilby 1998; Naiman et al. 2000) (Figure 6.3). The
numerous roles of large woody debris in small streams
include

• Creation of stream complexity and habitat di-
versity, such as in the form of debris jams,
sediment accumulations, and plunge pools.
Large woody debris is the primary determi-
nant of channel form and habitat in small
streams (Bilby and Bisson 1998; Naiman and
Bilby 1998).

• Increasing the retention capacity of the
stream for allochthonous inputs and sedi-
ments.

• Providing a long-term source of energy and
nutrients in the form of organic matter as well
as sites for nitrogen fixation.

• Reducing channel erosion by dissipating en-
ergy, such as by creating plunge pools.

• Providing large woody debris for downstream
areas.

• Contributing mechanically to disturbance of
the aquatic system (Swanson et al. 1998;
Johnson et al. 2000).

A major objective of riparian buffers in many forest
landscapes is to provide a continuing source of large
woody debris.

Large woody debris also plays valuable (although
different) roles in larger river systems (Harmon et al.
1986; Maser et al. 1988; Naiman et al. 2000). Unlike
small streams, large streams and rivers have substan-
tial capacity to float and redistribute large woody de-
bris. Large woody debris in rivers generates habitat
diversity by

• Modifying channel flow, resulting in the cre-
ation of deep pools (Gippel et al. 1996).
These “dead water zones” can be valuable
habitats for fish (Fetherston et al. 1995).

• Influencing sediment deposition to generate
large midchannel bars or channel margin bars.

• Facilitating vegetation development on bars
by providing protective structures.

• Creating productive, protected, off-channel
habitat by establishing log jams on main
channel segments.

• Regulating flows into secondary channels.

River systems lacking large woody debris tend to
develop simplified profiles dominated by riffles and a
reduced number of pools (Sedell et al. 1988; Bilby and
Bisson 1998). The habitat diversity generated by large

FIGURE 6.3. Large woody debris fulfills many critical roles
in streams, including the retention of sediment and organic
matter (Stanislaus National Forest, California, United States).
Photo by J. Franklin.
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woody debris greatly enhances both biodiversity and
the productivity of aquatic ecosystems.

Streamside and floodplain forests are the primary
source areas for large woody debris in stream and
river ecosystems. Dominant input mechanisms are
bank cutting and windthrow (Figure 6.4). Fluvial
transport of wood from smaller, high-gradient
streams, via debris torrents and mass wasting, is an-
other major pathway for delivery of large quantities of
large woody debris to larger streams and rivers (Keller
and Swanson 1979; Bilby and Bisson 1998). An im-
portant point to consider in managing river ecosys-
tems for biodiversity is that, over long time periods,
the entire floodplain functions as the source of large
woody debris and sediments (see below).

The Hyporheic Zone
The hyporheic zone is the “volume of saturated sedi-
ment beneath and beside streams and rivers where
ground water and surface water mix” (Edwards 1998)
(Figure 6.5). It has been recognized relatively recently
and has great importance for biodiversity conservation
and maintaining water quality and productivity in
riverine ecosystems (Stanford et al. 1994). The water
in porous, hydraulically conductive sediment is inti-
mately involved with the water in the open channel. It
supports a diversity of invertebrate species, referred to
as hypogean fauna (Edwards 1998), which occupy in-

terstitial spaces and are actively involved in breaking
down organic matter and releasing nutrients.

The subterranean and invisible hyporheic zone is
not isolated from the impacts of surface activities. It
can be affected by the vegetation and disturbance
processes in the floodplain as well as activities that
occur on the surface of the floodplain, such as logging
(Edwards 1998). For example, floodplain and gravel-
bar vegetation can influence the nutrient content of
subsurface waters, such as nitrogen enrichment due to
fixation associated with red alder (Alnus rubra). Flood
events can result in significant modification of hy-
porheic zones (Wondzell and Swanson 1999). Timber
harvest can compact the substrate, reducing the vol-
ume and size of interstitial spaces, thereby reducing
the rate of water infiltration and flow and the quality
and amount of habitat available to the hypogean com-
munity. For example, clearcutting in karri (Eucalyptus
diversicolor) forests in Western Australia led to signifi-
cant alterations in the interstitial community below
the streambed (Trayler and Davis 1998).

Streamside Corridors
Streamside corridors are the preferred conservation
strategy for streams and rivers in forested landscapes.

FIGURE 6.4. Large woody debris is an important structural
component of large river ecosystems, contributing to the
creation of habitat complexity. Large woody debris is deliv-
ered to a river bed by bank cutting and subsequent fluvial
processes (South Fork Hoh River, Olympic National Park,
Washington, United States). Photo by J. Franklin.

FIGURE 6.5. Location of hyporheic zones beneath and ad-
jacent to a river. Redrawn from Naiman et al. 2000. Repro-
duced with permission of the American Institute of Biologi-
cal Sciences.

Image Not Available Image Not Available 
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These are protected zones, or “buffers,” of terrestrial
vegetation within which little or no exploitative activ-
ity, such as logging, is allowed (Clinnick 1985; Davis
and Nelson 1994; Haycock et al. 1997). The objec-
tives of streamside corridors typically include protect-
ing the aquatic ecosystem from the direct impacts of
logging and other activities, but often these objectives
are broadened to include maintenance of functional
relationships between terrestrial and aquatic ecosys-
tems. Streamside buffers are known to be effective in
limiting sediment and nutrient run-off into aquatic
ecosystems (e.g., Daniels and Gilliam 1996).

Riparian processes considered in the development
of the streamside buffering system of the Northwest
Forest Plan in the northwestern United States (Forest
Ecosystem Management Assessment Team 1993) in-
clude root strength for soil and bank stabilization, de-
livery of large woody debris to streams and riparian
habitat, inputs of leaf and other particulate organic
material (allochthonous inputs), shading of stream and
maintenance of riparian zone microclimate, mainte-
nance of water quality, including sediment buffering,
and provision of wildlife habitat.

Adoption of streamside buffers has been
accepted—in principle—as an important tool in the
management of forest landscapes, despite substantial
earlier resistance by many foresters and forest-land
owners. However, there are still wide differences of
opinion about how extensive stream and river buffers
need to be to achieve conservation objectives. Specifi-
cally, questions are raised regarding the size and lon-
gitudinal extent of buffer widths necessary to achieve
desired objectives (e.g., how wide should buffers be,
and are they needed on all channels?) and the degree
to which management activities, such as timber har-
vesting, can be allowed in streamside buffers. Issues
associated with buffer widths include (1) the necessity
of having a buffer that can sustain natural disturbance
regimes and still continue to function in its protective
roles, and (2) the desirability of buffering the riparian
habitat itself.

The science of streamside corridors is still evolv-
ing. In northwestern North America, buffering of
streams began with a focus on larger, fish-bearing
streams and rivers and on relatively narrow protective
zones immediately adjacent to the channel. Primary
objectives typically included controlling stream tem-

peratures by shading and protection of stream banks
from disturbance. Approaches and objectives are
changing rapidly, largely in response to emerging
knowledge about geomorphological and hydrological
processes (especially at larger spatial scales), the na-
ture and locale of aquatic biodiversity and ecosystem
processes, and, especially, the numerous functional re-
lationships of terrestrial and aquatic ecosystems. Con-
sequently, proposed and adopted stream corridors and
specific riparian zone management prescriptions are
migrating upward in river drainages into small head-
water streams (and even intermittent channels) as well
as laterally so as to incorporate more (or all) of the
floodplain.

The increasing extent of stream corridors reflects
several emerging concerns, including recognition of
the importance of providing source areas for large
woody debris and sediments (including attention to
the large spatial scales and long temporal scales that
need to be considered in delivery and movement of
these materials), protecting the riparian zone itself,
protecting secondary channels, and protecting hy-
porheic habitats and organisms.

Width of Streamside Corridors
Selection of the appropriate widths for streamside cor-
ridors must be based on the objectives of the buffer
and the spatial pattern of relevant influences. For ex-
ample, if a primary goal of a streamside buffer is the
provision of large woody debris to the adjacent chan-
nel, the buffer needs to be of sufficient width to incor-
porate an appropriate source area based on relation-
ships of the type illustrated in Figure 6.6. If an
objective is to conserve a particular species, then its
movement patterns relative to the riparian zone need
to be established. In the case of the giant barred frog
(Mitophyes iteratus) in the production forests of New
South Wales, radio-tracking data showed that 30-
meter-wide unlogged stream buffers would capture the
typical extent of its movement (Lemckert and Brassil
2000). To maintain the entire breeding bird commu-
nity, Pearson and Manuwal (2001) recommended a
minimum buffer of 45 meters each side of second- and
third-order streams in northwestern United States
conifer forests; narrow buffers failed to maintain pre-
logging bird communities. Riparian buffers extending
at least 45 meters on both sides of streams were viewed
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as necessary to maintain natural microclimatic condi-
tions along streams based on a study of microclimatic
gradients associated with forested streams in moderate
to steep topography in western Washington state
(United States) (Brosofske et al. 1997).

For influences such as shading and allochthonous
inputs, narrower streamside corridors may suffice
than are required in the case of large woody debris.
Tree heights and rates of lateral channel change are
critical with regard to both of these issues. Other in-
fluences or goals, such as buffering of the riparian or
floodplain habitat itself, may require wider streamside
corridors.

Proposed and adopted widths for streamside corri-
dors vary widely from near-stream buffers of 10 me-
ters or less to buffers that cover 100 meters or the en-
tire floodplain (Forest Ecosystem Management
Assessment Team 1993). These differences are typi-
cally related to differences in management objectives,
such as between public and private land, and the
trade-offs between conservation goals and commodity
production. However, narrow buffers (e.g., 10 meters
or less) generally are not believed adequate to address
the biological and physical interactions known to exist
between a riparian forest and a stream or river. Some
authors recommend linking prescriptions for mini-
mum corridor widths with stream order. However, ap-
propriate buffer widths depend not only on stream
size but also on 

• Forest type (e.g., the potential tree height; see
below).

• Lateral extent of aquatic systems and habitat
types to be conserved.

• Topography.
• Soil conditions.
• Types of species and ecological processes tar-

geted for protection (Spackman and Hughes
1995; Lemckert and Brassil 2000). For exam-
ple, in parts of the wood production estate in
Australia, 20-meter buffers may limit exten-
sive sediment flow into aquatic systems (Clin-
nick 1985) but much wider ones (exceeding
100 meters) are needed to limit increases in
stream salinity due to rising groundwater and
the mobilization of salts in the soil profile
(Borg et al. 1997; Trayler and Davis 1998).

• The silvicultural system and harvesting ma-
chinery employed in the surrounding forest
(Chen 1991; Barling and Moore 1994; Gre-
gory 1997). For example, specially designed
harvesting machinery can limit damage to wet
soils and aquatic systems (Stokes and Schilling
1997), which, in turn, can influence the width
of buffers required.

These considerations must all be placed in the con-
text of the conditions within the remainder of the
landscape and watershed (Gregory 1997).

Many modern proposals for streamside corridors
are scaled to the heights of trees growing in the
riparian zone, such as some fraction or multiple of 

FIGURE 6.6. Generalized curves relating (A) percentage of
riparian ecological functions and processes occurring within
varying distances from the edge of a forest stand and (B)
percentage of microclimatic influences occurring within vary-
ing distances from the edge of a forest stand. Redrawn from
Forest Ecosystem Management Assessment Team 1993. 
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the height of a mature tree. For example, streamside
corridors adopted for federal lands in the northwest-
ern United States (identified as “riparian reserves”)
are based upon the “height of a site-potential tree,”
which is defined as the “average maximum height of
the tallest dominant trees (200 years or more) for a
given site class” (Forest Ecosystem Management
Assessment Team 1993). Ultimately, the adopted
widths of riparian reserves were multiples of site-
potential tree height (USDA Forest Service and
USDI Bureau of Land Management 1994a,b): two
site-potential tree heights on both sides of fish-bear-
ing streams (four tree heights in total); one potential
tree height on perennial, nonfish-bearing streams; and
one potential tree height on seasonally flowing or in-
termittent streams. The rationale for this approach
was the relationship between distance and functional
influence (Figure 6.6) plus consideration of other ri-
parian values and the need to “buffer the buffer” on
large channels (Forest Ecosystem Management As-
sessment Team 1993).

Variable-width streamside corridors (e.g., in British
Columbia; see Fenger 1996) are sometimes referred to
as smart buffers. As an example, streamside corridors
might be much wider along unconstrained reaches
where substantial lateral movement of the stream chan-
nel is possible, and narrower along areas where the
stream is constrained, such as in bedrock-controlled
reaches. In western Canada, the Clayoquot Sound Sci-
entific Panel (Scientific Panel for Sustainable Forest
Practices in Clayoquot Sound 1995) proposed a sophis-
ticated approach to “hydro-riparian reserves” for
streams based upon whether the channel was alluvial or
nonalluvial, entrenched or not entrenched, and upon
stream channel gradient and width. The widths of re-
served areas varied substantially with geomorphologi-
cal conditions as well as stream width; occurrence of
fish was not a consideration.

The riparian reserves of the Northwest Forest
Plan—sometimes viewed as a model of riparian
buffering—were originally intended to be an interim
streamside protection system. The design team of
aquatic biologists, hydrologists, and geomorphologists
expected the interim reserves to be modified (i.e., var-
ied) following detailed watershed analyses (Forest
Ecosystem Management Assessment Team 1993;
USDA Forest Service and USDI Bureau of Land

Management 1994a,b). For example, buffers could be
removed from some stream reaches and protection of
unstable landforms and soils extended beyond near-
stream areas. In practice, significant modifications of
the riparian reserves have never occurred, in part be-
cause of the perceived importance of the riparian re-
serves for terrestrial biodiversity. As noted below, this
universal application of streamside corridors to the
landscape can create problems, and alternative ap-
proaches that are considered to be consistent with the
goals of the Northwest Forest Plan have been pro-
posed (Cissel et al. 1999).

Selection of wider streamside corridors obviously
relates to objectives that extend beyond simply pro-
tecting aquatic ecosystems from direct impacts of
harvesting. Protecting large portions of floodplains
on larger rivers reflects at least three concerns: (1)
the potential importance of the entire floodplain as a
source area for large woody debris and sediments for
the river system and its estuary due to the long-term
meandering of the river channel, (2) the extent and
importance of hyporheic habitats in large river val-
leys, and (3) the importance of the diverse aquatic
habitats (e.g., off- or side-channels, seeps, and wet-
lands, and low-gradient tributaries) found on large
floodplains.

Longitudinal Extent of 
Buffered Streamside Corridors
The longitudinal extent of stream buffering is another
significant issue in designing a system of streamside
corridors. That is, what lengths or reaches of a river-
ine system should have buffers? In North America,
the focus has traditionally been on major fish-bearing
streams and rivers and on the main channel. However,
it is clear that within many river systems, small
streams actually support most of the biodiversity, rep-
resent the bulk of the aquatic habitat, generate most
of the aquatic productivity, and are the source areas
for large woody debris, sediments, and water (e.g.,
Forest Ecosystem Management Assessment Team
1993; Naiman and Bilby 1998). Consequently, low-
order headwater streams and even stream channels
that have intermittent flows are receiving increasing
attention in design of stream-buffering strategies.
This is a challenge in wood-production landscapes be-
cause of the lineal extent and density of low-order
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stream channels and consequent impacts on harvest
levels and logging practices that would be associated
with any buffering of this part of the streamscape. In
effect, if rainfall is adequate to support production
forestry, the drainage density and extent of the land-
scape that will be in buffer zones is likely to be
substantial.

Federal policies in the northwestern United States
again exemplify an approach that is ecologically con-
servative. All channels (including intermittent ones)
have one site-potential tree height buffer on each side
or, where trees are short, a streamside corridor width
of 100 meters. The extension of buffering to low-
order (and, often, high-gradient) streams and inter-
mittent channels is based on several ecological objec-
tives, two of which we will elaborate on.

First, the aquatic habitat and biota associated with
these streams and the associated riparian habitats rep-
resent a large proportion of the habitats present
within a drainage area and are the most widely distrib-
uted geographically. The importance of the riparian
zone to terrestrial as well as aquatic biodiversity has
become a critical issue in regional conservation plan-
ning (Scotts 1991; Forest Ecosystem Management As-
sessment Team 1993; Sierra Nevada Ecosystem Pro-
ject 1996).

Second, there is a greatly increased appreciation
of the importance of low-order streams in mountain-
ous topography as source areas for sediments and,
especially, large woody debris that ultimately influ-
ences processes and habitats within larger stream
reaches. Studies in the Coast Ranges of Oregon, in
the United States, provide examples of the impor-
tance of low-order stream systems and headwalls as
source areas for large woody debris and sediment
that maintain critical habitat and processes within
larger stream and river reaches (Figure 6.7). Periodic
mass failures of these steep landforms and high-
gradient streams generate debris torrents that are
deposited in larger stream reaches, typically at points
where the tributary channels intercept larger chan-
nels at high angles. These resulting debris jams cre-
ate primary spawning habitat for anadromous fish.
Without the periodic input of large woody debris,
these productive reaches would decline or even dis-
appear. Management of source areas aims to ensure
that when geomorphic failures occur they are
“loaded” with large woody debris.

Limitations of Streamside Corridors 
and Other Considerations in 
Riparian Conservation
Universal adoption of streamside buffers throughout a
drainage system can have the undesirable effect of
fragmenting upland habitats and creating a landscape
that has a high level of structural contrast between ri-
parian and upland habitats. The fragmentation prob-
lem is particularly notable in areas of moderate to
high stream density (Figure 6.8). Management of the
small, narrow, and isolated upland forest fragments
that are left behind may be impractical for both
physical reasons (e.g., access and maneuvering 
room for harvesting) and economic reasons. Where

FIGURE 6.7. (A) Fish-spawning habitat (primarily associated
with debris jams) within the Knowles Creek drainage in the
Coast Ranges of Oregon, United States. (B) Headwater
drainages that need to be managed so as to ensure periodic
landslides and torrents contain large quantities of large
woody debris for renewing the debris jams. Note: most of
this habitat is located where high-gradient tributaries have a
high angle of intersection with the larger stream reach.
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FIGURE 6.8. The Northwest Forest Plan
streamside corridors (riparian reserves) in an
exemplary watershed (Augusta Creek) in the
Cascade Range of Oregon. Although in-
tended as an interim buffering system that
would be reconfigured following watershed
analysis, it has become the de facto perma-
nent system. All channels, including intermit-
tent stream channels, are assigned buffers
about 110 meters in width (55 meters on both
sides of the channel). As illustrated here, up-
land habitats may be highly fragmented by a
universal buffering scheme of this type, signif-
icantly constraining options for their manage-
ment and creating the potential for a land-
scape with a high level of contrast between
riparian and upland sites. Redrawn from For-
est Ecosystem Management Assessment
Team 1993.
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management of upland forests occurs, the result can
be a high-contrast landscape in which densely vege-
tated riparian corridors are embedded in a managed
forest that is much younger and simpler in structure
(Carey et al. 1999b; Cissel et al. 1999) (see Figure
6.8). Windthrow within riparian buffers is also likely
to be a more serious problem under such scenarios.

An additional consideration is that most stream-
scapes in forested regions did not have streamside
zones that were uniformly and continuously domi-
nated by closed-canopy forests under natural condi-
tions. The historic range of conditions of streamside
forest doubtless included periodic creation of reaches
with open canopy conditions by disturbances. Some
aspects of aquatic ecosystems (e.g., primary productiv-
ity) and some aquatic organisms (e.g., many inverte-
brate, fish, and amphibian species) benefit from the
increased insolation associated with openings. Hence,
riparian management (including buffering strategies)
needs to consider natural patterns of vegetative cover
rather than focusing exclusively on maintaining
closed-canopy, late-successional forests throughout
stream corridors.

The extent of streamside buffers should also reflect
management goals in a practical way—including not
only biodiversity but also socioeconomic considera-
tions (see Brinson and Verhoeven 1999, in their exam-
ple of the Luquillo Experimental Forest in Puerto
Rico). For example, in some dissected landscapes,
wide riparian buffers could eliminate any timber har-
vesting (Bren 1997). In these cases, altered buffer
widths with ecologically conservative harvest practices
outside the riparian zone can afford some protection
of aquatic systems while providing for some wood
production.

Other Considerations
Retaining biodiversity and ecological functions within
stream and river systems involves more than the man-
agement of streamside corridors. Attention to road
systems—particularly where they intersect with the
stream network—is also imperative. Even with a very
conservative buffering plan (i.e., wide buffers through
the longitudinal extent of the drainage), the aquatic
ecosystem may be subject to road-related catastrophes
that travel down the stream channel in the form of
massive landslides and debris torrents. Even in the ab-

sence of catastrophes, roads in riparian zones have
chronic impacts (e.g., sediment and dust production)
and may modify channels and limit various riparian
functions. Therefore, any aquatic conservation strat-
egy in roaded landscapes must be two-pronged—ad-
dressing the protection of the stream influence zone
while also minimizing negative impacts of the road
network (see Chapter 7 for more details).

Comprehensive strategies for the conservation of
aquatic ecosystems typically incorporate additional
components such as

• Identification and protection of key water-
sheds, which are designated areas providing
high-quality aquatic habitat ( Johnson et al.
1991; Moyle and Sato 1991; Reeves and
Sedell 1992; Sierra Nevada Ecosystem Pro-
ject 1996). These are watersheds that typi-
cally represent “the best of what is left and
have the highest potential for restoration”
(Forest Ecosystem Management Assessment
Team 1993). Key watersheds also may be
chosen because they contain evolutionarily
significant fish stocks.

• Watershed analysis, which is “a systematic
process for characterizing watershed and eco-
logical processes to meet specific management
and social objectives . . . [and] a key . . . [to]
melding social expectations with the biophys-
ical capabilities of a specific landscape” (For-
est Ecosystem Management Assessment Team
1993). Watershed analysis is traditionally ap-
plied at the scale of 500 to 5,000 square kilo-
meters.

• Watershed restoration, which must be consid-
ered because conditions of streams and
aquatic ecosystems in many forested land-
scapes have been degraded as a result of
clearcutting of streamside forests, removal of
coarse woody debris from stream channels,
and construction of roads that have increased
the frequency and intensity of higher magni-
tude fluvial events. For example, streamside-
influence zones of entire forested drainages in
the northwestern United States have been
converted from forests of large, decay-resist-
ant conifers to woodlands of much smaller
and decay-prone red alder (Figure 6.9a).
Hence, active restoration programs are often
necessary to reestablish the structures and 
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processes characteristic of high-quality
aquatic habitat. These may include such di-
verse activities as modifying or eliminating
road effects; restoring large woody debris and
its source areas to streams and small rivers
(Figure 6.9b; Box 6.1); preventing trees from
being felled in the riparian zone (e.g., Macfar-
lane and Seebeck 1991); restoring vegetation
in riparian areas by thinning or underplanting

to accelerate growth of desired trees and un-
derstory plants to replace shrubs with desired
overstory trees (Gregory 1997; Brinson and
Verhoeven 1999); or reconstructing “natural”
stream-channel conditions. In many rivers,
sediment regimes have been altered dramati-
cally by human land use (e.g., Metzeling et al.
1995), leading to the simplification of
streambed conditions. In Australia, rock de-
flectors, or groins, have been constructed out
from the riverbank of some streams to narrow
the river’s channel and create deep pools that
provide habitat for large crustaceans and fish
(e.g., the endangered trout cod, Maccullochella
macquariensis).

Lakes, Ponds, and Wetlands

Lakes, ponds, and wetlands are aquatic features of
many forested landscapes that also require attention as

FIGURE 6.9. Timber harvesting has eliminated large conif-
erous trees, which are the primary source of persistent large
woody debris for streams and rivers, from riparian zones in
the northwestern United States. (A) Hardwood forests (such
as the stand of red alder depicted here) that have replaced
the coniferous stands are inferior sources of large woody de-
bris (north fork of the Stillaguamish River, Washington,
United States) (photo courtesy D. R. Berg). (B) River habitat
restoration in such rivers often includes direct reintroduction
of large woody debris into channels, such as this log jam
being constructed on the north fork of Stillaguamish River in
northern Washington, United States. Photo by P. Stevenson.

BOX 6.1.

Coarse Woody Debris and the Health of
Australian Aquatic Ecosystems

A significant problem in some Australian ecosystems has
been the loss of coarse woody debris from aquatic sys-
tems. These structures regulate patterns of stream flow,
provide habitat for biota, and stabilize stream-bank con-
ditions. Systematic de-snagging of rivers and streams
has had negative impacts on a wide range of aquatic
biota and ecological processes (Lovett and Price 1999).
The quantities of large woody debris vary substantially
throughout river systems depending on catchment posi-
tion, adjacent riparian vegetation, channel size, bank
conditions, stream power, and log decomposition rates.
Processes of re-snagging aquatic systems have at-
tempted to account for the pattern and variability in
snag type and abundance throughout river systems as
part of landscape-level restoration efforts of these key
ecosystems (Rutherford et al. 2000). The ultimate aim of
this work is to develop guidelines to help restore and
then maintain large woody debris throughout aquatic
systems. One requirement must be to develop restora-
tion programs so they can evolve without continued
human intervention. In the case of in-stream snags and
woody debris, this entails maintaining vegetation in ap-
propriate successional stages in the riparian and adja-
cent upslope zones.

Image Not Available 
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enclaves of biodiversity and sites for key ecosystem
functions. Included here are a broad variety of aquatic
and semi-aquatic ecosystems, particularly in the case
of wetlands. Wetlands include swamps, marshes, and
bogs and are broadly identified as (after Cowardin et
al. 1979)

lands transitional between terrestrial and aquatic
ecosystems where the water table is usually at or
near the surface or the land is covered by shal-
low water. . . . [A wetland] must have one of
more of the following three attributes: (1) the
land supports predominately hydrophytes (at
least periodically), (2) the substrate is predomi-
nantly undrained hydric soil, and (3) the sub-
strate is nonsoil [organic] and is saturated with
water or covered by shallow water at some time
during the growing season of each year.

We will consider here only the management of the
adjacent terrestrial habitats since we assume that ap-
propriate actions will be taken to conserve biodiver-
sity within the lakes, ponds, and wetland ecosystems
themselves.

Terrestrial communities adjacent to lakes, ponds,
and wetlands (i.e., in a broadly defined littoral zone)
have numerous interactions with these aquatic ecosys-
tems, many comparable to those between riparian for-
est and riverine ecosystems. For example, littoral
forests provide inputs of organic matter and nutrients,
habitat for adult life stages of aquatic invertebrates,
inputs of large woody debris, influences on meteoro-
logical conditions such as shading and sheltering from
winds, filtering of sediments and other materials from
upland areas, and shoreline stabilization.

Reciprocally, aquatic ecosystems provide resources
such as food and water for many animals and breeding
habitat for amphibians. They also influence environ-
mental conditions in the littoral forest.

Conservation management strategies for lakes,
ponds, and wetlands should have several objectives.
First, they should be designed to protect the aquatic
ecosystem and their biota from the direct impacts of
terrestrial activities, primarily logging and roads.
These would include altered environmental (e.g., me-
teorological) conditions and overland movement of
sediments, nutrients, and pollutants to shorelines.
Second, conservation strategies need to provide for

continued inputs of organic materials and large woody
debris that have naturally flowed from the terrestrial
to the aquatic ecosystem and, equally, try to avoid sig-
nificant changes in the quality and quantity of these
direct inputs. Third, conservation strategies need to
maintain the habitat conditions essential to life cycles
of both aquatic and terrestrial organisms that utilize
littoral forests during all or part of their life cycles.

Numerous organisms, including many water birds,
depend heavily upon the structurally complex eco-
tonal area between upland forest and aquatic ecosys-
tem. Littoral forests should be protected for their
unique intrinsic values as well as for the role they play
in healthy functioning of the adjacent aquatic ecosys-
tems as with the riparian forests.

Protected forest buffers are the primary strategy in
many forest plans for conserving biodiversity in all
aquatic features. The Northwest Forest Plan (USDA
Forest Service and USDI Bureau of Land Manage-
ment 1994a,b) provides for buffers (riparian reserves)
that are two site-potential tree heights in width
around lakes and natural ponds, beginning at the ex-
tent of riparian vegetation or seasonally saturated soil,
and buffer widths of one site-potential tree height
around all constructed ponds and reservoirs and all
wetlands greater than 0.4 hectare in size. In the Rio
Condor Project in Tierra del Fuego (Arroyo et al.
1996), a minimum buffer of 10 meters is recom-

FIGURE 6.10. Wetlands require special consideration in
conservation planning. For example, many Key Woodland
Habitats in Sweden (which are extremely valuable for biodi-
versity; see Box 6.2) are adjacent to lake systems such as this
one in the south-central part of the country. Photo by 
D. Lindenmayer.



112 II. BIODIVERSITY CONSERVATION ACROSS MULTIPLE SPATIAL SCALES

mended around all peat bogs, which are a valuable
wetland feature of those landscapes (see Chapter 15).
In Clayoquot Sound, in British Columbia, Canada, a
protective zone is required around lakes, which
extends either 50 meters or over the entire area 
under hydroriparian influence, whichever is greater
(Scientific Panel for Sustainable Forest Practices in
Clayoquot Sound 1995).

Road networks are the other major consideration
in wetland management in matrix lands. As with
streams and rivers, roads can significantly modify hy-
drological regimes and geomorphological processes
(see Chapter 7). One result of poorly designed and
maintained roads is the increased delivery of sedi-
ments and organic materials into lakes and ponds even
when roads are not directly affecting the aquatic
ecosystem, such as a roadbed that is on a shoreline or
that uses a fill to cross a wetland. Road networks need
to be located, constructed, and maintained to mini-
mize such effects.

Other potential impacts of human activities include
the effects of harvesting activities in a drainage basin
on hydrological and geomorphological regimes and,
hence, sediment, water, and nutrient budgets and
temperature regimes of the streams, rivers, lakes,
ponds, and wetlands. These indirect impacts can be
profound (see Chapter 7). Another category of direct
impacts is that of human use of the area for a variety
of activities, including recreation and grazing for do-
mestic livestock. Such effects on riparian and littoral
zones need to be considered as a part of any overall
conservation plan for streamside or lakeside forest
buffers.

Wildlife Corridors
Wildlife corridors are another category of midspatial-
scale protected areas that can contribute to the main-
tenance of biodiversity in the matrix. There is a sub-
stantial ongoing debate about the merits of wildlife
corridors to facilitate connectivity for biodiversity
(Noss 1987; Simberloff and Cox 1987; Simberloff et
al. 1992; Beier and Noss 1998), and confusion as to
the ecological roles anticipated for wildlife corridors.
In some cases, the most effective wildlife corridors

will be those that (1) support breeding populations of
animals and facilitate dispersal of their offspring, and
(2) facilitate the general movement of biota (Linden-
mayer 1998; Sieving et al. 2000).

Many authors view wildlife corridors as linear refu-
gia within production forests where populations can
persist and their offspring can eventually recolonize
adjacent cutovers (e.g., Lindenmayer et al. 1993a; Ka-
vanagh and Webb 1998). While there is abundant evi-
dence in the literature of the value of linear strips of
forest as habitat (reviewed by Bennett 1998), signifi-
cantly fewer studies have demonstrated the use of
wildlife corridors for movement (Bunnell 1999b).
Many species do not appear to require or respond to
corridors when dispersing (Rosenberg et al. 1997;
Danielson and Hubbard 2000). For example, the wolf
(Canis lupus) has recolonized parts of Montana
(United States) where there are no formal wildlife
corridors (Forbes and Boyd 1997).

There are also issues associated with the cost-bene-
fit ratio of wildlife corridors as compared with other
conservation strategies (Lindenmayer 1998). Conse-
quently, wildlife corridors should not automatically be as-
sumed to be an essential component of all conservation
strategies; their value depends upon many issues, in-
cluding the taxa in question and the overall intensity
of management within a landscape. As noted in Chap-
ter 3, the best general strategy to facilitate connectivity for
some biota may be to improve structural conditions
throughout the matrix.

Some species do appear to benefit from wildlife
corridors linking areas of suitable habitat. Examples
include species that avoid dispersing through open
areas (Martin and Karr 1986; Desrochers and Hannon
1997) and species for which habitat suitability is a pri-
mary factor influencing dispersal (e.g., Baur and Baur
1992; Nelson 1993). Wildlife corridors also may en-
hance dispersal success by reducing mortality during
such movements (Beier 1993).

Although riparian buffers may act as wildlife corri-
dors for some species, these may not be suitable for
organisms requiring midslope and ridge-top habitats
(McGarigal and McComb 1992; Claridge and Lin-
denmayer 1994; Vesely and McComb 1996; Catterall
et al. 2001). In other cases, corridors outside of
streamside areas will be appropriate for taxa, such as
some frogs, that are dependent upon aquatic habitat
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during part of the year but overwinter elsewhere in
the landscape. Arboreal marsupials were found to sig-
nificantly be more likely to occur in wildlife corridors
that connected two or more landform positions in a
landscape (e.g., gully and midslope positions) than
where corridors were confined to a single topographic
position (Lindenmayer et al. 1993a). This may relate
to a need for access to food resources that occur in
different parts of a forest landscape (Claridge and Lin-
denmayer 1994). The establishment of wildlife corri-
dors across a topographic gradient also can link areas
in different subbasins of a watershed—a potentially
valuable strategy for maintaining connectivity for
some species (Lindenmayer 1998) (Figure 6.11).

Corridor Width

Much wildlife corridor research has focused on identi-
fying minimum corridor widths (e.g., Harrison 1992).
This is because of the positive correlation between
corridor width and the abundance and/or species rich-
ness for birds, mammals, and invertebrates (e.g.,
Stauffer and Best 1980; Dickson and Huntley 1987;

Cale 1990; Keals and Majer 1991; Keller et al. 1993;
Vermeulen and Opsteeg 1994). Corridor widths can
also influence the dispersal behavior of some species
(Baur and Baur 1992; Arnold et al. 1993), which can
result in changes in home range size, shape, and use
(La Polla and Barrett 1993; Lynch et al. 1995).

However, corridor width is only one of several fac-
tors influencing wildlife corridor use (Table 6.3). For a
set width, wildlife corridor effectiveness will co-vary
with other attributes, such as length, habitat continu-
ity, habitat quality, and topographic position in the
landscape. It will also vary for different species (Harri-
son 1992; Lindenmayer 1994a; Mech and Hallett
2001) and may vary among forest types, even for the
same species (Lindenmayer et al. 1994b). For these
reasons it is not possible to provide generic guidelines
for minimum corridor widths. Nevertheless, wide cor-
ridors are generally more effective than narrow corri-
dors (Lindenmayer 1998; Brinson and Verhoeven
1999) because

• Wider wildlife corridors better approximate
interior forest conditions and minimize edge
effects (Moore 1977; Steinblums et al. 1984;
Laurance 1990).

FIGURE 6.11. A wildlife corridor in logged forest that provides a connection from a stream to a ridgeline in Victoria. These
cross-topography corridors were found to support significantly greater populations of arboreal marsupials than corridors re-
stricted to only one part of the landscape (i.e., a gully only or a midslope only). Photo by R. Meggs.

Image Not Available 
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• Wider wildlife corridors may maintain plant
species composition over long time periods
thereby increasing their long-term conserva-
tion value as compared with narrow wildlife
corridors (Harris and Scheck 1991).

• Wider wildlife corridors may capture a
greater array of habitat types (Lindenmayer
1994a), since these are often associated with
different topographic positions in the land-
scape (e.g., McGarigal and McComb 1992).
Consequently, they are more likely to provide
for the habitat requirements of specialist
species (Darveau et al. 1995; Forman 1995),
although there are presently few data to sup-
port this hypothesis.

• Wider wildlife corridors have a higher proba-
bility of supporting populations of resident
animals than narrow corridors do (Scotts
1991; Bennett et al. 1994), particularly of
wide-ranging species (Shepherd et al. 1992).
Species with large home ranges often do not
survive with narrow species corridors (e.g.,
Recher et al. 1987; Reiner and Griggs 1989 in
Forman 1995).

Although wide wildlife corridors appear to have
several advantages, narrow corridors may have conser-

vation value and should not be categorically rejected
simply because they are narrow. For example, narrow
corridors still promote the movement of some taxa
and provide habitat for others as exemplified by the
roles of hedgerows in agricultural lands in the United
Kingdom (Eldridge 1971; Arnold 1983; Osborne
1984). Narrow corridors also may be useful as nuclei
in programs to restore and expand corridor systems
(Crome et al. 1994).

Corridor Densities

The desirable density and type of wildlife corridors
for a forest landscape depends upon many factors.
These include objectives of the wildlife corridor sys-
tem, the silvicultural system utilized in the surround-
ing landscape, rotation length, spatial arrangement of
wildlife corridors, and biology of species targeted for
conservation (e.g., their dispersal behavior). The re-
quired density will be lower if timber harvesting is
based on a selective approach, incorporates high levels
of structural retention, or retains habitat islands that
can function like stepping stones in contrast to
clearcutting.

TABLE 6.3.

Factors influencing wildlife corridor use (based on Lindenmayer 1994a, 1998). 

FACTOR EXAMPLE

Target species characteristics Foraging strategy; colonial versus solitary social system (Recher et al. 1987)

Biotic interactions Aggressive interspecific behavior (Catterall et al. 1991)

Abiotic edge effects Microclimatic conditions (e.g., light regimes) reduce habitat suitability (Hill 1995)

Dispersal behavior Random dispersal versus movement along habitat gradients (Murphy and Noon 
1992)

Habitat suitability within corridor Structural features influence movement (Lindenmayer et al. 1994b; Bowne et al. 
1999)

Corridor characteristics Corridor width and length (Andreassen et al. 1996)

Topographic location and variation Confined to a gully or capturing multiple topographic positions (Claridge and 
Lindenmayer 1994)

Vegetation gaps Roads and tracks through corridors pose barriers to movement (Lindenmayer et al. 
1994c)

Size of areas connected Small connected patches provide few dispersalists to move through corridor (Wilson 
and Lindenmayer 1996)

Number of other corridors Influences chances of corridors being contacted during movement (Forman 1995)

Matrix condition Clearcut versus selectively logged adjacent forest 
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Taxa with poor dispersal ability and landscapes in
which logged areas are highly unsuitable as habitat re-
quire higher densities of wildlife corridors to provide
a greater array of potential movement routes and,
possibly, enhanced dispersal success (Lefkovitch and
Fahrig 1985; Merriam et al. 1991). Predictions from
simulation models are that some species moving
through a landscape are more likely to detect and use
wildlife corridors when linear landscape elements are
common (Stamps et al. 1987a,b). In The Netherlands,
population densities of some bats are positively related
to increased densities of wildlife corridors (Verboom
and Huitema 1997).

Objectives of Establishing 
Wildlife Corridors

Networks of wildlife corridors need to be developed
around specific objectives and the array of factors in-
fluencing wildlife corridor use (Table 6.3). Key ques-
tions about their design and establishment include the
following:

• Which species move between habitat patches
without corridors and which species are de-
pendent on corridors and to what degree
(Beier and Noss 1998)?

• How is corridor use influenced by the suit-
ability of the production forest landscape in
which they are embedded (Rosenberg et al.
1997)?

• Which species are supposed to benefit from
the corridors?

• Is a corridor to function solely as a conduit for
movement or is it also to provide suitable
habitat?

• What types of areas are being connected by
the corridor and how suitable are they for the
species of interest?

• What is the condition of the surrounding land-
scape in which the corridors are embedded?

In assessing corridor needs within a forested land-
scape, these questions should be addressed along with
analysis of the costs and benefits of alternative meth-
ods for facilitating connectivity (see below). Unfortu-
nately most studies of wildlife corridors have been

conducted in agricultural landscapes where corridors
create a stark and often permanent contrast with the
surrounding fields. Extrapolation from agricultural to
managed forest landscapes is problematic because
conditions surrounding wildlife corridors offer lower
contrasts and can be dynamic as the result of forest re-
generation and development (Lindenmayer 1998).

Alternatives to Wildlife Corridors

A principal reason for establishing wildlife corridors is
the promotion of connectivity for biodiversity. How-
ever, connectivity and corridors are not synonymous.
Corridors may be particularly useful where limited
vegetation retention on cutovers (e.g., clearcuts) pro-
vides a high level of contrast between the retained
strip and adjacent harvest units (Lindenmayer 1998).
But corridors are only one approach to facilitating
connectivity and are not effective for some species
(see Chapter 3).

The northern spotted owl exemplifies a vertebrate
for which use of corridors for facilitating movement
of dispersing birds among reserves was explicitly re-
jected because scientific data indicated the species dis-
persed randomly (Thomas et al. 1990; Murphy and
Noon 1992). The conservation strategies for the
northern and California spotted owls are, in fact,
based upon the maintenance of connectivity by main-
taining specific forest structural conditions through-
out the matrix (Verner et al. 1992; Forest Ecosystem
Management Assessment Team 1993; see Chapter 11).

Another example of an alternative approach to facil-
itating connectivity is found within the Tumut Frag-
mentation Experiment in southern Australia. Patches of
remnant native vegetation embedded within an exotic
radiata pine plantation have acted as stepping stones to
facilitate the movement of some bird and arboreal mar-
supial species (see Chapter 13). Structural retention in
harvested units is a primary strategy being used to pro-
mote connectivity in Nothofagus forests in Tierra del
Fuego (see Chapter 15).

Although corridors have limitations, and other
strategies can better provide the connectivity required
by some biota, existing wildlife corridors should be
retained because of the connectivity that they do
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provide (Beier and Noss 1998). However, corridors
and other strategies, such as setting aside stepping
stones, may have limited value if habitat loss and
degradation continue in the surrounding matrix
(Rosenberg et al. 1997).

Other Important and 
Unique Areas

Specialized Habitats

Most forest landscapes incorporate a number of
unique physical habitats that are critical for the per-
sistence of highly specialized or unique species and
communities of organisms. They also may provide
roosting, nesting, or hibernating places for more
widespread species. Special habitats include cliffs,
caves, rock slides, rare rock types, meadows, thermal
features, and vernal pools. Conflicts between the pro-
tection of special habitats and commercial activities
are often (but not always) negligible because such sites
have limited value for resource exploitation and typi-
cally occupy only small portions of a landscape
(Thomas 1979; Brown 1985). For example, species-
rich cave environments are extremely limited in their
spatial extent and tend to be concentrated in particu-
lar areas (Culver et al. 2000). Management plans need
to identify (and map) specialized habitats and develop
protective measures to ensure that timber harvesting,
road building, and other activities do not inadver-
tently impact upon them and their associated flora and
fauna (Gerrand 1997; Culver et al. 2000).

Our category, “specialized habitats” does overlap
with that of “biological hotspots.” Specialized habitats
are primarily geophysical features of a landscape,
whereas biological hotspots are places within a forest
landscape or streamscape that have extraordinary
value for biodiversity conservation. Both types of
habitats can be broadly considered to be biological
hotspots in that they contribute considerably to the
biological richness and productivity of a landscape.
The conservation value of both types of areas is often
highly disproportional to the area that they occupy
(Zimmerman and Bierregaard 1986).

Cliffs
Cliffs are steep, vertical, or overhanging rock faces
(Thomas 1979; Larson et al. 2000) (Figure 6.12).
They support a variety of niches such as cracks,
ledges, and caves. Cliffs provide physical protection
from climatic conditions and their special attributes
are often related to concentrations of biodiversity
within a relatively small and stable portion of the
landscape (Larson et al. 2000). The distinctive biota
and its strong interrelationships with the physical en-
vironment of cliffs have led to their recognition as dis-
tinctive and important ecosystems (Larson et al.
2000). Rock type, cliff height, and degree of isolation
typically influence the effectiveness of cliff habitats for
biota. Attributes that affect the presence of thermals
or atmospheric updrafts are important for raptors
(Craighead and Craighead 1969; Olsen 1995), and
distance to permanent water is essential for some
other vertebrates (Thomas 1979; Churchill 1998).

Cliffs are utilized as habitat by many vertebrate
species. For example, raptorial birds such as condors
and falcons are strongly dependent upon cliffs as habi-
tat elements (Thomas 1979; Olsen 1995). Denton
(1976) reported that the prairie falcon (Falco mexi-
canus) used high cliffs because of predictable thermals
and security from ground-dwelling predators. Other
examples of species groups that utilize cliffs are swifts
and bats (Thomas 1979; Churchill 1998). In Australia,
the highly specialized rock-wallaby group is strongly
associated with cliff habitats.

Distinctive floras, including ferns and lichens, are
also associated with cliffs and rock outcrops (Duncan
and Isaac 1986; Anderson et al. 1999). For example,
cliffs of calcareous rocks in Sweden support specific
flora and are often registered as Key Woodland Habi-
tats (National Board of Forestry 1995) (see Box 6.2).

Talus and Scree
Talus and scree are accumulations of broken rocks
found at the base of cliffs or other steep slopes
(Thomas 1979) (Figures 6.12 and 6.13). Physical vari-
ables include rock type, rock size, pore size, depth,
width, and length, all of which influence the potential
of talus and scree as habitat. For example, in north-
western North America, a large, deep, stable talus of
igneous intrusive rock is considered to be a more



FIGURE 6.12. Common topographic relationship of cliffs, talus, and scree, and caves. Redrawn from Brown 1985. 



118 II. BIODIVERSITY CONSERVATION ACROSS MULTIPLE SPATIAL SCALES

valuable wildlife habitat than a small talus or one com-
posed of sedimentary rock (Thomas 1979). The depth
of these rock formations can influence animal move-
ments and help them to find suitable environmental
conditions; deep talus has also been found to be more
stable (Krear 1965). Areal extent determines whether
there is sufficient habitat for viable populations or
breeding pairs of organisms.

Some species are virtually restricted to talus, scree,
and rock outcrops. Weathered rocky sandstone out-
crops are daytime shelter sites for the endangered
broad-headed snake (Hoplocephalus bungaroides) near
Sydney (Australia) (Shine and Fitzgerald 1989). In
North America, the American pika (Ochotona princips)
is strongly dependent upon talus (Smith 1980). In
other cases, concentrations of widespread plants and
animals occur on talus, scree, and rock outcrops. For
example, in the interior Columbia Basin region of the
Pacific Northwest, in the United States, large numbers
of vertebrates such as snakes, lizards, amphibians,
birds, and small mammals occur in talus habitats
(Thomas 1979).

Caves
Caves are natural underground chambers that are
open to the surface. The Federal Cave Resources Pro-
tection Act of 1988 (United States) defined caves as

any naturally occurring void, cavity, recess, or
system of interconnected passages which occur

BOX 6.2.

Key Woodland Habitats in Sweden—
Examples of Protected Specialized Habitat

within the Matrix

Scandinavia has experienced prolonged human impacts
on its forests, and many elements of biodiversity are
threatened (Berg et al. 1994; Virkkala et al.1994; Angel-
stam and Pettersson 1997). More than 200 species are
classified as endangered and 3,000 regarded as vulnera-
ble in Sweden alone (National Board of Forestry 1995).
There are now considerable efforts to better manage
forest landscapes to conserve biodiversity, but conven-
tional conservation biology approaches are limited be-
cause much of the Swedish forest estate is privately
owned and only minimal amounts (less than 5 percent)
are in national parks and nature reserves (National Board
of Forestry 1996a; see Chapter 5). Therefore, conserva-
tion of forest biodiversity in Sweden is dependent upon
matrix management rather than upon large ecological
reserves.

A primary element in conservation of biodiversity on
Swedish matrix forests has been the Key Woodland
Habitats initiative. Key Woodland Habitats are areas with
high conservation value that contain (or are expected to
contain) red-listed species or taxa that are threatened or
endangered (Gustafsson et al. 1999; Jonsson and Jon-
sell 1999). The vast majority occur on private land. The
conservation of Key Woodland Habitats would be most
effective if areas rich in one group of taxa were also rich
in other groups (Mönkkönen 1999). Extensive field stud-
ies have shown that Key Woodland Habitats do, indeed,
support many red-listed species of bryophytes and
lichens (Gustafsson et al. 1999), although red-listed vas-
cular plants were not well represented in these nomi-
nally protected areas (Gustafsson 2000).

Key Woodland Habitats are typically 0.5 to 5 hectares
in size. Types of areas listed include cliffs, forests in
canyons, marshlands with alder, and waterlogged conif-
erous forest (National Board of Forestry 1995). Many Key
Woodland Habitats are characterized by structural fea-
tures, such as large quantities of dead wood, old large-
diameter trees, and multi-aged stands (Gustafsson
2000).

There is no formal protection of Key Woodland Habi-
tats in Sweden, but in practice they are not likely to be
logged (Gustafsson 2000). By late 1996, 500 Key Wood-
land Habitats had been surveyed encompassing 1,100
hectares; this increased to 32,000 by the end of 1997.
Currently there are an estimated 60,000 to 80,000 Key
Woodland Habitats, totaling 1 percent of the Swedish
forest estate (Gustafsson 2000).

FIGURE 6.13. Rock slides, outcrops, and cliffs provide criti-
cal habitat for organisms in forested landscapes (Columbia
River Gorge National Scenic Area, Oregon, United States).
Photo by J. Franklin.
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beneath the surface of the earth or within a cliff
or ledge . . . and which is large enough to permit
an individual to enter, whether or not the en-
trance is naturally formed or man-made.

There are many different types of caves, and they
vary depending upon parent material, mode of origin,
depth, and overall size. Caves can be very important
for the biodiversity of the landscape in which they are
located. They provide a dark, stable internal environ-
ment sheltered from extreme weather conditions and
offer protection from predators. Pools, streams, and
even rivers also may occur in caves.

Caves provide roosting, hibernating, and hiding
habitat for many animals such as bats, which utilize
cave systems, sometimes in immense numbers (Dwyer
1983). For example, in northwestern North America,
caves provide breeding, nursery, and hibernation sites
for the western big-eared bat (Plecotus townsendii)
(Thomas 1979). Enormous congregations of bats, in
turn, attract many predators, creating diverse verte-
brate assemblages and food webs.

Caves are habitats for some highly specialized or-
ganisms found nowhere else. Culver et al. (2000) cal-
culated there were 927 species in the forty-eight con-
tiguous states of the United States that were limited
entirely to caves and associated subterranean habitats.
The distributions of many of these species is highly
restricted; almost half (44 percent) of the cave-
dependent aquatic species and subspecies have ranges
limited to a single county (Culver et al. 2000).

Deep caves are inhabited by a distinct flora and
fauna adapted to total darkness (Brown 1985). In very
low light environments, various kinds of algae may be
present. Under conditions of total darkness, the only
producers found will be bacteria and similar organisms
that use chemicals rather than light as an energy source
(chemosynthetic autotrophs). Cave taxa are adapted to
extremely stable environments and include an array of
species of worms, insects, small crustaceans, snails, fish,
and amphibians (Culver et al. 2000).

Human activities at the surface can affect caves in
many ways (Brown 1985). Even limited activity within
a cave can impact negatively on the biota—Thomas
(1995) documented the loss of body condition in bats
disturbed during hibernation by humans. The de-
struction of habitats at cave entrances can impact

species, such as crickets, that live inside caves but for-
age in adjacent areas. Cave ecosystems depend upon
inputs from above the ground, and modifications in
those inputs can have profound consequences. For ex-
ample, small changes in the amount of organic mate-
rials entering a cave can lead to drastic changes in the
resident species (Wilson 1978), and alterations in
wind currents and light around the entrance can sig-
nificantly affect the cave environment. One observer
(Nieland in Brown [1985]) noted

a marked decrease in nutrient input into shallow
lava tube caves . . . following timber harvest over
them [and speculated] that tree roots that pene-
trate through cracks and hang from the ceilings
of these caves provide a nutrient source for in-
vertebrate species. The harvest of trees . . . has
an obvious effect on the species living in the
cave.

Serpentines and Other Geological 
Formations with Unusual Properties

Highly distinctive ecosystems and biotas are often as-
sociated with geological formations having unusual
chemical properties, such as ultramafic or highly cal-
careous rock types (e.g., Proctor and Woodell 1975;
Gibson et al. 1992; Anderson et al. 1999). This is a
consequence of the chemically and physically distinc-
tive substrates associated with such formations (Klinka
et al. 1989; Harrison et al. 2000). Because such rock
and associated soil types often occur in small outcrops
and narrow seams, management plans should take
special note of their occurrence in the matrix.

Serpentines provide a widespread example of such
a habitat (Lyons et al. 1974; Anderson et al. 1999;
Knowles and Witkowski 2000). Serpentine areas are
habitats with soils derived from ultramafic rocks ei-
ther as peridotite and dunite (igneous forms) or ser-
pentinite (the metamorphic derivative) (Kruckeberg
1967). Such soils are typically low in total and ad-
sorbed calcium and high in magnesium, chromium,
and nickel (Walker 1954; Whittaker 1954a). As a con-
sequence, serpentine supports compositionally and
structurally distinctive ecosystems, including plants
tolerant of low calcium levels that are rare or absent
from adjacent habitats (e.g., Whittaker 1954b;
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Kruckeberg 1967; Barbour and Major 1977; Franklin
and Dyrness 1988) (Figure 6.14).

Cedar glades and barrens provide other examples
of habitats distinctive in structure and composition as-
sociated with limestone, sandstone, and granite out-
crops in the eastern deciduous forests of North Amer-
ica (Anderson et al. 1999; Delcourt and Delcourt
2000). The cedar glades, named for the conspicuous
presence of eastern redcedar (Juniperus virginiana),
occur on thin-bedded, dolomitic limestone. These
grassy islands within a heavily forested region support
a distinctive flora that includes winter annuals and
prairie grasses and forbs.

Deep deposits of sand (whether in the form of
dunes or not) are another example of a geological for-
mation that may support conditions which contrast
sharply within the surrounding vegetation, thereby
providing unique habitats and biota (e.g., Barbour and
Major 1977; Christensen 2000). Deposits of sand can
make it possible for the development of forest cover
within steppe regions that are generally considered
too dry for forest. An example is forests of ponderosa
pine (Pinus ponderosa) within shrub steppe zones in the
interior Columbia Basin region of the Pacific North-
west (Franklin and Dyrness 1988).

The direct impacts of forest management on un-
usual geological formations are often minimal because
of the relatively low productivity of many of these
types of habitats. However, there can be significant di-
rect impacts from grazing, harvesting, or casual col-
lection of plant products, and, especially mining (since
many formations such as serpentines are associated
with highly mineralized rock formations). Indirect ef-
fects, such as those associated with road networks or
fire control programs, also need to be identified and
considered in management planning.

Thermal Habitats
Thermal habitats, such as hot springs, support distinc-
tive floras and faunas that make a unique and irre-
placeable contribution to the biodiversity of a land-FIGURE 6.14. Serpentines are often occupied by struc-

turally and compositionally distinct ecosystems that contrast
with the surrounding forested areas and are, consequently,
important contributors to landscape-level biodiversity. Av-
enues of grass trees (Xanthorrhea spp.) often occur on belts
of serpentine rock within woodlands of southeastern Aus-
tralia. Photo by D. Lindenmayer.

FIGURE 6.15. Thermal habitats can have extremely impor-
tant values for biodiversity—sometimes in unexpected ways.
The thermal areas in Yellowstone National Park are often at-
tractive as warmer resting places for large charismatic mam-
mals such as bison (Bison bison) toward the end of a difficult
winter. Photo by D. Lindenmayer.
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scape (Figure 6.15). Overall plans for conservation of
biodiversity within a landscape should ensure their
identification and the adoption of appropriate protec-
tive measures.

Meadows within Forest Landscapes
Communities dominated by herbaceous species, such
as meadows and grasslands, or those dominated by
shrubs enrich the habitat and biodiversity of other-
wise forest-dominated landscapes (Peterken and
Francis 1999) (Figure 6.16). The contrasting vegeta-
tion conditions (floristic composition and commu-
nity structure) typically support distinctive floras and
faunas, dramatically expanding species diversity
within a landscape. In addition, herbaceous and
shrubby communities are often critical for some for-
est-dwelling taxa. Identifying these herbaceous and
shrub-dominated communities and adopting appro-
priate protective measures is a valuable part of a
comprehensive approach to biodiversity conserva-
tion within a forest landscape.

Appropriate protective measures vary with the na-
ture and contribution of the nonforested communi-
ties, the landscape context, and potential impacts of
current and projected land use. They may include de-
signing road networks to eliminate or minimize im-
pacts on nonforested communities, designating pro-
tective buffers that maintain existing edge or ecotonal
environments between the nonforested and forested
patch, and regulating or eliminating grazing by do-
mestic livestock.

Active management, such as removal of trees, is some-
times necessary to maintain desired conditions in meadows,
grasslands, and heaths. In the Wyre Forest National Nature
Reserve in the midlands of England, areas of heath are delib-
erately kept open and the invasion of woodland and forest
trees prevented so as to maintain habitat for reptiles such as
the adder (Vipera berus). Similarly, in the forests of Swiss Jura,
a reduction in the abundance and cover of trees and shrubs is
considered critical for the survival of populations of the re-
lated asp viper (Vipera aspis) (Jäggi and Baur 1999).

As with aquatic ecosystems, the ecotone (or transi-
tional zone between the nonforested communities and
the forest matrix within which they are embedded)
may have intrinsic value for biodiversity as well as for
its protective buffering effect on the nonforested fea-
ture. For example, raptors foraging in meadows and
grasslands may require adjacent nesting and perching
habitat (Olsen 1995). Brown (1985) described how the
endangered orange-bellied parrot (Neophema chryso-
gaster) in Tasmania nested in cavity trees in forested
gully lines but foraged in adjacent buttongrass moor-
lands. Similarly, appropriate protective cover (thermal
and hiding habitat) may be necessary for ungulates
that use the nonforested communities. Buffers or
other management measures for protecting such eco-
tonal environments are essential.

Vernal Pools
Vernal pools are seasonally inundated areas that occur
within shallow depressions in some landscapes and
often are host to distinctive floras and faunas (Holland
and Jain 1977; Richardson 2000). They can vary in size
from a few tens of square meters to many hectares. Be-
cause they are seasonal features that are often small,
they can be overlooked in landscape analyses and forest
management. Seasonally ponded areas also may occur
in forested landscapes as a result of porous dams cre-
ated by lava flows or landslide deposits that fill during
rainy seasons and drain during dry periods (e.g.,
Franklin and Dyrness 1988). These areas should be
identified and appropriate protective measures adopted.

In some forest landscapes, standing water may
occur primarily in the form of seasonally ponded
wetlands or as accumulated rainwater within the
depressions created by the uprooting of trees rather
than as true vernal pools.

FIGURE 6.16. Meadows interspersed through forested land-
scapes provide important resources for forest fauna and sup-
port distinctive biotic assemblages. Photo by J. Franklin.
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Biological Hotspots

Biological hotspots are areas within a landscape that
have extraordinary importance for organisms or
ecosystem processes but that are not typically recog-
nized as distinct patch types (compared with the spe-
cialized habitats described in the previous section). Bi-
ological hotspots include sites with considerable value
for some species or groups of organisms, particularly
with regard to essential biological activities, such as
reproduction or overwintering, and source areas for
resources, such as coarse woody debris for riverine
ecosystems.

These biologically important places need to be
identified and managed for the special contribution
they make to landscape-level biodiversity.

Areas of Intense Biological Activity
Biological hotspots include locations used for repro-
duction, such as calving sites, high-quality spawning
habitat, foraging sites with rare but essential food 
resources, and overwintering habitat. Biological
hotspots can act as important population source areas
from which offspring and/or other age cohorts can
disperse and help to maintain populations over much
larger areas of the landscape (e.g., Pulliam et al. 1992).

• Calving sites for ungulates. Many ungulates,
such as the North American elk (Cervus ela-
phus), seek out particular habitat to give birth
(typically protected places with mild environ-
ments). Management plans should assure that
appropriate structural conditions, such as
those that provide visual screening and pro-
tection, are maintained. Seasonal restrictions
on human use of such sites also may be appro-
priate.

• High-quality spawning habitat. High-quality
spawning habitat for fish is another example
of localized areas with extraordinary signifi-
cance for species reproduction and survival.
Stream and river reaches vary widely in their
potential as spawning habitat, and very high-
quality reaches may be the sites of essentially
all successful reproduction. Consequently,
such areas need to be identified and provided
with appropriate protection from the effects
of such activities as timber harvesting and

road construction. The geomorphology of
river systems is a factor significantly influenc-
ing the relative importance of various reaches
and features for aquatic diversity and produc-
tivity. However, reproductive sites in some
riverine ecosystems are often also sites influ-
enced by biota such as beaver (Castor canaden-
sis), and by inputs of coarse woody debris (see
below).

• Foraging sites with rare but essential food re-
sources. Sometimes essential components of
the diet of a species can occur in a very lim-
ited portion of a landscape—and the places
where it occurs can act as a biological hotspot.
A classic example is the eucalypt trees that are
sap sites for the yellow-bellied glider in east-
ern Australia. Just a handful of trees (less than
1 percent) in an entire stand have the neces-
sary rates of sap flow to support a colony of
gliders (Goldingay 2000b) (Figure 6.17).
These trees may be used repeatedly over a
decade or more. Special prescriptions have
been instituted in the Australian states of New
South Wales and Queensland to prevent sap-
feeding sites from being cut down during
forestry operations.

• Overwintering habitats, especially for large popula-
tions. Overwintering sites are another example
of localized areas essential to maintenance of
biota. Some of these may be the specialized
habitats mentioned earlier, such as caves, or
they may be individual structures, such as logs
and snags, which are important to many verte-
brates. For example, local populations of the
broad-headed snake in southern Australia hi-
bernate communally in a small number of cav-
ity trees. Specific locations within a landscape,
region, or continent also may have consider-
able value as overwintering sites for particular
species or groups of organisms. The winter
habitat for species that migrate for long dis-
tances, such as many waterfowl and the
monarch butterfly (Danaus plexippus), provide
extreme examples of this type. Monarch but-
terflies congregate at high densities in rela-
tively small overwintering areas (Malcolm and
Zalucki 1993), some of which are protected, al-
though they remain under continual pressure
for logging (Thompson and Angelstam 1999).
A number of species of large herbivores con-
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gregate in localized overwintering areas that
are visited repeatedly. Another example is the
winter movement of the California spotted owl
to the foothill woodlands of the Sierra Nevada
in California.

Biological hotspots can be places that support rare
species, species of special interest, or high levels of
species richness (see Box 6.3). In parts of tropical
South America, high concentrations of endemic birds
often occur at ecotones and locations where there is
persistent fog (Laurance et al. 1997). In the Greater

Yellowstone Ecosystem, 25 percent of all the bird taxa
occur in localized patches of structurally complex
forests at low elevations and on good soils (Hansen
and Rotella 1999); these are source areas for maintain-
ing population of many taxa.

Biological hotspots can have particular size and ge-
ographical attributes that make them critical for the
persistence of a rare species in a landscape. Linden-
mayer and Possingham (1996) simulated the conse-
quences of the loss of old-growth remnants from a
system of old-growth remnants scattered through a
wood production–forest area in the Australian state of
Victoria. Loss of a few strategically located old-
growth patches strongly affected the risk of extinction
of arboreal marsupials, such as the endangered Lead-
beater’s possum, across the entire patch system.

Source Areas for Aquatic Ecosystems
The structure of aquatic ecosystems within forest land-
scapes is strongly influenced by the availability of es-
sential sediments and coarse woody debris, particularly
large logs and entire trees, which need to be delivered
at appropriate intervals (Beschta and Platts 1986;
Maser et al. 1988). The primary source areas for these
materials are headwater reaches and major floodplains
of a stream network; these are, therefore, significant
features of riverscapes. Some of the best spawning
habitat for fish is associated with debris jams and other
distinctive topographic steps in stream profiles (Abbe
and Montgomery 1996; Maser et al. 1988). In some es-
tuaries in coastal British Columbia and southeastern
Alaska, individual downed trees and log jams, derived
from upstream floodplain forests, provide habitat
needed by juvenile chinook salmon (Oncorhyncus
tshawytscha) and coho salmon (Oncorhyncus kisutch) be-
fore migrating out to sea (Maser et al. 1988).

Remnant Patches of Late-
Successional or Old-Growth Forest

Protecting areas of late-successional or old-growth
forest left within the matrix is an important element
of most regional forest conservation strategies. As
noted earlier, a significant and integrated system of
large-scale forest reserves is a component of many

FIGURE 6.17. Locations as small as individual trees can act
as biological hotspots, such as this sap tree tapped by a
colony of the yellow-bellied glider in an Australian forest.
Very few trees generate sufficient sap flows to be suitable
feed trees, but these stems are extremely important to the
survival of the species. This is because the yellow-bellied
glider derives a significant proportion of its dietary carbohy-
drate from plant sap. Photo by D. Lindenmayer.



124 II. BIODIVERSITY CONSERVATION ACROSS MULTIPLE SPATIAL SCALES

emerging regional conservation plans (e.g., Forest
Ecosystem Management Assessment Team 1993; Ar-
royo et al. 1996; Macfarlane et al. 1998). Such reserves
provide the large blocks of habitat needed for many
organisms and ecological processes. However, these
large reserves have limitations (see Chapter 5). For ex-
ample, more widely distributed refugia are needed for
many forest organisms with limited dispersal capabili-
ties. Some of these needs can be met by altered man-
agement regimes within harvested units (e.g., struc-
tural retention at harvest; see Chapter 8) but the
protection of even relatively small blocks of intact
late-successional forest also can contribute substan-
tially to biodiversity conservation.

The contribution that small, protected forest areas
can make to biodiversity conservation has been high-
lighted in several studies (Schwartz 1999). Turner and
Corlett (1996) demonstrated the value of protected
areas of tropical forest smaller than 100 hectares for
plant conservation. Zuidema et al. (1996) reviewed
nearly sixty studies of forest fragmentation and found
that midspatial-scale reserves often had considerable
conservation value (e.g., Heywood and Stuart 1992);
based on this review they challenged the notion that
forest biodiversity can only be conserved in very large
fragments (e.g., 10,000 to 100,000 hectares) (cf. Meffe
and Carroll 1995; see also Chapter 5).

In many intensively managed forests, old-growth
stands are small remnants within landscapes in which
they were previously dominant. Yet, these remnants can
support some old-growth taxa that are rare or absent
elsewhere in the landscape, provide core areas or nodes
for restoration of larger late-successional blocks, and
provide propagules and individuals for surrounding
managed stands. Many studies have highlighted the im-
portance of small, well-distributed patches of late-suc-
cessional or old-growth stands for biodiversity in matrix
lands, whether they are remnants or areas selected for
protection prior to initiation of forest harvesting activi-
ties. In northwestern North America, almost 1,100
species, ranging from fungi and cryptogams to verte-
brates, were identified as being closely associated with
late successional forests within the range of the northern
spotted owl (Forest Ecosystem Management Assess-
ment Team 1993).

Although some species depend upon large areas of
late-successional forest, many smaller taxa, such as

some arthropods, fungi, and cryptogams, will persist
in small remnants. Zielinski and Gellman (1999)
showed that in California, small remnant areas of old
growth redwood (Sequoia sempervirens) (exceeding 500
years old) surrounded by younger regrowth stands
were valuable habitats for forest bats. This was despite
the fact that such remnants were comparatively rare in
the landscape and the trees they contained supported
fewer smaller cavities than stems in continuous old-
growth stands (Zielinski and Gellman 1999). There
are many red-listed species associated with small late-
successional remnants in intensely managed Scandina-
vian forests (Esseen et al. 1996). Indeed, the Key
Woodlands Habitat initiative in Sweden (see Box 6.2)
focuses much of its effort on areas within heavily used
matrix lands that still retain structural and floristic el-
ements typical of late-successional forests (e.g., large
logs and large snags; Gustafsson et al. 1999).

The importance of well-distributed old-growth
forest stands as refugia for many organisms was recog-
nized in the Northwest Forest Plan for federal lands
within the range of the northern spotted owl (USDA
Forest Service and USDI Bureau of Land Manage-
ment 1994a,b). The plan provides for the retention of
all remaining late-successional forest in midscale wa-
tersheds (500 to 5,000 square kilometers) that cur-
rently contain 15 percent or less of such forests—even
though the plan also provided for an extensive, well-
distributed system of late-successional reserves and
retention of aggregates within harvested areas.

Finally, late-successional forest remnants can be
restoration nuclei for efforts to restore landscapes.
McCarthy and Lindenmayer (1999a) suggest that ex-
isting protected old-growth mountain ash forests and
adjacent secondary stands would be good foci for ef-
forts to expand the area of late-successional forests for
the purposes of sustaining arboreal marsupial popula-
tions. Thomas et al. (1990) recommended retaining
32 hectares of suitable owl habitat within 0.5 kilome-
ter of known northern spotted owl nest trees, with up
to seven sites per township (surveyed land segments
totaling about 2,300 hectares) in forests outside of
habitat conservation areas (proposed owl reserves).
They expected these areas to be utilized occasionally
by dispersing owls. However, more important, these
old-growth relicts could function as “nuclei of older
forest, surviving from the current stand, that will be-
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come core areas for breeding pairs . . . as the sur-
rounding forest matrix grows up around them”
(Thomas et al. 1990), a phenomenon that has been re-
peatedly observed for the northern spotted owl.

Disturbance Refugia

The presence of long-term landscape-level refugia
from fire, wind, or other catastrophic disturbances
overlaps substantially with our concept of late-
successional forest remnants, except that these are
areas that have been free of both natural and human
disturbance for long periods of time. Some parts of a
landscape are less likely to suffer certain kinds of nat-
ural disturbances or the intensity and frequency of
such disturbances is lower (see Chapter 4). Distur-
bance refugia are areas that have typically experienced
markedly different disturbance regimes than the bulk
of the landscape. Boose et al. (2001) identified areas in
the New England region of North America that had
escaped hurricanes during recent centuries. Parts of
Pacific Island (Samoan) landscapes (e.g., volcanic
cones and deep valleys) were found to be refugia from
cyclone damage (Pierson et al. 1996); these refugia
contributed to the persistence of frugivorous flying
foxes (Pteropus spp.).

Fire refugia have been identified in many regions
where fire is the dominant disturbance agent. For ex-
ample, refugia have been identified for Australian
forests where low-intensity fire has created complex,
multi-aged stands (Mackey et al. 2002); these stands
occur in cooler, more shaded parts of the landscape
that provide habitat for many vertebrates, including
several that are rare and declining (Lindenmayer et al.
1999f ).

Cultural Sites

Cultural sites are localities that have special signifi-
cance to either indigenous or modern cultures. Spe-
cific values associated with these sites can vary widely.
For indigenous peoples, particular locations may have
general religious significance, such as associations

with rituals and spirit quests, as sources for medicinal
herbs or construction materials (Figure 6.18), or as
burial sites. Caves and rock overhangs with rock
paintings (Flood 1980) and fire-scarred trees where
bark was stripped to construct canoes (Douglas 1997)
are some of the many features of indigenous activities
in forest landscapes in southeastern Australia (Byre
1991). Cultural sites for modern societies may be re-
lated to their historic, aesthetic, or recreational values,
religious significance, or value as collection sites for
forest products, such as berries and mushrooms.

Although cultural sites are not typically viewed as
an issue for biodiversity conservation, they should be
part of landscape-level management planning. They
also can make surprising contributions to biodiversity
conservation. For example, cemeteries and other reli-
gious enclaves have functioned as refugia for species
and even significant subsets of biotic communities
(Prober and Thiele 1995). Similarly, railroad and road
rights-of-way sometimes function as refugia for com-
munities or organisms (Bennett 1991) (Figure 6.19).
Daubenmire (1970) made extensive use of both
cemeteries and railroad rights-of-way in the heavily
agricultural Palouse grasslands of eastern Washington

FIGURE 6.18. Partially carved canoe on South Queen Char-
lotte Island in coastal British Columbia; potential canoe trees
as well as living trees utilized as sources of bark and building
planks are cultural elements of forests along the north Pacific
Coast of North America. In lands managed by Weyer-
haeuser Company on the Queen Charlotte Islands, culturally
modified trees are used as anchor points around which
patches of retained forest are maintained with harvest units
where modified harvesting practices are employed (see
Chapter 8). Photo by J. Franklin.
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state, in the United States, to assess the composition
and structure of natural, lightly disturbed steppe com-
munities.

Individual structures and habitats created by west-
ern societies also may be significant for the conserva-
tion of biodiversity in managed landscapes (Saunders
and Ingram 1995). For example, mine shafts and
abandoned wooden bridges and buildings are roosting
and hibernating habitat for several bat species in
northwestern North America and elsewhere around
the world (Churchill 1998). Consequently, surveys of
such features are required prior to human activity
under provisions of the Northwest Forest Plan
(USDA Forest Service and USDI Bureau of Land
Management 1994a,b). This plan requires occupied
habitat is to be protected from “destruction, vandal-
ism, disturbance from road construction or blasting,
or any other activity that could change cave or mine
temperatures or drainage patterns.”

Meadows and heaths created and/or maintained by
humans may also contribute to regional biodiversity
goals. In Sweden, old, fenced pastures can be valuable
to maintain because of the species-rich grassy swards
they support (National Board of Forestry 1996b).
Fire-maintained grasslands created by aboriginal peo-

ple in southern Queensland (Australia) are habitat for
an array of flora (Bowman 1999) and some fauna in
Tasmania (Brown 1985), and the maintenance of
burning regimes could be valuable for conserving de-
sired elements of biodiversity. The nonforested
“balds” of the southern Appalachian Mountains in the
eastern United States are a similar example (Billings
and Mark 1957; Anderson et al. 1999). There are also
larger anthropogenic features and entire landscapes
such as the moorlands of Scotland and exotic Eucalyp-
tus groves of California that have become significant
reservoirs of biodiversity despite their “unnatural”
origin.

The potential for conflict between cultural objec-
tives, human activities, and conservation management
of landscapes as a whole is another reason that the cul-
tural features need to be identified and their relation-
ships with conservation goals subsequently deter-
mined. Some jurisdictions have developed databases
of cultural sites for indigenous and western societies
(McConnell 1993), and their protection has been
mandatory under codes of forest practice for some
time (e.g., Tasmanian Forestry Commission 1987). In
the Australian state of Tasmania, a zoning system has
been developed to assist the protection of archeologi-
cal sites (Gerrand 1997). The system is based on envi-
ronmental factors as these dictate where most aborig-
inal sites of cultural significance are likely to occur
(McConnell 1995).

Protecting and Managing Sensitive
Areas, Special Habitats, and
Disturbance Refugia in the Matrix

Forest management needs to take account of biologi-
cal hotspots, specialized habitats, and individual struc-
tures to ensure they are not degraded or lost. Several
approaches can be employed to protect sensitive areas
or special habitats in the matrix. One is direct and
permanent protection. For example, in Tasmania
some rare and threatened invertebrates such as the
Stimson stag beetle (Hoplogonus stimsoni) have highly
restricted distributions virtually confined to wood
production forests (Meggs 1997). Habitat for this and
ecologically related species is provided by wildlife pri-

FIGURE 6.19. Cultural sites left by western societies can
sometimes make surprising contributions to biodiversity
conservation. This old and now unused wooden trestle
bridge provides roosting sites for a large number of forest
bats. Note that this early form of transportation network ex-
tended above the aquatic ecosystem and not directly
through it as occurs with modern road networks (see the
section on transportation systems in Chapter 7). Photo by D.
Lindenmayer.
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ority areas and habitat strips within the matrix (Forest
Practices Board 1998).

Another approach is to zone the forest, with differ-
ent levels of management emphasis in the different
zones. Zoning is used widely in many forest manage-
ment plans around the world. The zoning system
within matrix mountain ash forests gives temporary
protected status to habitat hotspots for Leadbeater’s
possum, a status that could change if the forest be-
comes unsuitable for the species (Box 6.3). On Van-
couver Island in British Columbia, Weyerhaeuser
Company uses three distinct zones—the timber zone,
the habitat zone, and the old-growth zone—in which
different levels of modified silvicultural practices are
employed (MacMillan Blodel Limited 1999).

Another type of de facto zoning is the Key Wood-
land Habitats initiative in Swedish matrix forests (see
Box 6.2), which are areas protected under a voluntary
code (Gustafsson et al. 1999). For some kinds of sensi-
tive areas and special habitats, harvesting may occur,
but the cutting methods need to be carefully applied
and/or broadly congruent with natural disturbance
regimes. Thompson and Angelstam (1999) recom-
mended the application of targeted selective harvest-
ing techniques in herbivore overwintering grounds to
ensure both cover and suitable food resources are
maintained in perpetuity. In Tasmania, a geomorphol-
ogy manual and matching code of practices has been
developed to guide harvesting practices around rock
types such as karst and, in turn, protect the biodiver-
sity associated with such systems (Forestry Commis-
sion of Tasmania 1990, 1993; Gerrand 1997).

Forest planning and harvest practices need to ac-
count for natural disturbance refugia to ensure they
that are protected or to adopt harvesting regimes
that are congruent with natural disturbance regimes
(see Chapter 4). For example, the ASIO system de-
veloped by Rülcker et al. (1994) for matching cutting
regimes to natural disturbance regimes in Swedish
forests (see Box 4.3 in Chapter 4) recognized that
parts of the landscape were fire refugia and recom-
mended they not be subject to harvesting. In north-
ern Europe, old-growth spruce forest in fire refugia
are significant for conservation and management
(Esseen et al. 1992). Hansen and Rotella (1999) de-
scribed a study of wind refugia on the mountainous
islands of southern Alaska. Late-successional stands

were found to be significant for biodiversity and
were patchily distributed on valley floors, north-fac-
ing slopes, and topographic “wind shadows.” Har-
vesting can more closely resemble natural distur-
bance regimes (see Chapter 4) and take account of
wind refugia by (1) focusing on younger, midseral
stands located in areas of higher wind exposure, and
(2) applying small-gap cutting on long rotations in
wind-protected areas supporting late-successional
stands (Hansen and Rotella 1999).

Buffering Sensitive Areas and 
Special Habitats in the Matrix
Simply identifying and then reserving sensitive areas
and key habitats in the matrix may not maintain their
integrity. For example, Sjörberg and Ericson (1992)
noted that a red-listed species of lichen was lost from
a protected stand when the surrounding forest was
cut. Edge and other effects may threaten protected
areas within the matrix and a buffering strategy may
be needed for impact mitigation. What acts as a

BOX 6.3.

Using a Forest Zoning System to Protect 
Leadbeater’s Possum Habitat

Biological hotspots in mountain ash forests on mainland
Australia include areas that support the rare and declin-
ing species Leadbeater’s possum. The habitat of the
species has been well documented and is characterized
by a combination of large-diameter, highly decayed
snags and living cavity-trees surrounded by a dense un-
derstory of regrowth Acacia spp. plants (Lindenmayer et
al. 1991a). Almost 80 percent of the species’ distribution
occurs in areas broadly designated for wood production.
A management zoning system within matrix lands is
based on structural features, particularly the abundance
of snags. The system is used to assign areas of mountain
ash forest either for production or for protection from
harvesting. This approach is an attempt to limit the num-
ber of hotspots for Leadbeater’s possum destroyed by
logging operations (Macfarlane et al. 1998). Thus, a zon-
ing system is one approach to protecting special habi-
tats within the matrix. Areas assigned to logging exclu-
sion areas under this zoning approach are not
permanently reserved. Rather, they can be rezoned for
logging if the processes of stand succession (such as
snag-fall) result in areas becoming unsuitable habitat
(Lindenmayer and Cunningham 1996).
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suitable buffer depends on several factors—it could be
different if the aim to is limit the impacts of a distur-
bance regime versus maximize species diversity within
a protected area (Baker 1992). Kelly and Rotenberry
(1993) formalized a general approach for enhanced
buffer zone design through an interrelated set of key
questions (modified from Kelly and Rotenberry 1993):

• What external forces or processes are likely to
have an impact on the protected entity in
question (species, community, or resources)?

• To what extent are the external forces likely to
penetrate the boundary of the protected area
or sensitive site and result in negative im-
pacts?

• Can these forces be ranked in terms of their
impacts to enable a priority list of buffering
requirements to be developed?

• Are the potentially negative forces amenable
to hypothesis testing?

• How can data be gathered to test these hy-
potheses?

• How can the external forces be mitigated?

Burgman and Ferguson (1995) considered several
of these issues in assessing threats to rainforest frag-
ments within production forests in the Australian state
of Victoria. They presented six recommendations to
improve the integrity of rainforest:

1. Improve planning and mapping of forest land-
scapes.

2. Adopt a system of buffers.
3. Provide special protection and exclusion zones

around rainforest areas.
4. Modify timber harvesting practices in eucalypt

stands adjacent to rainforest.
5. Alter road construction activities to avoid sensitive

areas.
6. Conduct new research to address knowledge gaps

and assess hypotheses regarding the sensitivity of
rainforest communities to human activities
(Burgman and Ferguson 1995).

Other approaches can be used to address some of
the questions listed above by Kelly and Rotenberry

(1993). Noss and Harris (1986) outlined a strategy
called multiple use modules (MUMs) of concentric
management zones in the matrix to buffer a core re-
served area. Mladenoff et al. (1994) described 100-
meter restoration zones around remnant old-growth
patches in second-growth matrix lands designed to
buffer and reduce edge effects. Unlogged or selec-
tively harvested stands can have a positive buffering
effect for adjacent sensitive areas (Recher et al. 1987;
Macfarlane and Seebeck 1991). Similarly, planning
of the spatial alignment of harvest units can mitigate
impacts of abiotic effects such as wind damage 
(Lindenmayer et al. 1997a). Aquatic zones can be
buffered by staggering logging operations to ensure
that both sides of a riparian buffer are not logged at
the same time (Recher et al. 1987). All of these ap-
proaches have adjacency rules that specify waiting
periods before an area neighboring a regenerating
harvest unit can be cut.

Conclusion
There are no generic recipes to guide the develop-
ment of systems of midspatial-scale protected areas
within the matrix. The type, size, number, and spatial
arrangement of protected areas depend on manage-
ment objectives (e.g., intensive high-yield wood pro-
duction versus an emphasis on biodiversity conserva-
tion), the taxa targeted for conservation management,
and a range of other factors, such as landscape-
specific, topographic, and hydrological attributes.
This is borne out by the idiosyncrasies of our case
studies (Chapters 11 to 15). An important caveat re-
garding midspatial-scale protected areas within the
matrix is that they will not conserve all species—some
taxa will require larger intact areas, such as large eco-
logical reserves (see Chapter 5).

There are other issues associated with matrix man-
agement at the landscape scale that will be addressed
in Chapter 7, including the design and maintenance of
road systems and the design and distribution of man-
agement units in time and space.



We continue the theme of landscape-level matrix man-
agement in this chapter, moving from critical areas
within the matrix for biodiversity conservation (Chap-

ter 6) to examine (1) landscape-level goals for the mainte-
nance of specific structural or vegetative conditions, (2) the
design, construction, and maintenance of transport systems,
especially roads, and (3) the spatial and temporal arrange-
ment of harvest units in the landscape.

Negative impacts on biodiversity and ecosystem
processes can occur when the extent of recently cutover
areas exceeds some threshold or, conversely, the area of
some specified forest conditions, such as late-successional
forests, falls below critical levels. An important objective of
forest management then must be to identify such thresholds
and plan management activities accordingly.

The impacts of transport systems—primarily road
networks—on biodiversity have only recently received seri-
ous attention. Transportation networks can have major im-
pacts on many aspects of landscape functioning, including
biotic conservation and aquatic ecosystem processes. Many
of these impacts can be reduced by appropriate road loca-
tion, design and maintenance, reconstruction or elimination
of old roads, and adoption of alternative methods of log-
ging, such as by suspended cable systems and helicopters.

Planning the spatial and temporal arrangement of har-
vest or active management programs on the landscape is a
particularly complex aspect of landscape-scale matrix man-
agement but one that is often unrecognized and poorly un-
derstood. Two extremes along a continuum of approaches
are management patterns that either disperse or concen-
trate activities in time and space. Selection of the most ap-

C H A P T E R  7

Landscape-Level Considerations: Goals for Structures and
Habitats, Transport Systems, and Distribution of
Harvest Units in Space and Time
If we only consider careful management at the stand level, we will sacrifice the integrity of
the forest landscape. —HAMMOND (1991)

In short, we must maintain natural, functioning landscapes. —HUNTER (2002)
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propriate approach requires an analysis of the interaction of
target taxa and habitat conditions with social, economic,
and political constraints. Substantive considerations in deci-
sions on spatial and temporal placement of harvesting activ-
ities in the matrix include consideration of the size of harvest
units, levels of structural complexity retained within those
units, and the time interval (rotation period) between regen-
eration harvests.

The theme of landscape-level matrix management
begun in Chapter 6 is extended in this chapter to
three additional and disparate issues:

• Setting landscape-level goals for specific habi-
tats (individual structures or areas with spe-
cific vegetative or structural conditions) or
landscape-level limitations or thresholds for
specific conditions

• Analyzing effects of road networks (or other
transportation systems) on biodiversity and
incorporating that information into manage-
ment decisions

• Analyzing effects of alternative approaches to
scheduling management activities in space and
time (e.g., dispersed versus concentrated harvest
units) on biodiversity and incorporating that in-
formation into management decisions

These three issues differ in nature and complexity. We
include them in this chapter primarily because they
are issues that have to be addressed at the landscape
level. The two largest issues—transportation networks
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and distribution of management activities in space and
time—are related in that decisions on placement of
management activities will influence decisions about
transportation networks.

At present, knowledge is limited to guide analyses
and decision making on these three landscape-level is-
sues in matrix management as compared with many
other topics in conservation biology. The important
and complex questions surrounding effects of trans-
portation networks and of spatial and temporal sched-
uling of major management manipulations on biodi-
versity have received relatively little creative attention,
particularly among academic conservation biologists
(but see Forman 1998). There are good reasons for
this lack of understanding: landscape issues typically
occur over larger space and time scales than are read-
ily conceptualized (and observed) by most people.

Landscape-Level Goals 
for Structures and 
Habitat Conditions

In a managed landscape, it is sometimes appropriate
to establish goals for specific structures and vegetative
conditions (e.g., forest successional stages) at some
larger spatial scale (e.g., an area of hundreds to thou-
sands of hectares) in order to achieve conservation ob-
jectives. First, the distribution of some wide-ranging
species may depend on access to suitable numbers of
structural attributes across many stands. As an exam-
ple, black bears often den in large trees (Tietje and
Ruff 1980) and can be scattered over a wide area
(Klenner and Kroeker 1990). Maintaining certain
numbers of these structures at the landscape level is
necessary to meet the requirements of such species.
Second, setting structural goals at a larger spatial scale
may be necessary because it is difficult or impossible
to achieve either the desired levels or spatial distribu-
tions of structures—such as large-diameter snags—on
a stand-by-stand basis (Box 7.1). In such a case, struc-
tural goals have to be set at a larger spatial scale,
where they can be achieved. For example, overall
goals for the density and spatial distribution of large-

diameter snags might be set at the scale of small
drainages 100 to 1,000 hectares in size.

Maximum or minimum amounts of specific vegeta-
tive conditions may be necessary to achieve a variety
of objectives. For example, where areas of recent
clearcuts and young forest are expected to exacerbate
peak flows associated with rain-on-snow flood events,
setting limits on the allowable proportion of a land-
scape in that condition may be necessary to reduce
their potential influence on peak flows. Alternatively,
it may be necessary to maintain some percentage of a
landscape in a particular habitat or condition to meet
one or more requirements of a target organism, such
as northern spotted owls (see below).

Specified Minimum 
Levels of Structures

Specified minimum numbers of stands or patches pro-
viding desired habitat conditions—such as forests with
a defined level of structural complexity—may be re-
quired within a landscape unit. Such patch types may
be needed as core breeding habitat or to facilitate the
safe movement of organisms within a landscape. An
excellent example of this kind of landscape-level, con-

BOX 7.1.

Landscape Prescriptions for Cavity Trees in
British Columbia

Cavity trees are a critical element of wildlife habitat in
the production forests of many jurisdictions around the
world. British Columbia, Canada, is no exception. A
landscape approach has been taken to address issues
related to the maintenance of cavity trees in that
province’s forests. British Columbia has been divided
into biogeographic units and cavity-tree retention strate-
gies and then adopted in a proportion of each unit. On-
ground prescriptions for any given cutover within the
units are based on how the remainder of the unit had
been managed in the past (without the implementation
of adequate tree retention prescriptions [Anonymous
1995]). If most of the unit was unlogged, then few trees
are retained on a given cutover. More trees are retained
on a cutover if the other parts of the unit have a history
of intensive harvesting.
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dition-based, goal setting was the 50-11-40 rule for
the Pacific Northwest region of the United States cre-
ated by the Interagency Scientific Committee to Ad-
dress the Conservation of the Northern Spotted Owl
(Thomas et al. 1990; see Chapter 11). This rule stipu-
lated that on federal lands located between specified
Habitat Conservation Areas (owl reserves), 50 percent
of the matrix was to be maintained in stands of timber
with a mean diameter at breast height of 11 inches
(about 27 centimeters) or greater and at least 40 per-
cent canopy cover. This percentage applied to quarter
townships (surveyed land segments totaling about
2,300 hectares). Thus, the matrix (non-HCA area) of
every 2,300-hectare block had to meet the 50-11-40
standard. In another owl-related example, the habitat
conservation plan developed by the Department of
Natural Resources in the state of Washington (United
States) had specified minimum area-based objectives
for presence of NRF (nesting, roosting, and foraging)
habitat and dispersal habitat within landscape units.
Both NRF and dispersal habitat have defined levels of
structural complexity (Washington State Department
of Natural Resources 1997).

There are prescriptions for retaining trees with
cavities within harvest units in every forest manage-
ment jurisdiction in Australia (e.g., Lamb et al. 1998),
although the number of trees retained is insufficient
to adequately conserve all cavity-dependent taxa (Gib-
bons and Lindenmayer 2002).

The strategy for landscape-level cavity-tree pre-
scriptions is useful to stimulate forest planners and
managers in thinking about vegetation structure at
scales beyond the stand level. However, like any man-
agement strategy, it is not perfect—issues such as
connectivity and the movement of many cavity-
dependent organisms remain unresolved.

When developing landscape-level management
guidelines for structural features, it is useful first to
analyze the density and distribution of such features in
naturally disturbed landscapes (e.g., Ohmann et al.
1994). This information can then be compared with
patterns found in current or proposed human-
disturbed landscapes (see Chapter 4) and goals ad-
justed to ensure as much congruence as possible be-
tween natural and human-disturbed landscapes.

Landscape-Level Thresholds
Associated with Cumulative
Watershed Impacts

Concerns about cumulative impacts of management
activities on hydrologic and geomorphic processes—
as well as many other ecosystem components and
processes—are often addressed by setting area limits
on percentages of particular vegetative conditions
within a drainage basin. For example, along the Pa-
cific Coast of North America, rain-on-snow events are
the primary cause of winter floods. Forest conditions
have a significant influence on peak flood flows (Jones
and Grant 1996; Jones 2000a). Specifically, areas of
recently cutover forest exacerbate the intensity of the
floods whereas late-successional forests tend to mini-
mize their intensity. Consequently, limits, or “caps,”
may be placed on the percentage of recently cutover
forestlands that is acceptable within a drainage basin.

The Mount Baker–Snoqualmie National Forest in
western Washington state provides an example where
such a threshold was established. In this forest, an ac-
ceptable upper limit of 20 percent of recently cutover
land was identified for medium-sized river basins. Hy-
drologic recovery of cutover lands was assumed after
twenty years; hence, an average of 1 percent of the
landscape could be clearcut within a single year. (Ac-
tually, subsequent research has shown that it takes
much longer that twenty years for vegetation to de-
velop to the point where its influence on rain-on-
snow hydrology is comparable to the late-successional
stands that were harvested. Effects of logging roads on
hydrologic regimes probably never disappear [Jones
and Grant 1996]).

Obviously, landscape-level goals or thresholds are
going to vary with the conservation objectives. For ex-
ample, the appropriate distribution of forest age
classes is likely to be very different for maintaining
ungulate populations than for minimizing impacts of
harvesting on peak flood flows.

Area-based goals or acceptable thresholds have
some common features in addition to their application
at larger spatial levels. First, such goals are often
viewed as constraints on timber harvest or other ma-
nipulative activities. Second, where managers have de-
fined goals for particular habitats, the expectation (and
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sometimes the legal requirement) is that forest
managers will maintain targeted levels if they are cur-
rently met or manage to create or restore them to tar-
geted levels where the goal is currently not met.

Transportation Network 
and Logging Systems
Transportation systems are among the most obvious
human alterations of landscapes and have a broad
array of functional roles for human society. These in-
clude networks of highways and secondary roads, rail-
roads, pipelines, irrigation canals, and power lines. All
of these can have direct and indirect impacts on biota
and ecosystem processes, intended or otherwise. In
this section, because of their extent and influence 
in the forest matrix, we focus on transportation
systems—and roads in particular—that were devel-
oped to facilitate forest management activities, and on
the responsibility that resource managers have for
their design, modification, and maintenance.

Forest management requires transportation sys-
tems to facilitate protection, management, and utiliza-
tion of forest resources. Forest road networks often
reach relatively high densities for a non-urbanized
landscape and require large initial investments for
construction and high continuing costs for mainte-
nance. The United States Forest Service maintains
and administers over 622,000 kilometers of roads on
the national forests with an annual maintenance cost
of about $900 per kilometer; the current backlog of
deferred maintenance on this road system is $US5.5
billion (USDA Forest Service 2000). This road dis-
tance is double the length of the national highway sys-
tem in the United States and fifteen times the circum-
ference of the earth (Worldwatch Institute 1998).

Road networks can have immense direct and indi-
rect impacts on terrestrial and aquatic ecosystems and
their associated biota because they are so extensive
and offer such contrast with vegetated areas (Figure
7.1). Road impacts are particularly profound when
they intersect the riverine network—the other exten-
sive network found in forested landscapes (Figure 7.2;
see Chapter 6). Hydrological and geomorphological
disturbance regimes associated with streams and rivers

may be highly modified by their interactions with
road networks with significant consequence for native
biota.

Historically, the transportation and stream net-
works were synonymous in some jurisdictions (e.g.,
northwestern North America; Sedell et al. 1988).
Early long-distance transport of logs was often
achieved primarily by floating logs down rivers and,
occasionally, rafting them over larger bodies of water.
In some locations, these “log drives” continued
through most of the twentieth century. Log move-
ment was sometimes accomplished through the use of

FIGURE 7.1. Roads have profound effects on biodiversity.
They can be barriers to movement, but corridors for others
(including exotic species). They are also areas of high mor-
tality for some organisms. Roads can modify physical condi-
tions in adjacent forests (secondary road through ponderosa
pine forest on the Navajo Indian Reservation, Arizona,
United States). Photo by J. Franklin.



“splash dams,” which were temporary dams used to
accumulate water until it was released as a flood flow
that could facilitate log movement downstream. The
use of splash dams—and channel simplification car-
ried out to facilitate log drives—significantly impacted
downstream riparian and aquatic ecosystems and or-
ganisms. Flumes, which are open channels con-
structed of wood and filled with water, were also used
to move logs and timber well into the twentieth
century.

Railroads were another common means of trans-
porting logs during the late nineteenth century and
the first half of the twentieth century in many parts of
the world (e.g., Evans 1993). Although railroads con-
tinue to be used for forest transport in some areas,
they were gradually replaced during the twentieth
century because of the lower capital investment re-
quired for tractor- and truck-based logging and haul-
ing. Railroad networks generally had lower impacts
on aquatic ecosystems than did road systems because
of lower network densities and the use of trestles to
bridge streams, rivers, and depressions rather than
culverts and extensive landfills. Abandoned timber
trestles (the wood used was rarely treated with preser-

vatives) even made positive contributions of coarse
woody debris to the aquatic ecosystems. Wildfires
were often a problem with logging railroads, however.

Many factors influence the design of a transporta-
tion network in managed landscapes, including the
management strategy and objectives, economics, and
the physical characteristics of an area. Forest man-
agers have often assumed that an extensive perma-
nent road system is essential because they planned to
manage all of the forest estate all of the time. This
paradigm of “access and management everywhere,
forever” is at least partially a reflection of earlier
management emphases (e.g., fire protection) and
past technologies (e.g., no aerial access). It has only
recently has been seriously challenged (Gucinski et
al. 2000). In contrast, new approaches may allow
portions of road networks to be temporary and sub-
ject to closure or even removal following timber har-
vest.

Logging methods have been a dominant influence
on decisions about the characteristics of the road net-
work (e.g., location and total road density) that is
needed in a managed landscape. Harvest systems that
utilize ground-skidding equipment usually require the
most extensive road systems. Cable-logging systems,
especially those that use long-span skylines, signifi-
cantly reduce the road densities necessary in an area.
Aerial logging using helicopters can effectively elimi-
nate the need for most roads but is, of course, costly
and dependent upon fossil fuels.

It is only recently that biodiversity conservation
has been a consideration in the design, construction,
and maintenance of transportation systems. During
the past several decades, concerns have grown about
roads and their impacts (Noss and Cooperrider 1994;
McGarigal et al. 2001). Negative relationships be-
tween road density and aquatic fauna have been ob-
served in many studies (e.g., Vos and Chardon 1998;
Baxter et al. 1999) and include effects on geomorpho-
logical (e.g., mass soil movements) and hydrological-
processes and, ultimately, on fish and other aquatic
organisms (e.g., Forman 2000; Jones et al. 2000;
Trombulak and Frissell 2000). Improvements in road
location (such as identifying and avoiding unstable
landforms), road construction methods, and road
maintenance have received increased attention for
several decades in many regions. However, roads are

FIGURE 7.2. Impacts of road networks on riverine networks
can be profound because of the extensive intersection of
the two networks in a typical mountain landscape that can
lead to altered hydrological flows, including extension of the
channel system. Diagram based upon illustrations from
Swanson et al. 2000.
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viewed as having unavoidable effects on streams even
if they are well located, designed, constructed, and
maintained (O’Shaughnessy and Jayasuriya 1991;
Gucinski et al. 2000; USDA Forest Service 2000).
Elimination of existing roads and bans on construc-
tion of new roads are also components of current
management programs in some forest jurisdictions
(e.g., Gucinski et al. 2000; USDA Forest Service
2000).

Transportation networks other than roads—such as
railroads, irrigation systems, pipeline and power-line
rights-of-way, and hiking trails—are also important
conservation influences in some landscapes. Effects of
these systems need to be considered in the develop-
ment of any landscape-level strategy for the conserva-
tion of biodiversity. However, with the exception of
trails, these networks are not as common as road net-
works or an integral part of the managed forest infra-
structure, so we will not discuss them further here.

Impacts of Roads on Terrestrial
Ecosystems and Biota

Forman (2000) estimated that 20 percent of the land
area in the United States is influenced directly by the
system of public roads based on the conservative as-
sumption that major road effects extend for about 100
meters on either road side. Road networks can have a
wide range of negative ecological impacts (Spellerberg
1998; Forman and Deblinger 2000; Gucinski et al.
2000; Trombulak and Frissell 2000; USDA Forest
Service 2000) (Figure 7.3). Not all effects of roads are
of equal intensity along their length—some areas,
such as stream crossings, are particularly heavily
impacted.

Major negative impacts of roads on terrestrial biodi-
versity and ecosystem processes include the following:

• Roads can be dispersal barriers. Roads can bisect
and fragment habitats and block migration
and other travel routes for organisms. They
have been found to impede the movement of
a broad range of organisms such as inverte-
brates (Mader 1984; Baur and Baur 1990;
Haskell 2000), small mammals (Burnett 1992;
Goosem 2001), and large mammals (Cle-

venger and Waltho 2000; Forman and De-
blinger 2000). Roads can result in isolated and
fragmented populations and altered patterns
of genetic variability (Reh and Seitz 1990).
Even rudimentary roads (tracks and log-
skidding paths) can have significant impacts.
For example, overgrown logging tracks im-
peded movement of the small marsupial the
brown antechinus (Antechinus stuartii) in the
forests of New South Wales in Australia (Bar-
nett et al. 1978). Roads through wildlife corri-
dors may be barriers to the animal movement
that the corridors are intended to facilitate
(Lindenmayer et al. 1994c; Bright 1998).

• Road traffic is a major cause of animal mortality.
In addition to plant and animal mortality at
the time of road construction, collisions with
vehicles are a continuing and often substantial
source of mortality for many animals (Bennett
1991; Trombulak and Frissell 2000). The
problem is particularly acute where road sys-
tems intersect regular travel or migration
routes for animal populations, which is often
the case with amphibians moving to and from
breeding habitats. Reptiles often seek roads
for thermal heating (Vestjens 1973). It has
been estimated that approximately 5.5 million
frogs and reptiles are killed annually on paved
Australian roads (Ehmann and Cogger 1985).
There are many examples of individual
species for which impacts of road mortality
have been documented, such as the koala
(Phascolarctos cinereus) in Australia (Lee and

FIGURE 7.3. Roads function as barriers to movement of or-
ganisms, habitat modifiers, pathways for exotic movement,
and zones of high mortality in essentially all forms, whether
they are wide, high-speed roads or narrow, unpaved ones.
Redrawn from Bennett 1991. Reprinted from Nature Conser-
vation 2: The Role of Corridors. Edited by D. A. Saunders
and R. J. Hobbs. Chipping Norton, N.S.W., Australia: Surrrey
Beatty and Sons.



Martin 1988) and the hedgehog (Erinaceus eu-
ropaeus) in The Netherlands (Huijser and
Bergers 2000). Huggard (1993) found that elk
close to the Trans-Canada Highway were 2.5
years younger than those more than one kilo-
meter away—an effect due to higher rates of
animal mortality close to roads.

• Roads alter ecosystem composition and structure.
The construction of roads results in the direct
and sometimes permanent modification of na-
tive plant and animal communities in the road
right-of-way (Malcolm and Ray 2000). Many
existing organisms are killed and the physio-
logical and reproductive status of surviving
organisms is altered. New communities de-
velop along rights-of-way that incorporate
opportunistic native species and exotic taxa
that were not previously present. The abun-
dance and diversity of some groups, such as
small mammals, may increase because of the
influx of generalist and nonforest species
(Adams and Geis 1983). This also may make
roadside areas prime foraging habitat for rap-
tors and other predators.

• Roads fragment and modify the terrestrial physical
environment and create edge effects. The pres-
ence of roads results in substantial modifica-
tion of the physical environment within the
road right-of-way as well as in adjacent
ecosystems as a consequence of edge effects
(Trombulak and Frissell 2000). The alter-
ations include (1) the roadway itself, which is
a densely compacted surface, (2) modified en-
vironmental conditions (e.g., light, wind,
moisture, and temperature regimes), (3) mod-
ified chemical environments from the addi-
tion of salts, heavy metals, organic com-
pounds, ozone, and other toxic materials, and
(4) dust.

Impacts of roads on the environment and
behavior of organisms in adjacent areas may
create significant edge effects. In one study,
the amount of edge habitat created by roads
was more than twice that produced by
clearcutting (Reed et al. 1996). In another in-
vestigation of nine attributes (wetlands,
streams, road salt, exotic plants, deer, moose,
amphibians, forest birds, and grassland birds),
edge effects extended more than 100 meters
from the road right-of-way for all measures

while some impacts penetrated up to a kilo-
meter (Forman and Deblinger 2000). The
road effect zone averaged approximately 600
meters in width, with convoluted boundaries.
Increased nest predation can occur along
roads, even along narrow bush tracks (Burkey
1993). Windthrow is also often associated
with roads (Franklin and Forman 1987).

The impacts of roads on aquatic ecosys-
tems, including modification of hydrology,
geomorphological processes, and aquatic or-
ganisms, are so profound that they are dealt
with separately in the next section.

• Roads modify the conditions of organisms and ani-
mal behavior. Effects of roads on resident or-
ganisms include altered reproductive success
and physiological condition (for both plants
and animals), altered movement patterns and
escape responses, and home range shifts
(Trombulak and Frissell 2000). Haskell (2000)
showed that the depth of the litter layer of
forests adjacent to roads was reduced and this,
in turn, was believed to impact a wide range
of invertebrate and vertebrate taxa. Road den-
sity has been shown to influence the presence
and abundance of wildlife (Lyon 1983; Wis-
dom et al. 1986; Mader et al. 1990; Van der
Zee et al. 1992; Thurber et al. 1994), al-
though some of this is probably related to
human use (see below). Many studies have
shown that bears avoid roads (Mace et al.
1996; Kremsater and Bunnell 1999). Traffic
noise may affect some groups of animals such
as birds.

• Roads promote the dispersal of weeds, pathogens,
and animal pests. Roads promote the spread of
exotic species by altering physical conditions,
removing or stressing native species, and fa-
cilitating movement of vectors, such as human
beings and domestic animals (Benninger-
Traux et al. 1992; Trombulak and Frissell
2000). Animals that utilize roads can disperse
weeds (Bennett 1991; Goosem 1997). One in-
vestigator recovered viable seeds of more than
220 weed species from a motor-vehicle-wash-
ing facility in the Canberra region of south-
eastern Australia (Wace 1977). Similar results
have been reported in Europe (Schmidt
1989). Vehicular traffic and road drainage are
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implicated in the dispersal of a virulent exotic
root rot, Phytopthora cinnamomi, which is dec-
imating populations of Port Orford cedar
(Chamaecyparis lawsoniana) in the Siskiyou
Mountains of the northwestern United States
(Zobel et al. 1985). Roads may provide con-
duits for the movement of introduced animal
pests (Seabrook and Dettmann 1996), such as
the red fox (Vulpes vulpes) and feral cat (Felis
cattus), in the forests of southeastern Australia
(May and Norton 1996). This may allow feral
animals to gain access to areas from which
they were previously absent and increase pre-
dation on native animals (Robertshaw and
Harden 1989; May 2001).

• Roads promote alteration and use of habitat by
humans. Road networks facilitate the presence
in, and utilization of, the landscape by human
beings. The World Commission on Forests
and Sustainable Development (1999) esti-
mates that between 400 and 2,000 hectares of
forest are lost for each kilometer of new road
constructed in Brazilian Amazonia. Other
negative consequences can include (1) in-
creased harassment of animals and damage to
plants, (2) human predation in the form of
hunting and trapping, both legally and ille-
gally (Wisdom et al. 1996; Bennett 2000), and
(3) settlement of habitat by human beings
(Trombulak and Frissell 2000). Commercial
harvest or firewood cutting results in loss of
large trees, snags, and logs in areas adjacent to
roads, which has adverse effects on cavity-de-
pendent birds and mammals.

• Predation and harassment of animals can be
significant. More than 70 percent of the
ninety-one vertebrate species reviewed in the
Interior Columbia River Basin, in the north-
western United States, are negatively affected
by one or more road-related effects (Wisdom
et al. 1996). Roads facilitate poaching of many
large North American animals, including
North American elk (Cervus elaphus), prong-
horn (Antilocapra americana), mountain goat
(Oreamnos americanus), big-horned sheep
(Ovis canadensis), gray wolf (Canis lupus), and
grizzly bear (Ursus horribilis) (Mech 1970;
Stelfox 1971; Yoakum 1978; Dood et al. 1985;
Knight et al. 1988; McClellan and Shackleton
1988; Cole et al. 1997). In Africa, roads con-

structed to aid timber extraction are used by
humans to hunt for bushmeat, with huge
numbers of animals being taken every year
(Bennett 2000). Elevated hunting pressure
from roads can also influence the population
dynamics of native animals (Thiel 1985; Red-
ford 1992). Many carnivores are sensitive to
the presence of human beings, including the
grizzly bear (Mace et al. 1996). Gray-wolf
packs have a significantly reduced chance of
persisting when road densities exceed 0.6
kilometer per square kilometer (Thiel 1985;
Jensen et al. 1986; Mech et al. 1988). These
kinds of negative interactions with humans in-
crease the mortality of bears and wolves and
can cause high-quality habitat near roads to
become population sinks (Mech 1973).

• Roads may promote disturbance events. Roads
may generate new patterns of disturbances in
landscapes (Williams and Marcot 1991; Miller
et al. 1996). Roads can result in increases in
human ignition of fires either accidentally or
intentionally (Franklin and Forman 1987).
Roads can increase the effectiveness of fire
suppression programs, which can have nega-
tive conservation consequences in some land-
scapes (Norse et al. 1986) and positive effects
in others. As already noted, roads can signifi-
cantly increase the potential for windthrow in
residual forests. Finally roads have very large
impacts on disturbance regimes in aquatic
ecosystems (see below).

Impacts of Roads on Aquatic
Ecosystems and Biota

The potential impacts of road networks on aquatic
ecosystems and biota merit special attention. These
impacts range widely from direct effects on biota 
and habitat to indirect impacts via dramatically modi-
fied disturbance regimes. These effects also may ex-
tend for very long distances from road-stream inter-
sections both downstream (e.g., in generating
sediment) and upstream (e.g., by blocking the move-
ment of organisms).



• Roads destabilize landforms and increase sediment
production. Water quality (e.g., levels of sus-
pended solids and silt concentrations) is re-
duced in response to frequency of road use
(O’Shaughnessy and Jayasuriya 1991). This
can have negative effects on aquatic flora and
fauna (Silsbee and Larson 1983; Brown and
McMahon 1988; Graynoth 1989; Rieman et
al. 1997; Baxter et al. 1999). For example,
thirteen species of Victorian fish lay eggs on
stream beds and are susceptible to smothering
by increased sediment deposition (Metzeling
et al. 1995).

• Roads can permanently alter hydrological regimes
and accentuate flood flows. Roads can have pro-
found and permanent impacts on the hydro-
logical regimes of landscapes (USDA Forest
Service 2000, 2001a). Road networks inter-
sect, collect, and redirect both surface and
subsurface flows of water (Figure 7.4) thereby
modifying both hydrological regimes (e.g.,
timing and level of peak flood flows) and geo-
morphological processes (e.g., destabilizing
landforms by saturating substrates).

• Roads block movements of aquatic organisms.
Roads often disrupt aquatic habitat connectiv-
ity by creating physical barriers to movement
at stream crossings. Upstream movements of

fish, amphibians, and some aquatic inverte-
brates are often prevented by stream culvert
installations that create steps (e.g., falls) at the
outfalls or create other impassible physical
barriers. Accelerated rates of water flow gen-
erated by culverts laid with excessive slopes
can also impair connectivity for fish and other
aquatic organisms (see Box 7.2).

Modifying Road Networks to 
Reduce Impacts on Biodiversity

There are many strategies for modifying road net-
works to reduce their impact on biodiversity (Grayson
et al. 1992; Reed et al. 1996). These include

• Reducing road densities by either building
fewer roads or eliminating existing roads, or
both

• Reducing the width of roads and also limiting
the extent of associated cleared roadside vege-
tation (Thiollay 1999)

• Improved location and design of roads, par-
ticularly the avoidance of sensitive areas

• Improved construction and maintenance
• Construction of safe passages for organisms

Reduced Road Densities
Reducing overall road densities is a good way to re-
duce their environmental impacts (Schonewald-Cox
and Buechner 1990) (Figure 7.4). For example, limit-
ing the density of roads is considered to be an impor-
tant strategy for the conservation of bull trout
(Salvelinus confluentus) in densely forested catchments
in Montana (United States) (Baxter et al. 1999). Given
the large impacts that roads have on both terrestrial
and aquatic biota, excluding roads entirely from cur-
rently unroaded areas (or by planning lower densities
of permanent roads) should be carefully considered
when biotic resources have high conservation value
(USDA Forest Service 2000).

Selecting appropriate logging systems is an impor-
tant variable affecting road densities where timber
harvesting is a major landscape-level activity. Cutting
methods based on ground skidding of logs requires
relatively high road densities; ground skidding is, of

BOX 7.2.

Roads, Culverts, and Connectivity
in Aquatic Ecosystems

The potentially negative effects of roads on aquatic sys-
tems are well documented. Road crossings of streams in
particular can be problematic. Culverts under roads are
usually designed to cope with extremes of water flows in
a cost-effective manner. However, they have been found
to be barriers to fish movements in some aquatic
ecosystems (Walker 1999) with corresponding negative
impacts on connectivity and population viability. A New
Zealand research team has developed a design to limit
the barrier effects of road culverts (Boubeé et al. 1999).
Similarly, an Australian study demonstrated that water
velocity and distance from the mouth of a culvert to the
stream surface significantly influenced the movement of
aquatic organisms (Walker 1999). Guidelines for culvert
designs have been formulated in the Australian state of
Tasmania in an attempt to limit these problems (Forest
Practices Board 1999a).
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course, inappropriate on steep and unstable slopes.
Short-span cable logging systems reduce soil distur-
bance in logged areas but generally require road den-
sities nearly as high as ground-skidding logging
systems.

Long-span cable and balloon and helicopter log-
ging are systems that can dramatically reduce overall
road densities in the landscape (Pengelly 1972; Aust
and Lea 1992; Putz et al. 2000). In a recent example,
yellow cedar (Chamaecypars nootkatensis) and Douglas-
fir are being harvested by helicopter in parts of land-
scapes managed by the Weyerhaeuser Company on
Vancouver Island in British Columbia (B. Beese per-
sonal communication). These methods also can elimi-
nate the need for roads in highly sensitive areas, such
as on steep mountain slopes where roads inevitably af-
fect hydrological and geomorphological processes.
Both approaches require higher levels of investment
in equipment and skilled workers; however, increased
costs can be balanced against the negative environ-
mental impacts and costs of constructing and main-
taining the roads that would otherwise be required. In
the case of some tropical countries, the use of meth-

ods like helicopter logging needs to be balanced
against the conservation benefits of having some areas
that would otherwise be inaccessible because of the
difficulty of building conventional road systems to
reach them (Putz et al. 2000).

Decisions about scheduling activities in time and
space are also extremely important variables in deter-
mining the density of permanent roads required.
Longer rotations and the concentration of manage-
ment activities in time and space (rather than dispers-
ing them) provide more opportunities for reducing
the permanent road network (i.e., substituting perma-
nent roads with temporary ones). Temporary roads
can be used during harvest and subsequently decom-
missioned following initial silvicultural treatments
(e.g., regeneration and precommercial thinning). Is-
sues associated with rotation period and the spatial lo-
cation of harvest units are discussed more thoroughly
in a following section.

Decommissioning or removing roads is a strategy
for reducing road densities and reducing impacts in
landscapes where road systems are already well or
excessively developed (Rab 1998). The objective is to
mitigate damage, restore hydrological function, and
restore the road right-of-way to as near the natural
condition as is physically and financially possible.
Activities typically undertaken in eliminating
existing roads include (after USDA Forest Service
2000)

• Blocking the entrance(s) to vehicular travel
• Creating water bars across the road surface
• Removing culverts
• Reestablishing natural drainage channels
• Removing unstable road fills
• Pulling back the shoulders of the road
• Restoring natural contours

A general goal should be to maintain flows within
natural drainage basins and avoid diverting water from
one basin to another, which can overload the receiving
basin and increase the tendency to develop gullies or
landslides (Montgomery 1994; Wemple et al. 1996).

Depending upon the level of restoration under-
taken, the cost can be as little as $50 or as much as
$30,000 per kilometer. Attempting to fully restore
road rights-of-way (e.g., to restore natural contours
and reestablish drainage channels) requires levels of

FIGURE 7.4. Schematic illustrating effects of different road
and stream densities on levels of interaction between road
and riverine networks. Based on illustrations in Swanson et
al. 2000.



effort and expense comparable to those expended in
creating a road, but it can be very effective in reducing
erosion (Madej 2001).

Improved Location, Design, Construction, 
and Maintenance of Roads
Improved location and design of roads can signifi-
cantly reduce the impact of road networks on biodi-
versity by

• Minimizing their effects on hydrological and
geomorphological regimes and thereby on
aquatic ecosystems and organisms

• Minimizing the contribution of roads to habi-
tat fragmentation and inhibitions to move-
ment of terrestrial organisms, such as by
blocking traditional travel routes (Linden-
mayer 1998)

• Avoiding direct and indirect impacts to areas
that are disproportionately important for bio-
diversity, such as meadows, wetlands, and ri-
parian zones (Burgman and Ferguson 1995)

Locating and designing roads so as to minimize
impacts on stream networks is particularly important
because of their potential for extraordinary negative
impacts. A fundamental principle is to avoid locating
and constructing roads on geological formations,
landforms, and soils that are known to be highly un-
stable. The negative impacts of roads constructed in
such areas is highly disproportionate to their relative
extent because of their tendency to cause both chronic
and catastrophic disturbances of aquatic features, such
as streams.

Midslope roads—roads located on mountain
slopes between the ridgeline and valley bottom—
typically have significant impacts, even on stable to-
pography, because they intersect subsurface flows.
This can bring such flows back to the surface, com-
bining them with other surface flows and directing
them into an expanded channel network (i.e., the
road ditches). Pathways and rates of flows are af-
fected—often dramatically and permanently—by
roads (La Marche and Lettenmaier 2001; Tague and
Baud 2001). Therefore, any management approaches
(such as use of long-span cable or aerial logging sys-
tems) that will significantly reduce or eliminate mid-
slope roads need to be considered seriously. The role

of slope position as well as other variables on the
amount and type of erosion and deposition was
quantified by Wemple et al. (2001).

Stream crossings are critical points in road location
and design. The number, location, and construction
of crossings is an important issue (Walker 1999) (Box
7.2). One general principle is that the fewer the
stream crossings, the better. Another principle is to
utilize structures, such as bridges or constructed fords,
that have less potential for blockages at high-water
flows, which can cause debris torrents as well as divert
water into new channels. Culverts are much more
likely to become blocked with organic debris and sed-
iments, which is a process that can lead to temporary
ponding and catastrophic failure of road fills and, in
turn, destructive debris torrents. Both location and
design (e.g., culvert dimensions) are important con-
siderations and must address such diverse issues as
sufficient capacity to handle infrequent events (e.g.,
100-year floods) and a reduced need for routine
servicing.

Road impacts can be significantly reduced by the
selection of appropriate designs and construction
techniques. Traditional approaches to road construc-
tion in steep forested landscapes often involved the
use of excavated material to create the outer portions
of the roadbed and extensive sidecasting of rocks, soil,
and other debris. Roads of this type are subject to
gradual or catastrophic failure of the fill portion of the
roadbed, particularly when organic materials are in-
cluded or areas of sidecast (which are sometimes ex-
tensive) are unstable. Use of “full bench” designs,
whereby the entire roadbed is on an excavated bench,
can dramatically reduce road impacts. Excavated ma-
terials are removed to locations where it can be uti-
lized as road fill or otherwise safely deposited (“back-
hauling”).

Maintaining road systems regularly can prevent
them from deteriorating into sources of chronic prob-
lems as well as catastrophic problems. The impor-
tance of road maintenance was noted at the beginning
of this section; many—probably most—forest road
networks have large maintenance backlogs, including
reconstruction of chronic problem areas. Stream
crossings and other road elements close to surface wa-
ters often need particular attention.
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Creating Safer Passages for Biota
Structures can be created to provide safe passages
across roads for biota (Bennett 1991; Keller and
Pfister 1997). Examples are overpasses and under-
passes at wildlife crossings on busy roads and railroads
(Evink et al. 1996; Canters 1997). Few studies of the
effectiveness of such structures have been made.
However, human activity around underpasses differ-
entially influenced use by carnivores and herbivores in
a Canadian study, with carnivores exhibiting higher
sensitivity to humans (Clevenger and Waltho 2000).
Hence, human activity needs to be considered along
with topography and habitat quality in locating such
structures. Structures that deter animals from crossing
roads, such as reflectors on marker posts, also can re-
duce animal injuries and death (Jones 2000b).

Regulations can also lessen impacts of roads on
wildlife, such as by limiting legal speed limits and in-
creasing driver awareness of the potential for killing
wildlife (Bennett 1991). Slowing the speed of vehicles
by 20 kilometers per hour significantly reduced the
numbers of road kills of native carnivorous marsupials
in the Australian state of Tasmania (Jones 2000b).

Some effects of roads, such as the dispersal of
weeds and pathogens, are partially related to where a
road originates and terminates. Some of these prob-
lems can be curtailed by regulating vehicles using
roads. For example, limiting access and cleaning vehi-
cles is one approach used to limit the spread of cinna-
mon fungus in the forests of southwestern Australia.
Similarly, Lindenmayer and McCarthy (2002b) pro-
posed vehicle cleaning as a way to reduce the spread
of some types of weeds in plantation landscapes in
southeastern Australia.

The Arrangement of
Management Activities in
Space and Time
The arrangement of management activities in space
and time is an extremely important landscape-level
consideration in managing biodiversity and maintain-
ing ecosystem processes within the matrix. In this sec-
tion, we focus on issues related to the spatial and tem-

poral distribution of timber harvesting, particularly
even-aged and related approaches that result in signif-
icant alteration of forest landscapes. These same gen-
eral issues are relevant to other large-scale manipula-
tive management programs. An example would be
design and implementation of landscape-scale fire
management programs, which typically involve spa-
tially variable fuel treatments, fire breaks, and pre-
scribed burning regimes (see, for example, Agee et al.
2000). This is a challenging topic involving many in-
terrelated issues and questions. Should activities be
dispersed or concentrated in time and space? Should
management units be small or large, uniform or vari-
able in size? How will alternative strategies affect con-
nectivity in the landscape? How do various strategies
compare with the natural disturbance regimes that
formerly existed in a landscape?

Traditionally, conservation biologists have given
little attention to matrix management in general, or to
the issue of how biodiversity is affected by alternative
approaches to imposing management regimes in time
and space. Foresters typically approached the topic
from very practical perspectives, such as those related
to development of the transportation network, stand
priorities for harvest, and economics. Their concep-
tual goal was the creation of a classic, fully regulated
forest that—in the simplified case of a single commer-
cial tree species, uniform and constant site conditions,
and a single silvicultural prescription—can be reduced
to (after Davis et al. 2001):

Total Area ÷ Rotation Age = Area in Each Age Class

The focus within a regulated forest landscape was
on the perpetual even flow of benefits (timber) from a
property and not on the conservation of ecological
values (Davis et al. 2001). Foresters usually assumed
they were working everywhere in a landscape essen-
tially all of the time. Decisions on patch sizes were
usually based on logging methods and harvest eco-
nomics.

Effects of different spatial and temporal patterns of
management on biodiversity and ecosystem processes
are now a significant concern of managers and biolo-
gists, and conceptual and mathematical models are
being developed. For example, dispersed patch
clearcutting—a favored approach among many gov-
ernment agencies—results in rapid fragmentation of



forest habitats and the creation of landscapes vulnera-
ble to many types of disturbance (Franklin and For-
man 1987; Li et al. 1993). The effects of different
management regimes on biodiversity at the landscape
level have been explored in mathematical models.
Management regimes have been modeled on natural
disturbance regimes, incorporating trade-offs among
rotation length, harvest intensity, and patch size and
location (Cissel et al. 1998, 1999). Landscape attrib-
utes of harvested and natural landscapes also have
been compared (e.g., Mladenoff et al. 1993).

There are many interrelated elements—different
spatial-temporal approaches provide different options
with regard to the transportation network. For exam-
ple, concentrating activities in time and space may
provide opportunities for a reduced permanent road
network. As discussed in following sections, three in-
terrelated issues must be considered in designing
management regimes: (1) patch size (e.g., the size of
harvest units), (2) patch content (e.g., internal com-
plexity of harvest units), and (3) rotation period.

Significant trade-offs are possible among these
variables. For example, concerns over maximum patch
size decline as (1) levels of within-patch structural het-
erogeneity are increased, (2) rotation periods are
lengthened, or (3) both (see Chapter 9). Conversely,
intensive management that homogenizes patches and
shortens rotations will tend to increase ecological (and
social) concerns about patch size (i.e., the size of har-
vest units). A major choice, whether it is explicitly rec-
ognized or, as in many cases, simply ignored by man-
agers and stakeholders as a given, is whether to
disperse or concentrate management activities in time
and space. The answer, which is usually in favor of
dispersion, is also an implicit choice between chronic
and episodic human disturbance regimes.

We begin this section by considering two contrast-
ing models of disturbance regimes—chronic and
episodic disturbance. We then examine traditional
management models and their consequences, and
consider important variables in designing manage-
ment regimes in time and space. We conclude by
identifying some conservation-based approaches that
are being proposed or adopted.

Natural Models of Disturbance

Natural disturbance regimes are useful models to ex-
plore when considering spatial and temporal patterns
for management regimes in a region. They can pro-
vide insight into issues related to patch size, internal
heterogeneity of patches, types and extent of edges,
period between disturbances (rotation period), and
landscape context (Chapter 4). Two contrasting mod-
els of natural forest disturbance provide end points
along a continuum of disturbance frequency and in-
tensity: (1) intense episodic disturbance regimes, and
(2) chronic disturbance regimes.

Episodic disturbance regimes involve large- (stand)
scale disturbances that result in a high rate of mortal-
ity of trees in an existing stand and occur at relatively
long time intervals. These are sometimes described as
“catastrophic,” but this term is somewhat subjective
and is probably inappropriate as a general description
of a natural phenomenon. Another term that is used is
stand-replacing disturbances. Episodic disturbances are
typical of many forests characterized by important
commercial tree species, such as Douglas-fir (Figure
7.5), red pine, and jack pine in North America, and
mountain ash in Australia. Attributes of episodic dis-
turbances typically include

• Large (sometimes very large) patch sizes
• High levels of within-patch heterogeneity re-

flecting spatial variation in the intensity of
disturbance

FIGURE 7.5. Even-aged Douglas-fir stand regenerated fol-
lowing a large catastrophic fire (Yacholt Burn of 1902), which
killed a stand dominated by 400-year-old trees. Photo by J.
Franklin.
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• High levels of biological legacies throughout
a disturbed area, but of varying quantities and
types consistent with variation in disturbance
intensity

• Edges that are complex in shape and often
feathered or irregular and diffuse

• Variable and often long return intervals be-
tween disturbances

Forests and tree species associated with episodic
disturbance regimes have been described as the model
for even-aged management approaches despite pro-
found differences in biological legacies and other
ecosystem attributes between managed even-aged
forests and even-aged stands resulting from natural
disturbances (see Chapter 4).

Chronic disturbance regimes involve events that
occur at relatively frequent intervals and at low to
moderate severity. As a result, overall levels of tree
mortality are typically low and the integrity of the
forest stand is maintained. Chronic disturbances may
affect relatively large areas but do not typically gen-
erate new forest patches (i.e., the replacement of the
dominant cohort) at a large scale. Rather, some of
the mortality generated in such disturbances is spa-
tially aggregated thereby producing small openings
or gaps within the stand. Forest stands that have
high spatial heterogeneity (i.e., large numbers of
gaps) are typically produced by such disturbance
regimes (Figure 7.6). Examples include the pine and
mixed conifer forests of western North America, the

longleaf pine forests of the southeastern United
States, the banksia woodlands of western Australia,
and many of the woodland types of eastern Australia.
These forest types would have experienced frequent
low- to moderate-intensity natural fire regimes.
Forests that are chronically perturbed by high winds
also may exhibit spatially heterogeneous structures
of this type, as illustrated by the southern beech
forests found in Tierra del Fuego (Rebertus et al.
1997) (Figure 7.7) and New Zealand. Silvicultural
regimes utilizing selection, especially group selec-

FIGURE 7.6. Forests subjected to chronic light-to-moderate fire regimes typically display a heterogeneous structure that in-
cludes gaps created by spatially aggregated mortality (transect through ponderosa pine forest in Bluejay Springs Research
Natural Area, Oregon). Drawing courtesy of Robert Van Pelt.

FIGURE 7.7. Lenga forest in Tierra del Fuego illustrating
the type of small gaps that are created by chronic wind dis-
turbance within the stand; successful regeneration of the
shade-intolerant lenga occurs within such gaps. Photo by J.
Franklin.
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tion, are sometimes viewed as models of this distur-
bance regime.

Episodic (stand replacing) and chronic disturbance
regimes as portrayed here do represent extreme con-
trasts. Most natural disturbance regimes are actually
mixtures of the two forms. For example, chronic dis-
turbances and associated tree mortality create spatial
heterogeneity within even-aged forests that are the re-
sult of stand-replacing disturbances, such as in coastal
Douglas-fir forests of northwestern America (Franklin
et al. 2002). Similarly, occasional high-intensity dis-
turbances can cause stand replacement to occur in re-
gions characterized by chronic regimes (Bowman
1999).

Traditional Forest Management
Models

Traditional forest management approaches are gener-
ally are not well matched with natural disturbance
patterns (Chapter 4). They are predominantly even-
aged and usually based on clearcutting. Structural
legacies are absent or limited, and management
regimes of this type generally result in considerable
within-stand homogeneity because uniformity in
treatment is a specific goal. Moreover, these types of
management regimes have the impact of an episodic
(stand-replacing) disturbance regime but are often ap-
plied with the frequency of a chronic disturbance
regime.

Considerations of patch size and location within
managed landscapes have typically begun with the
classic definition of a forest stand: a patch of forest
distinct in composition or structure or both from ad-
jacent areas (Helms 1998).

In practice, however, the goal was to create some
form of regulated forest in which the natural arrange-
ment would be reconfigured to achieve a particular
(usually an even) flow of some commodities with a
distribution of forest conditions as a byproduct. Al-
though natural patches and patch boundaries might be
considered in laying out harvest units, the creation of
a new network of patches of different forest age
classes was usually driven by other factors, including
priorities for harvest, such as conversion of the oldest

and most decadent forest first or providing the type of
logs (species, size, quality) currently needed by saw
mills; accessibility; and technical considerations, such
as logging methods, as well as approaches to slash dis-
posal and stand regeneration.

Patch sizes (i.e., the size of harvest units) were typ-
ically a balance between operational factors and the
topography and scale of local landforms. Distinct nat-
ural features, such as ridges and rivers, were often
used as managed patch boundaries. Biodiversity con-
servation and other environmental issues were rarely
considered, although creation of edge habitat for
game species was sometimes recognized, whether it
was actually a management goal or not.

Traditional forest management offered two con-
trasting approaches to imposing harvest units on the
landscape: (1) dispersion of patches throughout the
landscape (e.g., dispersed patch clearcutting), and (2)
contiguous or continuous cutting.

Dispersed Model
The dispersed management model involves spatially
dispersing harvest units of moderate size (e.g., 10 to
20 hectares) throughout a forest landscape (Franklin
and Forman 1987) (Figure 7.8). This approach has
often been favored by government agencies involved
in timber management such as the U.S. Forest Service
and a wide range of state government organizations in
Australia (Florence 1996). It has been applied for a

FIGURE 7.8. Example of initial stage (first entry) using dis-
persed-patch clearcutting on the Tongass National Forest,
southeastern Alaska, United States. Photo by J. Franklin.
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variety of social and technical reasons including (after
Franklin and Forman 1987)

• Opportunity to rapidly extend road systems in
previously unroaded area

• Good match to technology and economics of
logging

• Avoidance of large contiguous areas of slash
after harvesting

• Potential for natural regeneration
• Dispersed impacts on hydrology and aquatic

ecosystems
• Aesthetics and other social concerns

The concept of reducing the impacts of harvesting
activities by dispersing them throughout a landscape is
intuitively appealing as indicated by the old saying,
“the solution to pollution is dilution.” However, the
reality is very different for at least some ecological
functions, as noted below.

Dispersed-patch clearcutting can have significant
negative impacts on forest biodiversity, disturbance
regimes, and ecosystem processes (Franklin and For-
man 1987). Dispersed harvesting typically leads to
rapid forest fragmentation (Figure 7.9), large amounts
of edge, reduced patch interior habitat, and, often, re-
duced overall patch size.

Since harvest unit (patch) sizes are typically based
on economic and logging considerations rather than

on biological considerations, they are often inappro-
priate for some forest-dependent biota. For example,
in the Pacific Northwest, harvest unit sizes typically
averaged 10 to 15 hectares, which can severely limit
the amount of interior forest in the remainder of the
landscape. Remaining uncut units need to be 80 to
100 hectares to achieve even modest levels of interior
habitat within a clearcut landscape (Figure 7.10), and
the northern spotted owl needs intact forest areas of
100 to 1,000 hectares (see Chapter 11). Similarly, con-
solidating clearcuts to limit fragmentation and pro-
vide large uncut areas suitable for use by the American
marten (Martes americana) has been recommended in
Maine, in the northeastern United States (Chapin et
al. 1997). This was important because American
marten typically occupy intact habitat patches of
150–250 hectares.

Dispersed-patch clearcutting also increases the po-
tential for major damage from windstorms (Figure
7.11) (e.g., Gratkowski 1956; Alexander 1964; Sinton
et al. 2000). This is a consequence of several factors,
including increased (often rapidly increased) amounts
of high-contrast edge between cutover and intact for-
est, placement of harvest unit boundaries in relation

FIGURE 7.10. Amounts of interior and edge-affected (%
shown) habitat associated with different sizes of circular for-
est patches surrounded by clearcuts in the Douglas-fir re-
gion of northwestern North America. 

FIGURE 7.9. Forest landscape in an advanced state of dis-
persed-patch clearcutting; note the highly fragmented state
of the remaining intact forest and large amount of edge in
this landscape (Warm Springs Indian Reservation, Oregon,
United States). Photo by J. Franklin. 
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to soils and topography, and increased wind fetch
(Franklin and Forman 1987).

The Continuous Model
The continuous cutting model of harvest has been the
practice on many large industrial forest lands in
northwestern America (Figure 7.12). Here, extensive
areas of contiguous forest were progressively cut, re-
sulting in large contiguous clearcut patches. Since
clearcutting is the traditional approach, these large
cutover patches typically exhibited little internal het-
erogeneity or structural complexity. Large-scale
clearcuts can have significant negative impacts on
many elements of biodiversity and ecosystem
processes (e.g., Anderson et al. 1976). More recently,
riparian buffers and other retained areas have pro-
vided low to moderate levels of internal (within-patch)
structural heterogeneity.

Limitations on maximum clearcut patch sizes
(based on public relations concerns) in some jurisdic-
tions have required the separation of harvest units by
narrow strips of trees, which are subsequently re-
moved when tree regeneration reaches a designated
height. Such “green-up” requirements that limit
clearcutting of adjacent patches until some level of
tree regrowth has occurred are primarily cosmetic and
appear to provide few ecological benefits as noted
below.

Fragmentation is usually not a problem on land-
scapes subject to continuous clearcutting, since no
forested patches are retained, but the cumulative
effects of timber harvesting on hydrological pro-
cesses and aquatic ecosystems—as well as on forest
biodiversity—can be profound (e.g., Anderson et al.
1976). Large contiguous blocks of harvested land are
highly detrimental for some species, such as those
with limited dispersal capabilities (Recher et al. 1980).
Spence et al. (1996) believed that if the areas of har-
vested boreal forest in Canada were too large, then
the distance between suitable habitat patches might
not allow old growth–dependent carabid beetles to re-
colonize regenerating stands. Smith (2000) predicted
that the rare Tasmanian carnivorous snail Tasmaphena
lamproides would be sensitive to aggregated patterns of
harvest disturbance.

Neither the dispersed nor the continuous even-
aged approaches to forest harvest are based strongly
on natural models. Both require an extensive road
network, although there may be more opportunity for
reduced densities of permanent roads under the con-
tinuous approach. As traditionally practiced, neither
provide for within-harvest-unit (i.e., within-patch)
heterogeneity (e.g., structural complexity). Continu-
ous harvest results in larger harvest units (patch sizes)
and, possibly, longer periods (between disturbances)
for recovery in some stream drainages.

FIGURE 7.11. Dispersed-patch clearcutting and associated
road networks create the potential for large-scale windthrow
events, such as in the case of the Bull Run Watershed,
Mount Hood National Forest, Oregon, United States. Photo
by J. Franklin. 

FIGURE 7.12. Continuous clearcutting of forest landscapes
has been practiced on many large industrial forestlands. It
can result in loss of structural complexity over large areas as
well as cumulative impacts on hydrological and geomorpho-
logical regimes (industrial forest lands near Mt. Rainier,
Washington, United States). Photo by J. Franklin. 
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It is possible to devise landscape-level approaches
to forest harvest that both avoid many limitations of
traditional even-aged management regimes, which are
better matched to target organisms and processes, and
are closer to natural models of disturbance. We will
now consider important design attributes and the pos-
sible trade-offs among them, and then provide exam-
ples of several conservation-based landscape manage-
ment designs for timber harvesting programs.

Key Variables in Designing
Management Strategies

Important variables in designing forest management
strategies (including timber harvesting) are patch size
and shape, structural conditions within the recently
disturbed patch (patch content), and rotation period.

Patch Size and Shape
Issues of patch size and shape are fundamental because
of their influence on the availability of some contiguous
habitat conditions (i.e., scale of contiguous patch types)
or of some specific mosaic of habitat conditions; the
amount of edge (i.e., boundaries between patches)
within the landscape; and the extent of interior patch
conditions (i.e., area free of edge effects) available
within a patch and, collectively, within a landscape.

In addition, use of inappropriate patch sizes and
shapes can have long-lasting consequences for forest
landscapes because reversing the patterns that are cre-
ated requires focused efforts over very long periods.
There are also economic and aesthetic issues associ-
ated with selection of appropriate patch sizes and
shapes.

Ecological considerations in the selection of an ap-
propriate size for a management unit include

• Organisms of interest and their habitat re-
quirements, such as dependence on interior
patch or edge conditions

• Landscape context (or the condition of the
forest surrounding a patch)—the silvicultural
prescriptions, rotation period, extent of pro-
tected areas, and dominant landforms

• Natural range-of-variability in patch sizes

• Silvicultural prescriptions to be utilized and
their effects on habitat complexity within the
harvested patches

• Watershed scale of interest

Selected patch sizes should be appropriate to pro-
vide for the needs of biota of interest, particularly or-
ganisms associated with interior forest conditions (see
Box 7.3). Considerations should include potential
edge effects, which are often extensive and occasion-
ally immense, such as in the case of ungulate grazing
in the forests of the Great Lakes region in the north-
ern United States (8,000 meters.) (Alverson et al.
1994). The poor fit between harvest patch sizes (10 to
25 hectares) adopted for Douglas-fir forests in north-
western North America and some late-successional
species has already been noted (Franklin and Forman
1987). In this case, patch size was grossly inadequate
to provide unaltered interior forest microclimatic
conditions because of edge effects in the high-contrast
landscape of old-growth forest and clearcuts (Chen
1991); hence, species dependent on interior forest mi-
croclimate were at risk. The landscape also was un-
suitable for species that required large contiguous in-
tact habitat patches, such as the northern spotted owl
throughout much of its range.

Both biological and social concerns may limit the
size of harvest units that are acceptable, resulting in
adjacency constraints. As defined by Davis et al. (2001):
“The term adjacent refers to what is beside the feature
of interest. When the term adjacency constraint is used,
it generally means that we seek to control the timing of
activities that are beside (or near) one another” (emphasis
added).

BOX 7.3.

Woodland Caribou and the Value of 
Planning the Size of Harvest Units

The value of planning the spatial arrangements of har-
vest units is illustrated by woodland caribou in Canadian
forests (Thompson and Angelstam 1999) where the
species apparently requires old forest patches covering
hundreds of square kilometers. If harvest units are much
smaller than the patch sizes created by natural distur-
bances, populations may be fragmented and suscepti-
ble to predation.



A typical adjacency constraint is a “green-up” re-
quirement that limits the harvesting of management
units adjacent to recently cutover areas until regener-
ated trees reach a certain size. Green-up requirements
are typically based on aesthetic rather than on ecolog-
ical concerns. This approach results in the temporary
retention of narrow strips of trees between harvest
units that typically contribute little to biodiversity
conservation.

Patch shape can influence patch and landscape at-
tributes beyond the obvious effect it has on the pro-
portion of edge-affected and interior environments.
For example, accelerated mortality of trees is known
to occur at the edges of patches (Chen et al. 1992; Es-
seen 1994; Laurance 2000). The shape and location of
patch boundaries and the total amount of edge can
profoundly influence the potential for wind damage.
Complex patch boundaries, which are sometimes pro-
posed in order to reduce the aesthetic impact of har-
vest patches, can focus and intensify air movement re-
sulting in increased wind disturbance in adjacent
forest patches (Miller et al. 1992). The total amount
of edge (Franklin and Forman 1987) and the location
of edges in relation to environmental variables such as
topography, landform, and soil drainage (Moore 1977;
Savill 1983) can influence windthrow in intact forest
patches. Problem areas are patch boundaries on soils
with high seasonal water tables or in specific topo-
graphic positions, such as gaps or low points along
ridge tops (Gratkowski 1956; Alexander 1964; Ruth
and Harris 1979). In southeastern Australia, tree mor-
tality rates in retained forest strips within logged land-
scapes increased significantly with the increasing size
of harvest units, suggesting a relationship with in-
creased wind fetch (Lindenmayer et al. 1997a).

Internal Structural Complexity 
of Harvest Patches
Patch content matters. There has been a tendency to
view patches as either habitat or nonhabitat (see
Chapter 2), particularly in forest landscapes where
harvested patches are clearcuts. Such cutover areas re-
tained essentially no internal biological structures,
thereby eliminating habitat for many organisms, and
generated landscapes dominated by high-contrast
edges and, hence, intense and extensive edge influ-

ences, including altered disturbance regimes (e.g.,
Franklin and Forman 1987).

However, if disturbed patches support moderate to
high levels of structural complexity (i.e., biological
legacies), they retain some capacity for sustaining for-
est organisms and reducing the extent of edge influ-
ences. Similarly, the social acceptability of manage-
ment regimes may be increased as a result of reduced
visual impacts; the effect of live tree retention and
greater acceptability of partial cutting has been recog-
nized for many years. Therefore, the structural con-
tent of harvested patches or the lack of such content is
an important variable in determining appropriate har-
vest unit sizes, and the level of structural content is di-
rectly related to the silvicultural prescription adopted.
Prescriptions that provide for significant retention of
live trees and other structures (i.e., the retention har-
vesting approaches described in Chapter 8) can result
in

• Increased capacity of the harvested patches to
sustain biodiversity (refugia, lifeboating)

• Increased potential to accommodate species
and processes as stand recovery proceeds
(structural enrichment)

• Reduced edge impacts (including buffering of
reserved areas)

Where compositional and structural heterogeneity
is maintained on harvest units, such as by selective
cutting and structural retention, larger harvest units
are likely to be more acceptable socially and appropri-
ate environmentally than under clearcutting regimes.

Natural Guides to Patch Mosaics
The types of patch mosaics created by natural distur-
bances and with which native flora and fauna have
evolved can be used to guide the design of a forest
management patch mosaic (including mean patch
size) (see Chapter 4). We do not suggest that the his-
toric landscape patterns should be precise templates
for managed landscapes. In some cases it is impossible
to replicate natural patterns, such as the large-scale
catastrophic fires typical of the Douglas-fir forests in
northwestern North America and the mountain ash
forests of southeastern Australia (Hemstrom and
Franklin 1982; McCarthy et al. 1999) (Figure 7.13).
Such large-scale human disturbances are socially
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unacceptable and probably ecologically inappropriate
under modern conditions. Nevertheless, management
regimes can be adopted to better approximate natural
regimes, as discussed later in this chapter (see also
Spies and Turner 1999; see Chapter 4).

Ultimately, non-ecological considerations are sig-
nificant factors in the final selection of patch sizes,
shapes, and internal content, including aesthetics and
other aspects of social acceptability, economics, trans-
portation systems, and logging methods. These will
not be dealt with further here.

Rotation Period

Rotation period—traditionally defined as the length
of time between regeneration harvests under even-
aged management regimes—is an important variable
in managing forests for biodiversity. This is primarily
because it determines the rate at which the landscape
is perturbed by harvesting, hence, the recovery period
for harvest units, and, consequently, the proportion of
a landscape in various age classes, including recently
disturbed areas and late-successional conditions.

There are potentially strong interrelationships or
trade-offs between rotation period and harvest pre-
scriptions; high levels of structural retention (e.g.,

partial cutting rather than clearcutting) may make it
possible to achieve some conservation objectives
under short rotations and vice versa.

Rotations in managed forests have traditionally
been set using economic criteria, specifically analyses
based upon net present value (NPV)—the discounted
value of the revenues and costs from use of forest re-
sources over time (Davis et al. 2001). Calculation of
NPV relies on the use of compound interest and (typ-
ically) a 4 to 6 percent discount rate. As a conse-
quence, many forests are harvested on short rotations
(e.g., 40 to 60 years), well before the culmination of
mean annual increment (CMAI)—the time that maxi-
mizes annual growth per unit area of forest. There-
fore, such rotation periods are set to maximize profits,
not wood production.

Rotations based upon NPV and even (although to a
lesser extent) on CMAI can create major problems for
biodiversity conservation. At the landscape level they
can result in

• Loss of late-successional forest stands (Spies
and Turner 1999) because few if any old
stands escape harvest (Seymour and Hunter
1999)

• Loss of large trees, snags, and logs if clearcut-
ting is utilized (Franklin et al. 1981)

• Landscape dominance by cutovers and young
forests with potential negative impacts on hy-
drological regimes, such as peak flood flows
(Jones and Grant 1996), and geomorphologi-
cal regimes, such as debris torrents (Anderson
et al. 1976)

• Reduced average stand age (McCarthy and
Burgman 1995)

• Reduced levels of carbon sequestration (Way-
burn et al. 2000; Harmon 2001)

For all these reasons, rotation period is an impor-
tant variable in matrix management. Habitat for
species dependent upon late-successional forest con-
ditions or structures is likely to be totally eliminated
from landscapes managed by clearcutting on short ro-
tations (Franklin et al. 1981; Stohlgren 1992; Linden-
mayer 1994a). Similarly, species sensitive to the pro-
portion of recently disturbed landscape will be
negatively affected by short rotations (Milledge et al.
1991; Lamberson et al. 1994; Økland 1996).

FIGURE 7.13. Probability distribution of the percentages of
old-growth forest in the Oregon Coast Ranges over the past
3,000 years calculated from 100 independent simulations,
referenced to published estimates of old growth currently
and in the nineteenth century (from Davis et al. 2001). 



Reducing the rate of timber harvest by adopting
longer rotations is one powerful way to reduce some
of the negative impacts of traditional economic rota-
tions while still continuing to obtain forest products
from a landscape (Curtis 1997; Thiollay 1997).
Longer rotations can make positive contributions to
biodiversity conservation by

• Increasing the time available for organisms to
become reestablished in cutovers, although
their ability to do so is strongly influenced by
the amount, type, and spacing of retained
vegetation on cutovers (Franklin et al. 1997;
Lindenmayer and Franklin 1997a) (see Chap-
ter 8).

• Increasing the number of age classes within a
landscape to include late-successional stages
and thereby contributing to stand- and land-
scape-level heterogeneity. Conversely, it de-
creases the total area of forest in young co-
horts that are unsuitable for taxa sensitive to
the effects of logging operations (Curtis
1997).

• Improving connectivity between patches of
late-successional forest (Harris 1984; Norton
1999).

• Increasing opportunities for the recruitment
of key structural and floristic attributes of
stands that require a long time to develop,
such as large trees, snags, and logs (Curtis
1997).

• Expanding the range of stand management
options (silvicultural treatments) to improve
habitat development (Curtis and Marshall
1993; Carey et al. 1996; Bergeron et al. 1999)
(see Chapters 4 and 8).

• Buffering old-growth stands and other pro-
tected habitat in the landscape by reducing
the extent of edges with high structural con-
trast (Harris 1984).

• Providing options for reductions in the size of
permanent road networks (Franklin et al.
1997).

• Reducing the potential for negative cumula-
tive effects on hydrological and geomorpho-
logical processes (e.g., peak flood flows)—and,
consequently, reducing negative cumulative
effects on aquatic biota (e.g., Harr 1986; Jones
and Grant 1996; Jones et al. 2000).

• Increasing the array of forest management
options by delaying some aspects of decision
making (Curtis 1997). This has the additional
advantage of allowing for more-informed de-
cisions in the future based upon new and bet-
ter data.

Curtis (1997) identified a range of other benefits
from extended rotation periods, such as reduced visual
impacts from harvesting. Longer rotation periods also
will increase the quantity of carbon sequestered in the
landscape (Pacific Forest Trust 2000; Harmon 2001),
increase wood yields per unit area of land (Curtis
1994), and produce higher-quality forest commodities
(Curtis 1997), including water (Langford et al. 1982)
(see further benefits detailed in Chapter 8).

There are several ecological bases for selecting
longer rotation periods. One approach is simply to
determine the rotation period necessary to meet de-
fined landscape-level goals for specified structures or
structural conditions. For example, it is possible to se-
lect a rotation period sufficient to produce the mini-
mal area of managed late-successional forest desired
within a landscape or, conversely, to ensure that the
area of recent cutover and regenerating stands is at (or
below) the target threshold levels.

Natural forest cycles also are useful guides in se-
lecting rotation age. Historic return intervals for
stand-originating disturbances can be determined
using various scientific approaches to provide insights
into the proportion of the landscape that has been in
different age and structural classes of forest, such as
old growth. Dendrochronological approaches usually
have good space and time resolution but have limited
time depth, which is typically only two to three fire
intervals. Paleobotanical methods, such as those that
utilize pollen or charcoal, have weak time and space
resolution but can provide a window on the past cov-
ering many millennia. Historical reconstructions of
fire events are often possible for one or a few cen-
turies. Stand reconstructions based on destructive
analyses of stands can also provide useful insights on
recent effects of recent disturbances. For example, the
average interval between stand-replacing fires in
mountain ash forests was determined to be 180 to 220
years by stand reconstruction methods (Lindenmayer
1999a). A logical inference is that rotations of at least
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half this period (90 to 110 years) would be much bet-
ter for biodiversity conservation than the current
thirty-five- to eighty-year rotations.

Natural return intervals for stand-replacing events
occur at even longer intervals in many coastal forests
of northwestern North America, and their occurrence
may be related, at least in part, to long-term climatic
fluctuations. A natural fire return interval of approxi-
mately 400 years was calculated for forests in Mount
Rainier National Park, in Washington state (Hem-
strom and Franklin 1982). Some stands in coastal
British Columbia have return intervals of a millen-
nium or more (Lertzman et al. 1996). Disturbance
frequencies increase further south into Oregon and
northern California (Agee 1993).

Variability in the frequency of disturbance (as well
as the mean return interval of natural, stand-replacing
events) can have significant implications for setting
rotation times (McCarthy and Burgman 1995). As dis-
turbances typically occur at irregular intervals over
many centuries, there may be large variations in par-
ticular forest ages (such as old-growth forest) (Wim-

berly and Spies 2001) (Figure 7.13). Such variability
leads to long, right-skewed tails in age class distribu-
tions (Figure 7.14) with these tails representing very
old forests that can be critical for the conservation of
some organisms (Forest Ecosystem Management As-
sessment Team 1993; Henderson 1994; Marcot 1997).
One approach to replicating such distributions is to
allocate different proportions of a managed forest to
successively longer rotations (Table 7.1) thereby mim-
icking the proportion of forest maintained in different
stand ages around some average return interval, such

FIGURE 7.14. There can be large differences in the age
class distribution of naturally disturbed and human-dis-
turbed landscapes, even if the average frequency of distur-
bance events across the landscape is the same. A right-
skewed age class distribution occurs in naturally disturbed
forests with an average of 100 years between (stochastic)
disturbance events, leaving some old stands in the 200- to
350-year age classes as shown by the solid curved line. This
contrasts strongly with deterministic human disturbance
regime (logging) with the same return interval (i.e., the rota-
tion time is 100 years) where no stands exceed 100 years.
Redrawn from Van Wagner 1978 and Seymour and Hunter
1999. Reprinted with the permission of Cambridge Univer-
sity Press.

FIGURE 7.15. Multiple rotation ages of different areas of
forest within the same landscape can help better mimic the
variability in the frequency of natural disturbance regimes
with a mean return interval of 100 years and can ensure the
maintenance of some old forest cohorts—as would occur
under natural fire regimes (see Figure 7.13). Redrawn from
Seymour and Hunter 1999. Reprinted with the permission of
Cambridge University Press.

TABLE 7.1.

Proportion of the forest harvested at different
rotation times to match the age class distribution
created by inherent variability in fire frequency

around a mean return interval of 100 years
(after Seymour and Hunter 1999). 

PROPORTION OF FOREST
ROTATION TIME (YEARS) HARVESTED (%)

300 10

200 15

150 20

100 35

50 20

Image Not Available 

Image Not Available 



as 100 years (Henderson 1994; Seymour and Hunter
1999) (see Figure 7.15).

As shown in Figure 7.15, a single rotation period
may not be appropriate across an entire landscape. A
range of rotation periods may be necessary not only to
enhance biodiversity objectives, but also to achieve
greater congruence between human disturbances and
landscape patterns generated by natural perturbations,
if that is a goal (see Chapter 4).

Limitations of Longer Rotations 
at the Landscape Level
Despite their numerous benefits, long rotations are
not a universal solution for all conservation issues re-
lated to intensive forest management (Curtis 1997).
For example, to develop trees with cavities on clearcut
sites would require a substantial increase in rotation
period in some eastern Australian eucalypt forests from
the current 35 to 80 years to over 200 years. Some
species require cavity trees exceeding 400 years in age
(Ambrose 1982; Lindenmayer et al. 1991c). Even with
200-year rotations (which are unlikely to happen), only
25 percent of harvested stands (the stands greater than
150 years old) would support suitable nesting habitat
for the more than 100 cavity-using species at any one
time. Without structural retention at harvest, none of
the stands would contain these critical old structures,
so the only successful strategy over the long term is
one based upon retention (see Chapter 8).

Maintaining very long-lived stands and their asso-
ciated taxa cannot be resolved simply with long rota-
tions. The main reason is our limited knowledge
about the structure, function, and composition of very
old forests and the high probability that, even if we
were omniscient, human institutions and technology
are not up to the task of re-creating such ecosystems.
Even the Society of American Foresters (1984) has
agreed that re-creating old-growth forests is not pos-
sible (Thomas et al. 1988). Therefore, maintenance of
truly old forests requires that at least a portion of such
stands be reserved from harvest in the form of large
ecological reserves and midspatial-scale protected
areas. Late-successional forests and old-growth trees
are much older than even very long rotations (e.g.,
more than 300 years) (Figure 7.15). The natural life
spans of many tree species, such as Douglas-fir and
giant sequoia, exceed 1,000 years, and habitat devel-

opment continues for many centuries following a dis-
turbance (e.g., Franklin et al. 2002). There are appar-
ently many other organisms, such as some species of
lichens, that do not establish until trees are several
centuries old (McCune 1993; Henderson 1994).

Concentrating or Dispersing
Management Activities in 
Time and Space

The pattern in which management units are im-
posed on the landscape over time also matters.
Davis et al. (2001) refers to these choices as “tacti-
cal” issues and foresters have traditionally selected
one or two from what is actually an infinite array
of possibilities. These are strategic choices from
the standpoint of biodiversity conservation, be-
cause they can make the difference between sur-
vival and extinction for some taxa.

One fundamental choice is whether to favor dis-
persing or concentrating management activities in
time and space. The most traditional approach in
forest management has been to disperse activities
so that active management (such as timber harvest)
occurs in all parts of a landscape during every spec-
ified time period. The alternative is to concentrate
activities in one or a few selected portions of a
management unit (e.g., a drainage basin) during a
given time period (e.g., decade). This has some-
times occurred de facto, such as when large forest
units were progressively harvested.

Despite a tradition of dispersed approaches, the
alternative needs to be seriously considered—
concentrating activities in time and space. In fact,
natural disturbance regimes in many forest land-
scapes often are highly concentrated, rather than
dispersed in time and space. Many forest types are
subject to infrequent, catastrophic disturbances at
very large spatial scales, resetting entire landscapes
and creating new patches of hundreds to thousands
of hectares. Classic examples are the Douglas-fir
forests of northwestern North America, the lodge-
pole pine forests of interior western North Amer-
ica, and mountain ash forests in Australia. Simi-

7. Landscape-Level Considerations: Goals for Habitats, Transport Systems, and Space and Time 151



152 II. BIODIVERSITY CONSERVATION ACROSS MULTIPLE SPATIAL SCALES

larly, large, intense windstorms, such as the 1962
Columbus Day windstorm in western Oregon and
Washington, can dramatically alter very large
areas.

While such intense, large-scale disturbances and
the immense patches associated with them are rarely
acceptable to current human society (the large fires in
Yellowstone National Park, in the United States, may
be an exception), we note that the biota of these re-
gions are adapted to such disturbance regimes. Of
course, conditions within naturally disturbed patches
differ greatly from those found on the clearcuts
created by modern forestry; high levels of biological
legacies, including islands of undisturbed vegetation,
are characteristics of such disturbances (e.g., Delong
and Kessler 2000).

Disturbance regimes comprising areas with long
recovery periods may be particularly appropriate for
aquatic organisms and ecosystems. Dispersed manage-
ment regimes and the associated road networks have
effectively created a regime of chronic disturbance, in-
volving low- to moderate-intensity but frequent per-
turbations of aquatic ecosystems and lacking extended
disturbance-free recovery periods (Swanson et al.
1982) (Figure 7.16). Effectively, a regime of chroni-
cally elevated sediment has been substituted for
higher but episodic inputs of sediments resulting from
catastrophic disturbances.

The importance of this contrast in disturbance
regimes to anadromous fish and socially acceptable
management approaches to aggregating management
activities in time and space is described by Reeves et
al. (1995):

Aquatic ecosystems throughout the [western
North American] region are dynamic in space
and time, and lack of consideration of their dy-
namic aspects has limited the effectiveness of
habitat restoration programs. Riverine-riparian
ecosystems used by anadromous salmonids were
naturally subjected to periodic catastrophic dis-
turbances, after which they moved through a se-
ries of recovery states over periods of decades to
centuries. Consequently, the landscape was a
mosaic of varying habitat conditions, some that
were suitable for anadromous salmonids and
some that were not. Life history adaptations of
salmon, such as the straying of adults, move-
ment of juveniles, and high fecundity rates, al-
lowed populations . . . to persist in this dynamic
environment. Perspectives gained from natural
cycles of disturbance and recovery of the aquatic
environment must be incorporated into recov-
ery plans for freshwater habitats. In general, we
do not advocate returning to the natural distur-
bance regime, which may include large-scale
catastrophic processes, such as stand-replacing
wildfires. This may be an impossibility given the
patterns of human development within the re-
gion. We believe that it is more prudent to mod-

FIGURE 7.16. Hypothetical history of sediment yields in response to vegetation disturbance in the Cascade Range of Ore-
gon, United States; infrequent catastrophic fire produced large pulses of sediment but allowed for extended periods of re-
covery, while current management results in chronically elevated levels of sediment (modified from Swanson et al. 1982).
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ify human-imposed disturbance regimes to cre-
ate and maintain the necessary range of habitat
conditions in space (100 kilometers) and time
(10 to 100 years) within and among watersheds
across the distributional range of an ESU [evo-
lutionary significant unit]. An additional compo-
nent of any recovery plan, which is imperative in
the short-term, is the establishment of water-
shed reserves that contain the best existing habi-
tats and include the most ecologically intact
watersheds.

Longer intervals between harvest rotations
would be another component of this new distur-
bance regime. In single basins in the central
Oregon Coast Range, the desirable interval may
be 150 to 200 years. . . . Concentrating rather
than dispersing management activities could be
another element of the new disturbance regime.
This would more closely resemble the pattern
generated by natural disturbances than does the
current practice of dispersing activities in small
areas. For example, if a basin has four subwater-
sheds, it may be better to concentrate activities
in one for an extended period (50 to 75 years)
than to operate in 25 percent of each at any one
time.

Hence, concentrating activities in time and space
may, to at least some degree, sustain some elements of
biodiversity in some landscapes better than dispersing
activities, particularly if concentration of activities will
better meet the needs of targeted biota, allow for ex-
tended periods of recovery and reduce chronic im-
pacts, allow for larger patches, and create options for
reduced road densities.

Management approaches that concentrate activities
in time and space are not going to be successful (ei-
ther biologically or socially) if the practical result is
large, contiguous clearcuts. Patch content, which ulti-
mately depends upon the silvicultural regime adopted,
is critical for acceptance of larger management units
or harvested areas. Much higher levels of structural
retention and, hence, internal patch heterogeneity are
going to be necessary than would be the case with
small dispersed patches. Longer rotations, of course,
imply long recovery periods of disturbed areas and
smaller percentages of a landscape in a recently dis-
turbed state.

Examples of Conservation-Based
Approaches

In this section, we present some conservation-based
approaches to management that consider

• Natural models of disturbance within forest
landscapes of interest (including recovery pe-
riods)

• Habitat conditions needed to sustain native
biodiversity

• Trade-offs between patch size and internal
heterogeneity and rotation age

• Transportation network requirements

The trade-offs among patch size, patch hetero-
geneity, and rotation age assume that (1) when treated
patches have higher levels of internal structural com-
plexity, patch size is less of an issue; (2) when treated
patches have higher levels of internal structural com-
plexity, rotation period is less of an issue; and (3) when
rotation periods are longer, patch size is less of an
issue (see also Chapter 9).

Landscape Management Using Historic 
Fire Regimes in the Douglas-fir Region
The scientific team centered at the H. J. Andrews Ex-
perimental Forest in the western Oregon Cascade
Range (Luoma 1999) has pioneered an approach to
landscape management based upon the historic cata-
strophic fire regimes characteristic of the conifer
forests in this region. Two different planning areas
were targeted for analysis (Augusta Creek [Cissel et al.
1998] and Blue River [Cissel et al. 1999]). Results
from the two areas were similar and we use the Blue
River planning area in our example.

Landscapes were first subdivided into noncontigu-
ous areas representing three fire regimes that differed
in fire-return interval, distribution of fire (patch) size,
and severity (based upon overstory tree survival) based
on empirical studies (Figure 7.17a). Silvicultural pre-
scriptions were adopted for areas assigned to each of
the fire regimes that reflected historic patterns of dis-
turbances for those sites (Table 7.2). For example, in
areas naturally subject to a fire regime of high fre-
quency, low severity, and small size, a short rotation
(100 years), small harvest unit sizes (less than 40
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hectares), and a high level of structural retention at
harvest (50 percent crown cover in the overstory)
were prescribed. Recognition of special area reserves
(e.g., patches of old-growth forest for northern spot-
ted owl nest sites) and aquatic conservation areas were
also part of the landscape plan (Figure 7.17b).

The aquatic conservation strategy differed signifi-
cantly from strategies based upon standard-width ri-

parian corridors, such as the interim riparian reserve
strategy in the Northwest Forest Plan (Figures 7.17b
and 7.17c). The disturbance-based strategy was
designed primarily to meet aquatic ecosystem 
objectives and secondarily to contribute to late-
successional forest objectives. Aquatic reserves con-
sisted of (1) small watersheds (50 to 200 hectares)
that were reserved from any timber harvest and were

FIGURE 7.17. The 23,908-hectare Blue River landscape in
the Cascade Range of western Oregon utilized in the devel-
opment of a management plan modeled on natural distur-
bance regimes (adapted from Cissel et al. 1999). (A) Division
of landscape into areas subject to different fire regimes. (B)
Management areas differing in silvicultural regimes, special
area reserves, and riparian reserves under the interim plan.
(C) Management areas based upon area allocations of the
Northwest Forest Plan. Reprinted with the permission of the
Ecological Society of America.

TABLE 7.2.

Elements of the silvicultural prescriptions for the landscape areas with 
differing natural fire regimes (from Cissel et al. 1999).

PERCENTAGE RETENTION LEVEL 
AREA ROTATION AGE OF (% CROWN COVER

(YEARS) LANDSCAPE AREA IN OVERSTORY)

Small block Medium block Large (more than

(less than 40 ha) (40–80 ha) 80 ha) block

1 100 60 20 20 50

2 180 40 40 20 30

3 260 20 40 40 15

Image Not Available 



large enough to provide interior late-successional
forest conditions, and (2) riparian corridors of vary-
ing width (approximately 70 to 200 meters of slope
distance to either side of the stream), which were po-
sitioned around fish-bearing streams. In contrast
with the riparian reserve strategy of the Northwest
Forest Plan, riparian buffers were not established on
non-fish-bearing permanent or intermittent streams.
However, retention levels in the landscape plan can
be varied across the landscape to provide for high
levels of tree retention near streams.

The two approaches to landscape manage-
ment—the disturbance-based plan and the North-
west Forest Plan (Forest Ecosystem Management
Assessment Team 1993)—generated very different
future landscape structures based on long-term
simulations (Cissel et al. 1998, 1999) (Figure 7.18).
Two hundred years in the future (2195 A.D.), when
the Northwest Forest Plan was compared to the
disturbance-based landscape plan, the landscape
produced by the Northwest Forest Plan had (1)
more area in patches of young (less than eighty
years) forest due to higher harvest rates and
shorter rotations within the matrix, (2) less-varied
overstory and lower overall average retention lev-
els in areas subject to timber harvest, and (3) a
large gap in age classes due to near disappearance
of mature stands. The disturbance-based plan pro-

duced larger overall patch sizes (and, consequently,
more interior habitat), reduced high-contrast edge
habitat, and resulted in more late-successional for-
est than did the Northwest Forest Plan.

There are other differences in both landscape
structure and potential implications for biodiversity
and ecosystem processes between the approaches of
Cissell et al. (1998, 1999) and the Northwest Forest
Plan (Forest Ecosystem Management Assessment
Team 1993). Perhaps the most profound is that the
disturbance-based model results in a landscape that
better matches the patchwork and internal patch com-
plexity found under the natural range of variability.
The landscape strategy avoids the high and unnatural
levels of landscape contrast that occur when an exten-
sive fixed-width riparian buffer system (the riparian
reserves of the Northwest Forest Plan) interacts with
a harvested upland (the matrix of the Northwest For-
est Plan) (Figure 7.18).

Minimum Fragmentation Approaches 
in Managed Landscapes in the 
Great Lakes Region
Many, if not most, managed forest landscapes already
display substantial amounts of habitat fragmentation.
As issues of patch size, fragmentation, and mainte-
nance of interior forest conditions have emerged, fed-
eral land managers in the United States have begun to

FIGURE 7.18. Simulated landscape patterns 200 years after implementing the disturbance-based landscape plan (A) and the
Northwest Forest Plan (B) on the current Blue River landscape. Adapted from Cissel et al. 1999. Reprinted with the permission
of the Ecological Society of America.
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develop and adopt landscape-level approaches that not
only minimize additional fragmentation (so-called
“min-frag” approaches), but also attempt to repair the
effects of past management.

Projects in the Chequamegon National Forest
(Wisconsin, United States) provide early examples of
such efforts (Parker 1997). The selection of appropri-
ate spatial and temporal patterns of harvest units was
central to restoration programs in this forest, including
the use of much larger patch sizes—whether for main-
tenance of interior forest conditions or for restoration.
The need for larger blocks of old growth first emerged
because of concerns over edge effects associated with
ungulate herbivory on understory plants. Such unde-

sirable effects can extend for as much as 8,000 meters
from the stand edge in this landscape (Alverson et al.
1994). However, restoration approaches designed to
reduce fragmentation of forest landscapes have also
been proposed as a part of other restoration and tim-
ber programs, such as on some of the pine barren habi-
tats found in the Chequamegon (Parker 1997). Pine
barrens under pre-European conditions had low tree
densities with species-rich herbaceous and shrub layers
that were maintained by recurrent natural fire. Log-
ging and fire control programs modified patch mosaics
and stand conditions. Restoration of these landscapes
is carried out using management regimes more compa-
rable to the natural conditions, such as a shift from

FIGURE 7.19. Spatial arrangement of timber harvest activ-
ity under two alternatives proposed for the Sunken Camp
area of the Chequamegon National Forest, Wisconsin,
United States. (A) Alternative designed to create large habi-
tat units for nongame wildlife species. 

(B) Alternative to dispersed timber harvest activity in small
(less than 15-hectare) clearcuts (from Kick 1990). 



managed patch sizes of 20 to 5,000 hectares, thereby
simulating historical, fire-regenerated patch size. In
addition, silvicultural regimes have been shifted from
clearcuts to prescriptions that better simulate the
structural complexity and plant species composition
required by pine barren taxa.

A draft environmental impact statement for 
the Sunken Camp area on the Chequamegon Na-
tional Forest provides an example of high and low
fragmentation alternatives for a proposed jack pine
restoration project (Kick 1990). Three action alterna-
tives were proposed and analyzed:

1. Emphasis on creation of large units of habitat for
plant and animal species

2. Emphasis on human recreation and creating large
habitat units for nongame wildlife species

3. Emphasis on harvesting timber in clearcuts of 15
hectares or less

A comparison of areas of edge-affected and con-
tiguous forest that would result from the various al-
ternatives makes clear the contrast between a frag-
mentation-oriented approach (Alternative 3) and
approaches designed to reduce edge effects and in-
crease interior habitat (Alternatives 1 and 2) (Table
7.3) (Figure 7.19). Edge-affected habitat is much
lower and contiguous interior forest area is higher
under Alternatives 1 and 2 than under Alternative 3.
Although fragmentation is reduced under Alterna-
tives 1 and 2, not all potential conservation objec-
tives are achieved for the landscape (see Alverson et
al. 1994).

Timber Harvesting Modeled 
on Chronic Disturbance 
(Gap-Type) Regimes

Technically it is relatively easy to develop silvicultural
regimes modeled on natural disturbance regimes in
which forests are subject to chronic, low- to moder-
ate-level disturbances. As noted earlier, such regimes
produce forests with high levels of spatial complexity
as a result of gap-scale disturbance events. From an
ecological perspective, the stands consist of a fine-
scale, low-contrast mosaic of structural units in which

essentially all stand structures and developmental
processes are simultaneously present (Franklin et al.
2002).

Stands managed for timber production utilizing the
gap-based disturbance model have a number of eco-
logical advantages (Hammond 1991), foremost among
them being retention of forest influence or dominance
over essentially the entire managed landscape. Such
approaches are often referred to as group selection by
foresters. Care is necessary, however, to ensure that
the prescribed sizes of harvested “groups” are compa-
rable to natural gap sizes (e.g., Knight 1997) or at least
sufficiently small that the microclimatic regimes are
still dominated by forest rather than by open
(clearcut) conditions. Other concerns are the extent of
the road system required and the perpetuation of
large-diameter trees, snags, and logs within the man-
aged landscape.

There are few well-documented examples of gap-
based timber harvesting, particularly on lands subject
to large-scale forestry operations. Most applications
are on relatively small, private forest holdings, such as
those owned by individuals, family groups, indigenous
peoples, and local communities. A gap-based
approach to harvest of southern beech forests was im-
plemented on public lands under timber license in
New Zealand. Logging was accomplished using
helicopters—limiting the negative economic and eco-
logical consequences of road networks—and the pro-
gram appeared to be successful both environmentally
and economically. However, the project was termi-
nated for political reasons.

Gap-based approaches to harvesting have been
proposed for forests subject to chronic low-intensity
fire, such as those in the southeastern United States.
For example, group selection was adopted by the
United States Congress as a part of an overall land-
managed strategy for management on approximately
800,000 hectares of national forest land in the north-
ern Sierra Nevada in California. This strategy, re-
ferred to as the “Quincy Library Group plan,” has
been incorporated into the current management plan
for federal lands throughout the Sierra Nevada
(USDA Forest Service 2001b).

Gap-based approaches do offer some outstanding
opportunities to model forest harvesting on natural
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disturbance regimes. Nevertheless, it is necessary to
ensure that

• The scale of the harvested groups does not
grossly exceed the scale of natural distur-
bances

• Levels of large trees, snags, and logs appropri-
ate to achieve biodiversity and other ecosys-
tem objectives are maintained within har-
vested stands

• Rotation periods or stand reentries allow for
stand recovery

• Roads and skid trails do not unacceptably im-
pact upon soils and aquatic ecosystems

It is useful to note that gap-based systems do con-
stitute chronic perturbations of the forest landscape
and that their potential negative ecological impacts
will be related to their cumulative effect. In some re-
spects they can be considered the ultimate expression
of dispersing management activities in time and space.

Conclusions
How to impose management activities such as timber
harvest in time and space is extraordinarily complex.
Developing a functional multiscale approach to con-
servation of biodiversity and ecosystem processes in
forests requires careful analysis. This vital issue has
received little attention from either resource man-
agers or conservation biologists, who often appear to
assume that certain approaches (e.g., dispersion of

management in time and space, patch size, etc.) are
obviously correct and can be applied uniformly in all
places.

In fact, there are important alternatives. One
approach—such as in regions subject to chronic
disturbances—may be to manage more of the land-
scape extensively (but sensitively), thereby reducing
contrast among the landscape patches and improving
overall habitat levels and connectivity. In other land-
scapes, it may be better to concentrate activities in
time and space and to utilize longer rotations, espe-
cially where there are aquatic ecosystems that evolved
under episodic disturbance regimes. Smaller harvest
units are not necessarily superior to larger harvest
units, particularly when silvicultural prescriptions
provide for significant retention of forest structures
and internal patch heterogeneity following harvest.
Interactions between time-space patterns of timber
harvest and transportation networks need careful con-
sideration, particularly as the impacts of midslope
roads in mountainous topography become increas-
ingly unacceptable. Ultimately, the interactions
amongst patch size and shape, patch content, rotation
length, and transportation networks and decisions as
to whether to concentrate or disperse activities within
the landscape must be considered in the context of the
biological and environmental goals, economic and
technical constraints, and social acceptability. Uncer-
tainties and risks will have to be a part of such analy-
ses. Trade-offs among goals are certain (see Chapter
9). But alternatives and consequences need to be

TABLE 7.3.

Landscape attributes under three different management alternatives for the Sunken
Camp area, Chequamegon National Forest, Wisconsin. Alternatives 1 and 2 are 

designed to create larger habitat units while Alternative 3 is designed to 
disperse activities in clearcuts of less than 15 hectares in size. 

Edge effects were calculated using a width of edge-affected region of 100 meters.

AREA OF NEWLY AREA OF
CREATED EDGE (% OF CONTIGUOUS

ALTERNATIVE EDGE (KM) LANDSCAPE) INTERIOR FOREST (HA)

1 185 18.9 4884

2 156 15.9 5670

3 238 24.3 4788



openly considered and analyzed rather than simply
adopting past patterns and preferences.

Other Landscape-Level
Considerations

Fundamental to matrix management is the protection
of critical habitats and sensitive areas within managed
forests (see Chapter 6). However, in many forest land-
scapes, human activities have substantially reduced the
original extent of some habitat types (e.g., late succes-
sional forest) so that the viability of taxa dependent
upon them is threatened (e.g., Berg et al. 1994). This
is especially true for forest regions that have long been
settled, such as Europe and southcentral Asia. It also
can be a problem in regions that have only recently
been a forest frontier, as illustrated by the Siuslaw Na-
tional Forest in the Oregon Coast Ranges (Harris
1984). Old-growth forests occupy only 3.3 percent of
that national forest as a result of human-caused fires
in the mid-nineteenth century and high rates of tim-
ber harvest during the last forty years. Furthermore,
with an average old-growth patch size of approxi-
mately 28 hectares, only eight stands exceed 140
hectares, and the majority (61 percent) cover 16
hectares or less (Harris 1984). Such dramatic changes
negatively and significantly impact the array of species
known to be closely associated with late-successional
forests (Forest Ecosystem Management Assessment
Team 1993; Marcot 1997). Another example is old-
growth eucalypt forest in Australia. Past human dis-
turbances (such as logging) have made late-succes-
sional forests of many eucalypt types rare (Recher
1985; Woodgate et al. 1994). Only small areas of old
growth remain in the wood production montane ash
forests of the Central Highlands of Victoria—the
largest patch is 57 hectares and most patches are less
than 20 hectares in size. The limited amount of old
growth jeopardizes the long-term persistence of pop-
ulations of other species such as the sooty owl, yellow-
bellied glider, and Leadbeater’s possum in wood
production areas (Milledge et al. 1991; Lindenmayer
et al. 1999a; see Chapter 12).

Landscapes that have been subjected to extensive
human modification, such as the Siuslaw National

Forest and the Central Highlands of Victoria, may be
places where increasing the total area of old growth,
as well as conserving existing remnant old growth,
should be a primary conservation objective. Some
young forests could be reserved from future timber
harvest and allowed to redevelop late-successional
conditions (Lindenmayer and Possingham 1995a; Øk-
land 1996). In some cases, a decision to actively facili-
tate development of old growth may be desirable or
necessary (Forest Ecosystem Management Assessment
Team 1993; Mladenoff et al. 1994). Examples of such
activities include

• Use of prescribed fire and mechanical treat-
ments to reduce the potential for catastrophic
fires and to reintroduce periodic fire into for-
est types characterized by low- to moderate-
intensity fire regimes but which have been
subject to fire suppression (Sierra Nevada
Ecosystem Project 1996; Bowman 1998;
Miller and Urban 2000; USDA Forest Service
and USDI Bureau of Land Management
2000).

• Thinning young stands that were either natu-
rally regenerated or planted following har-
vest. Dense, uniformly stocked stands, such as
those created for timber production purposes,
may require long periods to develop struc-
tural features characteristic of late-succes-
sional forests (e.g., large trees, snags, logs, and
spatial heterogeneity). Thinnings and other
stand and tree treatments can accelerate de-
velopment of these structures.

• Managing riparian buffers to enhance struc-
tural development, such as by thinning dense
young stands and planting desirable species
that will produce large, decay-resistant woody
debris (Forest Ecosystem Management As-
sessment Team 1993).

Chapter 8 provides further detail on stand manage-
ment activities that can enhance biodiversity conser-
vation and ecosystem processes.

Landscape restoration programs can sometimes be
assisted by catastrophes such as wildfires and floods
(Gregory 1997). As outlined in Chapter 4, these
events leave large quantities of biological legacies and
can help restore some of the stand structural complex-
ity, landscape heterogeneity, and aquatic ecosystem
integrity lost as a result of forest management prac-
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tices. Therefore, it is important for agencies responsi-
ble for forest management to develop salvage harvest
policies regarding the retention of biological legacies
following catastrophes so as to promote landscape
restoration.

Finally, landscape restoration efforts can often ben-
efit from taking advantage of existing areas of conser-
vation value in the matrix. For example, existing areas
of old-growth forest can be useful nodes around
which to expand the size of the (often limited) old-
growth estate (McCarthy and Lindenmayer 1999a).
Similarly, places that have been subject to lower-in-
tensity harvesting operations in the past and which
support larger numbers of biological legacies can be
good locations for focused restoration efforts. The
value of landscape maps to assist such exercises is
obvious.

Integrating Matrix Management
Strategies at the Landscape Level

Landscape management of matrix forests needs to be
guided by explicit objectives. Relevant questions
might include: What are the largest patch sizes that
need to be maintained and where will they be located?
How many wildlife corridors should there be per unit
area of forest? How are riparian and upland objectives
to be balanced? The checklist in Table 6.1 in Chapter
6 incorporates a range of items for consideration as
part of an integrated approach; of course, not all items
apply equally to all landscapes. For example, the size
of riparian buffers will depend partially on the amount
of other vegetation retained and the silvicultural sys-
tems employed in adjacent harvested areas. Different
numbers and types of midspatial-scale protected areas
within the matrix may be required depending on the
rotation time and/or the extent of stand-level struc-
tural retention (see Chapter 8).

Goals for wood production from the matrix must be
integrated with the conservation goals within the land-
scape of interest. Wood production goals have often
been set at levels that are not consistent with maintain-
ing desired levels of biodiversity and ecosystem
processes. Wood production goals often failed to ac-
count for uncertainties and risks associated with natu-

ral disturbances, such as wildfires, floods, and wind-
storms; events that occur at the scale of the 1962
Columbus Day windstorm or the 1980 Mount St. He-
lens eruption (both in the Pacific Northwest region of
the United States) can have profound consequences
for both commodity and conservation objectives.

Concepts such as “landscape resource accounting”
can be useful by giving consideration to relationships
among forest biodiversity, forest commodities, and
forest services (e.g., timber yields and water produc-
tion) at the landscape level. For example, in the
mountain ash forests of southeastern Australia, there
are direct and positive relationships between increased
production of water, the conservation of area-sensitive
species, and the proportion of old-growth forest in the
landscape. Landscape-level forest planning needs to
account for these different values within the bounds of
logical and clearly stated objectives and use models
that simulate future spatial changes in landscapes
under different management regimes to compare and
assess effects. Models can help managers conceptual-
ize and visualize long-term consequences of near-term
management decisions, including cumulative changes.

Final Comments
Currently, four broad categories of approaches for
landscape-level matrix management are recognized:

1. Identification and appropriate management of
mesoscale reserves, including buffers for aquatic
ecosystems, specialized habitats, biological hotspots,
and remnants of late-successional or forest within the
matrix

2. Identification of landscape-level goals for the retention
or maintenance of particular habitats or structures and
limitations or thresholds on other conditions

3. Design, construction, and maintenance of transporta-
tion systems (primarily road networks) so as to mini-
mize impacts on species, critical habitats, and ecologi-
cal processes

4. Decisions regarding placement of harvest or other
treatment units in time and space—including consid-
erations of patch size, shape, and content, rotation
length, and the interactions of these elements—and of
dispersion versus concentration of activities



This chapter has focused on Categories 2, 3, and 4
and highlighted the diverse ways in which these as-
pects of matrix management can enhance biodiversity
conservation. Generic and “cookbook” approaches do
not work because each landscape differs in its physical
and biological characteristics (including those im-
posed by history), social and economic constraints,
and specific management objectives, including species
assemblages targeted for conservation.

Many aspects of landscape-level matrix manage-
ment represent a significant challenge for forest man-
agers, in part because of the difficulty in conceptualiz-
ing key processes (and major problems) over large
spatial scales and long temporal scales. Computer-
based visualization techniques can help meet some of
these challenges and assist managers to, for example,
simulate cumulative changes in landscape patterns ac-
cruing from different spatial arrays of many sequential
harvest units. Weyerhaeuser Company has recently
employed such visualization techniques to model in-

terrelationships between different harvesting scenar-
ios and landscape patterns for its lands on Vancouver
Island (British Columbia). As with all modeling tools,
it is essential that users are well aware of the assump-
tions and limitations of such techniques; otherwise
“virtual reality can quickly descend into real stupid-
ity.”

We have only two generic recommendations: First,
do not manage every landscape in the same way.
Rather, spread the risks by creating a range of condi-
tions and spatial patterns in different landscapes as de-
scribed by the risk-spreading approach in Chapter 3.
Second, consider the principles for conserving biodi-
versity (Chapter 3) and, with those in mind, work sys-
tematically through the hierarchically structured
checklist of items for consideration in matrix manage-
ment (Table 6.1 in Chapter 6). These principles and
the strategies to address them should be considered at
a range of spatial scales, including the stand level,
which is the topic of Chapter 8.
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Stand-level matrix management encompasses three broad

strategies: (1) structural retention at the time of regenera-

tion harvest, (2) management of regenerated and existing

stands to create specific structural conditions, and (3) long

rotations or cutting cycles.

Each strategy contributes uniquely to the maintenance of

biodiversity within managed stands so that the strategies

can be effectively combined to address a broader range of

objectives. For example, the advantages of long rotations

are enhanced by structural retention at the time of harvest.

Active management of dense regenerating stands for struc-

tural complexity can prevent the development of dense

young forests with limited habitat value for biodiversity that

might occur if only structural retention is applied.

Innovative silvicultural systems that address both com-

modity production and biodiversity conservation can be

achieved by integrating the above three strategies. Informa-

tion about natural disturbance regimes, including the types,

numbers, and spatial patterns of biological legacies, can be

used to guide the development of these systems. New silvi-

cultural systems that conserve biodiversity are emerging,

such as variable retention harvesting (Franklin et al. 1997),

the biodiversity pathways model of active stand manage-

ment (Carey et al. 1996), and modifications of traditional

clearcutting (Fries et al. 1997). In tropical forests, more eco-

logically sensitive “reduced impact logging” (RIL) systems

are being developed (Putz et al. 2000). The ultimate goal is

the development of comprehensive conservation-based sil-

vicultural systems that incorporate all aspects of manage-

ment from structural retention at regeneration harvest

through to active ecologically oriented management of

stands that are grown on rotation times sensitive to environ-

C H A P T E R  8

Matrix Management in the Harvested Stand

Carrying out our local and global responsibilities to protect biological diversity in
forests does not end at the landscape level. Building on the solid foundation, we
must ensure that all our activities at the stand level . . . are carried out in an
ecologically responsible way.

—HAMMOND (1991) 
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mental considerations and are applied over multiple
rotations.

The implementation of any strategy and associated silvi-
cultural system is driven by management objectives and
physical and biological conditions present in a landscape.
Matrix-based strategies must be developed on a case-by-
case basis (see Part III).

Although each of the three strategies—as they emerge in
newly developed silvicultural systems—can contribute signif-
icantly to biodiversity conservation, a holistic approach to
forest management is needed where the combined contri-
bution of an array of matrix-based strategies (and large eco-
logical reserves) is considered. Potential deficiencies in any
single approach and a lack of information about long-term
effectiveness do underscore the importance of dedicated
large ecological reserves. The real challenge then is the de-
velopment of sophisticated plans that integrate considera-
tions at the stand, landscape, and large ecological reserve
levels.

Developing and maintaining structural complexity in
managed stands is central to any forest management
program that has the serious intent of maintaining
forest biodiversity and ecosystem processes. Unfortu-
nately, a common premise in conservation biology is
that a forest landscape is divided into suitable habitat
(the reserves and corridors) and nonhabitat (every-
thing else), effectively ignoring the potential contribu-
tion of managed stands. Of course, this is not the situ-
ation, even in landscapes totally dominated by
intensive forestry practices, such as plantations (see
Chapter 10).
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The internal structure and composition of harvest
units and managed stands is a primary determinant of
the degree to which a managed forest landscape will
sustain biodiversity and maintain ecosystem processes.
The objective of matrix management at the stand level
is to purposefully increase the contribution of harvest
units to the conservation of biodiversity. As noted in
Chapter 3, this is accomplished by enriching the
structural and compositional complexity of managed
stands. Stands can be managed to sustain species, in-
crease habitat diversity, improve connectivity, buffer
sensitive areas, and sustain ecosystem processes, in-
cluding site productivity.

Although traditional silvicultural practices some-
times contribute to these goals, they can also detract
from them. For example, traditional commercial thin-
ning, which is designed to produce large and evenly
distributed trees, may actually simplify and homoge-
nize stand structure. Hence, the need for new ap-
proaches to thinning.

In this chapter, we emphasize approaches that will
enhance structural and compositional complexity in
managed stands with an emphasis on landscapes in
which both timber production and conservation of
biodiversity are management goals. The checklist of
strategies for matrix management from Chapter 6 is
reproduced in Table 8.1 along with the related guid-
ing principles from Chapter 3 (Table 8.2).

Stand Management and 
Biodiversity Conservation Goals

Virtually all primary forests around the world are
structurally complex—even those in the early stages of
succession following a natural disturbance. This struc-
tural complexity ranges from the forest floor with its
array of types and patterns of coarse woody debris
(Franklin et al. 1981; Harmon et al. 1986; Maser et al.
1988) to complex, vertically integrated forest canopies
(Parker 1997; Brokaw and Lent 1999; Parker and
Brown 2000; Schütz 2001).

Intensive timber management practices, such as
clearcutting followed by establishment of densely
stocked plantations, simplify and homogenize stand
structure (Halpern and Spies 1995; Lindenmayer and

TABLE 8.1.

Checklist of factors for matrix management.

LARGE ECOLOGICAL RESERVES (CHAPTER 5)

CONSERVATION STRATEGIES WITHIN THE MATRIX:
LANDSCAPE-LEVEL CONSIDERATIONS
(CHAPTERS 6 AND 7)

Protected habitat within the landscape matrix: protected
areas at intermediate-spatial scales

Special habitats

Cliffs, caves, rockslides, thermal features, meadows, 
vernal features

Remnant patches of late-successional forest

Biological hotspots

Calving areas, source areas for coarse woody debris,
populations of rare species

Fire, wind, and other disturbance refugia

Aquatic ecosystems and riparian buffers

Springs, seeps, vernal features, lakes, ponds, wetlands,
streams and rivers, and associated buffers

Wildlife corridors

Culturally sensitive areas within the matrix

Other landscape-level considerations

Transportation systems (e.g., roading networks)

Landscape-level goals for specific structural features (e.g.,
large snags)

Spatial and temporal patterns of timber harvesting

Dispersed versus aggregated

Size of harvest units

Rotation lengths

Restoration and re-creation of late-successional forests or
other habitat features

CONSERVATION STRATEGIES WITHIN THE MATRIX: 
STAND-LEVEL CONSIDERATIONS (CHAPTER 8)*

Habitat within management units or stands*

Retention of structures and organisms at time of
regeneration harvest*

Creation of structural complexity through stand
management activities*

Lengthened rotation times*

Strategies addressed in this chapter are indicated by an as-
terisk (*).
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Franklin 1997a). These impacts are accentuated by
harvesting over multiple rotations. In fact, almost all
traditional regeneration harvest approaches (clearcut,
seed trees, shelterwood, and group selection) create
simplified forest conditions. The Silvicultural System
Project conducted in the mountain ash forests of Vic-
toria, Australia, is illustrative (Squire et al. 1987). Sev-
eral silvicultural prescriptions—including shelterwood
and group selection—were incorporated into the ex-
periment, but all prescriptions provided for eventual
removal of all living trees after eighty years and dif-
fered only in the proportion of the stand removed at
each entry. Hence, all of the traditional silvicultural
approaches tested had negative long-term impacts on
cavity-dependent fauna that occur in natural moun-
tain ash forests (Lindenmayer 1992).

A challenge for forest managers is to develop and
implement management practices that restore stand

structural complexity (Principle 3 from Chapter 3) as
well as facilitate connectivity and maintain the in-
tegrity of aquatic ecosystems (Table 8.2). Some of
these goals can be achieved by creating and maintain-
ing the structural complexity and compositional diver-
sity (see Table 8.3) that will, in turn, sustain targeted
elements of biodiversity.

Management Approaches for
Enriching Managed Stands

Three broad strategies can be used to manage stands
for biodiversity conservation, each enriching struc-
tural complexity and thereby also enriching the di-
versity of habitats in managed stands. These strate-
gies are (1) structural retention at the time of

TABLE 8.2.

Matrix management and the achievement of the general principles outlined in Chapter 3. 

PRINCIPLE STRATEGY

Principle 1. Maintenance of connectivity • Riparian and other corridors
• Protection of sensitive habitats with the matrix
• Vegetation retention on logged areas throughout the landscape
• Careful planning of roading infrastructure
• Landscape reconstruction

Principle 2. Maintenance of landscape • Riparian and other corridors
heterogeneity • Protection of sensitive habitats within the matrix

• Midspatial-scale protected areas
• Spatial planning of cutover sites
• Increased rotation lengths
• Landscape reconstruction
• Careful planning of roading infrastructure
• Use of natural disturbance regimes as templates (see Chapter 4)

Principle 3. Maintenance of stand complexity • Retention of structures and organisms during regeneration harvest
• Habitat creation (e.g., promotion of cavity-tree formation)
• Stand management practices
• Increased rotation lengths
• Use of natural disturbance regimes as templates

Principle 4. Maintenance of intact aquatic • Riparian corridors
ecosystems • Protection of sensitive aquatic habitats within the matrix

• Careful planning of and maintenance of roading infrastructure

Principle 5. Risk-spreading • Adoption of array of strategies critical to principles listed above
• Ensuring that strategies are varied between different stands and land-

scapes (“don’t do the same thing everywhere”)



166 II. BIODIVERSITY CONSERVATION ACROSS MULTIPLE SPATIAL SCALES

regeneration harvest, (2) management of established
stands to maintain or create structural and functional
complexity, and (3) long rotation periods or cutting
cycles.

A fourth approach is the introduction of particular
plant species to increase the compositional diversity of
a stand (Tappeiner et al. 1997), although this is effec-
tively covered under strategy 2, discussed later in this
chapter. All three strategies will be needed if biodiver-
sity is to be effectively conserved in production forests
(e.g., Hammond 1991; McComb et al. 1993; Carey et
al. 1996; see Chapter 9).

Structural Retention at the
Time of Regeneration Harvest
Retaining structures from the original stand—such as
large decadent trees, snags, and logs—at the time of
regeneration harvest is an emerging strategy for main-
taining and enhancing the structural complexity of
stands in temperate production forests (Recher et al.
1980; McComb et al. 1993, Franklin et al. 1997; Fries
et al. 1997) (see Figure 8.1). Structural retention
strategies are modeled on the biological legacies that
characterize most natural forest disturbances (see

FIGURE 8.1. Large decadent trees, large snags, and large
logs are features of forest stands that are difficult to create
but which can be maintained within managed forests by in-
corporating structural retention in regeneration harvest pre-
scriptions. Such a strategy is highlighted in this area of har-
vested Douglas-fir forest on the Willamette National Forest,
Oregon, United States. Photo by J. Franklin.

TABLE 8.3.

Components of compositional and structural
diversity in managed stands that contribute
significantly to maintenance of biodiversity 

and ecosystem processes.

COMPOSITIONAL DIVERSITY (both overstory and under-
story) THAT PROVIDES KEY HABITAT (e.g., nesting sites,
substrate for epiphytes):

• Forms critical structures (e.g., large persistent woody
debris)

• Sustains symbiotic partners (e.g., mycorrhizal-forming
fungi)

• Important food sources (e.g., fruits and protein-rich
herbage)

• Key processes (e.g., nitrogen fixation)

• Species diversity (e.g., deciduous trees in an evergreen
coniferous forest)

STRUCTURAL DIVERSITY (INDIVIDUAL STRUCTURES), 
INCLUDING:

• Large-diameter trees

• Decadent living trees (e.g., stems with decay, branch
brooms, and dead tops)

• Standing dead trees (snags)

• Logs and coarse woody debris on forest floor

• Large-diameter branches

• Complex bark (e.g., exfoliating or deeply furrowed bark)

• Thick litter layers

STRUCTURAL DIVERSITY (SPATIAL PATTERNS):

• Gaps (canopy openings)

• Anti-gaps (heavily shaded patches)

• Vertically continuous or multilayered canopies
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Chapter 4) (Franklin et al. 2000b; Franklin and
MacMahon 2000). A review by Bunnell (1999b)
showed that many species from a wide range of groups
can benefit from the retention of biological legacies in
a stand.

Structural retention can make substantial contribu-
tions to biodiversity conservation by

• Maintaining or “lifeboating” biota on a har-
vested site during and following logging by
conserving their essential habitat, such as
snags or logs

• Structurally enriching the new stand, thereby
allowing organisms to more quickly recolo-
nize harvested sites

• Modifying post-logging habitat conditions,
such as microclimate, making it suitable for
particular species

• Facilitating movement of organisms through
harvested areas

• Buffering protected zones, such as riparian
corridors, within the matrix

These roles are described more fully in Chapter 3
and also in Franklin et al. (1997).

Structural Retention—What to
Retain? How Much to Retain? 
What Spatial Pattern to Retain?

Identifying and prioritizing management objectives,
which defines the trade-offs between economic and
conservation goals, must precede the development of
a silvicultural prescription (Gibbons and Lindenmayer
1996; Franklin et al. 1997). Once management objec-
tives are defined and the relevant information assem-
bled, silvicultural prescriptions that provide for struc-
tural retention can be developed. These prescriptions
must address three key issues:

1. What structures are to be retained?
2. How much of each structure should be retained?
3. How should these structures be spatially arranged?

Empirical data that can be used to address these
three issues is often limited. However, useful informa-
tion is provided by studies of structural and floristic
attributes of natural stands (e.g., old-growth forests)

and of the types, numbers, and patterns of biological
legacies that remain in stands following natural distur-
bance (e.g., Delong and Kessler 2000; see Chapter 4).
Large structural features that are difficult or impossi-
ble to re-create in managed stands under a given man-
agement regime (including long rotation periods) are
prime candidates for retention, since they often fulfill
pivotal roles in forest ecosystems. For example, forest
ecosystems in the Northern Hemisphere need very
large decadent trees and snags for large primary cavity
excavators, such as woodpeckers (e.g., Thomas 1979;
Brown 1985), as well as for other species of birds and
mammals (e.g., Wesolowski 1996). Similarly, large
logs have greater ecological value and persist longer as
structures in forest, stream, and river systems than do
small logs (Maser et al. 1988). Large logs in advanced
states of decay had the richest bryophyte flora of any
substrate in a study in Douglas-fir forests in western
Oregon (United States); structural retention was rec-
ommended as the best way to maintain bryophyte di-
versity (Rambo 2001).

Types of Retained Structures
The types of structural features that should be consid-
ered for retention in logged forests include large liv-
ing trees—particularly those exhibiting decadence and
other age-related features, such as large branches;
large snags; overstory and understory plant species,
which contribute to multiple vegetation layers and
vertical heterogeneity; large logs; and intact areas of
forest floor (i.e., the organic accumulations on the soil
surface).

These structural features play valuable roles in bio-
diversity conservation (Franklin et al. 1997, 2002), al-
though specifics regarding roles vary with forest type
and species assemblages.

Large Living Trees

Large living (decadent) trees have many important
ecological values (Figure 8.2). In addition to their nu-
merous roles as living trees, when they die they be-
come sources of snags, logs, and other coarse woody
debris in forests and associated aquatic ecosystems
(Harmon et al. 1986; Maser et al. 1988; Cascade Cen-
ter for Ecosystem Management 1995; Recher 1996;
Franklin et al. 2002). Some authors combine partially
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dead and decayed trees and snags into a single cate-
gory in their discussions of wildlife habitat require-
ments, recognizing that dead and dying trees are re-
lated developmentally and are often equally suitable as
habitat (e.g., Thomas 1979; Brown 1985; Linden-
mayer et al. 1997a). Live trees with significant decay
do tend to last longer than totally dead trees and pro-
vide cavities that are useful to a broader array of verte-
brates; they may also facilitate partitioning of re-
sources by potential competing species. Both
categories of trees can be used for foraging, nesting,
and as roosting sites for many species of vertebrates
and invertebrates (McClelland and Frissel 1975;
Saunders et al. 1982; Scotts 1991; Wesolowski 1995;
Gibbons and Lindenmayer 2002) (Figure 8.3).
Ohmann et al. (1994) identified over 100 species of
vertebrates in the Pacific Northwest region of the
United States that require cavities in living trees
and/or standing snags as primary habitat.

Although some organisms are apparently insensi-
tive to whether cavities occur in living or dead trees,
others require cavities within living trees. The red-
cockaded woodpecker (Picoides borealis) within the lon-
gleaf pine (Pinus palustris) forests of the southeastern
United States is an example ( Jackson 1978). This
species excavates nests in large living trees that have
significant wood decay caused by brown rot (Fomes
pini) but which still provide significant sap flows that
deter predation by snakes and other predators.

Large living trees provide distinctive architectural
features that often warrant explicit recognition in
structural characterizations of forests (e.g., Franklin et
al. 2002). These include large-diameter branches,
complex branching systems and multiple tops, brooms
(or multilayered branch thickets resulting from
mistletoe damage), and bark habitats.

Large-diameter branches provide habitat for many
organisms simply by virtue of their size and longevity
(Burgman 1996; Peck and McCune 1997). For exam-
ple, they are foraging sites for several species of wood-
peckers in the Nothofagus spp. forests of central Chile
in South America (Willson et al. 1994). A suite of in-
vertebrate taxa depends upon wounds and bark-free
areas on large branches in some European forest

FIGURE 8.2. Large-diameter trees can play many roles in
biodiversity conservation. Large-diameter trees can provide
suitable attachment sites for mud-nest-building birds such
as the fairy martin (Hirundo ariel) in Australia. Photo by D.
Lindenmayer.

FIGURE 8.3. Cavities are a critical resource for numerous
species of vertebrates and invertebrates worldwide. In Aus-
tralia alone, more than 300 species of vertebrates depend
on cavity-trees. Photo by E. Beaton.

Image Not Available 
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types. The conservation of many species, such as
saproxylic insects, can be promoted by allowing dead
limbs to accumulate in production forests in Europe
(Schiegg 2001). In the Douglas-fir forests of the Pa-
cific Northwest, the occurrence of many species of
lichens and mosses is associated with networks of
large branches, which are found primarily on old-
growth trees (Clement and Shaw 1999). Large
branches are also the primary nesting habitat for the
endangered marbled murrelet (Brachyramphus mar-
moratus) in these forests (Ralph et al. 1995). Some
Douglas-fir develop elaborate epicormic branch sys-
tems that are effectively “perched” ecosystems with
organic soils, complex communities of microorgan-
isms and invertebrates, and nests of vertebrates (Fig-
ure 8.4). Epicormic branches develop from dormant
buds laid down in the axils of branches and twigs and
may be important in many coniferous forest types
(Franklin et al. 2002).

The extensive and complex canopies of large old
trees provide diverse habitats for invertebrates, in-
cluding spiders and predatory and parasitic insects
(Schowalter 1989). These predators and parasites help
control insect herbivores and also contribute to the
prey base for vertebrates. The canopies are also habi-
tat for the adult stages of many soil and aquatic
insects—taxa that further enrich canopy food webs
and sustain key processes in soils and aquatic ecosys-
tems (Hooper et al. 2000; Palmer et al. 2000).

The distinctive bark habitats of large living trees
often support many invertebrates and epiphytes. The
rough bark characteristic of old-growth western
North American conifers is habitat for a suite of in-
sects and spiders. In Australian mountain ash forests
and forests dominated by other eucalypt species, ex-
tensive bark streamers are primary habitat for a group
of flightless crickets as well as many other inverte-
brates that are, in turn, prey species for arboreal mar-
supials (Smith 1984) and birds (Loyn 1985a). Bark
production in mountain ash forests can exceed 1.5
tons per hectare, especially in mature and old-growth
stands; this amount is five times greater than in sixty-
year-old stands (Lindenmayer et al. 2000c).

Retention of large living trees is a powerful strat-
egy for lifeboating species and for structurally enrich-
ing stands that develop after logging. In Sweden,
aspen (Populus tremula) trees retained on harvest units

help maintain populations of lichens and bryophytes
that are otherwise sensitive to the effects of timber
harvesting (Hazell and Gustafsson 1999). This also
can allow species to persist through two or more cut-
ting cycles (Kaila et al. 1997; Gundersen and Rolstad
1998; Price and Hochachka 2001; Rolstad et al. 2001).
The ability of residual old-growth trees to sustain in
situ populations of sensitive lichen and moss species
has also been documented in young coniferous forests
in the northwestern United States (Neitlich and Mc-
Cune 1997; Peck and McCune 1997).

Management prescriptions that facilitate the struc-
tural enrichment of harvest units can promote much

FIGURE 8.4. Epicormic branch systems on an old-growth
Douglas-fir tree. Such large, complex branching systems
provide outstanding locations for the development of epi-
phytic plant communities, nesting sites for many verte-
brates, and accumulations of organic soils. Photo by J.
Franklin. 
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earlier recolonization of young forests than would
otherwise be possible (Carey 1995; Carey and Curtis
1996).

Retained living trees, as well as other plants, con-
tribute significantly to maintaining the integrity of
the below-ground ecosystem following timber har-
vesting. High levels of energy are required to main-
tain below-ground structures (e.g., fine root and my-
corrhizal hyphal systems), organisms, and processes
(Hooper et al. 2000). Living trees are the primary
source of this energy in forest soils; in many forests,
more than half the photosynthetic production is uti-
lized below the ground (Allen et al. 2000). High lev-
els of microbial, invertebrate, and fungal diversity
and complex food webs are also associated with the
death and decay of networks of roots as well as the
materials exuded and leached from them in the living
state. Hence, for all these reasons, below-ground or-
ganisms and processes must be sustained, typically by
maintaining significant numbers of above-ground
trees and shrubs.

Maintaining populations of fungi capable of form-
ing mycorrhizal associations is a particularly impor-
tant forest management goal, even in production
forests. This may require attention to the individual
plant species and species groups to be retained (see
Amaranthus et al. 1994). For example, some fungi
form symbiotic relationships with species in the
Pinaceae and Ericaceae families while others are asso-
ciated with many hardwood species (angiosperms) or
some groups of gymnosperms (e.g., members of the
Cupressaceae family). Therefore, different above-
ground tree symbionts are necessary to maintain the
full spectrum of mycorrhizal-forming fungi.

In areas of highly unstable soils, such as the steep
headwall sections of streams, living trees and other
woody plants may be retained specifically to maintain
the extensive, intact root systems that stabilize soils.

Large Dead Standing Trees and Logs
The value of dead standing trees (snags) and logs for
the maintenance of biodiversity was discussed in gen-
eral terms in Chapter 3. Their value is now well un-
derstood by many forest ecologists and forest man-
agers (Harmon et al. 1986; Franklin et al. 1987;
Gibbons and Lindenmayer 1996; Bunnell et al. 1999)
(Figure 8.5). Indeed, some authors estimate that 20

percent of all forest biodiversity is associated with
dead wood (Hunter 1990; Grove 2001). However,
dead trees and logs are still viewed as wasted wood,
fire and safety hazards, and management impediments
in traditional forest management paradigms, often
making their conservation a challenge.

Some of the numerous functions of snags and logs
are as

• Substrate for the germination and develop-
ment of plants (nurse logs) (Harmon and
Franklin 1989; Barker and Kirkpatrick 1994)

• Habitat for rich assemblage of detritivores
and decay organisms (Maser and Trappe
1984; Berg et al. 1994)

• Shelter for a wide variety of forest-dependent
vertebrates (Tallmon and Mills 1994; Wilkin-
son et al. 1998)

• Protected runways for the movement of ter-
restrial animals (Maser et al. 1978; McCay
2000)

• Hunting and resting perches (Thomas 1979;
Brown 1985; Backhouse and Manning 1996)

• Basking sites for reptiles and mammals (Cog-
ger 1995; Webb 1995)

• Foraging sites for wildlife (Thomas 1979;
Maser and Trappe 1984; Smith et al. 1989),
including species-rich invertebrate assem-
blages (Taylor 1990; New 1995)

FIGURE 8.5. Coarse woody debris is a key structural com-
ponent of all unmanaged forests and plays numerous roles
in biodiversity conservation and ecosystem function. This
stand of Nothofagus spp. forest near Te Anau in southern
New Zealand highlights the large amount of coarse 
woody debris that can occur in natural forest. Photo by D.
Lindenmayer.
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• Hiding cover and habitat for fish and other
aquatic organisms (Harmon et al. 1986; Sedell
et al. 1988; Koehn 1993; Gregory 1997;
Naiman and Bilby 1998).

• Influences on hydrologic and geomorphic
processes in streams and rivers (Harmon et al.
1986; Sedell et al. 1988; Naiman and Bilby
1998; Gippel et al. 1996; Naiman et al. 2000).

• Long-term sources of energy and nutrients
in forest and aquatic ecosystems (Harmon
et al. 1986). Swift (1977) noted there were
two key consequences of the high lignin
content of wood and consequent slow com-
position rates. First, it ensured a slow re-
lease of nutrients giving a buffering effect
to nutrient cycles. Second, the humifica-
tion of wood residues is thought to con-
tribute disproportionately to the formation
of soil organic matter. This has important
consequences for the long-term productiv-
ity of a site, since organic matter has im-
portant influences on soil structure, water
holding capacity, and nutrient storage.

• Sites for nitrogen fixation (Harmon et al.
1986).

• Potential fire fuels (Luke and McArthur 1978).
• Providing mesic refugia for an array of organ-

isms during drought and/or fire. Large fallen
trees may act as micro fire breaks, not only
because of their diameter and length but also
because of the moisture they contain and the
fact that the litter adjacent to them also has
relatively high moisture levels (Andrew et al.
2000).

• Contributing to heterogeneity in the litter
layer and patterns of ground cover.

Harmon et al. (1986) and Maser et al. (1988) pro-
vide extensive reviews on the functions of woody de-
bris. Graham et al. (1994) discuss the quantities of
logs needed to be retained per hectare of logged forest
to maintain forest productivity.

Issues associated with the role and retention of
snags are reviewed by Gibbons and Lindenmayer
(1996, 2002) and, briefly, below.

The importance of snags for cavity-dependent
birds and mammals has been known for many decades
(e.g., Fischer and McClelland 1983; Raphael and
White 1984; BC Environment 1995; Imbeau et al.
2001), but different species need different tree species,

tree sizes, and states of snag decay (Thomas 1979;
Gibbons and Lindenmayer 2002). Large-diameter
snags often occur in low densities (Spies and Franklin
1988; Grief and Archibold 2000) and are irregularly
distributed within forest stands and landscapes (Spies
and Franklin 1988; Lindenmayer et al. 1991b). The
abundance of snags often limits populations of snag-
dependent species (Thomas 1979; Newton 1994), par-
ticularly in even-aged and/or intensively managed
forests (reviewed by Newton 1998; Gibbons and Lin-
denmayer 2001). It is clear that the needs of cavity-
dependent taxa are typically not met in production
forests (Hope and McComb 1994; Gibbons and Lin-
denmayer 1996).

Maintaining populations of snags is a challenge for
natural resource managers. This is because of

• Their importance for wildlife (Raphael and
White 1984; Steeger et al. undated).

• Their relatively short life span—few snags re-
main intact and standing for more than a few
decades (Graham 1982; Maser et al. 1988;
Lindenmayer et al. 1997a). There are tree
species that have exceptional snag life spans,
such as more than seventy years in some
South African and Australian forests and one
to two centuries in the case of western red-
cedar (Thuja plicata) and other Cupressaceae
species throughout the world (in part because
of chemicals that make the heartwood decay
resistant).

• The difficulty of developing management
programs to perpetuate snag populations be-
cause of other management activities, such as
slash burning to reduce logging debris (Hor-
ton and Mannan 1988; Lindenmayer et al.
1990a).

• Other management problems associated with
snags, such as their contribution to the spread
of wildfires (Crowe et al. 1984) and the haz-
ards they pose to forest workers involved in
management, including logging, fire suppres-
sion, planting, thinning, and aerial treatments
of fertilizers and herbicides (Styskel 1983;
Squire et al. 1987; Hope and McComb 1994).
For example, in British Columbia, regulations
of the Health and Safety Board require cut-
ting all snags within work areas and roadsides.
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Multiple Vegetation Layers and 
Understory Vegetation
Many retention strategies focus on overstory trees.
However, retaining understory vegetation can be crit-
ical for biodiversity conservation, particularly in
forests subjected to intensive harvesting practices such
as clearcutting and broadcast slash burning (Hansen et
al. 1991). Besides being biota, understory trees and
shrubs have many roles (Carey et al. 1996; Bunnell et
al. 1999) (Figure 8.6), which include

• Providing food resources for vertebrates (See-
beck et al. 1984) and invertebrates

• Contributing to nutrient cycling (Ashton
1976; Adams and Attiwill 1984), particularly
in the case of species with special attributes
such as an association with nitrogen-fixing
bacteria

• Serving as nursery sites for other plants
(Howard 1973), such as tree ferns in Aus-
tralian eucalypt forests (Duncan and Isaac
1986)

• Acting as nesting and perching sites and
movement routes for birds and other animals

• Providing habitats for invertebrates (Woinar-
ski and Cullen 1984)

• Providing microhabitats for the development
of fungi, which are food resources for animals
(Maser et al. 1977; Claridge 1993)

• Contributing to vertical canopy diversity
(Franklin et al. 2002), thereby increasing the
range of foraging substrates for birds (Woi-
narski et al. 1997) and bats (Brown et al. 1997)

• Acting as sediment traps and, in turn, pro-
moting soil development processes

Long-lived and disturbance-sensitive understory
species can be negatively affected by intensive forestry
operations (Ough and Ross 1992; Halpern and Spies
1995; Mueck et al. 1996). Retention strategies that
focus on small islands of vegetation, or aggregates,
which are kept free of logging and slash fire, are par-
ticularly valuable for maintaining these communities
and their associated animal biota (Ough and Murphy
1998).

Intact Areas of Forest Floor
Maintaining intact areas of the forest floor, including
patches supporting coarse woody debris, promotes the
conservation of litter invertebrates and hypogeal
fungi. Besides being biotic components, these organ-
isms are part of the diet of some vertebrates (Maser et
al. 1978; Harvey et al. 1987; Claridge 1993; North
1993 in Franklin et al. 1997). They carry out impor-
tant ecosystem functions as part of the detrital food
chain. Hypogeal fungi are often symbionts that main-
tain forest productivity. And, in some types of forest,
up to 50 percent of the nitrogen and nitrogen fixation
occurs on the forest floor (Graham and Jain 1998).

Numbers of Retained Structures
The simple answer to the question of “How many
structures should be left?” is “Enough to achieve spec-
ified management goals.” However, structural reten-
tion strategies differ widely with the management ob-
jectives, which may be to maintain biota on site,
enable organisms to quickly recolonize the area fol-
lowing logging, or facilitate movement through cut-
overs to areas of more suitable habitat; or all three.

Even for extensively studied forest ecosystems,
quantitative data are limited on levels of retained
structures that are needed to achieve particular goals.
Calculating appropriate numbers of structures is com-
plicated because of the array of issues that must be

FIGURE 8.6. Tree ferns are a key understory component of
wet eucalypt forests and rainforests throughout eastern Aus-
tralia. They are nursery sites for many other plant taxa, nest-
ing places for birds and some mammals, and a food source
for large vertebrates such as the mountain brushtail possum.
Tree ferns are also sensitive to intensive harvesting practices
such as clearcutting, and special consideration needs to be
given to their retention during regeneration harvesting.
Photo by D. Lindenmayer.
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taken into account (Box 8.1). For example, selecting
unmerchantable stems for retention can be inappro-
priate because they do not persist as long as trees with
sound wood, which limits their long-term value for
cavity-dependent taxa (Gibbons and Lindenmayer
2002) and other fauna. Several studies are currently
under way that should provide empirical data on the
effectiveness of different levels of retention for the
conservation of specific species (e.g., Halpern and
Raphael 1999).

Crude estimates of the appropriate number of re-
tained trees and logs for harvest units have been made
by summing values required for each species targeted
for conservation (e.g., DeGraaf and Shigo 1985) and
linking this number to information on the recruit-
ment rate of new structures (Gibbons and Linden-
mayer 1997). McComb and Lindenmayer (1999) used
this approach to calculate the total number of living
and dead cavity trees and logs in various diameter
classes required for all vertebrates in a maturing forest
in northwestern Washington state. They estimated
that 6.4 logs and 27.3 snags and living cavity-bearing
trees (in varying diameter classes and states of decay)
were required per hectare to provide optimum habitat
for all species. Caveats associated with such estimating
procedures include the following:

• Knowledge about the quantitative relation-
ships between log attributes and species re-
quirements is limited for most forest types.

• Values will be different in stands of different
ages.

• Many organisms require structural features
(such as canopy cover) in addition to adequate
log, snag, and cavity-tree levels.

In Swedish production forests, a standard prescrip-
tion for live tree retention (part of a national standard
for forest certification) is retention of sufficient stems
to sustain at least ten large old trees per hectare dur-
ing the next rotation (Hazell and Gustafsson 1999).
Of course, forest managers and timber workers must
be trained to avoid cutting these retained green trees
during post-regeneration thinning operations (Hazell
and Gustafsson 1999).

Many guidelines have been developed for specified
densities of wildlife trees and logs on harvested sites.
These are based primarily on expert opinion (e.g.,

Anonymous 1992) and/or some arbitrary proportion
of the numbers of these structures measured in un-
logged forests. We endorse such approaches as logical
starting points where no other information is
available, although their adequacy in sustaining

BOX 8.1.

The Number of Retained Trees in 
Harvested Mountain Ash Forests in the 

State of Victoria, Australia

Data from the well-studied mountain ash forest ecosys-
tem in Victoria illustrate the complex task that calculat-
ing numbers of trees for retention in harvest units in-
volves. Tentative numbers have been calculated for
conservation of the endangered arboreal marsupial
Leadbeater’s possum. Based on a validated statistical
relationship of the habitat requirements of this cavity-
dependent species, Lindenmayer et al. (1991a) esti-
mated that a perpetual supply of five to ten cavity trees
per hectare was needed to achieve a 50 to 80 percent
probability of occurrence of the species in logged and
regenerated forests. Significantly more cavity trees are
needed to meet the requirements of the more than
100 other cavity-dependent species that occur in these
forests (Gibbons and Lindenmayer 1996). Moreover,
maintaining cavity-bearing stems representing a range
of developmental stages is a major challenge in 
managed mountain ash forests. Cavity-dependent
species have different cavity-tree requirements. The
greater glider requires tall, intact cavity trees whereas
Leadbeater’s possum typically utilizes short highly de-
cayed stems (Lindenmayer et al. 1991b). The latter
type of cavity-trees takes more than 200 years to de-
velop as they progress through several preceding
stages of decay (Lindenmayer et al. 1993a). Therefore,
management of cavity-bearing trees actually involves
the creation and maintenance of cohorts that represent
a developmental sequence of increasing senescence.
Tree mortality and collapse further increase the initial
number of stems required for retention (Ball et al.
1999). So, to ensure the continued presence of a set
number of cavity-trees in a stand, significantly more
trees need to be retained at the time of regeneration
harvest.

This example shows that calculating required levels
of retained trees on logged areas can be very complex.
It requires integrating information on longevity of re-
tained trees, the rates at which trees are degraded, and
the array of organisms that are of management interest
and their cavity-tree requirements (Gibbons and Linden-
mayer 2002).
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specific species needs to be subsequently validated
(Gibbons and Lindenmayer 2002).

Spatial Patterns of Structural Retention
The spatial arrangement of structures within stands is
as important to structural complexity as the diversity
and density of individual structures (Franklin et al.
1997, 2002). Two contrasting spatial patterns for re-
tention are dispersed retention, in which structures are
dispersed uniformly over a harvested area; and aggre-
gated retention, in which structures are concentrated in
aggregates or small forest patches within a harvested
area (Figure 8.7).

We reiterate that structural retention applies to
logs, areas of intact forest floor and other important
structural components, as well as to trees, as noted
earlier in this chapter.

Both the dispersed and the aggregated patterns of
structural retention have particular advantages and
disadvantages. These depend upon such variables as
the objectives of structural retention, the biology of
taxa targeted for management, potential loss of re-
tained structures (such as to windthrow), and opera-
tional constraints, such as worker safety and logging
costs (Table 8.4). There are many variants on the dis-
persed and aggregated approaches, including combi-
nations of both approaches.

FIGURE 8.7. Contrasting spatial patterns for structural re-
tention in harvest units: (A) Dispersed retention in Sierra
Nevada mixed conifer forest (California, United States). (B)
Aggregated retention of live trees and other structures in
aggregates or small forest patches (BC Coastal Forest Pro-
ject of Weyerhaeuser Company, Vancouver Island, British
Columbia, Canada). (C) Mixture of dispersed and aggre-
gated retention (Cedar River watershed, Washington, United
States). Photos by J. Franklin.
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Dispersed Retention

A dispersed pattern of structural retention in a harvest
unit may be desirable or necessary to achieve specific
conservation goals (Table 8.4). Examples are mainte-
nance of below-ground biota and processes (e.g., inoc-
ula of hypogeal mycorrhizal fungi); maintenance of
root strength; and provision for well-distributed pop-
ulations of snags and logs (Table 8.4). Dispersed re-
tention is also superior in achieving modified environ-
mental conditions (e.g., temperature, relative
humidity, and insolation) throughout a harvested area,
which can be important to the survival of some organ-
isms, such as salamanders (e.g., Naughton et al. 2000).
Some vertebrates require dispersed cavity trees, such

as arboreal marsupials (Lindenmayer et al. 1990b) and
large parrots (Rowley and Chapman 1991; Nelson
and Morris 1994; Krebs 1998). This is necessary to
accommodate the social behavior of these territorial
species. The benefits of retaining dispersed trees also
have been documented for species of old-growth-se-
lected epiphytic lichens (Sillett et al. 2000).

Aggregated Retention

Aggregated retention involves the retention of small,
intact areas of forest in harvest units. The appropriate
size of aggregates depends upon many variables, in-
cluding forest and conservation management objec-
tives, the silvicultural system being applied in the

TABLE 8.4.

Contrasts between dispersed and aggregated structural retention (from Franklin et al. 1997).

OBJECTIVE ON HARVEST UNIT PATTERN OF RETENTION

Dispersed Aggregated

Microclimate modification Less, but generalized over More, but on localized portions
harvest area of harvest area

Influence on geohydrological processes Same as above Same as above

Maintenance of root strength Same as above Same as above

Retain diversity of tree sizes, species, and conditions Low probability High probability

Retain large-diameter trees More emphasis Less emphasis

Retain multiple vegetation (including tree) canopy layers Low probability High probability

Retain snags Difficult, especially for Readily accomplished, 
soft snags even for soft snags

Retain areas of undisturbed forest floor and Limited possibilities Yes; can be as extensive as 
intact understory community aggregates

Retain structurally intact forest habitat patches Not possible Possible

Distributed source of coarse woody debris (snags and logs) Yes No

Distributed source of arboreal energy to maintain Yes No
below-ground processes and organisms

Carrying capacity for territorial snag- and/or More Less
log-dwelling species

Windthrow hazard for residual trees Average wind firmness Average wind firmness less, but
greater (strong  trees have mutual support
dominants), but
trees are isolated 

Management flexibility in treating young stands Less More

Harvest (e.g., logging) costs Greater increase over Less increase over clearcutting
clearcutting

Safety issue More Less

Impacts on growth of regenerated stand More; generalized over Less; impacts are localized
harvest area
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harvest unit, and the forest type. Some variability in
aggregate size is probably also appropriate. Aggre-
gates currently being retained in clearcut harvest units
in northwestern North America typically vary in size
from 0.4 to 1.5 hectares (Franklin et al. 1997). Aggre-
gates of 0.2 hectare in size have been used in shelter-
wood-harvested Nothofagus forests in Tierra del
Fuego, South America (see Chapter 15).

Aggregates are intended to be a part of—not apart
from—the harvested stand in which they are located.
The objective of aggregated retention is not to create
large forest islands that provide true forest-interior
conditions (which is the function of large ecological
reserves). Aggregates provide small distributed refugia
within harvest units that function as lifeboats for bio-
diversity and structurally enrich the managed stand
throughout the rotation. In some forest ecosystems,
aggregates may mimic the remnant (unburned)
patches left by wildfire (British Columbia Ministry of
Forests 1995; Delong and Kessler 2000).

Aggregated retention offers a number of environ-
mental and practical advantages over dispersed reten-
tion (Franklin et al. 1997) (Table 8.4). Assuming that
aggregates are fully protected from logging, slash dis-
posal, and site preparation operations, aggregated re-
tention is designed to retain a wide range of struc-
tures, including different sizes and conditions of living
trees, snags, and logs; multiple or continuous canopy
layers; undisturbed understory and forest floor condi-
tions; and small areas where environmental conditions
come close to those of an intact forest, even though
they are not true forest-interior conditions.

Aggregated retention allows the goals of under-
story and overstory vegetation retention to be
achieved simultaneously, as in the “understory island”
strategy developed by Ough and Murphy (1998).

With regard to management and operational con-
siderations, aggregated retention typically

• Provides safer working conditions by creating
no-work zones, which makes it possible to re-
tain hazardous structures, such as soft snags
(Hope and McComb 1994; Hickey et al.
1999). Some authors view aggregated reten-
tion, such as wildlife tree patches in British
Columbia (Fenger 1996), as one of the only
ways to protect snags without increasing risks
to timber workers. In these cases, aggregates

may need to be of sufficient size to overcome
worker safety issues; in other words, collaps-
ing snags and decadent trees cannot fall on
workers operating in the harvest zone outside
retained patches.

• Allows for efficient logging operations.
• Limits the area in which tree growth and re-

production is suppressed by retained over-
story trees.

• Makes aerial treatment of managed stands,
such as with fertilizers and herbicides, more
feasible.

Aggregated retention is an efficient strategy for
lifeboating many elements of biodiversity within a
logged area. Stand islands (aggregates) provide more
niches and, consequently, more species are likely to
persist using aggregated rather than dispersed struc-
tural retention (Berg et al. 1994; Cascade Center for
Ecosystem Management 1995; Scientific Panel for
Sustainable Forest Practices in Clayoquot Sound
1995). Some animals depend upon the adjacency of
overstory and understory structures, such as using
overstory trees for nesting and understory plants for
foraging (Lindenmayer et al. 1991a, 1997b). Aggre-
gated retention also provides for the intact soil and
organic layer conditions needed by many mycor-
rhizae-forming fungi—organisms that are essential to
the sustained productivity of harvested stands (Perry
1994).

Loss of retained living trees and snags to wind-
throw and exposure may be less with aggregated than
dispersed retention under some circumstances, partic-
ularly if treatments, such as topping or pruning, are
used to make trees less susceptible to blowdown. Ag-
gregated retention of “wildlife habitat clumps” was
adopted in harvested forests in the Australian state of
Tasmania because of concerns about windthrow (For-
est Practices Board 1999b; Duhig et al. 2000). Other
approaches to minimizing windthrow include laying
out aggregates with streamlined shapes, locating them
in topographically sheltered parts of harvest units, and
incorporating sound (decay-free) dominant trees
(Gibbons and Lindenmayer 1996; Franklin et al.
1997). When dispersed retention consists primarily of
dominant, sound trees, losses to windthrow may be as
low or lower than that encountered with aggregated
retention.
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In prescribing the location, size, and shape of ag-
gregates, many factors have to be considered includ-
ing (1) local site conditions, (2) stand conditions (in-
cluding whether aggregates are to be a representative
cross section of the stand being harvested), (3) spatial
distribution over the harvest unit, and (4) biology of
the taxa targeted for management.

The degree to which the aggregates are represen-
tative of the stand (point 2 above)—is an important
issue. Structural features, such as large soft snags or
large logs, can be used as focal, or anchor, points for
aggregates. Biasing aggregate locations toward parts
of a harvest unit that are nonforested (e.g., wetlands)
or of low productivity, are occupied primarily by un-
merchantable trees, or are disease centers is not ap-
propriate if the goal is to lifeboat forest biodiversity
and structurally enrich the managed stand. In some
forest types it may be inappropriate to locate, for ex-
ample, retained aggregates in riparian zones because
midslope and upslope tree species are not repre-
sented and the shallower root systems of trees in wet
or moist bottomlands can make them highly suscep-
tible to windthrow. In other cases, it may be appro-
priate to locate aggregates around biotically rich
nonforested features, including streams, rock out-
crops, or wetlands, particularly if the aggregates also
incorporate the structural complexity of the sur-
rounding stand. In the Queen Charlotte Islands of
British Columbia, Canada, culturally modified trees
such as those used in the construction of canoes by
indigenous people are often used as anchor points in
aggregated retention.

The biology of target taxa can be particularly im-
portant (point 4 above). Taylor and Haesler (1993)
believed that limiting retained trees to riparian
buffers might exacerbate patterns of territorial be-
havior among Tasmanian forest birds and thereby re-
duce occupancy rates of cavity trees. Increased stand
complexity through structural retention may not af-
fect all species equally (Newton 1994). In the case of
cavity-dependent vertebrates, Gibbons and Linden-
mayer (2002) speculated that the retention of living
trees and snags in Australian forests might benefit
larger, more aggressive generalist taxa than smaller
species with more specialized nest and den require-
ments. There are large differences in the response of
the northern flying squirrel (Glaucomys sabrinus),

Townsend chipmunk (Tamias townsendii) and Dou-
glas’ squirrel (Tamiasciurus douglasii) to retention
management strategies in the Pacific Northwest
(Carey 2000).

Concluding Remarks on Structural Retention
A combination of both aggregated and dispersed ap-
proaches to retention will typically be desirable, since
it is usually impossible to achieve all the objectives of a
retention harvest strategy by depending exclusively on
either approach. The combination of dispersed and
aggregated approaches also may be essential to meet
particular objectives. A good example is the case of ar-
boreal marsupials in the mountain ash forests of Vic-
toria. Many species require spatial adjacency of under-
story and overstory components (e.g., to help young
move from nest sites to neighboring foraging sites),
but they also require nest sites (in large cavity trees) to
be well spaced throughout the forest because of social
behavior (such as territoriality). Dispersed aggregates
throughout a harvest unit will best meet the require-
ments of these species.

It is important to recognize that past harvesting
practices—such as where trees were left behind for
seed or other reasons (Isaac 1943)—may be poor
guides to responses expected under a designed reten-
tion strategy.

Some organizations have significant experience in
retention harvesting. For example, the BC Coastal
Project of Weyerhaeuser Corporation is currently one
of the foremost practitioners of retention harvesting
in North America (Weyerhaeuser 2000); its prescrip-
tions are specifically designed to balance ecological
and economic objectives. Presently, there are rela-
tively few data available to assess the effectiveness of
newly emerging retention strategies, but some valu-
able studies are under way (e.g., Chambers et al. 1999;
Carey 2000).

The DEMO (Demonstration of Ecosystem Man-
agement Options) project in the Douglas-fir forests in
western Oregon and Washington is a major experi-
mental test of alternative retention approaches.
DEMO is a replicated cutting experiment designed to
assess the consequences of different levels (15 and 40
percent) and patterns of retention (dispersed and ag-
gregated) on biodiversity and ecosystem processes
(Franklin et al. 1999b; Halpern and Raphael 1999).
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As with all the matrix management strategies dis-
cussed in this book, there is no prescription that can
be applied generically and uncritically to all stands.
There is an infinite variety of forest, environmental,
and social conditions, and the most effective structural
retention design will be based on considerations of the
natural history and management experiences of the
particular location, as well as on common sense.
Moreover, extensive stand retention may not be nec-
essary on every hectare of production forest; it may
not even be possible in some locations for reasons
such as worker safety. Structural retention prescrip-
tions can be guided by

• Lessons from patterns created by natural dis-
turbance regimes and spatial variation in
quantities of biological legacies across land-
scapes (see Chapter 4)

• Management objectives
• Organisms targeted for management
• Types and intensities of other matrix-based

management strategies (e.g., riparian buffers
and midspatial-scale protected areas (see
Chapters 6 and 7)

• Variation in stand conditions needed as a part
of adaptive management studies and experi-
ments (see Chapter 16)

Applying retention uniformly on all harvest units
may homogenize landscapes just as with widespread
clearcutting. Dispersed retention will be most appro-
priate for some species and ecological processes and ag-
gregated retention (or a combination of both) for oth-
ers. Hence, spatial variation in structural retention is
appropriate and another technique for risk-spreading
(see Chapter 3). Variability in stand conditions in-
creases the chance that suitable habitat will occur for
most species in at least part of a landscape.

The Variable Retention 
Harvest System

The variable retention harvest system (VRHS) is a
systematized approach to structural retention that is
defined as

an approach to harvesting based on the reten-
tion of structural elements or biological legacies
(trees, snags, logs, etc.) from the harvested stand
for integration into the new stand to achieve
various ecological objectives. . . . Major variables
. . . are types, densities, and spatial arrangements
of retained structures. (Helms 1998)

Implicit in the VRHS is acceptance of the idea that
some of the productive capacity and economic value
of the stand will be devoted to maintenance of biodi-
versity (and other values such as the maintenance of
ecosystem processes) rather than maximizing the re-
generation and growth of commercial tree species
(Franklin et al. 1997).

VRHS first emerged as a concept in the recom-
mendations of the Scientific Panel for Sustainable
Forest Practices in Clayoquot Sound (1995) on the
west coast of Vancouver Island, British Columbia.
The Scientific Panel recommended that the
government

replace conventional silvicultural [clearcut] sys-
tems in Clayoquot Sound with a “variable reten-
tion silvicultural system.” The purpose of this
system is to preserve, in managed stands, far
more of the characteristics of natural forests.
The variable retention harvest system provides
for the permanent retention after harvest of var-
ious forest structures or habitat elements, such
as large decadent trees, snags, logs, and downed
wood from the original stand that provide habi-
tat for forest biota.

The Scientific Panel recommended the retention
of at least 15 percent of the forest. This retention was
to occur primarily as 0.1- to 1-hectare aggregates rep-
resentative of the forest conditions within and well
dispersed throughout the cutting units. Furthermore,
aggregates were to be spatially distributed so that all
parts of the harvest unit were within two tree heights
of an aggregate or stand edge.

Subsequently, MacMillan-Bloedel Corporation
(the largest wood products company in Canada at that
time) announced that it was phasing out clearcutting
and adopting the VRHS as its primary silvicultural
system (Dunsworth and Beese 2000). Because govern-
ment cutting permits could be issued only for offi-
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cially recognized silvicultural systems, a legal defini-
tion of VRHS in British Columbia was adopted:

Retention system means a silvicultural system
that is designed to: (a) retain individual trees to
maintain the structural diversity over the area of
the cutblock for at least one rotation, and (b)
leave more than half of the total area of the cut-
block within one tree height from the base of a
tree or group of trees, whether or not the group
of tree or group of trees is within the cutblock.

The BC Coastal Forest Project of Weyerhaeuser
Corporation (the successor to MacMillan-Bloedel)
has continued to refine its application of structural re-
tention (Figure 8.7).

Structural retention is mandated for essentially all
regeneration harvest units on federal lands within the
range of the northern spotted owl in the northwestern
United States (USDA Forest Service and USDI Bu-
reau of Land Management 1994b). The direction is to

retain at least 15 percent of the area associated
with each cutting unit. . . . As a general guide, 70
percent of the total area to be retained should be
aggregates of the oldest live trees . . . and hard
snags occurring in the unit. Patches should be
retained indefinitely.

The VRHS concept continues to evolve. The con-
sensus in North America is that

• A minimum level or threshold of retention is
necessary for the practice to be socially credi-
ble and ecologically effective

• At least some of the retention has to be of
large structures (e.g., dominant trees and
large snags)

• The spatial distribution of retention is impor-
tant (i.e., retention cannot be concentrated
along the edges of a harvest unit)

• Structures must be retained for at least one
rotation—in other words, structures that are
retained only temporarily, such as a shelter-
wood overstory, do not meet the goal of struc-
tural retention

Beyond this broad consensus, VRHS encompasses
a broad continuum of silvicultural prescriptions (see
Figure 8.8). It is flexible in terms of levels of stand re-
tention and the array of structural conditions that can
be created (e.g., even-aged, multi-aged, or all-aged)

(Figure 8.8). VRHS is not simply a modification of
traditional regeneration harvest systems (cf. Florence
1996; Smith et al. 1997); it is based upon a much
broader array of objectives and structural objectives
than traditional regeneration harvest systems. Most
particularly, it focuses upon what is left behind rather
than what is removed.

VRHS avoids many difficulties associated with at-
tempts to incorporate new ecological objectives into
traditional tree regeneration–oriented harvest systems
(i.e., clearcut, seed tree, shelterwood, and selection). It
allows foresters to communicate clearly how the stand
is to be treated and how it will appear following har-
vest, whereas attempts to adapt old terminology to
new objectives can lead to poor communication. For
example, to describe a cutover with 30 to 40 percent
of the trees retained as a “clearcut” or “clearcut with
reserves,” because the trees were retained for objec-
tives other than the regeneration of a commercial tree
species, can be misleading. Hence, use of VRHS ter-
minology—in which the specifics are provided regard-
ing what and how much is to be retained and in what
spatial arrangement—can lead to much clearer com-
munication among professionals as well as with the in-
terested public.

FIGURE 8.8. The variable retention harvest concept (modi-
fied from Franklin 1993b; Franklin et al. 1997)

FPO
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FIGURE 8.9. Structural profile of a forest stand that is a fine-scale mosaic and adapted to small group selection with
structural retention harvest methods—mixed conifer forest in the Sierra Nevada range of California, in the United
States (Aspen Valley, Yosemite National Park). Drawing courtesy of Robert Van Pelt.

BOX 8.2.

The Warra Long Term Ecological Research Experiment in Tasmania—
Testing New Silvicultural Systems

The silvicultural systems trial at the Warra Long Term Eco-
logical Research (LTER) site in the southern Australian
state of Tasmania is a useful example of a major study de-
signed to develop new silvicultural systems that better in-
tegrate wood production with biodiversity conservation
and other environmental values (Hickey et al. 1999).
Clearcutting has been the traditionally applied harvesting
system in the wet forests of southern Tasmania (Figure

8.10). There have been concerns about the negative envi-
ronmental impacts of clearcutting, including detrimental
effects on biodiversity. The organization responsible for
harvesting on public land (Forestry Tasmania) instigated a
major cutting trial to explore new methods to manage the
wet eucalypt forests of southern Tasmania. The range of
treatments tested (and their potential benefits) include the
following (modified from Hickey and Neyland 2001):

TREATMENT POTENTIAL BENEFITS
Clearcut, burn, and sow (traditional harvest system) Economically and operationally efficient, effective regeneration
Clearcut, burn, and sow with understory islands Increased biodiversity values
Cable harvested 300×80-meter strips and low- Natural seedfall, low soil damage, protection of rainforest

intensity burn
Cable harvested in 300×240-meter patch, and Natural seedfall, low soil damage, protection of rainforest

low-intensity burn
Dispersed retention (10 percent basal area retention, Natural seedfall, more cavity trees, supply of large logs

and low-intensity burn)
Aggregated retention (30 percent basal area retention, Natural seedfall, more cavity trees, increased worker safety

“fairways” one log width either side of a skid trail, 
aggregate strips of 0–1 hectare in size)

Single tree/small group retention (permanent skid trail, Natural seedfall, enhanced biodiversity values,  protection of
repeat cutting every twenty years, site scarification) rainforest.

Some entirely new methods of harvesting are showing
considerable early promise, such as the 30 percent aggre-
gated retention or “fairway” system with skid tracks two
tree widths wide, with trees retained between the “fair-
ways” (J. Hickey personal communication).

The Warra silvicultural systems trial is an excellent ex-
ample of a proactive approach to integrate multiple uses
in matrix forests through testing new harvesting methods
that are not constrained by traditional silvicultural
paradigms.

Image Not Available 
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The potential for innovative approaches using
VRHS is extensive. For example, a form of group se-
lection with structural retention could be utilized in
managing forest types that are naturally subject to
frequent, light-to-moderate-intensity disturbances
that create small gaps (see Franklin and Fites-
Kaufmann 1996; Sierra Nevada Ecosystem Project
1996). Examples would include the western North
American pine forest types that are chronically per-
turbed by wildfire (Figure 8.9) and the wind-dis-
turbed Nothofagus forests of Tierra del Fuego (Re-
bertus et al. 1997).

Longleaf pine forests in the southeastern United
States provide another potential application of a VRHS
approach. Conservation of the red-cockaded wood-
pecker (Picoides borealis) is a significant issue in these
forests (Sharitz et al. 1992; Rudolph and Conner 1996).
One proposed harvesting system to create habitat for
the species was an “irregular shelterwood” with a wide
range of tree diameters (Rudolph and Conner 1996).
This was criticized by Engstrom et al. (1996), who, in
turn, recommended some alternative harvest tech-
niques. An approach for habitat creation that clearly
qualifies as variable retention harvesting in longleaf
pine forests has been described by Mitchell et al.
(2000).

The focus in applying VRHS should be on ensur-
ing the creation of appropriate stand conditions for
particular management objectives, including the con-
servation of biodiversity, while still allowing for com-
modity production (Seymour and Hunter 1999) (Box
8.2). The flexibility of VRHS allows foresters to adapt
to altered societal and stand management objectives
and ensures its continuing evolution (DeBell et al.
1997) (Figure 8.10).

In conclusion, the overarching goal of VRHS is to
develop structurally complex managed forests that
meet explicitly defined management objectives. Each
prescription is expected to be a unique solution to
such key questions as the type, density, and spatial
arrangement of retained structures.

Reentries into VRHS units will be a continuing
challenge—should retained structures be left in per-
petuity or rotated at each harvest cycle? and so forth.
Again, specific treatments will depend on manage-
ment objectives. Computer visualizations may assist
managers by providing images of likely future stand

FIGURE 8.10. Aerial and ground views of a subset of types
of structural retention in the Warra silvicultural systems trial
in Tasmania. Photos by J. Hickey.

Image Not Available 
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conditions under various management alternatives
(Ball et al. 1999). However, empirical data from
VRHS applications, monitoring, and experiments are
likely to provide the most useful information. This is
why adequate record keeping on applications of
VRHS, such as why particular treatments were ap-
plied within a harvest unit and what additional opera-
tions were conducted (e.g., pruning to reduce the sus-
ceptibility of trees to windthrow), is so important.
This information is essential to guide subsequent gen-
erations of forest managers and wildlife managers in
evaluating the success of various prescriptions, includ-
ing responses of species to stand conditions.

Managing Stands for
Biodiversity
The active management of young stands to enhance
compositional and structural diversity as they regen-
erate and grow is a second important approach to
managing the matrix for biodiversity. Regardless of
the valuable contribution of a structural retention,
active management of young regenerated stands can
dramatically increase diversity of individual struc-
tures, levels of spatial heterogeneity within a stand,
and the rate at which structural complexity develops
(McComb et al. 1993; Carey et al. 1996) (see also
Carey et al. 1999b in the section Biodiversity Path-
ways, later in this chapter). The dense young stands
that will typically develop following timber harvest
and subsequent natural or artificial regeneration are
likely to be slow in developing structural complexity
and can undergo extended periods in a dense, rela-
tively sterile state without active management. Many
simplified stands already exist that would benefit
from active management to enhance structural de-
velopment and biodiversity conservation. Tens of
thousands of hectares of young forests incorporated
into the late-successional reserves described in the
Northwest Forest Plan are excellent examples
(USDA Forest Service and USDI Bureau of Land
Management 1994a). These stands were created by
clearcutting and planting with timber production as
the primary management objective. The plan has
changed the goal for management of these stands to

restoration of old growth or, at least, structurally
complex conditions. Appropriate silvicultural treat-
ments can be used to speed structural development
within many of these stands.

Stand Management Techniques for
Enhancing Structural Complexity

Many techniques can be used to create and maintain
structural complexity and biodiversity within young
managed stands (Table 8.5). Creative management
(such as the biodiversity pathways approach described
later in this chapter) typically combines many differ-
ent techniques (McComb et al. 1993). Most of the
practices outlined below are not part of traditional
stand management practices, which focus primarily on
wood production. Many of these practices aim at not
only promoting the development of particular stand
structural attributes, but also encouraging key
processes such as crown-class differentiation, stratifi-
cation of the canopy, tree decadence, and understory
development (Carey et al. 1999b).

When conservation of biodiversity is a principal
aim, re-creating and perpetuating aspects of deca-
dence that are characteristic of natural forests (par-
ticularly older stands) are one of the most difficult
tasks. Not only is the concept of creating decadence
and decay foreign to many forest managers, but also
the processes that contribute to such features are
often poorly understood. As noted by Carey et al.
(1999b):

Managing decadence is the most challenging as-
pect of intentional ecosystem management. . . .
Decadence is more than snags and logs; it is a
process that is influential in multiple aspects of
ecosystem development from providing cavities
for wildlife, to creating gaps in the canopy, to al-
tering forest floor climate and structure. Active
management is necessary to maintain decadence
in the first 150 years of ecosystem development.
Thinnings without active management for deca-
dence could result in dimunition [sic] of deca-
dence, decline in coarse woody debris, and a
change in trajectory of forest development away
from complexity and resiliency.
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We agree that active management is often desirable
to maintain or re-create decadence as well as other
structural features in managed forest stands. Methods
useful in developing structural complexity are pre-
sented below.

Thinning to Create Populations of 
Large-Diameter Trees
Large-diameter trees are absent from many young
forests. Traditional thinning practices—such as
“thinning from below”—can accelerate the produc-
tion of the large-diameter trees needed to achieve
many objectives. Traditional thinning can be used to
reduce overall stand density, eliminate inferior
species and defective stems, favor large dominant
trees, and favor trees of desirable form and condi-
tion. Such thinnings are typically applied uniformly
through a stand. Considerable adaptation of tradi-
tional thinning practices is often necessary when
structural complexity and biodiversity is a primary

goal. Uniform thinning operations can produce sim-
plified forest stands with a limited range of tree sizes
and conditions and an understory dominated by one
or a few aggressive plant species (Carey et al. 1999b).
Uniform thinning can also result in reduced patterns
of spatial heterogeneity in plant species composition,
function and structure—the reverse of most natural
stand development processes (Franklin et al. 2002).
Finally, some structural elements may be eliminated,
such as slower-growing shade-tolerant plants that
contribute to plant diversity and the diversity of ani-
mal habitats.

The creation of large trees is, in itself, valuable.
Such trees are the sources for large snags, large woody
debris for stream and river ecosystems, and suitable
trees for large cavity-excavators, such as large wood-
peckers. However, other stand attributes are essential
to meet many habitat objectives, and a singular focus
on production of large-diameter trees should not
override other structural objectives.

TABLE 8.5.

Some techniques for managing forest stands to create or
maintain structural complexity and compositional diversity.a

Precommercial and commercial thinning to grow large-diameter trees

Variable density thinning (“skips and gaps”) to create structural heterogeneity within stand

Thinning “from above” (selectively removing dominant trees) or branch pruning to sustain or release

Shade-tolerant understory trees

Understory shrubs and herbs

Conservation of tree or other plant species that fulfill different structural and functional roles such as

Deciduous hardwood species in evergreen coniferous stand

Species hosting nitrogen-fixing bacteria

Species with high capacity to host epiphytes

Species with distinctive bark or branching habits

Species with edible fruits

Creating decadence

Creating logs and coarse woody debris

Stimulating development of decadence in living trees

Creating artificial cavities

Installing nest boxes or similar artificial structures

Prescribed burning

Planting desired tree or understory plant species

Introducing or enriching populations of desired animal species

aThese states need not be mutually exclusive.
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Variable-Density Thinning to Create 
Structural Heterogeneity
Variable-density thinning regimes in which thinning
intensity and tree marking rules are varied within the
stand of interest (Carey and Johnson 1995; Carey and
Curtis 1996) are a useful approach to increasing
heterogeneity in stand density and canopy cover. 
Variable-density thinning is sometimes referred to as
the “skips-and-gaps” approach. In such a prescription,
some portions of a stand are left lightly or completely
unthinned (“skips”) providing areas with high stem
density, heavy shade, and freedom from disturbance
while other parts of the stand are heavily harvested
(“gaps”), including removal of some dominant trees
providing more light for subdominant trees and un-
derstory plants (Carey et al. 1996). Intermediate levels
of thinning are also applied in a typical variable-den-
sity prescription.

Variable-density thinning addresses a variety of
stand development objectives, although it is generally
more difficult to apply than uniform thinning. How-
ever, tools, such as global positioning systems, can
make spatially variable stand management relatively
straightforward and cost effective (G. Schreuder per-
sonal communication).

Physical removal of trees that are felled or girdled
may not be necessary in thinnings aimed at enhancing
biodiversity conservation. Some or all of the thinned
material may be retained to contribute to stand struc-
tural complexity and organic matter. However, where
trees have commercial value and are physically acces-
sible, they probably will be removed; this can provide
financing for additional stand treatments to further
enhance conservation of biodiversity.

Releasing Understory Trees and Other Plants
Thinning can be used to sustain or stimulate the de-
velopment of desirable understory trees and other
plants that are needed to achieve specific ecological
objectives (Carey et al. 1996; Bunnell et al. 1999). As
an example, thinning dense tree canopies can provide
for increased light penetration needed to sustain or
redevelop understory shrub and herb communities
that may provide important functions, such as browse
for ungulates, small-animal habitats, or nitrogen fixa-
tion. The relationship between increased light and

understory response can be very complex, however,
particularly with regard to understory species compo-
sition, which may be critical for achieving conserva-
tion objectives. Hence, simply making light available
may not achieve a desired goal; ecological knowledge
of the existing stand and the autecology of understory
species is crucial.

A good example of both the importance and the
complexity of managing forest canopies to sustain un-
derstory communities is found in the old-growth Sitka
spruce (Picea sitchensis) western hemlock (Tsuga hetero-
phylla) forests of southeastern Alaska. Understory
plants are very important as winter foraging habitat
for the Sitka black-tailed deer (Odocoileus hemionus
sitkensis), especially evergreen forbs (Hanley et al.
1989; McClellan et al. 2000). Hence, management of
the overstory to maintain these valuable components
is appropriate but may not be accomplished simply by
uniform thinning in young stands, which typically
have an understory dominated by shrubs and conifer-
ous regeneration (Alaback 1982, 1984); uniform thin-
ning can result in dense, sterile, monospecific under-
stories. Effects of canopy manipulation on the
accumulation and persistence of snow is also an im-
portant variable influencing the availability of browse
in these forests, creating endless additional considera-
tions in silvicultural prescriptions (Hanley and Rose
1987; Hanley et al. 1989).

Shade-tolerant tree species (which are sometimes
slow to establish) are critical components in the
structural development of stands dominated by
shade-intolerant pioneer species. In the Douglas-fir
forests of northwestern North America, the develop-
ment of a midstory of western hemlock, western red-
cedar, and true firs contributes significantly to multi-
layered or vertically continuous canopies that are
characteristic of old-growth forests (Franklin et al.
2002). Silvicultural treatments can enhance the sur-
vival and growth of these species, provided the stems
are vigorous and well foliated and capable of re-
sponding to improved light and moisture conditions
(i.e., vigorous healthy trees albeit in the “suppressed”
canopy classification). Latitude and sun angles are an
important consideration in developing prescriptions
to release such understory trees by thinning from
above. At mid- and high latitudes, the sun is never
overhead and canopy openings need to be spatially
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displaced to account for the sun angle in order to
stimulate growth of understory plants (Van Pelt
and Franklin 1999), although thinning around the
plant(s) of interest may also be needed to reduce
competition for soil moisture.

Conservation of Trees and 
Other Plants with Special Roles
Thinning regimes have traditionally focused on the
release of potential crop trees—species with little or
no commercial value and individuals with defects or
poor form were routinely removed. The ecological
role of many species and stems that would have been
removed in earlier times needs to be carefully con-
sidered in thinning prescriptions designed to en-
hance structural complexity.

Conservation of tree species that enhance the en-
vironmental, structural, and functional complexity of
forest stands can be enhanced by thinning, as well as
by underplanting (see below). Conserving deciduous
hardwood trees within forests that are dominated by
evergreen conifers is an excellent example of a prac-
tice that can enhance stand complexity (BC Environ-
ment 1993; Bunnell et al. 1999). Maintaining a de-
ciduous hardwood component in a conifer stand
provides areas within the forest that contrast in (1)
light and temperature conditions (especially in win-
ter), (2) quality and quantity of forage for ungulates,
(3) litter quality, (4) soil chemical and physical prop-
erties, (5) mycorrhizal and other fungi, and (6) habi-
tat structure (including improved conditions for epi-
phytes).

Large, old decadent trees have many special roles,
and thinning can free them from the competitive ef-
fects of younger trees and help extend their life span
(Sierra Nevada Ecosystem Project 1994). In Sweden,
thinning around large-diameter oak (Quercus spp.)
trees benefits invertebrates and cryptogams. Pre-
scribed fire can also be used to free large decadent
trees from competition, although risks to the health
and survival of trees from such treatments must be
carefully considered.

Species that add or expand the functional capabil-
ities of a forest stand are obvious candidates for re-
tention during thinning. These include plants that
have distinctive architectural features, such as un-
usual branching habitats, bark characteristics, or

wood decay patterns (e.g., cavities); value as sources of
food for wildlife; and significant positive impacts on
the chemical, physical, and biological properties of
soils and on nutrient cycling. For example, red alder
(Alnus rubra) and ceanothus species (Ceanothus spp.)
have nitrogen-fixing root symbionts. Many other
species accumulate cations and improve soil chemical
and physical properties, such as representatives of the
families Cupressaceae and Taxodiaceae (Zinke 1962;
Zinke and Crocker 1962; Alban 1969; Turner and
Franz 1985; Kiilsgaard et al. 1987).

In summary, maintaining tree species and other
plant taxa that enhance structural complexity and
ecosystem processes is an essential consideration in
prescribing thinnings and other intermediate stand
treatment activities in managed stands. Directly or in-
directly, biodiversity conservation can be greatly en-
hanced with stand treatments or, alternatively, nega-
tively impacted if only commercial species and
potential crop trees are considered.

Creating Snags, Logs, and 
Other Woody Debris
Coarse woody debris (CWD), including snags, logs,
and other large wood structures, is essential for biodi-
versity conservation in forests around the world (Fis-
cher and McClelland 1983; Harmon et al. 1986;
Maser et al. 1988; Johnson and O’Neil 2001). Levels
of CWD have been seriously depleted in most man-
aged forests by timber harvesting and associated slash
disposal and site preparation practices. As a result,
managed stands typically have low levels of coarse
woody debris (Berg et al. 1994; Lindenmayer et al.
1999g) and few large-diameter snags and logs (Linder
and Östlund 1998). In fact, many management pro-
grams were designed specifically to eliminate snags in
perpetuity (e.g., Crowe et al. 1984). Any legacies of
CWD that do survive initial harvest and related treat-
ments decline rapidly with the second and third 
rotations.

Accelerating the development of decadence in trees
and snags can be valuable for enhancing biodiversity
conservation. Under natural conditions, some types of
snags and cavity-bearing trees require long periods to
develop. Australia provides an extreme example because
cavity-excavating species—such as woodpeckers—are
absent (Saunders 1979; Perry et al. 1985); termites,
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fungi, and bacteria require several centuries to develop
cavities in eucalypts that are suitable for wildlife use
(Saunders et al. 1982; Mackowski 1984).

Size, species, location, and current condition of
trees are important considerations in snag creation.
Small snags have short life spans (Graham 1982;
Maser et al. 1988; Brown 1985; Lindenmayer et al.
1997a). Some cavity-dependent species need a num-
ber of snags in close proximity (Lindenmayer et al.
1996) while others will utilize widely spaced snags
(Gibbons and Lindenmayer 2002). Existing decay can

be an asset for some objectives but can also contribute
to a reduced snag life span.

Creating snags is sometimes more practical than
protecting existing snags (e.g., Rose et al. 2001).
Killing live trees to create snags is an increasingly
common silvicultural practice (Figure 8.11) (Hutto
1995). Fire can be used to kill live trees retained at
harvest (Cascade Center for Ecosystem Management
1995; National Board of Forestry 1996b). Phero-
mones can be applied to attract bark beetles and other
decay-promoting insects to trees (Bull and Partridge
1986). Mechanically girdling trees at their base is an-
other technique (Baumgartner 1939; Moriarty and
McComb 1983; Hennon and Loopstra 1991; National
Board of Forestry 1996b), although tree death may
not occur for several years following mechanical
girdling. Removing the entire canopy from live trees
(topping) produces instant snags (Carey 1993). Top-
ping can be accomplished with explosives or chain-
saws (Bull et al. 1981; Carey and Sanderson 1981;
Lindner and Östlund 1995; Chambers et al. 1997;
Rose et al. 2001). Girdling is problematic, however,
because (1) sap rot occurs before heart rot, and (2)
treefall can occur before there is sufficient top and
heart rot to make the snag useful for cavities.

We favor the removal of most, but not all, of the
canopy to create snags; this leaves some live branches
behind and allows the tree to undergo more natural
decay processes and to provide cavity habitat over
longer periods as both a living and a dead structure.
Rose et al. (2001) provide comparative information on
effectiveness of different methods of snag creation in
coastal Oregon forests in the northwestern United
States.

Selecting the most appropriate method to create
snags and decadence in living trees depends upon the
tree species (which differ in wood properties and
decay organisms and processes), the array of species
targeted for conservation, and the presence or absence
of primary cavity-excavating species (McComb and
Lindenmayer 1999). Artificial approaches are most
likely to be successful in achieving ecological goals
when the decay organisms and decomposition pat-
terns are comparable to those that occur naturally
(Highley and Kent Kirk 1979; Manion and Zabel
1979; Wilkes 1982a,b).

FIGURE 8.11. Topping live green trees is one approach to
creating snags in recently harvested forest areas where
snags are either absent or eliminated for safety reasons. An
alternative is to remove most of the canopy but leave some
live branches so that natural decay processes can occur prior
to death. Eliminating most of the foliage dramatically re-
duces the potential for windthrow of the structure
(Willamette National Forest, Oregon, United States). Photo
by J. Franklin.
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Trees can be felled to provide logs and other woody
debris on the forest floor (e.g., Rose et al. 2001). Gen-
erally, large logs persist for longer periods and provide
higher-quality habitat than small ones (Ashton 1986;
Harmon et al. 1986; Maser et al. 1988). Logs on har-
vested sites have many conservation uses (e.g., Sver-
drup-Thygeson 2000). Where size or the abundance
of logs or potential logs (i.e., trees) is insufficient to
meet specified objectives (e.g., Kaila et al. 1997), other
approaches may be needed. In Swedish production
forests, a management goal has been to substantially
increase the amount of woody debris in managed
forests by retaining stumps approximately 2 meters
tall (sometimes termed “eternity trees”) (Figure 8.12)
and by using prescribed burning to create large quan-
tities of burned dead wood (National Board of
Forestry 1996b). The potential to bunch or bundle
small logs into larger structural units is being explored
where larger trees are not available (Carey et al.
1999b). Small log structures and brush piles (McCay
2000) may have the potential to provide sheltering
habitat needed by some animals and can be easily cre-
ated from residual products of logging.

Trees can be mechanically uprooted in some forests
if the creation of root wads and associated depressions
in the forest floor is a management goal. Logs with
root wads attached are particularly valuable as compo-
nents of aquatic ecosystems (streams, rivers, and estu-

aries) because of their stability and structural com-
plexity (Harmon et al. 1986; Maser et al. 1988). Scien-
tists at Harvard Forest in the eastern United States ac-
tually uprooted two entire stands of trees to simulate
the effects of a hurricane and examine the feasibility of
the approach for adding structural complexity
(Cooper-Ellis et al. 1999).

Stimulating the Development of 
Decadence in Living Trees
Deliberate efforts to create decadence in trees, such as
decay columns and cavities, can promote habitat di-
versity within managed stands. One straightforward
method is to create entry points for decay by breaking
branches and scarring tree boles and root systems
(Lindenmayer et al. 1993a), either during logging or
as a separate operation. A variety of techniques, from
creation of cavities to extensive linear scarring of tree
boles (to simulate scarring associated with falling
boles), have been pioneered by Tim Brown (personal
communication) in northwestern North America. Ac-
tive introduction of decay organisms can be used to
supplement the mechanical scarring processes or can
be conducted separately. A variety of techniques have
been tried, especially in North America (Sanderson
1975; Backhouse and Lousier 1991). These include
inoculating stems with fungi and growth hormones
(Conner et al. 1981; Parks et al. 1995), shooting pro-
jectiles with rot into the tree bole, inserting plugs of
decaying wood, and directly inoculating with cultures
of decay organisms.

Although there are many ways to stimulate devel-
opment of decadence in trees, only a few have been
tested, but some of the preliminary results are encour-
aging (Carey et al. 1996).

Creation of Artificial Habitats
The provision of artificial cavities such as nest boxes is
another way to create habitat in managed stands de-
pleted by clearing and logging (Newton 1998) (Figure
8.13). This technique can be particularly useful where
natural decadence takes a long time to develop. Nest
boxes added to forests in Germany throughout the
1950s resulted in a five- to twenty-fold population in-
crease in some bird species (Bruns 1960). Artificial
cavities have resulted in other spectacular population

FIGURE 8.12. Forests in Sweden have been severely de-
pleted of important structural features. In that country, 2-
meter-high cut stumps (or “eternity trees”) are retained in an
attempt to substantially increase dead wood volumes. Photo
by D. Lindenmayer.
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recoveries of birds, such as the pied flycatcher
(Ficedula hypoleuca) in Finland (von Hartman 1971),
three species of bluebirds (Sialia spp.), and the wood
duck (Aix sponsa) in North America (Haramis and
Thompson 1985). Nest box dimensions have been de-
liberately chosen to minimize competition with other

hollow-using species in some cases (Miller 1970). It is
also possible to create artificial cavities in live trees,
snags, and logs using chainsaws. Several techniques
have been developed to create cavities for the red-
cockaded woodpeckers (Copeyon 1990; Allen 1991;
Taylor and Hooper 1991).

Nest boxes and other artificial structures have sig-
nificant limitations, such as the costs of construction,
installation, and maintenance (McKenney and Lin-
denmayer 1994). Extensive and long-term nest box
programs are likely to be rare because of the costs and
the need to regularly maintain and replace them. In
addition, they often are directed toward the conserva-
tion of a limited set of species because many taxa have
narrowly defined cavity-tree requirements (Gibbons
and Lindenmayer 2002). Therefore, nest box pro-
grams are more likely to be used as adjuncts to other
forest and conservation management strategies.
Moreover, establishment of a nest box program
should not obviate the need to address the underlying
reasons for the shortage of important natural struc-
tural elements in a forest, such as the modification of
silvicultural systems to create and maintain suitable
numbers of cavity trees (Lindenmayer 1996).

Use of artificial structures needs to be closely mon-
itored to determine if they are effective and actually
used by the species targeted for conservation. Some
species may not use nest boxes (e.g., some types of
woodpeckers) because cavity excavation is part of their
breeding biology (Backhouse and Lousier 1991). Arti-
ficial cavities may weaken trees making them suscepti-
ble to wind storms (Hooper et al. 1990). There is also
the potential to lose such structures to cavity-using
pests, such as the introduced honey bee (Apis mellifera)
and feral birds (e.g., the European starling [Sturnus
vulgaris]) (Gibbons and Lindenmayer 2002). A study
of the tawny owl (Strix aluco) in northern England
found that when artificial cavities (nest boxes) were es-
tablished, birds used them preferentially and ceased
occupying naturally occurring nest sites (Petty et al.
1994).

Prescribed Burning
Prescribed burning is a useful tool to achieve a broad
variety of stand management objectives, including tree
thinning, reduced fuel levels for high-intensity wild-
fires, spatial heterogeneity within stands, desired spa-

FIGURE 8.13. The loss of cavity-trees is a substantial prob-
lem in many managed forests around the world. One ap-
proach that attempts to provide artificial nesting habitat for
cavity-dependent vertebrates is the provision of nest
boxes—a strategy used widely throughout the world. Suc-
cessful nest box programs often require an extensive effort
to establish and then monitor and maintain on a regular
basis, as in the case of the large-scale nest box project
under way in managed mountain ash forests in Victoria.
Photo by E. Beaton.

Image Not Available 
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In such cases, it can be used to reduce fuels, eliminate
fuel ladders, and reduce densities of undesirable plant
species. Prescribed burning is increasingly used to re-
store desired structural, compositional, and fuel con-
ditions altered by past fire-control programs (Figures
8.15 and 8.16). Prescribed fires, including slash fires
to reduce logging debris, need to be carefully man-
aged to limit impacts on retained structures, such as
snags and cavity trees (Horton and Mannan 1988) and
understory islands. Direct impacts of repeated pre-
scribed burns on elements of biodiversity (such as

FIGURE 8.14. A prescribed burn in a longleaf pine (Pinus
palustris) stand. Regular burning programs are used to main-
tain desired stand densities, eliminate competing hardwood
species, and stimulate understory plants (Joseph E. Jones
Ecological Research Center, Georgia, United States). Photo
by J. Franklin. 

FIGURE 8.15. (A) Prescribed fire is being used in retained
forest aggregates in managed Swedish forest stands to en-
hance habitat conditions for fungi and invertebrates that re-
quire burned wood, including many red-listed taxa. (B) Many
red-listed species in Scandinavian forests can be relatively
abundant on burned dead wood substrates in Russian
forests as shown in this stand south of Moscow. Photos by D.
Lindenmayer. 

tial mosaics of forest- and grasslands or meadow, re-
productive stimulation of selected plants, and reduced
densities of particular plant taxa. Burning may also
fulfill specific habitat needs, such as providing large
quantities of burned wood needed as habitat for
threatened or red-listed insects in Sweden (National
Board of Forestry 1996b).

Prescribed fire is a particularly valuable tool in for-
est types where the natural fire regime includes fre-
quent light- to moderate-intensity fires (e.g., pon-
derosa pine [Pinus ponderosa] forests in the
southwestern United States and the longleaf pine
forests in the southern United States) (Figure 8.14).
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ants) also need to be considered (York 2000). In the
forests in southeastern Australia, high-intensity re-
generation fires lead to very high rates of loss of re-
tained trees (Lindenmayer et al. 1990a; Gibbons et al.
2000; see Chapter 12).

High-intensity fires are not usually part of a man-
agement regime for an established stand, but they can
be useful as stand-initiating events for conservation
purposes or to dispose of slash and create seedbeds in
a variety of forest types. An example of the use of cat-
astrophic fire is in regeneration of jack pine (Pinus
banksiana) stands for Kirtland’s warbler (Dendroica
kirtlandii) in North America.

Some managers favor mechanical treatments rather
than prescribed burning within established stands.
Thinning stands can reduce fuel loadings and the po-
tential for catastrophic fire, but mechanical treatments
obviously do not replicate all of the effects of fire. Im-
pacts of mechanical treatments on understory plants
also need to be considered (Ough and Ross 1992).
Fire is less manageable and needs more preparation.
In addition, mechanical treatments can provide in-
come from harvested wood.

Prescribed fire is sometimes combined with me-
chanical treatments (Agee 1993). An example is the
natural process–based management (NPM) regime

proposed for western North American pine and mixed
conifer forests (Fiedler et al. 2001).

Underplanting Desired Tree and 
Other Plant Species
Particular trees or other plant species may be viewed as
important or desirable understory components in man-
aged stands. Underplanting these species may be the
best approach to restore desired levels in managed
stands if propagules for these species are scarce or ab-
sent or conditions for germination and early growth are
unfavorable. Good examples are shade-tolerant tree
species such as western hemlock and western redcedar
in young and mature Douglas-fir stands in the Pacific
Northwest (Tappeiner et al. 1997; Keeton 2000).

Translocating or Enriching Populations 
of Desired Animal Species
Introducing or supplementing populations of particu-
lar animal species, often those threatened or endan-
gered, may help achieve desired population levels in
some managed forests. The success of this approach
depends on many factors, including the presence of
suitable habitat for survival and reproduction. Translo-
cation often involves high risks and costs, and histori-
cally many translocation efforts have been unsuccessful
(Serena 1995; Fischer and Lindenmayer 2000).

The Biodiversity Pathways Concept

Ecological and economic techniques for creating
structurally complex forests to better conserve biodi-
versity are the focus of many current research projects
and land management planning processes. The Wash-
ington Forest Landscape Management Project
(WFLMP) is one of these and has as its goal develop-
ment of integrated management approaches that pro-
vide alternatives to land allocation as a means of re-
solving conflicts among forest values (Carey et al.
1996, 1999b). WFLMP focused on the

development and analysis of silvicultural treat-
ments, direct wildlife habitat improvements, and
conservation of biological legacies . . . that either
maintain organisms, structures, and functions
associated with late-successional forests or accel-

FIGURE 8.16. Prescribed fire has been used extensively as
a stand management tool to reduce fuel loads, stimulate re-
production of the giant sequoia, and eliminate competing
tree species. This area has dense regeneration of giant se-
quoia and has been subjected to several prescribed burns
(Sequoia National Park, California, United States). Photo by
J. Franklin.
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erate their reestablishment following timber
harvest. (Carey et al. 1996)

The “biodiversity pathways” concept ultimately
emerged from WFLMP.

Biodiversity Pathways Model and 
Its Assessment
The biodiversity pathways model management
regime includes active stand management, structural
retention at harvest, and rotation times longer than
those currently in use. In addition to precommercial
thinning, several types of variable-density commer-
cial thinning are used to reduce overall stand density,
open portions of the canopy to stimulate the growth
of understory plants, provide coarse woody debris,
and create cavity trees. These structural objectives
were identified and discussed earlier.

Four measures were used for quantitative com-
parisons of the ecological effectiveness of different
management strategies:

1. The capacity of the forest to support vertebrate
diversity (based upon the occurrence of up to 130
native species)

2. The maintenance of forest floor function based
on the integrity (completeness) of the mammal
community inhabiting the forest floor

3. The maintenance of ecological productivity based
on the abundance of arboreal rodents (a surrogate
measure of the reproductive activity of fungi and
plants in the ecosystem)

4. The maintenance of populations of black-tailed
deer and North American elk

Structural attributes were used as the basis for
ranking various management strategies in regard to
these ecological measures. The economic measures
used in the study included the net present value of
wood, sustained timber revenues, total and sustain-
able volume of wood products, and premiums for
wood products.

Seven alternative management regimes were sim-
ulated that represented variations on the following
three primary approaches:

1. No manipulation pathway (NMP)—forest pro-
tection only

2. Timber fiber pathway (TFP) with an emphasis on
maximizing present net value

3. Biodiversity pathway (BDP) emphasis with the
goal of maintaining 30 percent of the landscape as
late-successional forest

The study focused on a 7,800-hectare landscape
dominated primarily by young (less than eighty-year-
old) closed-canopy forests of western hemlock located
on the Olympic Peninsula (Washington, United
States). Management regimes were simulated for 300
years. The BDP option provided the best mix of ben-
efits and met the goal of maintaining at least 30 per-
cent of the landscape in late-successional forest struc-
ture. The chief elements of the BDP prescription
were

• Clearcutting with the retention of biological
legacies

• Planting widely spaced Douglas-fir with natu-
ral regeneration of western hemlock and
other species

• Precommercial thinning designed to favor
multiple plant species at fifteen years

Commercial thinning regimes and the rotation age
alternated in each management cycle: variable-density
thinnings at thirty and fifty years with a final harvest
at seventy years and variable-density thinnings at
thirty, fifty, and seventy years with final harvest at 130
years.

Achievements of the 
Biodiversity Pathways Model
Active management of stands for biodiversity (the
BDP strategy) resulted in a more rapid development
of late-successional forest conditions than the passive
strategy that involved no stand manipulations (NMP)
(i.e., forest protection only) (Carey et al. 1999b). In
fact, simply protecting the landscape (NMP) slowed
ecological restoration, while management for net
present value (timber fiber production [TFP]) pre-
vented ecological restoration. Excluding stand man-
agement after timber harvesting delayed the develop-
ment of complex structures characteristic of later
successional stages. The time required to achieve 
30 percent late-successional coverage was eighty 
years for BDP and 180 years with NMP. The late-
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successional goal of 30 percent was never achieved
under a management regime for net present value
(TFP) unless very wide riparian buffers were estab-
lished, in which case it took 240 years to achieve.

Management strategies had profound conse-
quences at the stand and landscape levels (Carey et al.
1996, 1999b). A landscape managed under the TFP
emphasis had low to very low values for all four eco-
logical measures examined, comparing very poorly
with both BDP and NMP on these criteria. TFP
eliminated habitat for fourteen species of vertebrates
and provided for only 32 percent of potential biodi-
versity compared with 98 percent for the BDP strat-
egy. Management by BDP captured more than 90
percent of the capacity of the landscape to support
vertebrate diversity, about 80 percent of the potential
forest floor function, and almost 70 percent of the
ecological productivity.

Managing to maximize present net value (the TFP
strategy) put at least twenty-five terrestrial vertebrate
species at risk (Carey et al. 1996). Although the TFP
strategy produced the highest economic value, net
present value of the BDP approach was 82 percent of
the maximum present net value, and it produced the
greatest sustainable income among all the alternatives
tested (Carey et al. 1999b).

An additional notable finding was that wide ripar-
ian reserves can have negative consequences for devel-
opment and continuity of late-successional forest
habitats, assuming that the total area in such a condi-
tion (e.g., 30 percent) is a management constraint
(Carey et al. 1996, 1999b). Such potentially negative
implications of wide riparian buffers echoes problems
with riparian reserves in the Northwest Forest Plan
that were discussed in Chapter 6.

Long Rotations and 
Cutting Cycles
Adoption of long rotations is the third of the general
approaches to the management of stands to conserve
biodiversity. As noted earlier (and in Chapter 7), the
use of long rotations can have direct and significant
consequences on biodiversity conservation at both
landscape and stand levels. Rotation length affects the

proportion of a landscape that is in a recently logged
condition—a significant issue because of its potential
effects on ecosystem processes, such as hydrological
responses (Chapter 7). In the simulation study by
Carey et al. (1999b), even moderately long rotations
(70–130 years) resulted in 72 percent fewer clearcuts
per decade.

Rotation length is a critical variable that deter-
mines the proportion of a landscape in older, more
developed forest stands as well as in dense young
stands undergoing competitive exclusion (e.g.,
Franklin et al. 2002). In comparison with the short ro-
tations used under many intensive timber manage-
ment regimes, long rotations provide the potential to
grow larger trees, accumulate more organic matter,
and develop other structural features associated with
more advanced successional conditions.

What is a long rotation? Rotations in forestry have
traditionally been based upon either economic or bio-
logical criteria worldwide. Typically, rotation periods
are determined primarily by traditional investment
economics (i.e., the discounted present net value of a
forest stand). Such rotation times vary from twenty to
sixty years, depending upon site productivity and
species.

Biologically based rotations are usually based on
the culmination of the mean annual increment
(CMAI) in wood production. Rotation lengths based
on this criterion are typically two to three times
longer than economic rotations for the same tree
species and site conditions. Lengthening rotations to
at least CMAI increases stand- and landscape-level
wood production, since economic rotations invariably
harvest stands far short of their peak productivity.

CMAI actually equates to achievement of stand
maturity. For example, CMAI may be 90 to 150 years
in the Douglas-fir forests of northwestern North
America. This is at least a century short of the devel-
opment of structural conditions typical of old-growth
stands (Franklin et al. 2002).

Here we define long rotations as those that are sig-
nificantly longer than the economic rotation time for
a site. Rotation times will have to be significantly
longer than those based on present net value if stands
are to be allowed to develop complex stand structures.
Rotations longer (perhaps much longer) than those
based upon CMAI may also be necessary, although
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stand treatments such as thinning may delay culmi-
nation of CMAI for many decades (Curtis 1995;
Curtis and Carey 1996).

One generic forest management proposal involves
the use of long rotations to develop structurally
complex managed forests with large-diameter trees
(Wiegand et al. 1994). Such proposals usually in-
clude a series of silvicultural treatments during stand
development to help create specific structural ele-
ments. Rotation times may be extended by 50 to 300
percent. Thus, stands typically managed on an 80-
year rotation would be grown on a cycle up to 240
years. Of course, as rotation lengths increase, the
ability of landowners and societies to maintain such
long-term commitments becomes an issue. There is
also a risk of losing stands to disturbances such as
wildfires.

Opportunities for Stand
Development with Long Rotations

Long rotations provide the explicit opportunities for

• Growing structures that are essential habi-
tats for many elements of biodiversity 
but which require a long time to develop,
such as large-diameter trees, large snags
and logs, and within-stand spatial and verti-
cal heterogeneity.

• Reestablishment of organisms, although this
can be greatly influenced by the amount,
type, and spacing of residual vegetation
(Lindenmayer and Franklin 1997a; Foster et
al. 1998; Turner et al. 1998).

• Expansion of a range of silvicultural options,
including thinning and other post-logging
site treatment prescriptions (Curtis and
Marshall 1993; Carey and Curtis 1996).
Multiple harvesting options within Cana-
dian black spruce forests illustrate the stand-
level benefits of long rotations (Bergeron et
al. 1999; see Chapter 4).

• Accumulation of more organic matter (and
hence greater carbon acquisition) and
restoration of nutrients and soil organic
matter lost during timber harvesting.

Limitations of Long Rotations 
at the Stand Level

Long rotations have serious limitations if they are
adopted without the additional tools of structural re-
tention at the time of harvest and active stand man-
agement to promote structural complexity.

The first limitation of long rotations is that some
structural elements (and related species and processes)
are completely lost from harvested stands or, at least,
are present in a much smaller percentage of a land-
scape. Obviously, the total population of those struc-
tures in a managed landscape will be much higher
under management systems where they are main-
tained (retained) as elements of harvest units than in
landscapes managed under long rotations. Large-
diameter, moderately decayed snags provide an exam-
ple. The re-creation of such snags takes at least 100
years in a typical Douglas-fir stand in northwestern
North America or several centuries in Australian
mountain ash forests. Large trees must first be grown
and then die or be killed. A period of time is needed to
develop suitable levels of stem decay. Under a hypo-
thetical example, a managed Douglas-fir stand might
support large decayed snags for only 20 years of a
120-year rotation. Hence, only one-sixth of the land-
scape would have these structures at any one time. In
mountain ash forests, it is not possible to create these
structures at all under a 120-year rotation, so they
would virtually disappear from large parts of managed
landscapes (Lindenmayer and Possingham 1995b).

Structural retention at harvest can provide for large
and well-distributed populations of large moderately
decayed snags and large-diameter living trees in con-
trast with conditions under long rotations and
clearcutting. The loss of structural attributes from
forests managed on a long rotation but without reten-
tion could be critical for many cavity-dependent
vertebrates.

A second limitation of moderately long rotations
(up to 200 years) is that the establishment of some or-
ganisms is not possible (Duffy and Meier 1992;
Stohlgren 1992; Lindenmayer and Franklin 1997a).
Some species simply do not establish themselves in
early- or midsuccessional stands (Marcot 1997).
Species of epiphytic bryophytes and foliose lichens



194 II. BIODIVERSITY CONSERVATION ACROSS MULTIPLE SPATIAL SCALES

provide examples of species that appear to need more
than 200 years to develop in conifer forests in north-
western North America (McCune 1993), at least par-
tially because of the large-diameter branches that are
required (Clement and Shaw 1999).

In summary, there are both theoretical and practi-
cal limitations to management strategies based upon
long rotations, even when the particular organisms
and structures (and the processes needed to sustain
them) have been recognized and quantified.

Use of Multiple Rotations

Many limitations of long rotations can be overcome
by developing and retaining desired structures over
multiple rotations. This approach can accommodate
organisms that depend upon structures that require
several centuries to develop. The large cavity-bearing
trees used by arboreal marsupials in Australian moun-
tain ash forests are an example (Lindenmayer et al.
1993a). Another example is the red-listed fungi that
inhabit large decaying logs in Norwegian forests
(Sverdrup-Thygeson 2000). Siitonen et al. (2000) has
recommended the retention of old-growth character-
istics, such as large logs at the time of harvest, to en-
sure that critical stand attributes are maintained in
Scandinavian forests. An added advantage of long-
term structural retention through multiple rotations is
that it can promote the development of multicohort
stands—a forest condition most suitable for some
species.

These long-term approaches require planning and
visualization of complex forest stand structures for
very long periods and over several rotations, a capabil-
ity promoted by current computer software (Figure
8.17) (e.g., Ball et al. 1999). However, long-term ap-
proaches still need to be translated to actions on the
ground, and, as noted by John Wells (in Hunter
2001), “we’ll have to plan to produce desired habitat
features just as carefully as we plan to produce certain
quantities of wood volume per unit area.”

Selection Harvest Practices
In this chapter, we have focused primarily upon
forests managed for some level of timber production
using silvicultural systems that lead to a one-, two, or
three-aged stand. However, the principles of stand
management for the maintenance of structural com-
plexity and conservation of biodiversity apply equally
to forests managed selectively (to provide a many-
aged condition). In these cases, trees are removed as
individuals or small groups (individual tree and group
selection). These management regimes maintain for-
est cover and, therefore, a forest-controlled environ-
ment over essentially the entire landscape—an out-

FIGURE 8.17. Forecast numbers of cavity-trees under dif-
ferent tree retention scenarios and/or rotation times in the
mountain ash forests of the Central Highlands of Victoria
(modified from Ball et al. 1999).
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come that has positive benefits for many ecological
processes and forest-dependent organisms.

Unfortunately, descriptions of traditional selection
cutting methods make no reference to the mainte-
nance of decadent trees, snags, and logs as structural
components of managed stands (e.g., Smith et al.
1997). Therefore, objectives related to individual
structural components, spatial heterogeneity in stand
structure, and the provision of habitat for specific or-
ganisms and assemblages have rarely been explicitly
incorporated into prescriptions for selective manage-
ment, although there are exceptions.

In fact, there is an infinite array of approaches to
incorporating structural complexity into selection
management. For example, the concept of group se-
lection with structural retention offers the potential to
create enhanced stand conditions for the California
spotted owl in the Sierra Nevada pine and mixed
conifer forests in the western United States (Franklin
et al. 1997; see Chapter 11). An alternative is to select

areas of a forest that are reserved from any harvest in
order to maintain structural complexity.

Harvesting by group selection can be very closely
modeled on natural disturbance regimes in forest
ecosystems that are chronically perturbed by fire or
wind (Coates and Burton 1997). Structural retention,
active stand management, and long rotations are all
activities that can be readily incorporated into group
selection prescriptions. The size and frequency distri-
butions of natural disturbances can be used as a silvi-
cultural guide. Unfortunately, many prescriptions for
group selection prescribe harvest on areas that are
much larger than most openings created by natural
disturbances (Knight 1997).

The topic of selection management deserves
much greater exploration than we have provided
here. However, silvicultural approaches that are es-
sentially even-aged dominate many temperate and
boreal forest regions and hence were our emphasis in
this chapter.
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There is immense potential for positive synergies when an
array of matrix management strategies are simultaneously
employed at multiple spatial scales, just as negative im-

pacts can accumulate in managed landscapes if the need for
multiscaled strategies is ignored (see Chapter 5). The impli-
cation is that different conservation management strategies
need to be considered jointly rather than in isolation in
order to meet specified objectives as part of a comprehen-
sive plan for biodiversity conservation.

Trade-offs are possible between management strategies.
Comparable objectives for biodiversity conservation can
sometimes be achieved from different combinations of, or
different emphases on, matrix management strategies. The
need for a varied approach to conservation management
and potential trade-offs between different strategies are
conceptualized in a simple model in this chapter.

The conservation of forest biodiversity requires a
comprehensive multiscaled approach ranging from re-
serves to landscape-level and stand-level matrix man-
agement strategies. This is essential to meet the di-
verse multiscaled requirements of individual species as
well as the varying needs of different taxa (Chapter 3).
In Chapter 6 (and again in Chapter 8), we presented a
checklist of factors that need to be considered as part
of a comprehensive plan for forest biodiversity con-
servation. However, these different multiscaled ap-
proaches do not act in isolation.

There can be positive synergistic benefits for biodi-
versity from embracing several strategies concur-
rently, such as implementing stand retention over
multiple lengthened rotations (Chapter 8). For exam-
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Revisiting a Multiscaled Approach to 
Forest Biodiversity Conservation

Management for diversity calls for diversity of management.

—EVANS AND HIBBERD (1990)

ple, a combination of strategies that retain snags and
overstory hardwoods within cutover areas while
strategically positioning mature forest adjacent to har-
vest units was found to be appropriate for reducing
logging impacts on the southern flying squirrel (Glau-
comys volans) in the forests of Arkansas, in the United
States (Taulman et al. 1998).

Compounding (or cumulative) negative impacts for
biodiversity can also occur and are usually the result
of ignoring the need for an array of different strate-
gies (Chapter 3). For example, the loss of structural
complexity within stands can accumulate over many
cutover sites and deplete landscape heterogeneity.

The value of integrating different strategies is illus-
trated in Chapter 8 by the evolution of new silvicul-
tural systems such as the variable retention harvest
system (Franklin et al. 1997) and the biodiversity
pathways concept (Carey et al. 1996, 1999b). In this
chapter, we look again at a comprehensive plan for
biodiversity conservation by outlining a theoretical
framework that integrates different elements of forest
management to meet specified objectives.

Maintaining habitat at multiple spatial scales is the
overarching goal of any comprehensive plan for en-
hanced biodiversity conservation (Chapter 3). It will
sometimes be possible to meet this broad objective (as
well as more specific biodiversity conservation objec-
tives associated with it) using different combinations
of forest management strategies. One way of concep-
tualizing this is to visualize management regimes as
the integration of various individual approaches. For
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example, the subcomponents of a harvesting regime at
the stand level might incorporate structural retention,
stand management, and appropriate cutover sizes and
rotation periods (see Chapter 8). The implementation
of each of these subcomponents can vary; there are
gradients from low to high levels of stand retention,
extensive stand management to no intervention, small
to large cutover sizes, and short to long rotation
times. Integration of each of these subcomponents
gives rise to a hypothetical harvesting regime (Figure
9.1). There may be trade-offs among different ap-
proaches while still ensuring that designated objec-
tives are achieved with a given management regime.
For example, increased levels of stand retention at the
time of regeneration harvest may allow for larger cu-
tover units or reduced levels of stand management.
Similarly, increased levels of stand retention may
make it possible to reduce the rotation period. In
some cases, a harvesting regime will need to be modi-
fied to meet desired biodiversity goals. Such a transi-
tion can be made via a shift of emphasis on different
subcomponents of that regime, such as increased lev-
els of stand retention during regeneration harvest.

Just as there can be variation in applying any sub-
component of the harvesting regime (Figure 9.1),
there is also a gradient in the intensity of application
of landscape-level strategies for matrix management.
Wildlife corridors can be wide or narrow, the road
system can be extensive or limited, and the size of
midspatial-scale protected areas within the matrix can
be large or small (Figure 9.2).

Management activities at the stand level cannot be
divorced from considerations at broader spatial scales,

as was made clear in Chapters 6, 7, and 8. Harvesting
regimes are intimately linked with other considera-
tions, such as the width of riparian buffers and wildlife
corridors and the protection of specialized habitats
and biodiversity hotspots in the matrix. This is illus-
trated diagrammatically in Figure 9.3, which shows
the juxtaposition of a harvesting regime (depicted as
an emergent property of its subcomponents in 
Figure 9.1) in relation to other matrix management
strategies.

The interrelationships between a harvesting
regime and other considerations can be illustrated by
a few hypothetical scenarios. For example, if there are
increased levels of stand retention as part of a modi-
fied harvesting regime, then it might be possible for
the width of wildlife corridors or riparian buffers to be
reduced and yet still meet specified conservation ob-
jectives. Similarly, the levels of protection required for
some types of specialized habitats may be relaxed
when the selected harvesting regime limits the levels
of physical and structural contrast between cutover
units and adjacent protected areas. Clearly, many
other permutations are possible. Lengthened rotation
times with stand retention may allow requirements for
strictly protected wide wildlife corridors to be relaxed.
As in the case of the altered harvesting regimes out-

FIGURE 9.1. Graphical presentation of the various subcom-
ponents of the harvesting regime employed at the stand
level. Each of these components can be changed independ-
ently or in conjunction with one another, depending on the
management objectives.

FIGURE 9.2. Graphical presentation of the various compo-
nents of a comprehensive plan for forest biodiversity conser-
vation at the landscape level. Note that each component is
itself composed of a range of subcomponents—in other
words, the harvesting regime is a function of stand level re-
tention, rotation time, cutover size, and the overall level of
stand management (see Figure 9.1).

FPO

FPO
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lined above, redirected emphasis on particular matrix
management strategies may be required to achieve
some biodiversity conservation goals.

Any comprehensive plan for biodiversity conserva-
tion requires taking account of strategies at multiple
spatial scales—from large ecological reserves to indi-
vidual stands. The key points of this chapter are that
(1) there can be cumulative benefits (or, alternatively,
negative impacts) of different strategies (e.g., Taulman
et al. 1998), (2) different combinations of strategies
can achieve the same objectives for biodiversity con-
servation that will sometimes (but not always) allow
for trade-offs between such strategies, and (3) differ-
ent emphases on particular components of a manage-
ment regime can have implications for other attrib-

utes of the forest estate. A classic example might be
where the aim is to reduce the size of cutover areas,
which may then lead to a need for more cutover areas
in a landscape and an associated increase in the road
network and number of stream crossings (see Chapter
7). The inference from such outcomes is that in order
to meet specified conservation objectives, different ap-
proaches to matrix management need to be consid-
ered simultaneously, and not in isolation. The simple
model outlined in this chapter is a way of conceptual-
izing this.

As discussed in previous chapters in this book, the
combination of strategies to best achieve desired bio-
diversity conservation outcomes will vary between
landscapes as a function of specified objectives and the
suite of organisms or ecological processes targeted for
management. It is essential for forest managers to
have a clear vision about both the forest and the
stands that compose that landscape. An explicit state-
ment of these objectives can be complemented by the
development of strategies and practical tools needed
to achieve these objectives. Some of the strategies and
tools for use by forest and wildlife managers are dis-
cussed in Chapters 5 through 8.

FIGURE 9.3. Graphical presentation of a hierarchical model
that can be used to conceptualize how a detailed multi-
scaled plan for forest biodiversity conservation may be im-
plemented. The overall management plan is derived from
several components at the landscape level, each of which is
composed of subcomponents at smaller spatial scales. For
simplicity, in this diagram only the subcomponents of the
harvesting regime have been shown. But implicit in this hier-
archical model is the fact there will be a suite of subcompo-
nents of each of the key areas presented in the inner wheel
of the diagram. Understanding the interactions between the
different scales and management options is an important as-
pect of the overall approach.
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Plantation landscapes (as well as near-natural forests) can

benefit from the application of the principles outlined for

matrix management in Chapter 3 and discussed further

in Chapters 6, 7, and 8. Plantations are rarely valued for the

conservation of biodiversity and there are certainly many

species that cannot be conserved in them. Nevertheless, an

increasing number of studies show that plantations—at both

the landscape and the stand levels—can conserve at least

some components of biodiversity. Some (often relatively

minor) changes in plantation management can enhance their

conservation value and ensure that they are not biological

deserts devoid of diversity.

A variety of approaches for matrix management at the
landscape and stand levels have been outlined in
Chapters 6, 7, and 8. Although the primary focus was
on natural forests, matrix-based strategies can also be
successfully applied to plantations (defined here as
planted forests of commercially important tree
species). Planted forests may be composed of exotic
species, as are the conifer plantations in the United
Kingdom, South Africa, New Zealand, and Australia
or the extensive areas of eucalypts in Brazil, China,
Spain, and almost 100 other countries worldwide
(Doughty 2001). Alternatively, they can be planted
areas of trees native to a given continent such as
loblolly pine (Pinus taeda) in the southeastern United
States (Moore and Allen 1999) and blue gum (Eucalyp-
tus globulus) and shining gum (Eucalyptus nitens) in
Australia (Eldridge et al. 1994). Often the trees used
in these plantations have been subject to programs of
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Matrix Management in Plantation Landscapes
Studies show that the potential apparently exists to minimize negative impacts on
biodiversity in plantations.

—MOORE AND ALLEN (1999)

tree breeding and genetic modification. Intensive site
preparation (e.g., ripping and mounding), thinning,
and application of herbicides and pesticides (Peterken
1996; Moore and Allen 1999) are often characteristic
of plantation forestry, further modifying site condi-
tions. Indeed, plantations share many attributes with
intensive agricultural systems, except that they are
managed on longer rotations.

Roughly 75 percent of the world’s plantations are
in temperate zones and the remainder in the tropics
and subtropics (World Commission on Forests and
Sustainable Development 1999). In 1996, the com-
bined area of plantations worldwide was estimated to
exceed 130 million hectares (Cubbage et al. 1996). In
2000, the estimated area of plantations had increased
to 187 million hectares, or about 5 percent of the
world’s total forest area (Food and Agriculture Orga-
nization of the United Nations 2001). There are al-
most 20 million hectares of eucalypt plantations alone,
and plantations of Pinus species represent 20 percent
of all plantings. Managing plantations to contribute to
biodiversity is, therefore, important because of their
extent. In countries such as the United Kingdom and
New Zealand, where much of the original forest cover
has been removed, a large proportion of the existing
forest is plantations (Spellerberg and Sawyer 1997;
Peterken 1999). In Australia, plans are well advanced
to triple the extent of plantations in the next two
decades (Department of Primary Industries and En-
ergy 1997).



202 II. BIODIVERSITY CONSERVATION ACROSS MULTIPLE SPATIAL SCALES

The primary goal of plantation forestry is the effi-
cient production of large quantities of timber and
pulp. However, there are also important opportunities
for designing and managing plantations to enhance
their value for biodiversity (Clout 1984; Hanowski et
al. 1997) (Table 10.1). Inferences from several studies
indicate that changes in plantation management
regimes will increase biodiversity conservation, some-
times significantly (see the case study in Chapter 13).
In other cases, even the limited structural complexity
of plantations provides suitable habitat for some forest
species (see Chapter 13) or enhances connectivity for
others (Renjifo 2001), or both.

Landscape-Level Matrix
Management in Plantations

Three broad categories of approaches for landscape-
level matrix management were highlighted in Chap-
ters 6 and 7: (1) protection of midspatial-scale pro-
tected areas within the matrix such as biodiversity
hotspots, specialized habitats, and aquatic areas; (2)
planning the road network; and (3) planning the tem-
poral pattern of timber harvesting.

The value of these strategies in plantations has
been well documented worldwide. Preservation of
small and intermediate-sized protected areas of native
forest within plantation estates has been shown to

provide valuable habitat for many species of verte-
brates in Australia (Goldingay and Kavanagh 1991;
Fisher and Goldney 1998), New Zealand (Clout and
Gaze 1984), Europe (Peterken 1999), Brazil (Zanun-
cio et al. 1997), and Chile (Estades and Temple 1999).
Clout and Gaze (1984) identified several species of
New Zealand birds that were absent from radiata pine
monocultures but which occurred in plantation land-
scapes that incorporated some native vegetation. Re-
tained patches do not always have to be large to be
useful. In southeastern Australia, Lindenmayer et al.
(2001a) showed that within extensive plantations of
radiata pine, remnant patches of eucalypt forest as
small as 1 hectare had value as habitat for forest birds,
reptiles, frogs, and mammals (see Chapter 13).

In the case of aquatic ecosystems, retaining attrib-
utes such as native riparian vegetation provides habitat
for many species within plantation landscapes (Suck-
ling et al. 1976; Recher et al. 1987; Estades and Tem-
ple 1999). Riparian vegetation also can act as a disper-
sal corridor for terrestrial fauna thereby contributing
significantly to connectivity (Lindenmayer and
Peakall 2000; see Chapter 13).

There can be positive benefits for biodiversity con-
servation arising from changes in the spatial and tem-
poral patterns of harvesting of plantation forests. In
southeastern Australia, in the pine-eucalypt remnant
system at Tumut (see Chapter 13), Lindenmayer and
Pope (2000) believed that functional connectivity be-
tween populations of the greater glider residing in eu-
calypt patches could be maintained by staggering the
spatial configuration of clearcut radiata pine stands
adjacent to remnants. Radio-tracking of the animals
revealed they use the radiata pine forest to move be-
tween eucalypt habitat patches. Therefore, at any one
time, some areas of advanced regrowth radiata pine in
the matrix should link eucalypt remnants to maintain
connectivity.

Stand-Level Matrix Management 
in Plantations

Three broad strategies for stand-level matrix manage-
ment were outlined in Chapter 8: (1) structural reten-
tion at the time of harvesting, (2) stand management

TABLE 10.1.

Matrix management strategies in plantations
(modified and expanded from 
Spellerberg and Sawyer 1997).

Retain snags, woody debris of indigenous tree species

Retain some plantation trees at the time of harvest

Maintain some native understory elements

Protect areas of native vegetation within plantation
boundaries

Protect, restore, and buffer riparian areas

Increase the range of plantation tree species used

Manage some stands on long rotations

Plan the location of plantation establishment to limit
impacts on conservation values
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activities to create structural complexity, and (3) al-
tered rotation times to meet specified stand-level
objectives.

These strategies can be combined in some cases to
develop entirely new silvicultural systems, such as the
variable retention harvest system proposed by
Franklin et al. (1997). Each of these broad strategies
and altered silvicultural systems can be useful in plan-
tation forest management.

Maintaining some stand structural attributes within
plantation forests can significantly enhance the value
of plantation landscapes for biodiversity. When large
living trees and snags are retained at the time of re-
generation harvest they are used by many species of
birds (Land et al. 1989; Kavanagh and Turner 1994).
Observations in the Tumut Fragmentation Experi-
ment in southeastern Australia have shown that some
bird species are strongly associated with windrows of
eucalypt logs—the remains of the original native for-
est cleared to plant radiata pine stands (see Chapter
13). These findings and other studies in Australia have
highlighted the importance of such windrows for na-
tive fauna within softwood plantations (e.g., Friend
1982; Curry 1991). Recommendations have been
made to reduce the rate of disappearance of these im-
portant biological legacies and ensure that it is not ac-

celerated by damage from machinery during harvest-
ing operations (Lindenmayer and Pope 2000).

Modifying silvicultural systems in plantations is an-
other approach to enhance biodiversity conservation
at the stand level. Moore and Allen (1999) described
the benefits of a wider spacing between planted rows
of trees to increase native plant diversity. They also
highlighted the value of exempting thickets of under-
story vegetation from site preparation activities. Work
in the Tumut Fragmentation Experiment (see Chap-
ter 13) has shown that threatened bird species such as
the olive whistler (Pachycephala olivacea) often occur
within stands of radiata pine that support intact thick-
ets of native understory vegetation (Lindenmayer et
al. 2001a). Appropriate treatment of understory vege-
tation within these stands during harvesting opera-
tions could make an important contribution to the
conservation of this species. Notably, such understory
vegetation often occurs in gullies or the wet seepage
areas associated with the margins of swamps—places
that could be readily captured within protected ripar-
ian zones. Other workers have found that plantations
can provide habitat for rare or unusual species. In
New Zealand, nationally threatened birds such as the
brown kiwi and kakapo (Strigops habroptilus) have been
recorded in plantations (Colbourne and Kleinpaste
1983; McLaren 1996; D. Norton personal communi-
cation). Radiata pine plantations in that country are
also known to support many species of vascular plants
(Allen et al. 1995).

Other aspects of plantation management at the
stand level can have positive impacts on biodiversity.
Planting a wider range of tree species can result in a
greater diversity of habitats and their dependent taxa
(Spellerberg and Sawyer 1997). This can be useful in
amenity areas within and adjacent to plantations (such
as campgrounds and picnic areas) where such vegeta-
tion can be valuable for groups such as birds (Clout
1984) and invertebrates.

Altered rotation times also can be valuable for bio-
diversity. Peterken et al. (1992) showed that managing
some parts of the British conifer plantation estate on
long rotations would allow them to develop old-
growth characteristics needed by some wildlife taxa
(see Box 10.1).

FIGURE 10.1. Early stages of establishment in a blue gum
(Eucalyptus globulus) plantation in southwestern Western
Australia. Plantation establishment is taking place on semi-
cleared former grazing, and the retention of even small
areas such as the paddock trees in the foreground and the
remnant patches of native forest in the mid-ground (on the
left-hand side of the photograph) will have some value for
biodiversity conservation. Photo by D. Lindenmayer.
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Long-Established and Newly
Established Plantations

The principles of matrix management apply both to
areas proposed for new plantation developments and
to long-established plantations. An important aspect
of plantation establishment is their location (Ha-
nowski et al. 1997). Spellerberg and Sawyer (1997)
noted that many plantations in the United Kingdom
had replaced valuable habitats such as lowland heath-
lands. The retention of patches of remnant native
vegetation and riparian areas is fundamental to planta-
tion design criteria in the semi-cleared grazing lands
of southeastern Australia that are increasing targeted
for conversion to widespread radiata pine plantations
(Lindenmayer and Pope 2000). Similarly, Peterken
(1996) discusses the importance of conserving a range
of habitat types within the boundaries of new areas

proposed for British plantation expansion to produce
a landscape mosaic rather than a monoculture.

Matrix management practices are also relevant to
long-established plantations. Rotation times can be al-
tered (see Box 10.1), the spatial pattern of harvest
units can be modified, riparian areas planted with
plantation trees can be rehabilitated with native vege-
tation, and structural features can be retained at the
time of transition to the next rotation.

In summary, plantation forests can make a positive
contribution to the conservation of biodiversity with
some modifications of management regimes (Dyck
2000). Importantly, biodiversity conservation has be-
come a component of plantation forest policy in many
countries. Plantations are also being considered under
certification agreements, such as those developed
under Forest Stewardship Council guidelines (Cauley
et al. 2001). Biodiversity provisions were included as
the document Principles for Commercial Plantation For-

BOX 10.1.

Plantation Forestry and Biodiversity Conservation in the United Kingdom

Some of the most innovative approaches to biodiversity
conservation in plantation landscapes have come from the
United Kingdom. The forests there are dominated by in-
troduced plantations of Sitka spruce (Picea sitchensis)—
now the most commonly occurring tree in that country
(Peterken 1996). Extensive areas of conifer plantations
have been established in Wales and, more recently, in
Scotland. It has been increasingly recognized that planta-
tion forests have considerable value for biodiversity, not
only for vertebrates (Peterken 1996), but also for a wide
range of other groups such as fungi (Humphrey et al.
2000) and invertebrates (Ozanne et al. 2000). The Forestry
Commission in Great Britain recognizes the important role
of its plantations in contributing to biodiversity conserva-
tion (C. Ozanne personal communication).

In a detailed discussion about British plantations, Pe-
terken (1996) outlined a wide range of landscape- and
stand-level matrix management strategies to promote bio-
diversity conservation. These included (among others) the
following:

• Setting aside riparian areas, wetlands, and bogs.
• Ensuring that a range of habitats is incorporated

within the boundaries of plantations, such as
seminatural woods, moorland, and former farm-
land.

• Maintaining attributes of old plantation forests

within newly regenerated stands such as large
logs, and decadent trees and snags.

• Increasing the rotation times on lower (more shel-
tered) slopes to allow stands to develop “old
growth” features. The rotation time for the re-
maining areas of the plantation is then shortened
to limit impacts on wood production. Decreased
rotation times are applied on upper slopes that
are more prone to wind damage—the major form
of natural disturbance in British forests (Savill
1983).

• Adopting silvicultural systems other than clearcut-
ting in some stands (e.g., selection or large-group
selection methods) to promote shrub and under-
story growth and the development of vertical het-
erogeneity.

Native forests are comparatively scarce in Great
Britain, and plantations compose approximately 85
percent of the forest estate. These plantations have been
established using trees from other parts of the world, 
primarily North America. Nevertheless, it is clear that
these areas have considerable value for biodiversity con-
servation—values that can be enhanced by adopting
many of the principles and approaches for matrix man-
agement (Peterken 1996) discussed in Chapters 3, 6, 7,
and 8.
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est Management in New Zealand, which was signed by
many stakeholder groups in 1995. Similarly, the extent
of native vegetation within the exotic plantation
forests is used as a measure of sustainability in the
Australian state of New South Wales. Spellerberg and
Sawyer (1996) recommended that the conservation of
biodiversity should be a key part of ecological stan-

dards developed for plantations. Indeed, it is clear that
even intensely managed forest landscapes (including
plantations) can support elements of native biodiver-
sity if managed according to even a small subset of
matrix-based principles. Plantations will typically sup-
port more biodiversity than urbanized or agricultural
lands (Putz et al. 2000).





aA recurring theme in Chapters 6, 7, 8, and 9 is that
there is no formula for biodiversity conservation in
the matrix that is universally applicable. Rather, there
will be idiosyncratic, multiscaled solutions for individ-
ual landscapes, forest types, and species assemblages
crafted on a case-by-case basis. Working from this
premise, Part III is a set of case studies that illustrate
how multiscaled biodiversity planning and matrix
management have been applied, providing real-world
examples of the principles outlined in Chapter 3 and
the various approaches described in Chapters 5, 6, 7,
and 8. Three of the five case studies (Chapters 11, 12,
and 15) not only illustrate issues associated with ma-
trix management, but also contain lessons about the
value of comprehensive multiscaled approaches to for-
est biodiversity conservation.

The first case study relates to the management of
the northern, California, and Mexican spotted owls in
western North America. For the northern spotted
owl, a matrix-based stand-retention strategy was in-
corporated into the Northwest Forest Plan (Tuch-
mann et al. 1996) to facilitate the dispersal of the
species between large habitat reserves that incorpo-
rated old-growth Douglas-fir forest. Although large
ecological reserves and matrix retention are still the
primary strategy, subsequent work in the southern
part of the subspecies’ range has shown that it is actu-
ally favored by a diverse landscape rather than one
dominated by closed forests. An interim conservation
strategy based entirely on matrix-based conservation
was adopted initially for the California spotted owl,
but it was subsequently modified to include large eco-
logical reserves. Both subspecies demonstrate that
management strategies should be dynamic—not

static—as they evolve in response to new information
and adjustments in objectives, including acceptable
levels of risk. They provide real-world examples of the
need for adaptive management.

The second case study is the conservation of Lead-
beater’s possum in the montane ash forests of Central
Victoria (southeastern Australia). It highlights the
need for an integrated array of conservation strategies
at multiple scales—large ecological reserves, interme-
diate scale reserves and wildlife corridors within the
logged matrix, and fine-scale stand-retention strate-
gies on cutover sites.

The third and fourth case studies are large-scale
ecological “experiments” in which we explore various
themes concerning interrelationships between the
conservation value of the matrix and remnant patches
within it. These experiments include the Tumut Frag-
mentation Experiment in southeastern Australia and
the Biological Dynamics of Forest Fragments Project
in Brazil. The Tumut study reinforces the ideas out-
lined in Chapter 10 that matrix management princi-
ples are applicable to biodiversity conservation in
plantations as well as in natural forests.

The final case study is from the southern beech
(Nothofagus spp.) forests of Tierra del Fuego in Chile
and Argentina. This is a classic example of an ap-
proach embracing the maintenance of habitat at mul-
tiple scales and all associated guiding principles (the
maintenance of connectivity, landscape heterogeneity,
stand complexity, and aquatic ecosystem integrity) of
matrix management. The various reserve and within-
matrix strategies adopted in Tierra del Fuego match
the checklist of approaches suggested in Table 6.1 and
Table 8.1 (see Chapters 6 and 8).

PART I I I Case Studies in Developing 
Multiscaled Plans for Biodiversity Conservation





Key Points

• Scientifically credible forest species conservation
programs must include strategies for biodiversity
conservation in the matrix, even for old growth–
related species. 

• Matrix management, whether for single or multiple
species, must include strategies at multiple spatial
scales. 

• Closely related organisms (e.g., different popula-
tions of the same subspecies or different sub-
species of the same species) may have different 
requirements not only for ecosystem and auteco-
logical reasons, but also for societal reasons. A flex-
ible approach to matrix management needs to
allow for a response to such challenges.

• The general principle of providing critical habitat at
multiple spatial scales (see Chapter 3) was funda-
mental to developing conservation strategies for
spotted owls but also led to the maintenance of
populations of other species and of ecosystem
processes.

• Two examples of the adaptive and evolutionary
nature of conservation plans are evident in the
spotted owl case studies: (1) the addition of large
ecological reserves to an interim matrix-based
conservation strategy for the California spotted 
owl, and (2) recognition that the northern spotted
owl appears better adapted to a heterogeneous
forest landscape structure than to one dominated
solely by closed canopy forests in a portion of its
range.
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Many of the principles presented in earlier chapters
have been vital to the development of conservation
strategies adopted for the spotted owls of western
North America. The strategies adopted for all three
subspecies illustrate (1) the critical role of the matrix
in conserving wide-ranging interior forest birds, and
(2) the necessity of planning and working across a
range of spatial scales, from regions to stands. 

It is notable that the approaches to the conserva-
tion of the three subspecies differ in their relative em-
phasis or dependence on the reserve and matrix com-
ponents of the landscape. This case study also
illustrates how conservation plans that begin with a
focus on a single species often evolve into more com-
prehensive efforts involving multiple species and even
multiple ecosystems. 

The spotted owl is a medium-sized nocturnal owl
that occurs in forested areas of western North Amer-
ica (Forsman et al. 1984) (Figure 11.1). The species
consists of three recognized subspecies: California
spotted owl (Strix occidentalis ssp. occidentalis), northern
spotted owl (ssp. caurina), and Mexican spotted owl
(ssp. lucida). Although all three subspecies occupy
forests, they occur in distinctively different biotic re-
gions (Figure 11.2) and forest types that vary from the
dense, continuous humid coniferous forests of north-
western North America to the fragmented forests of
conifers and hardwoods found in arid southwestern
North America. Environmental and habitat condi-
tions vary greatly over the species range and, hence,
there are substantial differences in the autecology of
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the subspecies of the spotted owl, such as differences
in prey species. 

Northern Spotted Owl

The northern spotted owl occurs primarily in old-
growth and other structurally complex forests charac-
teristic of northwestern North America. Forests char-
acteristic of the western hemlock (Tsuga heterophylla)
zone are probably the most common habitat but the
subspecies has a range that also includes the mixed
evergreen and mixed conifer forests of southwestern

Oregon and northwestern California (Franklin and
Dyrness 1988). Long-lived forests dominated by 
Douglas-fir (Pseudotsuga menziesii), western hemlock,
western red cedar (Thuja plicata), Sitka spruce (Picea
sitchensis), and true firs (Abies spp.) are characteristic of
the western hemlock zone, while a significant hard-
wood component (e.g., tanoak [Lithocarpus densiflorus],
Pacific madrone [Arbutus menziesii], and canyon live
oak [Quercus chrysolepis]) are characteristic in the sub-
species southern range. 

The natural disturbance regime in northwestern
coniferous forests is primarily large-scale, stand-
replacing events (wildfires or, less often, windstorms)
that occur at intervals of one to many centuries. These
disturbances result in the creation of extensive, largely
even-aged stands, but such naturally regenerated
stands have high levels of structural complexity due to

FIGURE 11.1. Spotted owls are medium-sized nocturnal
forest-inhabiting birds; California spotted owl in
Sequoia–Kings Canyon National Park, California, United
States. Photo by C. Halpern.

FIGURE 11.2. Distribution of the three subspecies of spot-
ted owl in North America. Redrawn from Forsman et al.
1984. 

Image Not Available 
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biological legacies that remain after disturbance
events. The natural range of variability in the propor-
tion of suitable old-growth forest habitat within the
range of the owl is estimated to have been between 30
and 70 percent for the last several centuries (see Fig-
ure 7.13 in Chapter 7). 

Habitat conditions within the range of the north-
ern spotted owl have changed dramatically during the
past century as most old-growth forests were con-
verted to young managed forest stands. Accelerated
logging in the last major reservoir of such forests (fed-
eral government lands) occurred using a dispersed
patch clearcutting system between 1950s and the
1980s—a strategy that rapidly fragmented the forest
landscape (Franklin and Forman 1987). This resulted
in increasing concern over the loss of suitable habitat
for the owl in the 1970s and 1980s (Forsman et al.
1984; Yaffee 1994). In 1990, the northern spotted owl
was listed as a threatened species throughout its range
by the U.S. Fish and Wildlife Service (Yaffee 1994). 

The conservation strategy ultimately adopted for
the northern spotted owl was one of the first to explic-
itly recognize the importance of the matrix in an over-
all regional strategy. Initial proposals for conservation
of the northern spotted owl were built around a sys-
tem of spotted owl habitat areas (SOHAs)—areas that
would provide habitat for one to three pairs of owls.
Despite the considerable efforts expended in develop-
ing the SOHA strategy by the management agencies
(federal Forest Service and Bureau of Land Manage-
ment), this approach was not scientifically credible
(Thomas et al. 1990) and, consequently, not legally
acceptable (Yaffee 1994). 

Subsequently, the U.S. Forest Service appointed
the Interagency Scientific Committee to Address the
Conservation of the Northern Spotted Owl (Thomas
et al. 1990—often referred to as the Thomas Com-
mittee) to develop a credible conservation strategy for
the owl. After extensive scientific review, the Thomas
Committee proposed the creation of a system of habi-
tat conservation areas (HCAs) over the entire range of
the species (Thomas et al. 1990). Whenever possible,
the HCAs were designed to provide sufficient habitat
for at least twenty pairs of owls, the spacing between
them to be no more than 12 miles (approximately 19
kilometers), which was two-thirds of the observed av-
erage distance covered by dispersing owls. 

The Thomas Committee recognized that connec-
tivity among HCAs was an important issue despite the
large ecological reserve network proposed. The com-
mittee considered creating corridors between HCAs
to facilitate dispersal of juvenile owls. However, a cor-
ridor-based strategy was inappropriate since, based on
radio-tracking data, juveniles were known to disperse
randomly with little or no tendency to follow corri-
dors of suitable habitat. Furthermore, juvenile owls
dispersed through a wide variety of habitat conditions,
and the amount of forest fragmentation appeared un-
related to either dispersal distances or number of days
they survived. Consequently, the committee con-
cluded that an alternative strategy was needed to facil-
itate dispersal (Thomas et al. 1990). 

The Thomas Committee proposed a matrix-based
strategy to enhance connectivity for the northern
spotted owl, noting that the “validity of the proposed
strategy depends as much on condition of the habitat
between the HCAs as it does on the status of the
HCAs themselves” (Thomas et al. 1990).

The matrix strategy was based on maintaining a
level of forest cover within the landscape between the
HCAs that would facilitate successful dispersal of
spotted owls (Thomas et al. 1990). The committee
provided a guideline that was described as the 50-11-
40 rule. This rule provided that at least 50 percent of
the matrix should be in forest stands that were at least
11 inches (27.5 centimeters) diameter at breast height
and had a 40 percent canopy cover. This condition of
forest was considered to be sufficient to provide some
protection from predation as well as marginal forag-
ing habitat for dispersing owls (although assumptions
regarding the adequacy of such forests for dispersal
and foraging continue to be debated). 

Subsequent policy analyses commissioned by the
U.S. Congress ( Johnson et al. 1991) and by President
Bill Clinton (Forest Ecosystem Management Assess-
ment Team 1993) reiterated the Thomas Committee’s
concerns about the importance of conditions in the
matrix. However, participants in these policy analyses
were directed to move beyond the conservation of the
northern spotted owl to include other conservation is-
sues (Thomas 2000). The Scientific Committee on
Late Successional Forest Ecosystems was sometimes
referred to as the “Gang of Four,” although over 125
scientists and resource specialists were ultimately in-



volved in this effort. This scientific team expanded
matrix considerations from connectivity for owls to
providing habitat and facilitating connectivity—in-
cluding maintenance of high-quality aquatic ecosys-
tems—for a wide range of late-successional animal
and plant species. Three increasingly conservative ap-
proaches to matrix management were added to a con-
tinuum of reserve levels (from none to all remaining
late-successional forests). Potential costs and benefits
of each of thirty-four alternatives (various reserve and
matrix combinations) were assessed. The matrix-based
variations involved increments of lengthened forest
rotations and increased levels of structural retention at
harvest ( Johnson et al. 1991). 

Building on the Gang of Four’s report, the Forest
Ecosystem Management Assessment Team (Forest
Ecosystem Management Assessment Team 1993) con-
ducted further analyses of the matrix, its ecological
role, and management alternatives. This information
was incorporated into the Northwest Forest Plan that
was adopted for management of federal lands within
the range of the northern spotted owl (Tuchmann et
al. 1996). 

Reserves within which timber harvest activities
were excluded or severely constrained were the cen-
tral elements of the Northwest Forest Plan (Tuch-
mann et al. 1996). These included late-successional
reserves (approximately 3.4 million hectares) and ri-
parian reserves (approximately 1.2 million hectares).
Along with other areas already reserved by congres-
sional or administrative action, areas effectively re-
served from timber harvest covered 8.6 million
hectares, or 77 percent of the 11.1 million hectares of
federal forest land within the range of the northern
spotted owl. 

Despite the emphasis on reserves, habitat condi-
tions in the matrix received significant attention in the
Northwest Forest Plan. Approximately 16 percent of
the federal land base was explicitly identified as “ma-
trix” in the Northwest Forest Plan—timber can be
harvested on some of these areas but there are specific
constraints on harvesting techniques (USDA Forest
Service and USDI Bureau of Land Management
1994a,b). Clearcutting is prohibited: “a minimum of
15 percent of the trees and forest on each harvest area
must be permanently retained to provide for biodiver-
sity and other ecological functions” (USDA Forest

Service and USDI Bureau of Land Management
1994b).

The general guideline is that two-thirds of the re-
tention is to be in the form of aggregates of moderate
to large size (0.2 to 1 hectare or more) with the re-
mainder as dispersed structures. In addition, “as a
minimum, snags are to be retained with the harvest
unit at levels sufficient to support species of cavity-
nesting birds at 40 percent of potential population
level” (USDA Forest Service and USDI Bureau of
Land Management 1994b).

The objectives of structural retention in harvested
areas are essentially the same as those described by
Franklin et al. (1997) for other variable retention har-
vest practices. These include providing refugia for el-
ements of biodiversity (“lifeboating”), structurally en-
riching the next generation of forest, and improving
connectivity in the managed landscape. The ultimate
goal is, of course, maintenance of higher levels of eco-
logical function and of biodiversity in the managed
landscape. 

Monitoring programs have been designed and im-
plemented to assess the effectiveness of the Northwest
Forest Plan in providing for both the northern spot-
ted owl (Lint et al. 1999) and old-growth forest
(Hemstrom et al. 1998). 

Research on the ecology of the northern spotted
owl is continuing (another part of the adaptive man-
agement strategy) and the results strongly suggest that
conservation strategies need to evolve. A study on
habitat quality and fitness in northern spotted owl
populations in northwestern California provides an
important example of how fundamental premises can
be altered by more research (i.e., a form of validation
monitoring) (Franklin et al. 2000b). The effects of
landscape characteristics and climate on survival, re-
productive output, and recruitment were considered
in a ten-year population study of marked owls on
ninety-five territories in northwestern California.
Landscapes that were mosaics of older forest condi-
tions and other vegetation types (including very
young forests and openings) proved to be superior
habitat compared with those dominated by continu-
ous mature or old forest cover. One obvious reason is
that the primary prey species of spotted owls in this
region is the dusky-footed woodrat (Neotoma fuscipes),
which occupy areas of young forest and brush. 
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California Spotted Owl

In some cases, the importance of the matrix for main-
taining populations of forest organisms has led to con-
servation strategies based primarily on the manage-
ment of the matrix rather than on the establishment of
large ecological reserves. The initial or interim policy
adopted for management of the California spotted owl
provides an example in which the USDA Forest Ser-
vice policy was more complex—involving both matrix
and reserves—than that adopted for the northern
spotted owl.

The California spotted owl is a declining sub-
species that may be vulnerable to extinction (LaHaye
et al. 1994; USDA Forest Service 2001b). Currently,
its primary habitat is forest on federal government
land in the Sierra Nevada in California. Many of these
forests are dominated by pine, pine-oak, and mixed
conifers. 

In 1992, an interim conservation strategy was de-
veloped and adopted for the California spotted owl by
the U.S. Forest Service that provided for the manage-
ment of the entire forest matrix to maintain well-dis-
tributed populations (Verner et al. 1992). A specific
provision of the strategy was the retention of all trees
exceeding 85 centimeters in diameter on harvested
lands. This approach was selected in preference to the
establishment of a system of reserves, which biologists
predicted would result in a significant reduction in 
the total number of owls—an outcome viewed as
unacceptable. 

The interim strategy guided the management of
national forests in the range of the California spotted
owl for nearly a decade during which an environmen-
tal impact analysis process was conducted to amend
land-use plans in the Sierra Nevada and Modoc
Plateau regions of California. That process was con-
troversial, lengthy, and exhausting, and we will not
elaborate on it further. The Sierra Nevada Ecosystem
Project (1996, 1997) contributed substantially to the
scientific knowledge base used in development of the
final plan, playing a role somewhat comparable to that
of Forest Ecosystem Management Assessment Team
(1993) in the development of the Northwest Forest
Plan. 

The Sierra Nevada Forest Plan Amendment Final En-
vironmental Impact Statement was adopted in January
2001 and dramatically expanded the matrix-based in-
terim strategy to include reserves. It provides direc-
tion on the management of national forest lands for
the California spotted owl as well as on many other
conservation issues, such as old-growth forests and
fur-bearing mammals (USDA Forest Service 2001a,b).
This plan was reviewed by the administration of Pres-
ident George W. Bush and reaffirmed. 

Regional Forester Brad Powell discussed in his
record of decision (USDA Forest Service 2001b) the
objectives of the selected alternative with regard to
the California spotted owl, and noted that 

The objective of the conservation strategy is to
provide a high likelihood of maintaining viable
populations of California spotted owl, well dis-
tributed across the national forests within the
Sierra Nevada planning area. This strategy
seeks to maintain habitat capable of supporting
existing owl populations, stabilize current pop-
ulation declines, and provide increases in owl
habitat over time. This strategy is based on
providing and improving fundamental compo-
nents of spotted owl habitat such as: a high fo-
liage volume and complex vegetation structure
at nest sites; a high percentage of home ranges
in forests with moderate to high cover that are
concentrated near nest sites; and habitat for
primary prey species, especially the northern
flying squirrel. This is accomplished through a
multi-scale landscape strategy [emphasis added]
to: (1) Protect and manage old forest emphasis
areas to provide large area reserves of high-
quality spotted owl habitat [i.e., reserves]; (2)
Protect and manage individual spotted owl
home range core areas located in the general
forest matrix [i.e., meso-scale reserves]; (3)
Manage the general forest outside of core
areas to maintain and increase the amount of
suitable spotted owl habitat [i.e., matrix stand
prescriptions]; and (4) Address fire hazard and
risk by reducing surface and ladder fuels
within strategically placed area treatments fo-
cusing upon the urban wildland intermix zone
and in old forest emphasis areas of high hazard
and risk.



More specifically, the adopted strategy for conser-
vation of the California spotted owl on national forest
lands in the Sierra Nevada and Modoc Plateau in-
cludes the following components: 

• Old forest emphasis areas (OFEAs) are estab-
lished on approximately 1.6 million hectares to
maintain remaining high-quality old-growth
forests, which are also prime California spotted
owl habitat. Management direction for OFEAs
is protecting existing old forest ecosystems, ex-
panding the amount of such forests by restora-
tion, and reintroducing fire. 

• Protected activity centers (PACs) for the Califor-
nia spotted owl are to be identified and pro-
tected. The 120-hectare PACs are foci for
larger, home range core areas (HRCAs), which
range from 240 to 960 hectares and are to be
managed according to the guidelines for
OFEAs. Fire fuel treatments are limited on
PACs to no more than 10 percent of known
PACs during any decade; moderate to high
levels of tree canopy are to be maintained. 

• General forest areas (about 1.5 million
hectares) are to be managed to maintain and
increase the amount of suitable California
spotted owl habitat. All large live trees are to
be retained as a part of vegetative and fuel
treatment programs, including timber har-
vest. Specific direction for retention by
species groups and areas are all trees greater
than 76.2 centimeters for westside conifers,
61.0 centimeters for eastside conifers, 30.5
centimeters for westside hardwoods, and 20.3
centimeters for hardwoods in blue oak wood-
lands. Prescriptions are not to reduce canopy
cover below 50 percent on westside forests
and 30 percent on eastside forests, except in
the urban-wildland interface. Prescriptions
also provide for retaining minimal levels of
snags exceeding 38 centimeters in diameter.
Finally, all forests with stands of large trees (as
defined by a California structural classifica-
tion) are to be managed to perpetuate those
conditions. 

The relationship between these categories and the
land allocations that we have identified in this book
should be obvious. The large ecological reserves in
this regional strategy (Chapter 5) include OFEAs, fed-
erally designated wilderness areas, national parks and

monuments, and some California state parks. Total
large reserved areas preserved on the national forests
alone, including OFEAs, congressionally reserved
lands (e.g., wilderness), areas administratively reserved
from timber harvest, and aquatic refuges, is 2,256,000
hectares—nearly 50 percent of the national forests in
the affected region—without including national or
state parks. The PACs and OFEAs are the small re-
served areas within the matrix (Chapter 6); riparian
reserves are included in the Sierra plan as well. The
management direction for the general forest areas is
an example of managing stands within the matrix for
biodiversity (Chapter 8). 

Mexican Spotted Owl

The recovery plan for the Mexican spotted owl is less
detailed than those for the other two subspecies
(USDI Fish and Wildlife Service 1995). The recom-
mendations in the plan are for a combination of 

(1) protection of both occupied habitats and un-
occupied areas approaching characteristics of
habitat. And, (2) implementation of ecosystem
management within unoccupied but potential
habitat. The goal is to protect conditions and
structures used by spotted owls where they exist
and set other stands on a trajectory to grow into
replacement nest habitat or to provide condi-
tions for foraging and dispersal.

The Mexican spotted owl recovery plan does pro-
vide for the protection of all known activity centers.
These protected activity centers (PACs) are to be
243 hectares each. The harvesting of trees more
than 22.4 centimeters in diameter is proscribed in
the PACs, although the necessity of managed fuel-
wood harvest is accepted. Road or trail building in
PACs is to be avoided. In fuel treatments of PACs, a
core area of 40 hectares around the nest site is to be
excluded. It is noted in the recovery plan that “the
intent of these guidelines is not to preserve these
PACs forever, but rather to protect them until it can
be demonstrated that we can create replacement
habitat through active management” (USDI Fish
and Wildlife Service 1995).
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A second element in the recovery plan is the
protection of currently unoccupied but potentially
suitable nesting and roosting habitat for the Mexi-
can spotted owl. Guidelines are provided for the
identification of such areas, including important
structural features such as a high basal area of
trees, large trees, multistoried canopy, high canopy
cover, and decadence in the form of downed logs
and snags. A significant hardwood tree component
is typically present. Target and threshold condi-
tions are established by geographical recovery
units and vary from 10 to 25 percent of the target

area. Such areas are to be managed with several
structural goals and with an emphasis on use of un-
even-aged harvest systems, long rotations if the
even-aged harvesting is used (more than 200
years), and retention of all large trees (exceeding
61 centimeters in diameter), hardwood trees, large
logs, and snags. 

The approach adopted is obviously a matrix-based
strategy that includes (1) identification and sensitive
management of important biotic areas (PACs) (see
Chapter 7), and (2) direction regarding the manage-
ment of potential habitat (Chapter 8). 





Key Points

• A conservation strategy based solely on reserves is
inadequate for Leadbeater’s possum, even at reser-
vation levels of 20–30 percent. 

• Investigations of old forest, coupled with known
habitat requirements of arboreal marsupials, such
as Leadbeater’s possum, have clarified the essential
structural features that need to be retained and
perpetuated as part of matrix-based stand manage-
ment strategies.

• Studies of logging effects on stand structure indi-
cate how many key habitat attributes are lost and
what modifications to silvicultural systems are
needed to enhance species conservation in the
matrix. 

• Developing a comprehensive conservation plan for
Leadbeater’s possum requires taking multiscale fac-
tors and multiscale ecological processes within
mountain ash forests into account—the habitat re-
quirements of the species, connectivity, metapopu-
lation dynamics, and key ecosystem processes such
as fire, logging, and climate change. Therefore, im-
plementing a range of strategies at different spatial
scales is fundamental. They should include large
ecological reserves, midspatial-scale reserves within
the matrix, wildlife corridors, and stand retention in
harvested areas. Strategies have been imple-
mented at each of these scales except stand reten-
tion in harvested areas. Modification of existing
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clearcutting practices remains an important unad-
dressed problem. 

• Restoring forest landscapes is critical to conserva-
tion management of Leadbeater’s possum in order
to expand the old-growth component of the exist-
ing managed forest estate. 

• The implementation of monitoring programs to as-
sess the effectiveness of management strategies is
a fundamental part of any comprehensive biodiver-
sity conservation plan. A monitoring program in
mountain ash forests has been designed and re-
cently implemented to examine the effectiveness of
tree retention strategies on logged sites and assess
whether midspatial-scale protected areas within the
matrix actually support the populations of the arbo-
real marsupials they were designed to conserve.

This case study focuses on the outcomes of almost
twenty years of empirical research and computer
modeling on Leadbeater’s possum and the mountain
ash forests that it inhabits in the Central Highlands of
Victoria, southeastern Australia (Figure 12.1). We dis-
cuss research on logging impacts and the matrix-based
forest management strategies needed to mitigate these
impacts. The work clearly demonstrates the need for a
comprehensive plan for Leadbeater’s possum based on
integrated conservation strategies at multiple scales—
large ecological reserves, midspatial-scale protected
areas and wildlife corridors within the matrix, and
fine-scale stand retention strategies on logged sites. 



FIGURE 12.1. The location of the Central Highlands of Victoria.
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Background on Mountain Ash
Forests and Leadbeater’s Possum 

The mountain ash forests in the Central Highlands of
Victoria include stands of mature and old trees with
heights approaching 100 meters, making these trees the
tallest flowering plants in the world (Ashton 1976) (Fig-
ure 12.2). Mountain ash forests support many forest-de-
pendent taxa (Lindenmayer 1996), including more than
100 species of birds (Loyn 1985a, 1998), several hundred
plant species (Ashton 1986; Mueck 1990), and over thirty
mammal taxa (Lumsden et al. 1991). They also provide
the majority of known habitat for the endangered arbo-
real marsupial Leadbeater’s possum—a species patchily
distributed within its 60×80-kilometer range (Linden-
mayer 1989) (Figure 12.3).

The major management issue in mountain ash
forests is the impact of widespread clearcutting opera-
tions on biodiversity, including Leadbeater’s possum
(Lindenmayer 1989, 1996). Mountain ash forests are
among the most valuable stands for production of
timber and pulpwood in eastern Australia (Macfarlane
and Seebeck 1991), and a large forest industry has de-
veloped around this important resource (Government
of Victoria 1986; Gooday et al. 1997). Clearcutting of
15 to 40 hectare areas during a single operation is the
traditional form of harvesting and it leaves few live
standing trees (Squire et al. 1991; Lutze et al. 1999).

Codes of Forest Practice allow for up to three adja-
cent 40-hectare cutovers (Department of Natural Re-
sources and Environment 1996). A high-intensity
slash fire is used to burn logging debris (e.g., bark,
tree crowns, and branches), remove fuels, and create a
nutrient-rich ash seedbed for regeneration of new
stands (Campbell 1984). The planned interval be-
tween clearcutting is reportedly eighty years (Govern-
ment of Victoria 1986), but extensive areas of much
younger (thirty-five- to fifty-year-old) ash forests have
been logged in the past few decades. 

Impacts of Clearcutting in 
Mountain Ash Forests

Contrasts between the vegetation structure and plant
species composition of old-growth stands and young
stands recovering after logging have been assessed to
measure the impacts of clearcutting in mountain ash
forests. Statistical analysis of extensive empirical field
data (see Figure 12.4) shows that old-growth moun-
tain ash stands are characterized by

• Numerous large-diameter logs that provide
high volumes of coarse woody debris on the
forest floor (350 to more than 1,000 cubic
meters per hectare) (Lindenmayer et al.
1999g)

• Numerous large living and dead cavity-trees
that vary considerably in characteristics such

FIGURE 12.2. A stand of old-growth mountain ash forest
within the protected water catchments where there has
never been timber harvesting. The figure in the mid-ground
highlights the size of the trees in this stand. Photo by E.
Beaton.

FIGURE 12.3. Leadbeater’s possum. Photo by D. Linden-
mayer.

Image Not Available 



as diameter, height, and stage of senescence
and decay (Lindenmayer et al. 1993b, 2000c)

• An abundance of tree ferns and understory
rainforest trees (Lindenmayer et al. 2000c,d)

• Trees of markedly different ages within the
same stand resulting in a multi-aged forest
(Lindenmayer et al. 1999f)

In addition, old-growth stands are some of the few
places that support features such as clumps of mistle-
toe and associated vertebrate taxa such as the mistle-
toe bird (Dicaeum hirundinaceum) (Lindenmayer et al.
unpublished data).

Clearcutting has serious negative consequences for
a variety of taxa (see Figure 12.5):

• Cavity trees are significantly reduced in abun-
dance (Lindenmayer et al. 1991b). These
trees are nesting and denning sites for arbo-
real marsupials, including Leadbeater’s pos-
sum. Large areas of forest are rendered un-
suitable for cavity-dependent animals, and the
recurrent application of clearcutting on a
fifty-year rotation ensures these areas will
never again become suitable for the entire
suite of cavity-dependent fauna such as Lead-
beater’s possum. 

• Tree fern populations are severely depleted
(Ough and Ross 1992; Ough and Murphy
1996; Lindenmayer et al. 2000c). Tree ferns
are important foraging sites for mammals
such as the mountain brushtail possum (Lin-
denmayer et al. 1994b). 

• Thickets of long-lived fire-resistant under-
story plants are lost (Mueck et al. 1996; Ough
and Murphy 1998), including understory
rainforest trees (Lindenmayer et al. 2000d)
that are nesting sites for birds such as the pink
robin (Petroica rosea; Loyn 1985a). 

FIGURE 12.4. Some structural differences between young
and old mountain and alpine ash forests. The age classes
vary from those denoted 1+2 (old-growth stands more than
250 years old) through to age classes 10+11, which corre-
spond to young post-logging regrowth forests (stands less
than 20 years old) (from Lindenmayer et al. 2000c). Three
features are shown: (A) occurrence of tree ferns, (B) loga-
rithm of the abundance of cavity-trees, and (C) presence of
rainforest (myrtle beech) in the understory.
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• Landscape composition is altered and the lim-
ited remaining areas of old-growth forest
(now reserved from logging) are isolated
among extensive stands of young forest recov-
ering after harvesting. These changes have
negative effects on some wide-ranging verte-
brates such as the sooty owl (Tyto tenebricosa)
and yellow-bellied glider, which are strongly
associated with large areas of old-growth for-
est (Milledge et al. 1991; Lindenmayer et al.
1999a; Incoll et al. 2000). Old-growth forests
are also important habitat refugia for the
mountain brushtail possum and the greater
glider, and populations of these species in
late-successional stands that are fragmented
by widespread clearcutting may not be viable
in the medium to long term (Possingham et
al. 1994; Lindenmayer and Lacy 1995a,b; Mc-
Carthy and Lindenmayer 1999a).

Field-validated regression models of nighttime
count data confirm Leadbeater’s possum is typically
found in patches of regrowth and old-growth moun-
tain ash forest characterized by both numerous large
cavity-bearing trees (used as nest sites) (Lindenmayer
and Meggs 1996) and a dense understory of wattle
(Acacia spp.) trees, which are a foraging resource for
the species (Lindenmayer et al. 1991a, 1994a).
Colonies of Leadbeater’s possum are totally depend-
ent on large trees with cavities that require 200–400
years to develop (Lindenmayer et al. 1991c, 1993a)—a
period five to eight times the length of current
clearcutting rotations. 

Strategies for the Conservation of
Biodiversity in Mountain Ash Forests

Impacts of clearcutting on the long-term conservation
of Leadbeater’s possum have been an issue for over
forty years (e.g., Rawlinson and Brown 1980; Linden-
mayer and Norton 1993). Warneke (1962) and Demp-
ster (1962) strongly recommended conservation ef-
forts to reduce its risk of extinction. More recently the
Victorian government has made a commitment to
multiple forest use (Government of Victoria 1986)
and the conservation of native wildlife in timber
production forests (Government of Victoria 1988).

FIGURE 12.5. The principal stages in a clearcutting opera-
tion in mountain ash forests. (A) Cutting with snags 
left standing on site. (B) High-intensity slash burning. 
(C) Reseeding on the broadcast burnt site. Photos by D.
Lindenmayer.



The Victorian Flora and Fauna Guarantee Act (1988)
is also an attempt to better conserve Leadbeater’s pos-
sum. The Act states that resource management must
ensure that “Victoria’s native flora and fauna . . . can
survive, flourish and retain their potential for evolu-
tionary development in the wild” (Government of
Victoria 1988).

A range of legislative processes can be instigated
under the Flora and Fauna Guarantee Act, including
(1) adding a given species, community, or threatening
process to the schedule of the Act; (2) preparing
management plans and action statements for the con-
servation of a species or community or mitigating a
threatening process; and (3) invoking an interim con-
servation order for habitat protection. 

Notably, the loss of trees with cavities is listed as a
threatening process in Victoria (Wilson and Clark
1995). This is an important consideration given that
Leadbeater’s possum is dependent on cavities, the
number of trees with cavities is declining in mountain
ash forests (Lindenmayer et al. 1997a), and current
forestry operations significantly deplete cavity-bear-
ing trees (Gibbons and Lindenmayer 1997, 2002). 

This leads to the undesirable situation that the
powers provided in the Act have never been utilized
despite the good intentions of the legislation and the
fact that clearcutting is legally a threatening process.

A draft management strategy for the conservation
of Leadbeater’s possum was completed in the early
1990s (Macfarlane and Seebeck 1991). Later, a recov-
ery plan for the species was published outlining man-
agement actions that need to be put into effect (Mac-
farlane et al. 1998). Proposed strategies in these two
documents included large ecological reserves and var-
ious forms of matrix management such as the estab-
lishment of midspatial-scale protected areas, wildlife
corridors, and altered cutting regimes (Macfarlane
and Seebeck 1991). These are discussed below.

Large Ecological Reserves
The Yarra Ranges National Park was established in
the mid-1990s. It is a large reserve encompassing
three large water catchments that have been closed to
logging for up to 100 years (Land Conservation
Council 1994). The reserve contains the most exten-
sive areas of old-growth, mature, and multi-aged
mountain ash forest remaining in the Central High-

lands of Victoria (Lindenmayer and Possingham
1994). The Yarra Ranges National Park supports
about 20 percent of the existing total area of 170,000
hectares of ash-type forest in the region (Macfarlane
et al. 1998) and contributes significantly to the con-
servation of Leadbeater’s possum. Yet, if it is the only
element in a conservation strategy, populations in the
area are at risk of extinction from high-intensity wild-
fires that could affect the entire park (Lindenmayer
and Possingham 1995b). Populations of Leadbeater’s
possum in the national park are also at risk from the
effects of global warming; the range of the species is
predicted to contract significantly as a result of altered
climatic conditions (Lindenmayer et al. 1991d; Brere-
ton et al. 1995). Although the existing national park
spans a wide range of elevational gradients, climatic
conditions provided in existing wood production
forests presently occupied by Leadbeater’s possum are
unique and could be vital in the future (Mackey et al.
2002).

The potential impacts of catastrophic wildfires and
climate change highlight the need for the conserva-
tion of Leadbeater’s possum in the 80 percent of its
range that is outside of the Yarra Ranges National
Park—within matrix landscapes subject to timber har-
vesting. Recommendations for the management of
Leadbeater’s possum in matrix lands have been made
by the government of Victoria (Macfarlane and See-
beck 1991; Macfarlane et al. 1998). There are also
codes of forestry practice that attempt to limit the im-
pacts of mountain ash logging on biodiversity values
(Department of Conservation, Forests and Lands
1989; Department of Natural Resources and Environ-
ment 1996).

Protected Areas within the Matrix
Midspatial-scale approaches within wood production
areas are also important for the conservation of Lead-
beater’s possum. These include the provision of
wildlife corridors, streamside reserves, and unloggable
forests on steep and rocky terrain (Macfarlane et al.
1998). Although these areas are important, they also
have limitations. For instance, Leadbeater’s possum
rarely inhabits narrow wildlife corridors located be-
tween cutover areas (Lindenmayer et al. 1993b), al-
though they may use them in moving between re-
served areas (Lindenmayer and Possingham 1996).
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The linear shape of corridors is apparently not con-
ducive to their use, possibly because of the species’
complex social behavior and a diet composed of
widely dispersed food (saps from understory Acacia
spp. trees and bark-dwelling insects) (Lindenmayer
and Nix 1993). 

In addition, excluding logging from up to 30 per-
cent of the area of individual 4,000- to 10,000-hectare
timber management units is still inadequate to sup-
port long-term viable populations of Leadbeater’s
possum (Lindenmayer and Possingham 1994, 1995a).
This is because Leadbeater’s possum typically avoids
steep terrain (Lindenmayer et al. 1991a) and riparian
areas are dominated by cool temperate rainforest
(Nothofagus cunninghamii; Lindenmayer et al. 2000d)
that is unsuitable foraging and nesting habitat for the
species. There is a very high risk of extinction of
Leadbeater’s possum if the remaining 70 percent of
the forest is clearcut, thereby precluding the develop-
ment of suitable matrix habitat (Lindenmayer and
Possingham 1995b).

Protection of areas of old-growth forest within
timber production landscapes is an essential midspa-
tial-scale strategy for the long-term conservation of
Leadbeater’s possum (Lindenmayer and Lacy 1995a;
Macfarlane et al. 1998). A simulated experiment in
which old-growth patches were sequentially deleted
showed that particular old-growth stands were pivotal
for retention; their loss led to a very high predicted
loss of Leadbeater’s possum in a given forest block
(Lindenmayer and Possingham 1996). 

Expansion (restoration) of old-growth patches is an
additional conservation strategy for Leadbeater’s pos-
sum because current areas are inadequate. Existing
4,000- to 10,000-hectare forest blocks that are de-
voted to wood production presently contain less than
5 percent old growth and are dominated by mountain
ash stands less than twenty to sixty years old (Linden-
mayer and Possingham 1995a; Commonwealth of
Australia and Department of Natural Resources and
Environment 1997). One way to increase the area of
old growth would be to withdraw about 600 hectares
of regrowth forest from timber harvesting within each
forest block and to protect them as multiple reserves
each 50 to 100 hectares in size. These areas could be
allowed to develop into suitable habitat for Lead-
beater’s possum (Lindenmayer and Possingham

1995a), although this is a long process since the large
cavity-bearing trees occupied by the species take 200
to 400 years to develop (Lindenmayer et al. 1991c).
This approach has recently begun to be adopted (S.
Smith personal communication). When restoring the
landscape, existing areas of old-growth forest should
be the nodal points for future expansion; arboreal
marsupials benefit more from regrowth forest re-
served adjacent to existing old-growth patches than
from regrowth stands set aside far from these areas
(McCarthy and Lindenmayer 1999a).

Management zoning is another midspatial-scale
conservation strategy that has been implemented. The
zoning partitions wood production forests by use:
Zone 1, where the conservation of Leadbeater’s pos-
sum is a priority; Zone 2, where wood production is a
priority; and Zone 3, where joint land use is a priority.

Identification of Zone 1 is based on a broad under-
standing of the habitat requirements of the species
(Macfarlane and Seebeck 1991; Macfarlane et al.
1998), particularly the abundance of cavity-trees (Fig-
ure 12.6). Although the zoning system has some ad-
vantages, it also has problems (Lindenmayer and Cun-
ningham 1996):

• The zoning system is not based on all key
habitat components of Leadbeater’s possum
(such as the abundance of understory plant
species) with the result that some areas suit-
able for the species will inevitably be lost. 

FIGURE 12.6. A model for the selection of midspatial-scale
reserves set aside in the matrix for the conservation of Lead-
beater’s possum (LBP). Redrawn from Macfarlane et al. 1998.



• The zoning system is temporary. Cavity-trees
are lost in mountain ash forests as a result of
natural collapse (Lindenmayer et al. 1997a),
and areas of existing Zone 1 forest revert to
Zone 2 or 3 and become available for clear-
cutting when the number of cavity-bearing
trees falls below a threshold number (Macfar-
lane et al. 1998). 

• The application of clearcutting within former
areas of Zone 1 forest on a fifty- to eighty-
year rotation permanently precludes the de-
velopment of suitable new habitat for Lead-
beater’s possum; therefore, new Zone 1
habitat cannot be added in matrix lands.

• On-ground mapping errors have resulted in
accidental logging of Zone 1 habitat (Linden-
mayer 1996). 

• The zoning system may result in two broad
categories of forest in wood production
areas—cutover areas between 0 and 50 years
(the rotation time) and old-growth stands
greater than 300 years in age. This not only
limits the range of age classes in the forest but
also could limit the recruitment of new areas
of old growth to mountain ash landscapes. 

The zoning system for Leadbeater’s possum has re-
cently been incorporated within a more general forest
zoning approach for mountain ash forests. High con-
servation value sites are specified as Special Manage-
ment Zones (SMZs) and the remainder of the forest,
where intensive forestry can be practiced, is desig-
nated as General Management Zone (GMZ). Despite
the renaming of the zones, the five problems listed
above still remain. 

Stand-Level Matrix 
Management
Retaining trees on logged sites is another important
element of an overall conservation strategy for Lead-
beater’s possum (Figure 12.7). This tactic helps deal
with the potential problems of catastrophic fires in the
Yarra Ranges National Park, limitations of wildlife
corridors, riparian strips, zoning, and the restricted
current extent of old-growth patches. Leadbeater’s
possum has been recorded in post-logging regrowth
forest where numerous large cavity-trees have been
retained (Smith and Lindenmayer 1992). However,

while the approach is valuable, in isolation it is insuffi-
cient because

• Retained trees often are destroyed or badly
damaged by high-intensity slash fires, and
trees that do remain standing often have poor
survival rates (Lindenmayer et al. 1990a,
1997a).

• Tree retention strategies, even if increased
by 100 percent over those presently
recommended, will still leave significantly
fewer cavity-trees in logged areas than
occurred in unmanaged stands (Ball et al.
1999).

• Numbers of retained trees may be insufficient
to meet the habitat requirements of a wide
range of other cavity-dependent taxa in addi-
tion to Leadbeater’s possum (Gibbons and
Lindenmayer 1997, 2002).

The Need for a 
Risk-Spreading Strategy

Each strategy discussed above has important potential
benefits and limitations for Leadbeater’s possum.
However, the long-term conservation of Leadbeater’s
possum depends upon implementation of multiple
conservation strategies covering a range of spatial
scales (Lindenmayer 2000). A risk-spreading strategy
(see Chapter 3) also requires variation in the way any
practices at a particular spatial scale are implemented

FIGURE 12.7. Tree retention strategies in logged mountain
ash forest. Photo by D. Lindenmayer.
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on the ground. The value of variable on-ground pre-
scriptions has recently been highlighted in modeling
studies showing that the initial 50–100-hectare re-
serves set aside within the matrix to conserve Lead-
beater’s possum (Lindenmayer and Possingham 1994)
would be inadequate. More recent analysis that takes
into account patterns of spatial correlation in fire
regimes have shown that patches close together are
more likely to burn than patches far apart (McCarthy
and Lindenmayer 2000). As in the case of the Califor-
nia spotted owl (Chapter 11), this highlights the dy-
namic nature of matrix-based management strategies
and their need to evolve in response to new informa-
tion and insights.

Alternative Silvicultural Systems 
in Mountain Ash Forests

Concerns over the impacts of traditional forms of
clearcutting led to the establishment of the Silvicul-
tural Systems Project in mountain ash and other eu-
calypt forest types. This was instigated to test 
and develop economic methods of timber harvesting
that also consider other non-commodity values
(Squire et al. 1987; Squire 1990). The broad objec-
tives of the Silvicultural Systems Project were “to
identify and develop silvicultural systems with clear
potential as alternatives to the clearfelling (clearcut-
ting) system and model those systems against clear-
felling in terms of the long-term balance between
socio-economic and environmental considerations”
(Squire 1990).

A range of types of forest logging treatments were
investigated in the Silvicultural Systems Project, in-
cluding clearcutting, shelterwood, small-gap selec-
tion, large-gap selection, seed tree, and strip cutting.
In addition, various methods of seedbed preparation
were examined. Squire et al. (1987) and Squire (1990)
give details of these various treatments.

Although the Silvicultural Systems Project was
laudable in exploring alternatives to clearcutting, the
study was limited by its use of a restricted set of tradi-
tional silvicultural methods (Lindenmayer 1992).
Each treatment resulted in the removal of all stems in
a given area on a fifty- to eighty-year rotation. For ex-

ample, one of the shelterwood systems removed re-
tained trees only three years after the regeneration
felling (Saveneh and Dignan 1998). Given removal of
all stems, coupled with the requirement for nest sites
in large old cavity-trees by virtually all species of ar-
boreal marsupials (including Leadbeater’s possum), all
silvicultural practices tested have detrimental long-
term on-site impacts (Lindenmayer 1992). It has been
established that adequate regeneration can be ob-
tained by the use of harvesting regimes other than
clearcutting (Campbell 1997) and high-intensity slash
fires (Squire 1993). In addition, recent work has
clearly demonstrated that mountain ash seedlings can
regenerate in gaps as small as 0.1 hectare (compared
with the typical cutover sizes of 10–40 hectares) (Van
der Meer et al. 1999). This indicates that it is certainly
possible to implement modified harvesting regimes
using a wider range of cutting practices than is cur-
rently applied (Lindenmayer and McCarthy 2002a).
However, such alternative methods have not been
widely embraced in mountain ash forests; the vast ma-
jority of harvested sites (more than 95 percent) are
still logged using clearcutting and high-intensity
slash-burning methods (Lutze et al. 1999), which
means these threatening processes have yet to be ade-
quately addressed. 

In summary, implementing a range of strategies at
different spatial scales is fundamental for the conser-
vation of Leadbeater’s possum. Strategies should in-
clude large ecological reserves, midspatial-scale re-
serves within the matrix, wildlife corridors, and
structural retention in harvested areas. Strategies have
been implemented at each of these scales except for
structural retention, and the modification of existing
clearcutting practices remains an unresolved problem. 

Clearcutting and Natural Disturbance
Regimes in Mountain Ash Forests
The importance of biodiversity conservation strate-
gies that use knowledge from natural disturbance
regimes was described in Chapter 4. The traditional
view of disturbance in mountain ash forests is that of
high-intensity stand-replacing wildfires that produce
even-aged regrowth forests (Attiwill 1994). This view
of wildfire and clearcutting as being “ecologically
equivalent” has been used to justify the widespread
application of clearcutting (National Association of



Forest Industries 1989; O’Neill and Attiwill 1997).
However, high-intensity stand-replacing fires are only
one disturbance pathway in mountain ash forests.
Lower-intensity fires that lead to only partial stand re-
placement also occur, resulting in complex multi-aged
forests composed of overstory ash-type eucalypt trees
of several age cohorts (Ambrose 1982; Chesterfield et
al. 1991; Lindenmayer et al. 1991b; McCarthy and
Lindenmayer 1998). Landscape-level factors influence
variation in fire intensity in mountain ash forests;
multi-aged stands are most likely to occur in parts of
forest landscapes characterized by low levels of inci-
dent solar radiation (Lindenmayer et al. 1999f). Bio-
logical legacies in mountain ash forests will vary be-
tween stands in response to fire intensity, which is, in
turn, influenced by stand location in the landscape.

Logging and regeneration methods should more
closely resemble natural disturbance regimes and pro-
mote structural complexity in harvested stands to en-
hance wildlife habitat values (Lindenmayer and Mc-
Carthy 2002a). New silvicultural systems need to
provide for (1) retention of more snags as well as more
living trees that will remain standing through several
cutting events and eventually develop cavities (Gib-
bons and Lindenmayer 2001), (2) protection of intact
thickets of logging-sensitive understory vegetation,
(3) protection of existing large logs and recruitment of
new ones to the forest floor, and (4) creation of more
truly multi-aged stands (an inevitable outcome if 1
and 2 above are adopted).

Monitoring as Part of Ecologically
Sustainable Forest Management 
in Mountain Ash Forests

Without rigorous monitoring, there is no way to de-
termine whether management strategies imple-
mented over the last decade are effective and
whether mountain ash forests are being managed in
an ecologically sustainable way. A long-term moni-
toring study has commenced for populations of
Leadbeater’s possum and other species that are
threatened with decline or extinction as a result of
timber harvesting. This study uses a retrospective
approach to resurvey populations of arboreal marsu-

pials on sites first surveyed in 1983 (Lindenmayer
and Incoll 1998). A pool of 161 sites has been estab-
lished and each site has had a history of repeated
field surveys over the past two decades. All 161 sites
were resurveyed in 1997–1998 and a randomly se-
lected subset of 50 of the 161 sites were resampled
for animals in 1999, 2000, and again in 2001.

The monitoring program has been designed to
provide strong statistical inferences regarding popula-
tion trends. Year-to-year partial sampling allows
short-term temporal fluctuations in population dy-
namics to be separated from long-term trends such as
population declines (Welsh et al. 2000). The 161 sites
encompass a wide range of stand conditions that vary
in the history of human and natural disturbance. Re-
peated surveys of the vegetation structure on the sites
(Lindenmayer et al. 1997a) coupled with the known
history of disturbance patterns allow testing of hy-
potheses that attempt to account for observed popula-
tion declines or increases (if any). Response of arbo-
real marsupials to tree retention strategies on logged
sites are being closely examined, as is the abundance
of animals on midscale protected areas within the ma-
trix. The monitoring work is specifically designed to
evaluate strategies proposed for enhanced matrix
management in mountain ash forests.

The two government natural resource agencies re-
sponsible for the management of mountain ash forests
(Parks Victoria and the Victorian Department of Nat-
ural Resources and Environment) co-sponsor the
monitoring program (administered from The Aus-
tralian National University). Information from the
program will be made available to both organizations.
If this information leads to altered management prac-
tices (such as modified methods of timber harvesting),
this could be viewed as adaptive management (see
Chapter 16). However, the present lack of variation in
the current cutting regimes in mountain ash forests
(95 percent of cutovers are clearcut) dramatically lim-
its the range of stand conditions available for study as
demanded in a true adaptive management approach.

Aspects of monitoring in the mountain ash forests
conform to what has been termed an “adaptive moni-
toring approach” (Ringold et al. 1996; see Chapter
16)—monitoring protocols have been adjusted since
the commencement of the program on the basis of
new information. The original protocol for the selec-
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tion of the subset of sites (N = 50) from the total mon-
itoring pool (N = 161 sites) in any given year was
based on targeting sites found to support high num-
bers of arboreal marsupial (irrespective of the species).
Analyses of data found limited patterns of persistence
of Leadbeater’s possum on such selected sites from
year to year. As Leadbeater’s possum is the species of
primary concern for managers in mountain ash land-

scapes, new site selection protocols have been
adopted. Protocols are now based, in part, on ensur-
ing that all sites that support Leadbeater’s possum in a
given year are monitored in the following year. This
increases the chance of identifying population trends
of Leadbeater’s possum, without jeopardizing the
quality of data gathered for other species (Linden-
mayer et al. unpublished data).
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Key Points

• Landscape context is important for many species—
conditions in the matrix (here extensive plantations
of exotic radiata pine) considerably influence their
presence and abundance in remnant eucalypt
patches. 

• Landscape context differences between eucalypt
remnants and large continuous areas of native eu-
calypt forest were not significant for those species
of arboreal marsupials that occurred in the matrix. 

• Small and intermediate-sized protected areas within
the matrix (i.e., remnant eucalypt patches) have
considerable value for forest vertebrates and 
are used by many taxa for shelter and breeding.
Larger remnants supported more species of arbo-
real marsupials, small mammals, and birds. How-
ever, even small and intermediate-sized remnants
contributed significantly to the maintenance of for-
est biodiversity. 

• The interactions between the remnant eucalypt
patches and the radiata pine matrix were signifi-
cant. For example, many bird species occurred in
the matrix because of the spatial juxtaposition of
the two landscape context classes. 

• Structural complexity within the radiata pine matrix
(e.g., large eucalypt logs and native understory
vegetation) strongly influenced the ability of some
birds and small mammals to persist. 

• Genetic analyses indicated that gullies and riparian
vegetation were an important dispersal route for
small mammals through the landscape. 

C H A P T E R  1 3

Case Study 3: The Tumut Fragmentation Experiment
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• Incorporating the matrix as a dispersal sink or as ad-
ditional area for foraging significantly improved the
predictions from computer-based simulation mod-
els for metapopulation dynamics on presence and
abundance of animals in remnant eucalypt patches. 

• Some species may not be adequately conserved by
matrix-based strategies in the plantation estate
(e.g., the yellow-bellied glider) even if large rem-
nant patches are set aside, streamside reserves are
established, and structural features in the matrix are
retained. Large ecological reserves are required to
protect such species.

• Most theories associated with fragmentation are
derived from agricultural landscapes where habitat
remnants are surrounded by a matrix that is hostile
to biota. More complex responses to landscape
conditions occur where the surrounding matrix is
not totally inhospitable. 

• Even though the remnant eucalypt patches at
Tumut will never be part of a reserve system, they
make important contributions to biodiversity con-
servation in the region. 

• Plantation estates around the world are usually con-
sidered to have limited conservation value. How-
ever, the implementation of some matrix-based
conservation strategies can significantly increase
the contributions to biodiversity.

The statistically designed, large-scale Tumut Frag-
mentation Experiment is so named because it incor-
porates many features required of a classical experi-
ment, including (1) randomized selection of sites in
different treatment classes, (2) extensive replication of



sites in the different treatments, and (3) controls,
which are located in large areas of unfragmented
forests whose environmental conditions compare to
those in the eucalypt remnants. 

Demographic and genetic studies, as well as com-
puter simulation modeling, are integrated within the
experiment and used to examine the influence of land-
scape context, habitat fragmentation, and matrix con-
ditions on arboreal marsupials, small mammals, birds,
and plants. Unlike the case studies in Chapters 11 and
12, the Tumut Fragmentation Experiment does not
focus on the resolution of a set of forest management
and species conservation problems. Rather, it is an ex-
tensive scientific investigation designed to provide a
better understanding of (1) interrelationships between
the matrix and habitat fragments and their influence
on population dynamics, and (2) the role of the matrix
in biodiversity conservation. Nevertheless, important
inferences can be drawn from the study about matrix-
based strategies to enhance biodiversity conservation
within plantation landscapes (Lindenmayer and Pope
2000).

Background to the Tumut
Fragmentation Experiment

The Tumut Fragmentation Experiment is located in
the Buccleuch State Forest, about 100 kilometers west
of Canberra in southern New South Wales (NSW),
southeastern Australia (Figure 13.1). It is located in a
50,000-hectare plantation of exotic radiata pine estab-
lished in areas that formerly supported native eucalypt
forest. Clearing of native forest for radiata pine com-
menced in the mid-1930s and continued for about
fifty years; subsequently, new softwood plantations
were initiated on previously cleared grazing land. A
total of 192 patches of remnant Eucalyptus spp. forest
of varying size, shape, and vegetation types were not
cleared during plantation establishment and are now
surrounded by extensive stands of radiata pine. Large
continuous areas of native eucalypt forest exist beyond
the boundary of the pine forest in the Kosciuszko and
Brindabella national parks as well as in the Bondo and
Bungongo state forests.

Three broad categories of sites, each differing in
landscape context, have been sampled for vertebrates
at Tumut: 

1. Sites in remnants or fragments of native Eucalyptus
forest located within the boundaries of the radiata
pine plantation

2. Sites dominated by radiata pine
3. Sites in the large areas of continuous Eucalyptus

forest adjacent to the plantation (Lindenmayer et
al. 1999b,c, 2001a) (Figure 13.2 and Figure 13.3)

Of the 192 eucalypt remnants at Tumut, 86 were
selected for sampling using a randomized and repli-
cated statistical procedure. These remnants varied in
size (1–124 hectares) and shape (long and narrow ver-
sus elliptical or round), as well as in other features. A
set of 40 sites in the matrix of radiata pine were se-

FIGURE 13.1. The location of the Tumut region in south-
eastern Australia.
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lected and matched to the 86 eucalypt remnants on
the basis of environmental, climatic, and terrain con-
ditions. Another 40 sites were selected within large
continuous areas of Eucalyptus forest. These were
matched to the eucalypt remnants on the basis of en-
vironmental and climatic conditions, terrain, and veg-
etation cover in the Tumut region. 

Actual field data for patch occupancy by birds,
small mammals, and arboreal marsupials were com-
pared with predictions of the same measures derived
by spatially explicit computer simulation models for
metapopulation dynamics (Lindenmayer et al. 1999d,
2000a; McCarthy et al. 2000). Finally, genetic analyses
examined patterns of genetic variability among small
mammal populations in relation to patch structures
and landscape connectivity (Hewittson 1997; Linden-
mayer et al. 1999h; Lindenmayer and Peakall 2000).

FIGURE 13.2. Aerial view of eucalypt patches embed-
ded within the radiata pine matrix at Tumut. Photo by D. 
Lindenmayer.

FIGURE 13.3. A subset of the three broad types of sites in the Tumut Fragmentation Experiment.



An important feature of the Tumut Fragmentation
Experiment is the extent of continuous eucalypt forest
that contains the forty sites matched to the eucalypt
remnants. These control areas cover tens of thousands
of hectares and are large enough to support viable
populations of all species that occur in the study re-
gion. In an extensive review of fragmentation studies,
Andrén (1994) noted that only 10 percent of investi-
gations included habitat areas larger than 1,000
hectares in size. Much fragmentation research has
concentrated on very small fragments (less than 10
hectares), which may extrapolate poorly to larger frag-
ments and reserves and limit the inferences that can
be drawn (Zuidema et al. 1996). 

Another important feature of the Tumut Fragmen-
tation Experiment is the sample of forty sites in the
radiata pine matrix. Many fragmentation studies have
sampled only habitat fragments and ignored the po-
tential habitat value (occupancy) of the surrounding
matrix (Simberloff et al. 1992; Beier and Noss 1998).

Field Survey Results and the Matrix
An objective of the Tumut Fragmentation Experiment
was to test effects of specified landscape (matrix) con-
ditions on vertebrates: arboreal marsupials, small
mammals, and birds. Fragments of eucalypt forest sur-
rounded by radiata pine forest supported a different
faunal assemblage than stands embedded within ex-
tensive continuous eucalypt forest. In the case of ar-
boreal marsupials, the large context effects were partly
a consequence of the complete absence of most
species from the radiata pine matrix. Two species—the
yellow-bellied glider and the squirrel glider (Petaurus
norfolcensis)—were lost from all the remnants, includ-
ing relatively large ones (more than 120 hectares).
Possible reasons for loss of these species are that the
squirrel glider was rare at the time of fragmentation
and the yellow-bellied glider has a very large home
range (bigger than the size of most patches). Addi-
tional analyses were focused only on eucalypt rem-
nants and continuous eucalypt forests (i.e., the sites
dominated by radiata pine forest were ignored). 

Significant landscape-context effects were observed
for the two species absent from the matrix (the com-
mon brushtail possum [Trichosurus vulpecula] and the
greater glider) (Lindenmayer et al. 1999b). These ef-
fects were not found for two species that persisted at

small population sizes in the radiata pine matrix (the
common ringtail possum [Pseudocheirus peregrinus] and
the mountain brushtail possum; Lindenmayer et al.
1999b). Indeed, the data suggested that both these
species increased in abundance in the remnants relative
to the control species—an effect not anticipated in is-
land biogeographic or metapopulation theory (see
Chapter 2). 

Subsequent analysis of the amount of eucalypt
cover in the matrix surrounding each remnant high-
lighted very strong matrix effects on the dynamics of
populations in the remnants. Arboreal marsupial pop-
ulations in remnants were higher in isolated remnants
than in those with neighboring eucalypt patches in the
surrounding radiata pine matrix. These results suggest
the possibility of a fence effect (sensu Wolff et al. 1997).
That is, animals attained higher densities in isolated
remnants because the surrounding matrix was hostile
and animals were reluctant to disperse from their
natal patch. Whatever the cause, the findings clearly
demonstrate that strong interrelationships between
matrix conditions and habitat fragments exist, and that
information on both is needed to interpret population
dynamics in such complex landscape mosaics (Linden-
mayer et al. 2001a,b). 

Strong interrelationships between the matrix and
habitat fragments also were recorded for birds. The
forest mosaic provided habitat for many birds (more
than ninety species), and complex landscape context,
habitat fragmentation, and matrix effects were identi-
fied. Some birds were ubiquitous, such as the grey
shrike thrush (Colluricuncla harmonica). Another group
of taxa was recorded most often in the remnants (e.g.,
little raven [Corvis mellori], superb fairy wren [Malurus
cyaneus], and shining bronze cuckoo [Chyrysococcyx lu-
cidis]). Of these, some were more likely to be recorded
in small eucalypt remnants (the golden whistler and
Australian magpie). Others such as the eastern yellow
robin (Eopsaltria australis) and superb lyrebird
(Menura superba) were more likely to be detected in
the intermediate-sized eucalypt remnants. The sacred
kingfisher (Todiramphus sanctus), leaden flycatcher
(Myiagra rebecula), and white-naped honeyeater
(Melithreptus lunatus) were among the group detected
most frequently in larger remnants. Other birds, such
as cicada bird (Coracina tenuirostris), gang-gang cocka-
too (Callocephalon fimbriatum), and olive-backed oriole
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(Oriolus sagittatus), favored large continuous areas of
native forest. A number of native species were signifi-
cantly more likely to occur in the matrix (e.g., rufous
whistler [Pachycephala rufiventris] and the brown
thornbill [Ancathiza pusilla]) than in the eucalypt rem-
nants or large continuous areas of native forest.

A combined measure of species presence and abun-
dance (termed a bird frequency profile) formed the basis
of analyses of the composition of the bird assemblage
at each site. There was no fixed community of birds in
the three broad landscape context classes or a climax
bird community but rather a complex reassembling of
bird species in relation to landscape context, remnant
area, and conditions in the landscape surrounding a
given site. There was strong empirical evidence for a
gradient in the bird frequency profiles between radiata
pine stands and large continuous areas of native euca-
lypt forest (Figure 13.4). Changes in the bird fre-
quency profiles along this continuum encompassed
changes both in the identity of the taxa in the assem-
blage and relative abundance of each species between
the two broad radiata pine and continuous eucalypt
landscape context classes. The remnants connected
the bird frequency profiles of these two forest types,
and the nature of the gradient depended strongly on
remnant size (Lindenmayer et al. 2001a). However,
the change in the bird frequency profile for the vari-
ous types of sites was strongly influenced by the land-
scape conditions that surrounded the field sites. For
example, the occurrence of many bird species in the
radiata pine matrix was significantly related to the

amount of eucalypt forest adjacent to these radiata
pine sites (Lindenmayer et al. 2001a). Pine sites where
the surrounding landscape contained some eucalypt
remnants had a different bird frequency profile from
pine sites where the surrounding landscape was pure
radiata pine. Radiata pine sites with adjacent eucalypt
patches had a bird frequency profile similar to that of
small and intermediate-sized eucalypt remnants (Lin-
denmayer et al. 2001a). Thus, the matrix influenced
the occurrence of birds in the eucalypt remnants, but
the eucalypt remnants also influenced the patterns ob-
served in the matrix. Therefore, simultaneous consid-
eration of the landscape mosaic (i.e., the interplay be-
tween eucalypt remnants and the surrounding
landscape matrix) was critical for determining the re-
sponse of birds in the experiment.

The results of the Tumut Fragmentation Experi-
ment highlighted why it is important not to assume
that what appear to be patchy landscapes from a
human perspective automatically correspond to
patchy wildlife populations with dynamics conforming
to metapopulation processes. The red wattlebird (An-
thochaera carunculata) provides a good example; the
species was significantly more abundant in large areas
of continuous forest than in radiata pine stands and
had intermediate levels of abundance in the remnants
and the radiata pine matrix. Extensive analyses of pat-
terns of spatial dependence in bird distribution (e.g.,
Koenig 1998) showed that the patterns observed for
the red wattlebird and many other species did not
conform to that predicted by classic metapopulation
models (sensu Hanski and Gilpin 1991) with particu-
lar taxa restricted only to a “mainland” (here the ex-
tensive native forest areas) or to certain patches or
types of patches (see Chapter 2). Rather, the radiata
pine matrix surrounding the remnants provided suit-
able or partially suitable habitat for many species, in-
cluding the red wattlebird (Figure 13.4). 

Studies of birds at Tumut revealed a range of inter-
esting matrix effects: 

• Small and intermediate-sized patches of euca-
lypt forest supported a wide range of
species—and contributed substantially to the
regional conservation of biota.

• There were strong spatial interrelationships
between the radiata pine matrix and remnant
patches of eucalypt forest. Many taxa oc-

FIGURE 13.4. Gradient of response for the detection of the
red wattlebird for the pine-eucalypt remnant-eucalypt con-
trol landscape context classes.

FPO



curred in the radiata pine matrix because of its
proximity to eucalypt forest—they would
have been rare or absent if the landscape were
a plantation monoculture. Hence, the land-
scape mosaic contributed strongly to high lev-
els of species richness observed.

• Some of the responses to landscape condition
and habitat fragmentation observed in the
study were quite different from those seen in
other fragmentation investigations (e.g., the
preferential use of small and intermediate-
sized patches by some native taxa).

• Some of the novel results were not consistent
with paradigms such as nested subset theory
(see Chapter 2) in which new taxa would be
added to an original (minimal) assemblage of
birds in an ordered and progressive fashion in
response to increasing remnant size (Patter-
son 1987). Rather, there were substitutions in
the species represented in the different bird
assemblages across the gradient from small to
large remnants and the controls.

Many fragmentation concepts were developed in
agricultural landscapes where the matrix surround-
ing habitat remnants is often considered to be hos-
tile. More complex responses, such as those de-
rived from the Tumut Fragmentation Experiment,
may occur where the surrounding matrix is not to-
tally inhospitable—as reported from a plantation
environment in South America (Estades and Tem-
ple 1999). Such findings have implications for in-
vestigations of fragmentation because important
effects may be overlooked if (1) the use of the land-
scape matrix is ignored (Beier and Noss 1998), (2)
only a limited range of fragment sizes are studied
(Andrén 1994; Zuidema et al. 1996), or (3) control
sites (the large continuous areas of native forest at
Tumut) are either unavailable or not examined
(Margules 1992).

Stand Structural Features in 
the Matrix and Animal Response
Conditions in the matrix strongly influenced the
ability of birds and small mammals to persist there.
For example, piles of windrowed eucalypt logs re-
maining after clearing of the original native forest
by machinery provided critical habitat for small
mammals in radiata pine stands. These were the

only locations in the radiata pine matrix where
these taxa were recorded (Lindenmayer et al.
1999c).

Understory conditions also were significant pre-
dictors of the presence and abundance of many
species of diurnal forest birds within radiata pine
stands in the Tumut Fragmentation Experiment
(Lindenmayer et al. 2001a). For example, occur-
rences of native understory plants such as dogwood
(Cassinia aculeata) and bracken fern (Pterideum escu-
lentium) provided cover for taxa such as the brown
thornbill (Ancathiza pusilla) and white-browed
scrub-wren (Sericornis frontalis). The presence of
these structural features often meant that overall
differences in species richness were less than ex-
pected among radiata pine stands, remnants, and
large continuous areas of native forest (Linden-
mayer et al. 2001a).

Simulation Modeling and the Matrix
The contribution of the matrix to population dynam-
ics at Tumut was highlighted by computer simulation
modeling. When the effects of matrix on dispersal
mortality were incorporated in model specifications,
better congruence was obtained between predicted
and actual values for the occupancy of remnant euca-
lypt patches and the overall abundance of arboreal
marsupials (Lindenmayer et al. 2000a) (Figure 13.5).
Similarly, for one native bird—the white-throated
treecreeper—model predictions were greatly im-
proved if the model included the ability of the species
to forage up to 500 meters from the remnant eucalypt
patches and into the surrounding radiata pine matrix
(McCarthy et al. 2000). 

Integrated Genetic and 
Demographic Work and the Matrix
The bush rat (Rattus fuscipes) occupied remnants of eu-
calypt forest surrounded by extensive stands of radiata
pine at Tumut and were significantly more likely to
occur in larger patches (Lindenmayer et al. 1999c).
Genetic analyses of patch populations and those in
large continuous areas of native forest revealed inter-
esting patterns of genetic variability. No correlation
between genetic distance and geographic distance was
found (Hewittson 1997). Rather, populations of the
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FIGURE 13.5. Levels of congruence between model pre-
dictions and actual values for patch occupancy by the
greater glider when the effects of the matrix on dispersal are
(Sink 1 and Sink 2 scenarios—see below) and are not in-
cluded in the simulations (modified from Lindenmayer et al.
2000a). The solid horizontal line shows the actual number of
occupied patches. The dispersal models are IH (island
model with a high migration rate), IL (island model with a
low migration rate), DH (patch size/interpatch distance2 with
a high migration rate), DL (patch size/interpatch distance2

with a low migration rate), and O (no interpatch migration).
The scenarios are Basic (all patches are at full carrying ca-
pacity at the start of simulations), No = K/2 (simulations ini-
tialized at half carrying capacity), Adjusted K (variation in
habitat quality according to patch quality), and Sink 1 and
Sink 2 (the negative effect of the matrix conditions on inter-
patch migration included in the simulations; see Linden-
mayer et al. 2000a for further details). Reprinted with the
permission of the Ecological Society of America.

bush rat located considerable distances apart were
more closely related if they occurred in patches con-
nected by a drainage line than spatially adjacent
patches not connected by a watercourse (Hewittson
1997). An explanation for this result was that animals
use watercourses as dispersal routes—there was lim-
ited movement among patches not linked via riparian
vegetation, even where they are spatially adjacent
(Lindenmayer and Peakall 2000). This result confirms
the importance of riparian vegetation and intact

aquatic ecosystems as habitat for some species and
emphasizes the value of riparian protection within
matrix lands for connectivity (General Principle 1 in
Chapter 3).

The Nanangroe Experiment

A lack of knowledge about the status of different
species prior to habitat fragmentation is a problem
common to almost all fragmentation studies (Mar-
gules 1992)—and it applies to the Tumut Fragmenta-
tion Experiment. A new study recently begun in the
Tumut region, the Nanangroe Experiment, avoids this
limitation. It is a long-term (longitudinal) direct study
of changes in vertebrate fauna inhabiting woodland
fragments as the surrounding grazed landscape matrix
is transformed into radiata pine plantation. It is
uniquely focused on landscape changes in the matrix
surrounding habitat fragments (Figure 13.6). Groups
targeted for study are birds, terrestrial mammals, ar-
boreal marsupials, reptiles, and frogs.

The Nanangroe Experiment is located on a
grazed woodland landscape approximately 15 kilo-
meters northeast of the boundary of the Tumut study
area. The results of this experiment will pro-
vide an interesting contrast with those from the
Tumut Fragmentation Experiment. Already, after the
initial three years of work, the study shows that re-
sponses of several species in the remnant-mature

FIGURE 13.6. A patch of remnant woodland being
surrounded by newly planted stands of radiata pine planta-
tion in the Nanangroe Experiment. Photo by D. Linden-
mayer.

Image Not Available 



pine plantation system in the Tumut Fragmentation
Experiment are entirely different from those in the
cleared and grazed remnant woodland system at
Nanangroe (e.g., the common ringtail possum and
the sacred kingfisher; Lindenmayer et al. 2001c).
These findings not only highlight the importance of
the matrix in examining species’ responses, but also
demonstrate the need to gather empirical data to
track such responses.

Conclusion

Results from the Tumut Fragmentation Experiment
reinforce the concept that active planning of planta-
tion landscapes can enhance biodiversity conservation
(Chapter 10). Many guiding principles outlined for
matrix management in Chapter 3 and discussed fur-
ther in Chapters 6, 7, and 8 can be applied to planta-
tion landscapes.
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Key Points

• Matrix conditions significantly influenced the popu-

lation dynamics of many groups in fragments

demonstrating interrelationships between within-

fragment dynamics and the matrix. 

• Differences in plant species dominating regrowth

vegetation in the matrix influenced the recoloniza-

tion patterns of fragments by some birds (e.g., in-

sectivores). Matrix conditions also influenced both

the magnitude of edge effects (such as rates of an-

nual tree mortality) and how far the effects pene-

trated forest fragments. 

• Many bird, frog, and small mammal taxa moved

through regrowth moist forest matrix and recolo-

nized habitat fragments. 

• Matrix habitats can be broadly classified according to

the level of contrast with habitat fragments; the most

favorable matrix for biota (and least negative in its ef-

fects on remaining habitat fragments) is one most

similar to unmodified primary forest. Levels of simi-

larity span attributes such as floristic and structural

composition as well as microclimatic conditions. 

• Loss of primary forest led to the loss of some pri-

mary forest–dependent bird species. Nonetheless,

the modified landscape mosaic comprising habitat

fragments and regrowth moist forest had significant

value for the conservation of biodiversity.

This case study focuses on the Biological Dynamics of
Forest Fragments Project (BDFFP) established more
than two decades ago in tropical moist forests of

C H A P T E R  1 4

Case Study 4: The Biological Dynamics of 
Forest Fragments Project

237

north-central Brazil (Figure 14.1). The project’s initial
goal was to address what were then very controversial
issues flowing from the theory of island biogeography
(Macarthur and Wilson 1967), such as the SLOSS
debate—will more species be conserved by a single
large or several small reserves? (Wilson and Willis
1978; Simberloff and Abele 1982; see Chapters 2 and
5). 

The BDFFP commenced during a period of mass
clearing and destruction of tropical rainforests
throughout the Amazon basin (a process that contin-
ues today: Whitmore 1997; Laurance et al. 2000).
One objective was to determine the minimum size of
fragments needed to conserve the extraordinary biodi-
versity of rainforest ecosystems. To address this issue,
the proposed study design was a large-scale experi-
ment with replicated forest fragments in logarithmi-
cally increasing size classes (1 hectare, 10 hectares,
100 hectares, 1,000 hectares).

Due to a variety of circumstances, not all size
classes of fragments were created, and for those size
classes that were created, replication was limited. The
extent of clearing (and subsequent cattle grazing) in
the surrounding matrix was variable, resulting in ma-
trix conditions adjacent to the fragments ranging from
pasture to advanced regrowth moist forest. Perhaps
fortuitously, this modified design has forced the
BDFFP to focus more closely on the interrelation-
ships between the landscape matrix and dynamics
within fragments (Bierregaard et al. 1992) than on the
SLOSS question (Gascon et al. 1999). Information



about matrix-fragment interrelationships from the
BDFFP have generic value for increasing understand-
ing of biota response in the complex landscape mo-
saics that characterize many regions around the world
(Forman 1995). 

Project Background

The Biological Dynamics of Forest Fragments Project
began under a different name—the “Minimum Criti-
cal Size of Ecosystems Project” (Lovejoy 1980; Love-
joy et al. 1986). This was because the initial goal of
the experiment was to provide empirical data on the
minimum area needed to conserve rainforest ecosys-
tem processes and biodiversity (Lovejoy and Oren
1981). This was done by tracking the loss of species
from rainforest fragments of different sizes after they
were isolated by clearing of the surrounding vegeta-
tion for cattle grazing (Bierregaard and Stouffer
1997).

The Minimum Critical Size of Ecosystems Project
began in 1979, north of Manaus in north-central
Brazil (Figure 14.1). It was initially funded by Brazil’s
National Institute for Research in Amazonia (INPA)
and the World Wildlife Fund-U.S. Brazilian law re-
quired landowners to leave 50 percent forest cover on
any land targeted for development. The Minimum
Critical Size of Ecosystems Project planned to take
advantage of this by cooperating with owners of cattle
ranches in creating a replicated set of twenty-four
rainforest fragments of 1, 10, 100, and 1,000 hectares
in size. Each remnant was to be located 200–300 me-
ters from adjacent forest.

Fragments of tropical moist forest were identified
in consultation with owners of cattle ranches at the
start of the experiment and prior to clearing. Detailed
baseline data were gathered for an array of taxonomic
groups at these sites. Two fragments (one of which
was 10 hectares and the other 1 hectare) were isolated
in 1980. An additional five fragments were isolated in
1983 ( two 1-hectare fragments, two 10-hectare frag-

FIGURE 14.1. The location of the Biological Dynamics of Forest Fragments Project. The black areas correspond to the loca-
tions of the rainforest remnants targeted for detailed study. The stippled areas are consolidated blocks of rainforest. Redrawn
and modified from Bierregaard and Stouffer 1997. Reprinted with the permission of the Gustav Fischer Verlag.
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ments, and one 100-hectare fragment) and three in
1984 (two 1-hectare fragments and one 10-hectare
fragment). However, problems with the Brazilian
economy and a reduction in subsidies to establish new
areas for cattle grazing ended forest clearing in 1984
before other fragments could be added to the experi-
ment (Bierregaard and Stouffer 1997), although one
more 100-hectare fragment was added in 1990. Thus,
the final experiment had eleven fragments ranging in
size from 1 to 100 hectares. In addition, the degree of
isolation was 70–100 meters for three remnants and
150–1,000 meters for the others. 

The clearcut areas around the two fragments iso-
lated in 1980 were burned, but a new forest quickly
established in the surrounding matrix. These re-
growth stands were again cleared after five years. The
matrix surrounding the fragments established in 1983
was not burned, and new stands also quickly regener-
ated in these areas. The matrix surrounding the frag-
ments established in 1984 was burned and pasture was
established. Therefore, the matrix surrounding the
eleven fragments in the experiment varied from pas-
ture to advanced regrowth moist forest—a wide varia-
tion due to abandonment of grazing in most pastures
surrounding the fragments and to regrowth type that
depended on past grazing intensity and fire history
(Bierregaard and Stouffer 1997).

Although the initial aim of the project was to exam-
ine species-area relationships, the enforced changes to
the experimental design meant the project subse-
quently focused more intensively on other aspects of
landscape modification as reflected in its name
change. These biological dynamics included edge ef-
fects (Kapos 1989) and interrelationships between the
biota of fragments and matrix conditions (Bierregaard
and Stouffer 1997; Gascon et al. 1999). 

Despite design problems with the BDFFP, the
study has yielded many valuable results, some chal-
lenging theories such as island biogeography (Gas-
con and Lovejoy 1998) and others highlighting the
importance of the matrix for interpreting fragmenta-
tion effects (Tocher et al. 1997; Gascon et al. 1999).
Although the study has “before” and “after” compo-
nents, the large between-site variations in fragment
size, isolation distance, and matrix conditions 
make it more like an observational study than a true
experiment.

The Matrix and Responses of
Selected Groups in the Project

The range of groups studied in the BDFFP includes
(among others) birds (Stouffer and Bierregaard 1995;
Bierregaard and Stouffer 1997), butterflies (Brown
and Hutchings 1997), leaf-litter insects (Didham
1997), amphibians (Tocher et al. 1997), nonflying
mammals (Malcolm 1997), and canopy trees (Rankin-
de Mérona et al. 1992). In addition, a number of stud-
ies of edge effects have been completed (e.g., Kapos
1989; Mesquita et al. 1999; Sizer and Tanner 1999).
Obviously, the methods and designs of field investiga-
tion vary between these different groups and types of
studies, with varying numbers of control sites in con-
tinuous forest and matrix sites in the pasture and/or
regenerating forest in the areas surrounding the rem-
nants (see the Methods section of Gascon et al. 1999).

Much has been published on the BDFFP (see Bier-
regaard et al. 1992; Laurance and Bierregaard 1997),
and it is not possible to review even a small fraction of
the work here. But we briefly outline some findings
for several groups as they relate to fragment-matrix
interrelationships.

Birds

Initial changes in the matrix that isolated fragments in
the BDFFP had large impacts on individual species of
birds and on the overall bird community. Isolation did
not immediately lead to extinctions. Conversely, there
was an initial flux of individual birds into fragments as
they were displaced from the surrounding clearcut
matrix—an ephemeral “crowding effect” (Bierregaard
and Stouffer 1997). Capture rates of individual species
and overall species richness eventually declined below
pre-fragmentation levels (Bierregaard and Lovejoy
1989). A large change in species composition was also
documented relative to the assemblages characteristic
of pre-fragmentation primary forest (Bierregaard et
al. 1992; Bierregaard and Stouffer 1997).

Following experimental fragmentation, the bird re-
colonization patterns in fragments were influenced by
matrix regrowth vegetation; this was especially notice-
able in groups of birds such as insectivores (Stouffer
and Bierregaard 1995).



Frogs, Small Mammals, and Other Groups
Complex and contrasting fragmentation effects were
recorded for frogs, small mammals, and other groups
such as butterflies and ants (Table 14.1). In the case of
frogs, few taxa were lost in comparison with species
richness levels prior to fragmentation. Conversely,
species diversity actually increased (irrespective of
fragment size), primarily because of the influx of
species capable of exploiting new, more open condi-
tions created by changes in the matrix (Tocher et al.
1997; Malcolm 1997). In addition, the fragments in
the BDFFP did not appear to be truly isolated for
many species of frogs because they could inhabit and
move through the matrix, indicating that frogs were
less susceptible to fragmentation than other groups
examined in the BDFFP (Tocher et al. 1997).

Few species of small mammals were lost as a conse-
quence of fragmentation. There was no evidence of a
change in community composition (Table 14.1). In-
deed, recently isolated forest fragments supported
more individuals and more species of small mammals
than control areas in continuous forest did (Malcolm
1997). The increase in species richness was associated
with invasions of species that could use and move
through matrix habitats (Gascon and Lovejoy 1998). 

Ants and butterflies, like birds, showed high levels
of turnover in composition compared with the origi-
nal taxonomic assemblages. However, overall species
richness declined among ants, but increased among
butterflies (for the same reasons that influenced the
post-fragmentation diversity of frogs and small mam-
mals). Fragment size and isolation appeared to have
limited direct impacts on butterflies. But indirect fac-

tors associated with landscape change, such as edge ef-
fects and the creation of altered conditions in the ma-
trix, strongly influenced the composition of butterfly
communities (Brown and Hutchings 1997). For exam-
ple, light-loving butterflies were common at the edges
of forest fragments. 

The Matrix and Edge Effects

The strong influence of the matrix on the magnitude
of edge effects was demonstrated in the BDFFP. For
example, when edges were created at the boundary
between primary forest and adjacent pasture, light
penetrated the forest both vertically and horizontally,
altering microclimatic conditions such as temperature
regimes and relative humidity (Kapos 1989; Sizer and
Tanner 1999). Wind speeds also changed dramatically
at forest-matrix edges (Lovejoy et al. 1986). The ex-
tent that edge affects penetrated varied substantially
depending on the measured attributes (see Figure 2.8
in Chapter 2) such as leaf fall, tree mortality, seedling
recruitment, or, ultimately, plant species composition
(Laurance et al. 1998). Laurance et al. (2001) reported
dramatic impacts on the liana community structure—
increased ecophysiological stresses on trees through
altered light and nutrient regimes led to heavy infesta-
tions of lianas and contributed to significantly in-
creased tree damage and mortality, especially near the
edges of rainforest fragments.

Edge effects in the BDFFP varied depending on
whether the surrounding matrix was cleared pasture
or regrowth forest recovering from clearing. For ex-

TABLE 14.1.

Variations in responses of different taxonomic groups in the Biological Dynamics of 
Forest Fragments Project (modified from Gascon and Lovejoy 1998). 

GROUP BEFORE AND AFTER CHANGE IN SPECIES INVASION OF MATRIX-
SPECIES DIVERSITY COMPOSITION ASSOCIATED SPECIES

Birds Decrease High Low

Frogs Increase Low Medium

Small mammals Increase Low Medium

Ants Decrease High Low

Butterflies Increase High High
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ample, annual tree mortality in fragments was signifi-
cantly higher if the surrounding vegetation was pas-
ture compared with regrowth forest (Mesquita et al.
1999). To summarize, edge effects led to substantial
alterations in the physical environment at the bound-
aries between forest fragments and the surrounding
matrix (e.g., Laurance 2000) with consequent changes
in the biota.

Conclusion

Species varied substantially in their response to land-
scape change and habitat fragmentation in the
BDFFP (Gascon and Lovejoy 1998) as has been ob-
served in many other studies (e.g., Robinson et al.
1992). Larger forest fragments always supported more
species than smaller ones—a result consistent with
species-area theory (Preston 1962; Rosenzweig 1995)
and island biogeography theory (Macarthur and Wil-
son 1967). However, many other results from the
BDFFP contradict predictions from island biogeogra-
phy theory. In this sense, the project achieved its goal
of testing aspects of this widely discussed theory and
has demonstrated its limited utility (Gascon and
Lovejoy 1998). BDFFP has also highlighted the fact
that predicting responses of biota to landscape modifi-
cation requires an understanding of interrelationships
among all landscape components—habitat fragments,
the varied states of the matrix within which they
occur, and areas of continuous unmodified (or pri-
mary) forest (Gascon et al. 1999). This is a valuable
outcome because tropical landscapes are often com-
plex mosaics (Mesquita et al. 1999). Contrary to island

biogeography theory, species diversity of groups such
as frogs, small mammals, and butterflies increased in
abundance following fragmentation as a result of in-
fluxes into the fragments by taxa that can exploit mod-
ified conditions in the matrix (Gascon and Lovejoy
1998). Although butterflies showed increased species
diversity after fragmentation, they did undergo a large
turnover in community composition: 40 percent of
the original butterfly species were replaced by open-
country species that respond positively to increased
available light (Hutchings 1991 in Gascon and Love-
joy 1998). Obviously, focusing only on species diver-
sity (i.e., species numbers) would have masked impor-
tant details about the effects of landscape change on
the biota.

A meta-analysis of the responses of several groups
showed strong interrelationships between matrix con-
ditions and within-fragment population dynamics.
Gascon et al. (1999) assessed the responses of several
groups targeted for study in the BDFFP (ants, small
mammals, birds, and amphibians) using the approach
employed by Laurance (1991a) (see the Extinction
Proneness section in Chapter 2). Small mammals,
frogs, and birds all exhibited strong positive relation-
ships between abundance in the matrix and vulnera-
bility to habitat fragmentation (Table 14.1) (i.e.,
species that did not use or persist in the matrix tended
to disappear from fragments). Conversely, populations
of those taxa that utilized the matrix increased or re-
mained stable in the fragments (Gascon et al. 1999).
Understanding how biota use (or do not use) all com-
ponents of a landscape was essential to understanding
how species are influenced by landscape modification
and habitat fragmentation. 





Key Points

The Rio Condor Project exemplifies integrated, multiscale
approaches that can be taken in previously undeveloped
landscapes. Measures taken to maintain biodiversity include:

• Creation of a system of large ecological reserves
• Identification and protection of sensitive areas

within the matrix, including riparian and wetland
buffers; sensitive sites, such as steep slopes and
high-elevation forest; important biological sites or
hotspots; and archeological sites

• Maintaining and enriching structural conditions and
habitat diversity in harvested areas by aggregated
retention and conservation of coarse woody debris

• Implementation of a comprehensive environmental
monitoring and research program to obtain new in-
formation as a part of the adaptive evolution of the
project

The Rio Condor Project is the first industrial forestry project
that incorporates a comprehensive program to conserve
biodiversity at the regional, landscape, and stand levels (al-
though others are emerging). The project is also unusual in
the extensive involvement of academic experts in design
and implementation of the project, thereby providing a high
degree of scientific credibility. The monitoring and research
program is exceptional in its scale and sophistication. Fur-
thermore, the requirement for an annual independent envi-
ronmental audit helps ensure environmental standards and
commitments will be achieved.
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Despite the above, significant impediments to the evolu-
tion of the project continue:

• Bureaucracies create impediments to adaptive
management

• Failure to scale monitoring and other environmental
requirements to levels of forest harvest created fi-
nancial penalties for reductions in timber harvest
levels

• Opposition from some environmental groups
despite the potential for significant conservation
benefits

The Rio Condor Project is a sustainable forestry
project developed for a large industrial forestry prop-
erty in Tierra del Fuego, South America. The project
was developed by Trillium Corporation (a North
American company) and associated legal entities
(hereafter collectively referred to as Trillium Corpo-
ration) working collaboratively with a group of
Chilean scientists and Chilean government agencies.
The project exemplifies an approach that integrates
the conservation of biodiversity and ecosystem
processes with commercial forest production. It also
illustrates an ideal situation in which project designers
begin with an essentially intact landscape. In prepar-
ing this case study we relied heavily on information
from the document Toward an Ecologically Sustainable
Forestry Project: Concepts, Analysis and Recommendations,
prepared by the Independent Scientific Commission
for the Rio Condor Project (Arroyo et al. 1996).



Physical and Biological Features 
of Rio Condor

The Rio Condor Project covers approximately 272,000
hectares of land in two large blocks located at approxi-
mately 54°S latitude in southwestern Tierra del Fuego,
Chile (Figure 15.1). It is a mountainous region with el-
evations typically ranging up to 1,000 meters (Figure
15.2). Topography is generally moderate, however, with
localized steep slopes (more than 50 percent); there are
extensive areas of flat to gently undulating land associ-
ated with major river valleys and broad areas of peat
bogs, locally known as turba (Figure 15.3). 

We provide the reader with more background in-
formation on the biophysical setting for this case

FIGURE 15.1.
Location of the
Rio Condor Pro-
ject in Tierra del
Fuego, South
America. 

FIGURE 15.2. Forested mountainous topography charac-
teristic of much of the Rio Condor Project. Photo by J.
Franklin. 
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study than for other chapters in Part III because the
characteristics of this remote region are not well
known and are highly relevant to some of the conser-
vation measures ultimately selected.

Climate

Rio Condor has a cold temperate maritime climate as
would be expected of an island situated at the south-
ern tip of South America. Precipitation is well-distrib-
uted seasonally, but annual values decline from 900 to
1,000 millimeters on the Pacific Coast to around 500
millimeters in eastern portions of the property. Mean
annual temperatures are around 3 to 5°C at lower ele-
vations with mean winter minimums ( July) around
–0.5 to –4°C. Strong persistent winds are characteris-
tic of the region, especially during the spring and
early summer. Snow commonly occurs during the
winter, but a significant persistent winter snowpack is
not characteristic.

Low clouds and fog are typical of the forest envi-
ronment. This means atmospheric inputs of moisture
and nutrients, through condensation and precipitation
on tree canopies, are potentially important to forest
ecosystems. For example, in one study within the
Magellenic region, it was estimated that cloudwater
deposition could be up to 800 millimeters annually

and inputs of nitrogen from cloud moisture could be
as much as 8 kilograms per hectare per year (Weathers
and Likens 1997).

Vegetation

The Rio Condor property is a mosaic of forested and
nonforested vegetation at an approximate ratio of
60:40. The forests consist primarily of three species of
southern beech (Nothofagus spp.), and they vary in
species composition along the west-east climatic gra-
dient. The nonforested vegetation consists primarily
of turba (32 percent) and alpine areas (5 percent) with
minor amounts of wet steppe, coastal scrub, and rock
outcrops. Although large continuous areas of forest
and of turba do occur, complex landscape mosaics of
forested and nonforested patches are common.

Forests

Rio Condor forests are variously composed of the
evergreen coigue de Magallanes (N. betuloides, here-
after referred to as “coigue”) and the deciduous
species lenga (N. pumilio) and nirre (N. antarctica).
Coigue is found primarily in western areas of the
property in varying mixtures with lenga. Pure lenga
forests dominate the eastern (drier) half of the prop-
erty. Nirre is primarily a small species occupying eco-
tones such as the upper timberline and the boundaries
between forest and turba or steppe. Community
structure of the forests is often simple with understo-
ries in lenga forests often consisting only of herba-
ceous species (Figure 15.4); a shrub layer composed of
Berberis ilicifolia is common in forests along the west
coast (Figure 15.5). 

The forests are predominantly multi-aged old-
growth forests. Dominant trees on sites at lower ele-
vations typically range from 20 to 25 meters tall, 28 to
42 centimeters dbh (diameter at breast height), and
are as old as 250 years. The primary disturbing agent
in these forests is wind, which generally creates small
gaps (e.g., 0.1 to 0.3 hectare) within which new tree
cohorts are regenerated, most commonly from an ex-
isting seedling bank. High winds may occasionally
blow down large patches of forest (Figure 15.6). 

FIGURE 15.3. Extensive flat to gently sloping topography
characteristic of the intermountain valleys and peat bogs
(turba) within the Rio Condor Project. Photo by J. Franklin. 



Turba

Wetlands are extensively represented on the Rio Con-
dor property and consist primarily of three types of
peat bogs (sphagnum-dominated, grass-dominated,
and cushion-plant-dominated). They occur at all ele-
vations, although the most extensive tracts are found
at low to moderate elevations in the southern and
western parts of the property. Most are raised peat
bogs in which the center of the wetland is higher than
the surrounding land. Wetlands, primarily peat bogs,
completely dominate the headwaters and lengthy
channel segments of several rivers, including the Rio
Grande and the Rio Condor.

Aquatic Ecosystems

Large rivers, streams, and numerous lakes and ponds
are significant elements of the Rio Condor landscape
(Figure 15.7). The stream drainage network is much
denser in the wetter western and southern sections of
the property. Major river systems include the Rio
Grande, which runs into the Atlantic Ocean near Ar-

FIGURE 15.4. Pure lenga stand typical of the central and
eastern portions of the Rio Condor property; the depauper-
ate understory consisting of herbaceous species and large
amounts of coarse woody debris is characteristic. Photo by
J. Franklin. 

FIGURE 15.5. Mixed lenga and coigue stand typical of the
western portions of the Rio Condor property; a shrubby un-
derstory of Berberis ilicifolia is characteristic of these forests.
Photo by J. Franklin. 

FIGURE 15.6. Extensive wind-damaged lenga stand in the
Rio Condor Project area. Photo by D. Lindenmayer.
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gentina, and the Rio Condor, which drains to the Pa-
cific Ocean. Several very large lakes are adjacent to
and fed by tributaries from project lands.

Significant sport fishing—an important economic
and social consideration in Tierra del Fuego—based
on introduced sea-run brown trout (Salmo trutta) and
rainbow trout (Oncorhynchus mykiss) exists in river and
lake ecosystems in the region.

The aquatic ecosystems are significantly modified
from their natural condition by naturalization of the
beaver (Castor canadensis), which was introduced to
create a fur industry in Tierra del Fuego in 1946. The
beaver lacks any significant natural or human preda-
tion and has spread to occupy essentially all suitable
and much marginal habitat, such as sites at upper tim-

berline. Estimated densities for beaver colonies are
6.6 to 8.5 colonies per kilometer of stream in Rio
Condor. Except for only some of the smallest (first
order) tributaries, essentially all aquatic ecosystems
have been significantly modified, and 8 to 10 percent
of the forest in Rio Condor has been destroyed by
beaver activity.

A peculiar and important feature of the Rio Con-
dor landscape is the effective “decoupling” of forested
areas from larger streams and rivers throughout many
of the watersheds. Wetlands—primarily peat bogs—
and wet steppe completely dominate the headwaters
of the Rio Grande and Rio Condor Rivers and major
segments of the river channel. Such nonforested
ecosystems also dominate the stream reaches that are
intermediate between forested mountain slopes and
major river valleys. They are also sites of extensive
beaver activity (Figure 15.8) and former current sites
for grazing by domestic livestock. The chemical and
physical properties (e.g., sediments) of the major
rivers and streams are strongly influenced by peat
bogs and beaver and are effectively isolated from in-
fluences of human activities on forested uplands. The
decoupling of the forested uplands from the major
rivers is an important consideration when designing
meaningful monitoring programs to assess the impact
of forestry activities on aquatic ecosystems.

FIGURE 15.7. Segment of the Rio Condor River illustrating
the strong influence of wetlands, primarily peat bogs, in the
river drainages within the Rio Condor Project. Photo by J.
Franklin. 

FIGURE 15.8. Wetlands and wet steppe dominate stream
reaches located between forested uplands and major river
and stream systems; these reaches are also sites of extensive
activity by introduced beaver. Consequently, chemical and
physical properties of larger streams and rivers are domi-
nated by peat bogs and beaver rather than processes within
the forested areas, an important consideration in monitor-
ing. Photo by J. Franklin. 



lands and steppe, there are large numbers of water-
fowl (geese, ducks, swans, and wading birds) and buff-
necked ibis (Theristicus caudatus), the latter nesting in
the canopies of old-growth beech forests. The Andean
condor (Vultura gryphus) is a notable inhabitant of the
skies, and nests on rocky crags within the Rio Condor
Project.

Mammal diversity is low (thirteen native species),
but it includes two species of special management
interest—guanaco (Lama guanicoe) and red fox
(Pseudalopex culpaeus lycoides). The red fox is consid-
ered endangered in this region of Chile (Figure
15.9a) and is a species that could be affected by
forestry programs, particularly because of the in-
creased access for poachers. The guanaco is a very
abundant, large herding herbivore (Figure 15.9b)
that could potentially influence the success of tree
regeneration through its browsing activity. It occurs
throughout the project area from the steppe to
alpine habitats and numbers thousands of animals.
Unlike the situation on mainland South America, on
Tierra del Fuego the guanaco has no natural preda-
tors. Nevertheless, it is considered an endangered
species because of its status on the mainland, which
complicates approaches to population control and
management on Tierra del Fuego.

FIGURE 15.9. Two mammals of special management inter-
est in Rio Condor are the (A, left) red fox, an uncommon for-
est species subject to poaching, and (B, right) guanaco, a
large herding browser that is abundant throughout the prop-
erty. Photos by J. Franklin. 

Biodiversity

Species diversity of most groups is low to moderate in
Rio Condor—not surprising on a high-latitude island.
But some groups and some species are very abundant
and the flora and fauna exhibit moderate levels of en-
demism. There is moderate diversity of forest vascular
plants, with most of the endemics concentrated in
coastal forests. Two plant groups with high levels of
diversity are forest lichens and fungi.

Vertebrate diversity, while modest in terms of total
number, include a number of interesting species. For-
est bird species diversity (twenty-four species) in-
cludes 92 percent of all birds known from Tierra del
Fuego and includes a forest owl (Strix rufipes), a large
woodpecker (Campephilus magellanicus), and the aus-
tral parakeet (Micropsittaceae ferruginea). In the wet-
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Human Influences

Native Americans occupied Tierra del Fuego prior to
western settlement in the late nineteenth century but
were effectively extirpated. Doubtlessly they influ-
enced conditions and animal populations within the
Rio Condor region, particularly in coastal regions
and, perhaps, at the steppe-forest ecotone at the east-
ern edge of the property. There is substantial archaeo-
logical evidence that they used the forest (Arroyo et
al. 1996).

Coastal portions of Rio Condor have been heavily
impacted in the past by grazing, logging, and burning
(some dating back to western settlement over 100
years ago). Evidence remains in the condition of the
landscape and the presence of several small abandoned
communities. Much of the early logging was of a se-
lective nature that removed individual trees but left
forest stands largely intact. Grazing by domestic live-
stock (sheep and cattle) continued around the margins
of the property until 1999 and feral animals (e.g., cat-
tle and horses) still occur throughout the property, al-
though they are being eliminated whenever possible.

Fires of human origin have occurred at the margins
of the property, particularly at the forest-steppe
ecotone—some caused by sport fishermen. Forest re-
generation on several of these burned areas has been
very slow.

Objectives of the 
Management Program

The Rio Condor Project is intended to be a sustain-
able forestry project in which the production of value-
added wood products is effectively integrated with
conservation and ecotourism. The goal is to maintain
biodiversity and ecological processes at both the land-
scape level and within the harvested blocks while also
achieving an adequate financial return. The goal of
the previous landowners was to maximize short-term
economic returns through aggressive timber harvest
to produce woodchips for the export market. Trillium
Corporation has adopted a different philosophy for its
management with the intention of developing a sus-
tained yield of high-value hardwood timber and prod-

ucts. Its plan is to set a new global standard for envi-
ronmentally responsible industrial forestry, demon-
strating the compatibility of economical and ecologi-
cal goals. To achieve this standard, Trillium

• Developed and adopted a set of stewardship
principles to guide all aspects of project devel-
opment and implementation

• Chartered an independent scientific commis-
sion composed of a team of Chilean academ-
ics to provide information and advice

• Voluntarily committed the company to an en-
vironmental impact assessment and permit-
ting process under a new law administered by
CONAMA (Comision Nacional de Medio
Ambiento), the Chilean equivalent of the U.S.
Environmental Protection Agency

Stewardship Principles

The development and adoption of a set of stewardship
principles was one of the earliest steps in the develop-
ment of the Rio Condor Project. President D. Syre of
Trillium Corporation signed these principles on 11
October 1993 as the basis upon which project devel-
opment would proceed, making the commitment in
recognition of the “vastness, location and quality of
the land and forests of the Rio Condor Project” (Ar-
royo et al. 1996).

The principles addressed the issues of environmen-
tal quality (“The Project will be operated so that, in
the long term, the aggregate environmental quality of
the land, water and forests of the Project will meet or
surpass baseline conditions”) and sustainability (“The
Project’s forests will be responsibly managed for in-
definite sustainable hardwood production, using the
best available scientific knowledge to assure the pro-
tection of . . . the ecosystem”) (Arroyo et al. 1996).

Related to these principles were commitments to
specific practices, including exclusive use of native
tree species (no exotics), primary dependence upon
natural regeneration, and primary wood processing
within the region (no export of raw wood in the form
of logs or woodchips).

Trillium Corporation also voluntarily created an
ombudsman-like land-steward position to provide



independent oversight of its activities in Rio Condor,
particularly with regard to adherence to the steward-
ship principles. A North American lawyer, R. Jack,
was designated the first land steward and was suc-
ceeded in 1996 by J. F. Franklin.

Independent Scientific Commission
Trillium Corporation recognized the importance of
incorporating the best scientific information available
when developing its management plan for the Rio
Condor Project. For this reason, it collaborated with
the Chilean Academy of Sciences in identifying an in-
dependent group of active Chilean academic scientists
representing a breadth of relevant disciplines. This
team of six (eventually seven) scientists was chartered
in 1994 as the Independent Scientific Commission
(ISC) under the chairmanship of M. T. K. Arroyo of
the University of Chile. Activities carried out by the
ISC between 1994 and 1999 included 

• Completion of baseline studies on the ecosys-
tems and organisms of the Rio Condor Pro-
ject area

• Development of recommendations for man-
agement practices

• Development of recommendations regarding
the location, size, composition, and manage-
ment of biological reserves

• Development of recommendations for moni-
toring and research programs at Rio Condor

Environmental Analysis and 
Permitting Process
Trillium Corporation could have initiated harvesting
in its forest lands immediately upon obtaining title to
the land in 1993 since it held valid harvesting permits
issued by the Chilean National Forestry Agency
(CONAF). However, Trillium volunteered to be the
first forestry project to develop and submit an environ-
mental impact statement (EIS) under a new Chilean
environmental law administered by CONAMA. De-
velopment of the EIS was contracted to an environ-
mental consulting firm, Dames and Moore, but the
documents incorporated much of the information and
most of the recommendations provided by ISC.

Two EISs were ultimately produced. The first was
completed in 1996 and resulted in a permit issued by
CONAMA in 1997. But the legal validity of this per-

mit was challenged by some environmental organiza-
tions, and the Chilean Supreme Court ruled that the
permit was invalid because the government had failed
to adopt regulations necessary for valid implementa-
tion of the new law. A second EIS was completed by
Trillium in 1998 and resulted in a new permit from
CONAMA. The legality of the second permit was up-
held through a new series of court challenges and be-
came the basis for initiating forestry operations.

The permit issued by CONAMA incorporated an
extensive series of requirements for environmental
protection by Trillium Corporation and its operating
subsidiaries. A long list of mandated monitoring activ-
ities was a major condition of the permit; these incor-
porated, but substantially expanded and specified de-
tails of, the voluntary monitoring and research
program that the company had developed with the
ISC and submitted as part of the EIS.

The engagement of an independent environmental
auditor (IEA) also was a condition of the CONAMA
permit. The IEA is a scientific and technical team that
audits the performance of the company with regard to
the conditions of the permit and subsequently reports
their findings directly to CONAMA. Trillium pays all
of the costs for the IEA and its activities. CONAMA
selected the auditing organization from three finalists
offered by Trillium that, in turn, made its selection
from proposals submitted by interested organizations.
In 1999, CONAMA selected Geotechnica Consul-
tores, an environmental consulting firm based in San-
tiago, Chile, as the IEA.

The decision to voluntarily participate in the new
environmental permitting process proved to be ex-
tremely expensive for Trillium Corporation in terms
of both direct costs and five years of delay before har-
vesting activities could begin. Furthermore, the con-
ditions laid down in the environmental permit were
not scaled to the size of the project. Initiation of tim-
ber harvest, even at the level of a single tree, effec-
tively brought into force all the conditions of the per-
mit, including the very extensive mandated
monitoring program (designed to assess impacts of a
large harvesting program) and engagement and fund-
ing of the IEA.

250 III. CASE STUDIES IN DEVELOPING MULTISCALED PLANS FOR BIODIVERSITY CONSERVATION



15. Case Study 5: The Rio Condor Project 251

Key Elements of the 
Rio Condor Management Plan

The conservation objective in managing the Rio Con-
dor Project is to maintain biodiversity and ecosystem
processes at both the harvest unit and the landscape
level. Therefore, both reserve-based and matrix-based
approaches are utilized. Indeed, the planning and
management at Rio Condor address essentially all of
the elements identified in the landscape checklist in
Chapter 6 (Table 6.1). These include creation of large
ecological reserves, conservation of specialized habi-
tats and critical structures within the matrix, and an
adaptive management process to develop critical new
knowledge through monitoring and research (Chapter
16).

Reserves

Large ecological reserves are a major conservation el-
ement of the Rio Condor Project—of course incorpo-
rating significant reserves as part of an industrial for-
est management plan is unprecedented. However, as
part of its commitment to stewardship, Trillium rec-
ognized the importance of large ecological reserves in
its plan because of the large scale of its landholdings
in this region, the poor representation of regional
ecosystems in existing reserves, and the lack of signifi-
cant Chilean government lands in the region from
which public reserves could be created.

The ISC strongly recommended establishment of
ecological reserves on Rio Condor prior to any har-
vesting. They suggested that these be selected so as to
incorporate the full range of ecosystems present, in-
cluding commercial forest; environmental variability
of the property (east-west and altitudinal gradients);
and viable populations of endemic, rare, and endan-
gered species (Arroyo et al. 1996).

Trillium concurred with these recommendations
and asked ISC to identify the locations for a series of
permanent ecological reserves that would cover 25
percent of the property and incorporate up to 10,000
hectares of commercial forest. ISC made an initial
proposal for five large reserves in 1997. Subsequently,
there were careful technical evaluations of boundaries
and the extent of forest and other vegetation types.

In March 1999, ISC and Trillium Corporation
agreed upon the final boundaries for a set of four large
ecological reserves covering a total area of 68,098
hectares and incorporating 14,195 hectares of com-
mercial forest (Table 15.1; Figure 15.1). Two of the
originally proposed reserves were connected and in-
corporated into the Lago Blanco-Kami Biological Re-
serve. The smallest reserve (Canal Whiteside) was es-
tablished primarily to provide for representation of
the species-rich coastal forest. With the agreement of
Trillium Corporation, the final reserve system encom-
passed nearly 50 percent more commercial forest than
originally stipulated.

Matrix-based Conservation Strategies
Matrix-based conservation strategies in the Rio Con-
dor Project included

• Buffers for riparian areas, wetlands, and
coastal sites

• Protection of steep slopes and high-elevation
sites

• Permanent structural retention within har-
vested sites in the form of aggregates

• Conservation of coarse woody debris within
harvested forests

• Protection of sites with special plant popula-
tions

• Identification and conservation of archeologi-
cal sites

These measures were proposed by Trillium Corpo-
ration as part of its management plan based largely
upon recommendations of the ISC. Subsequently,
most of these measures were mandated by CONAMA
as conditions of the environmental permit.

TABLE 15.1.

Total area and area of commercial forest in the
permanent biological reserves within

the Rio Condor Project.

COMMERCIAL 
NAME AREA (HA) FOREST (HA)

Canal Whiteside 2,216 1,144
Rio Caleta 4,812 2,096
Lago Escondido 17,908 3,967
Lago Blanco-Kami 43,162 6,988
Total 68,098 14,195



Buffers around Aquatic 
Features and Wetlands
The Rio Condor Project incorporates protected (un-
managed) forest buffers around all sensitive landscape
features, including streams and rivers, lakes and
ponds, and at the ecotones between forested and non-
forested vegetation, such as wetlands or steppe.

Riparian buffer widths vary with the aquatic fea-
ture. The Rio Condor and its floodplains are consid-
ered to be particularly sensitive and biologically im-
portant; there is a minimum 250-meter no-harvest
forest buffer on either side of the river, and the buffer
must include all of the first terrace. The buffer on
other rivers and larger streams is 50 meters on both
sides as measured from the high-water mark, or 30
meters of continuous forest; if the latter is chosen,
then only limited harvesting is allowed within the next
20 meters. Banks of all small streams (0.5 to 2.0 me-
ters wide) are protected.

All turba have a no-harvest buffer of at least 10 me-
ters and limited harvest for an additional 20 meters.
However, since no harvest of nirre is allowed, and 
the wetland-forest ecotones are often composed of
pure nirre, the buffers are typically wider than the 
minimums.

The effect of the protective buffers is to provide an
extensive system of connected riparian reserves within
the Rio Condor landscape and to protect aquatic and
wetland features from the direct impacts of forest har-
vesting. Approximately 8,520 hectares of additional
commercial forests are in riparian, wetland, and other
types of buffers. 

Protection of Forests on Steep Terrain
Harvesting activities are restricted on all slopes
greater than 45 percent and above 450 meters in ele-
vation. Any proposal for harvesting beyond these lim-
its requires the development of a special plan that
must be approved by CONAMA. However, the com-
pany has never proposed harvests on such sites and is
unlikely to do so. Harvesting on sites where dominant
trees average less than 9 meters in height is also pro-
scribed by the management plan. These restrictions
provide for the protection or reservation of substantial
amounts of closed forest in the more rugged moun-
tainous regions of Rio Condor. They also provide for

the protection of most areas of shallow and unstable
soils. The percentage of the landscape protected
under these provisions is estimated to be in excess of
10 percent. 

Aggregated Retention 
within the Harvest Units
Aggregated retention within the harvest units is the
primary strategy that has been adopted to maintain
biodiversity within managed forest stands. When
structural retention occurs as small intact patches
within the harvest unit, it is referred to as aggregated
retention, because the aggregates are intended to be a
part of—and not apart from—the harvested and man-
aged stand.

The purpose of structural retention is detailed in
Chapter 8. Briefly, it involves retaining structural ele-
ments from the harvested stand in order to provide
refugia for elements of biodiversity, structurally enrich
the subsequent managed forest stand for purposes of
biodiversity and ecosystem function, and facilitate
movement of organisms through the managed land-
scape (Franklin et al. 1997, 2000b).

The primary silvicultural harvest system approved
by CONAF for use at Rio Condor is a shelterwood
with natural regeneration. This is an even-aged man-
agement system in which an initial entry removes ap-
proximately 60 percent of the basal area, leaving a
protective overstory (shelterwood) with approximately
50 percent canopy cover. Regeneration is allowed to
develop for about fifteen years (or to a height of 5 to 7
meters) at which point the remaining overstory is re-
moved, releasing the young even-aged cohort. Up to
200 hectares of continuous harvested area is allowed.
Intermediate cuts (commercial thinnings) are also an-
ticipated as part of the management regime. The pro-
posed rotation age for managed stands is 110 years.
Notably, silvicultural approaches approved by
CONAF and its academic advisors for lenga forests
(shelterwood) are very traditional. Harvesting using
group selection with structural retention would come
much closer than a shelterwood in terms of emulating
the natural disturbance regime. Application of an
even-aged system to forests that are naturally uneven-
aged results in major alterations of the structure (e.g.,
spatially homogenizing the stands) and function of the
native forests. Structural retention can reduce the
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simplification of the stands under a shelterwood sys-
tem. Unfortunately, CONAF appears to be uncom-
fortable with retention of large, decadent trees as part
of the shelterwood overstory and generally requires
that they be removed or at least killed. 

The Rio Condor management plan requires a mini-
mum of 10 percent permanent structural retention as
small aggregates that are kept free of logging distur-
bance. While a 10 percent retention level may seem
low, it is important to remember that the primary har-
vest prescription is a shelterwood in which approxi-
mately 50 percent canopy cover is maintained for about
fifteen years following the initial entry. Therefore, the
context for retention is very different than it would be
under a clearcut harvest regime. Furthermore, al-
though harvest removal of the shelterwood overstory is
programmed, it rarely occurs in practice and substantial
additional dispersed retention of trees is a result.

Aggregate size and spacing have evolved during the
first year of forest harvest at Rio Condor. The initial
prescription for retention was the identification and
marking of a 0.1-hectare aggregate on each hectare of
harvest area prior to commencement of logging. Ob-
servations in the first harvest units suggested that the
size and integrity of 0.1-hectare aggregates was inade-
quate, so aggregate size was increased to 0.2 hectare—
with appropriate adjustments in spacing—in subse-
quent harvest units. Tree-marking crews are directed
to position aggregates on or around structural features
that are important for conservation of biodiversity
(such as nesting trees for the austral parakeet) or that
are difficult to grow or retain where logging occurs
(such as concentrations of large decadent trees, large
snags, and accumulations of large logs).

Marking in most harvest units also has provided for
some dispersed retention, primarily in the form of indi-
vidual large decadent trees that are retained for wildlife
conservation and other purposes. Such trees are consid-
ered unacceptable as part of the shelterwood overstory
by CONAF under its marking rules—they do not
count toward the 50 percent canopy cover objective—
so they must be identified and marked separately. Only
a limited number are allowed because they can substan-
tially increase canopy cover over acceptable levels. As
noted earlier, CONAF prefers to see all decadent trees
removed or at least killed.

Conservation of Coarse Woody Debris
Coarse woody debris, particularly large decaying logs,
is abundant in natural forests of lenga and coigue. Al-
though traditional forestry practices attempt to mini-
mize levels of such material by intensive utilization
and slash disposal practices, the importance of this
material in maintaining biodiversity and important
ecosystem processes, such as nitrogen fixation, is well
understood (Harmon et al. 1986; Maser et al. 1988).
Most ecosystem-oriented forestry practices include
measures to maintain levels of coarse woody debris.

Silvicultural prescriptions at Rio Condor recognize
the ecological values of coarse woody debris and at-
tempt to conserve any slash and existing woody debris
that cannot be readily utilized, a policy recommended
by the ISC. Unfortunately, such efforts run counter to
forestry tradition and approved CONAF practice,
which means that the company is under pressure to
utilize or dispose of as much coarse woody debris ma-
terial as possible.

Special Management Areas
Populations of unusual plant species, communities,
and habitats are scattered throughout the area of the
Rio Condor Project. The company is committed to
the identification and protection of these types of sites.
Plant communities associated with Tertiary-period
rock outcrops in the Vicuna region are a specific exam-
ple that was identified by ISC. The environmental per-
mit requires the identification and protection of these
outcrops and their protection with 50-meter buffers.
Another example is the provision for protection of the
Puerto Arturo region and delta of the Rio Condor.
Other important biological areas, such as nesting sites
for the Andean Condor, are being identified and pro-
tected as part of the evolving management plan.

Finally, sites are being selected and committed to
long-term experimentation and monitoring as de-
scribed below. These include a set of four small adja-
cent watersheds in the Vicuna region that are reserved
and will undergo calibration for future watershed ex-
periments.

Archaeological Sites
There were seventy-seven archaeological sites within
the Rio Condor Project area identified during



baseline studies by ISC. Such sites are protected
under Chilean law and require varying degrees of pro-
tection and conservation (i.e., excavation by qualified
archeologists). The appropriate treatment of each of
these sites is stipulated in the environmental permit
issued by CONAMA and varies from complete pro-
tection of some sites to excavation of others. In addi-
tion, for the purposes of protecting archaeological re-
sources, there is a 75-meter buffer along the entire sea
coast and a 500-meter buffer along Seno Almiran-
tazgo between Canal Whiteside and the Lago Blanco-
Kami Biological Reserve. 

Recreational Sites
There are provisions in the management plan and the
environmental permit for identification and pro-
tection of important recreational sites, including 
those that could contribute to the development of
ecotourism.

Adaptive Management

Adaptive management is the final important element
of the conservation strategy for the Rio Condor Pro-
ject. Central to the adaptive management component
is a comprehensive monitoring and research program
mandated by the conditions of the environmental per-
mit and subject to an annual independent audit.

Monitoring and Research Program
A proposal for a comprehensive monitoring program
was originally developed by the ISC, company staff,
and the land steward and included as part of the EIS
submission. The program addressed issues identified
by ISC in its report (Arroyo et al. 1996) and the San-
tiago Accord as well as data management and evalua-
tion and the critical issue of adaptive change in the
monitoring plan itself (Ringold et al. 1996; Franklin et
al. 1999a).

Two research projects critical for evaluating the ef-
fects of management were referenced but not included
in the proposed monitoring plan. One of these was a
small watershed experiment based on the Hubbard
Brook model (Bormann and Likens 1979) to evaluate
long-term sustainability based on nutrient balances.

The second was a replicated harvest cutting experi-
ment to evaluate the success of the silvicultural system
(shelterwood with 10 percent retention) at sustaining
biodiversity, especially of relatively unknown organ-
isms such as fungi, lichens, mosses, and invertebrates.

The monitoring program volunteered by the com-
pany—and the two research projects—is mandated
and substantially specified by conditions of the permit
issued by CONAMA, which also imposed additional
monitoring requirements identified by CONAMA. As
noted earlier, the performance of this massive pro-
gram is not scaled to the actual level of timber harvest
but, rather, must be fully implemented with initiation
of any timber harvest. There is also a requirement for
annual evaluations of the monitoring and research by
the independent environmental auditor.

The monitoring program at Rio Condor is large
and complex (see Table 15.2). Establishment of per-
manent sampling sites or stations for repeated long-
term measurements is a basic element of the program.
Much of the monitoring also involves comparisons of
paired treated (harvested) and untreated (control)
sites. This greatly increases the potential to distin-
guish management effects from the natural dynamics
of populations and processes. Scientific leadership is
provided by academics from Chile and Argentina with
many of the field measurements and installations con-
ducted by company staff. Data management is the re-
sponsibility of the company.

An investigation of the silvicultural responses of
coigue-dominated forest to shelterwood harvesting is
also a part of the Rio Condor adaptive management
program (see Table 15.2). Experience in harvesting
coigue-dominated forests has been very limited, so the
potential for natural regeneration is not known. Some
experimental studies that demonstrate successful re-
generation of coigue is possible are required prior to
initiation of timber harvesting in these stands.

However, several problems exist with CONAMA’s
mandated and precisely specified monitoring and re-
search program:

• The high degree of specificity makes it diffi-
cult for the program to be adaptive.

• Some government decisions regarding moni-
toring appear to be arbitrary and based upon
political rather than technical considerations.
An example is the expensive requirement for
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monitoring hydrology and water quality in
five large rivers in a landscape in which turba
and beaver are dominant river influences.
These effectively uncouple the large streams
and rivers from activities in, and influences of,
upland forests.

• Mandating the two scientific experiments
forces the company to take direct responsibil-
ity for them rather than delegating this work
to an independent academic group.

• The lack of scaling in monitoring require-
ments results in high overhead costs that pe-
nalize the company if it chooses—as it has—

to limit rather than maximize allowable tim-
ber harvests; the direct costs of the monitor-
ing, research, and auditing activities are cur-
rently estimated at about $US3 per hectare,
or $US850,000 per year.

Adaptability in a monitoring and research program
is critical (Ringold et al. 1996; Franklin et al. 1999a).
Interpreting the ecological significance of the data is a
major challenge because there is little scientific basis
for identifying important thresholds of change. Ele-
ments of the monitoring program need to be continu-
ally evaluated for their relevance and sensitivity.
Hence, an interdisciplinary, inter-institutional assess-
ment of the monitoring program will be carried out
every five years.

Evolution of the
Rio Condor Project

The Rio Condor Project has been a continuing study
in adaptation since its inception. It has responded to
many stimuli, including potential commercial markets
for wood products and carbon, financial considera-
tions, a long and evolving environmental analysis and
permitting process (culminating in a permit, albeit
one with a large and highly specified number of con-
ditions), and challenges from some environmental
organizations.

On-the-ground implementation of the Rio Condor
Project began in October 1999 with simultaneous ini-
tiation of the logging and the environmental monitor-
ing and auditing program. It continues to evolve, with
major proposals made for carbon sequestration and
for the value-added manufacture of wood products.
Unfortunately, the carbon proposal, which was fo-
cused primarily on preservation of old-growth forests,
is not eligible for carbon credits under the current
guidelines (Marrakesh meeting in 2001) for Kyoto
Treaty implementation.

Environmental Controversies
One would assume that environmental organizations
would strongly support a proposal for an innovative
industrial forestry project such as Rio Condor. This
has not been the case. The Rio Condor region is

TABLE 15.2.

Major components of the mandated monitoring
program for the Rio Condor Project.

• Meteorological monitoring at three locations (western, 
central, and eastern) within the project area

• Hydrologic monitoring (flow, temperature, sediment) on
five major rivers within the project area

• Aquatic ecosystem monitoring (stream flows, chemistry,
and physical properties; habitat structure; biota, includ-
ing fish and invertebrate populations) on permanent
paired stream reaches (control and harvested) at eight
locations within the project area

• Harvest impacts on physical and chemical properties of
soils (detailed studies at three locations)

• Growth and mortality of residual stand and regeneration
of trees, including browsing impacts of Guanaco, on har-
vested sites (permanent treated and control areas)

• Harvest impacts on mammal populations (including the
red fox) and bird populations through the establishment
of permanent treatment and control sites

• Succession, population dynamics, and growth of un-
treated natural forests

• Assessment of Guanaco population dynamics

• Assessment of invasive plant species in roaded and har-
vested areas

• Harvesting experiment (replicated) to assess effectiveness
of selected silvicultural system in sustaining biological
diversity, including fungi, lichens and mosses, and inver-
tebrates

• Watershed experiment to assess impacts of harvesting
regime on overall long-term nutrient balance of forest
ecosystem and on structure and function of associated
small stream ecosystems

• Coigue harvest study to determine regeneration require-
ments and capability of coigue-dominated forest



beautiful and a relatively wild and unmodified land-
scape dominated by natural old-growth forests. For
these reasons, there has been significant orchestrated
opposition to the Rio Condor Project (including legal
challenges) from some environmental organizations.
These organizations and individuals are opposed to
any timber harvest activity in the region, regardless of
its design and environmental safeguards. Many are
committed to ending all timber harvesting south of
44°S latitude and creating an international Gondwan-
daland National Park. Clearly the issue here is preser-
vation of large wildland landscapes rather than con-
servation of forest biodiversity. No credible scientific
challenge has been raised to the Rio Condor Project
regarding conservation of forest biodiversity, particu-
larly in view of the comprehensive multiscale ap-
proaches that are part of the project design. The es-
tablishment of 68,000 hectares of permanent
ecological reserves is unprecedented and provides the
only ecologically significant lenga reserves in Tierra
del Fuego. Furthermore, a recent scientific analysis of
forest conservation needs in South American temper-
ate forests (Armesto et al. 1998) shows the major
threats to forest biodiversity are in central Chile and
northern Argentina and not at high latitudes and alti-
tudes, including Tierra del Fuego.

Some environmental organizations have remained
neutral with regard to the Rio Condor Project, recog-
nizing the value of an innovative sustainable forestry
project, the significant contributions already made to
conservation of forest biodiversity (and the potential
for more), and the locations where there are truly crit-
ical threats to Chilean forest biodiversity. CODEFF
(National Committee for the Defense of Fauna and
Flora) is one such organization.

Initiation of Harvesting and 
Environmental Monitoring Program
Timber harvesting began in October 1999 at very
modest levels. Approximately 1,500 hectares of forest
were treated with the first entry of the approved silvi-
cultural system of shelterwood with 10 percent aggre-
gated retention. The harvest was divided between the
western region near Puerto Arturo and Vicuna in the
eastern portion of the property. No additional harvest
cutting is planned for at least two years, although logs
felled along roads and within the forest may be uti-

lized in milling operations. To illustrate the contrast
between current activities and the original plans, an-
nual harvest levels approved in the environmental per-
mit would eventually reach 2,368 treated hectares and
543,000 cubic meters of harvested wood annually; the
monitoring program was actually planned for this
level of activity.

The environmental monitoring and auditing pro-
gram also began in October 1999. The first audit by
the independent auditing team was concluded with a
positive report in April 2000. The monitoring and re-
search program will continue to develop as negotiated
between Trillium and CONAMA. Design work is
under way on the first replicate of the harvesting-bio-
diversity experiment. Topographic and boundary sur-
veys have been completed for the experimental water-
sheds in Vicuna.

Development of Carbon Proposal
Development of a proposal for a carbon offset project
under the Kyoto Treaty is a recent and potentially
profound evolutionary stage of the Rio Condor Pro-
ject. Approximately 5.2 million metric tons of carbon
are being marketed based upon carbon emissions re-
duction through ecosystem preservation and reduced
impact forest management. Under this proposal, the
area of permanent ecological reserves at Rio Condor
would double (to approximately 136,000 hectares) and
the amount of included commercial forest would in-
crease from 14,000 to 35,000 hectares. Additional car-
bon credits would accrue by increasing the level of ag-
gregated retention in harvested areas from 10 to 20
percent.

This project has been approved by responsible
agencies in both Chile and the United States. SGS, an
environmental auditing firm, has certified that the
project will prevent emissions that would otherwise
have occurred and has verified the accuracy of the car-
bon calculations. Unfortunately, the proposed project
is not of the type approved for recognition under the
current agreement regarding forestry carbon projects
allowed under the Kyoto Treaty, even though it would
preserve native old-growth forest. The carbon could
be marketed outside the provisions of the Kyoto
Treaty, and Trillium is strongly committed to carbon
marketing on the property, regardless of what happens
regarding the Kyoto Protocol.

256 III. CASE STUDIES IN DEVELOPING MULTISCALED PLANS FOR BIODIVERSITY CONSERVATION



a
PART IV Adaptive Management and the 

Human Aspects of Matrix Management

Making resource management decisions, including
developing and adopting policies for the conservation
of biodiversity, is a complex social science offering
challenges of comparable or greater magnitude than
those associated with the natural sciences. Society
makes all of the fundamental decisions with regard to
conservation policies. Directly or indirectly, con-
sciously or unconsciously, society sets the goals, deter-
mines their relative priorities, defines acceptable levels
of risk (or certainty) regarding various outcomes, and
determines the importance of maintaining options.
This is accomplished through a diversity of mecha-
nisms, including tradition, economic policy and mar-
kets, adoption of various political and legal positions,
and development of international agreements. In
some democratic societies, the legal and social con-
tracts are often adjudicated by the courts, even to the
degree that courts may decide what constitutes a sci-
entifically credible conservation plan, an acceptable
standard of certainty or risk in efforts to sustain
species, and a sufficient monitoring program. Society
also influences policies by the level of financial sup-
port it provides for resource management, monitor-
ing, and scientific research and by the degree that it
chooses to enforce laws and agreements that it has
adopted. Hopefully, society has available to it compre-
hensive scientific information relevant to the ques-
tions at hand rather than an abridged information
base and that it utilizes such information in making
informed decisions regarding policies. Scientists and
resource managers have an important role in provid-
ing society with the relevant knowledge, including the
potential and limitations of the relevant ecosystems

and organisms and sources and levels of uncertainties
and risks.

Resource management involves informing and im-
plementing societal decisions. Central to resource
management is the recognition that adopted manage-
ment approaches—from the level of the large regional
plan to specific management prescriptions for a single,
local project—are working hypotheses. Knowledge is
always limited, and unpredicted events (human and
natural) will intervene so that there are always sub-
stantial uncertainties about the outcomes. The reluc-
tance of resource professionals—be they foresters,
fisheries biologists, wildlife managers, or conservation
biologists—to acknowledge the substantial uncertain-
ties associated with their proposals has obscured the
reality that adopted policies and practices are working
hypotheses rather than firm statements about out-
comes. This is highly relevant to conservation of bio-
diversity because, fundamentally, conservation biology is
theoretical and the effectiveness of most conservation policies
and programs is largely unproven.

Adaptive management acknowledges

• uncertainties inherent in resource manage-
ment

• our intuitive understanding that we are going
to learn more about the ecosystems and or-
ganisms of interest

• the value of systematically engaging in the
collection and incorporation of that new
knowledge

In the remainder of this book, we broadly address
the application of adaptive management to the
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management of biodiversity in forest landscapes. This
is, of course, only one subset of the social issues re-
lated to development and implementation of policies
with regard to conservation of biodiversity and
ecosystem processes. Elements of adaptive manage-
ment include a review of the basic philosophy of adap-
tive management and the role of long-term monitor-
ing (Chapter 16) and of scientific research (Chapter
17) in the continual evolution of improved (more ef-
fective) management. The development and imple-
mentation of meaningful monitoring programs is par-
ticularly challenging for managers, policy makers,
scientists, and stakeholders worldwide. Statistically
valid forest monitoring programs are currently very
rare, especially in view of the central role of monitor-

ing in assessing the sustainability and effectiveness of
any management program in achieving its goals.

Additional social dimensions in matrix manage-
ment are considered in Chapter 18, including funda-
mental challenges to the notion that matrix manage-
ment is an essential component of a comprehensive
strategy for conservation of forest biodiversity. If ma-
trix-based approaches are to be broadly adopted,
many stakeholder groups (including those from both
NGOs [nongovernmental organizations] and re-
source-based corporations), resource managers, and
scientists will need to modify strongly held positions.
General conclusions about the importance of the ma-
trix for the conservation of biodiversity are provided
in the concluding chapter (Chapter 19).



Management for the conservation of forest biodiversity
must be based on collection of new data to bridge
gaps in the existing knowledge base. Adaptive man-

agement is needed to ensure that conservation strategies
continue to evolve and progress. Monitoring will be an inte-
gral part of any adaptive management framework—it is a
fundamental part of ecologically sustainable forestry. All
stakeholders, managers, and decision makers need to ap-
preciate the critical role of monitoring and work to ensure
that it is adequately and consistently funded. It is impossible
to systematically assess whether management goals are
being achieved without adequate monitoring, which, in turn,
ensures that the effectiveness of policies, legal obligations,
and social commitments to sustainable forest practices can
be assessed.

Adaptive management is an acknowledgement of the
uncertainties inherent in management of biological
resources, the certainty that more will be learned
about these resources and their management re-
sponses, and the value of systematizing the learning
process. It is adaptive because “it acknowledges that
there will always be unpredictability and uncertainty
in managed ecosystems, both as humans experience
new situations and as these systems change through
management” (Davis et al. 2001).

Adaptive management is directed toward acquiring
new knowledge from experience, monitoring, and re-
search, and integrating that information into im-
proved (more effective) management practices. Adap-
tive management involves a systematic approach to
the processes of acquiring and incorporating new in-

C H A P T E R  1 6

Adaptive Management and Long-Term Monitoring
Adaptive management . . . “has a ruthless hold on uncertainty.”

—DAVIS ET AL. (2001)
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formation, but there are wide differences of opinion
(as illustrated below) regarding the degree to which
the process is formalized and, especially, the require-
ment for focused experimentation. We present both
the broader perspective and the more formalized per-
spective on adaptive management. 

Monitoring is an essential element of any adaptive
management program and, more broadly, the basis for
any objective assessment about the level of success
achieved by a management program. Although it
might be assumed that management organizations
would want to have objective measures of the effec-
tiveness of their programs, remarkably little effort has
been expended on monitoring. Government agencies,
companies, and other organizations managing lands
typically have not acknowledged the importance of
monitoring nor provided sufficient, sustained support
for monitoring. 

Quantitative long-term data on the effectiveness of
the general concepts underlying conservation pro-
grams, including matrix management, are lacking
(McComb et al. 1993; Hobbs 1997; Lindenmayer
1999a). Yet, effective management of any ecosystem
requires at least a rudimentary understanding of major
components, processes underlying ecosystem func-
tion, and ecosystem responses to disturbances. For
most forests, such knowledge is limited. Additional in-
formation is needed to better inform and improve ma-
trix management (Carey 2000). In this chapter, we
outline an adaptive management approach to enhance
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the collection of data to better inform conservation
management. 

Adaptive Management:
Gathering and Applying 
New Knowledge to 
Managing Forest Landscapes
for Biodiversity
Adaptive management is the acquisition of addi-
tional knowledge and the utilization of that infor-
mation in modifying programs and practices so as
to better achieve management goals. Potential
sources of information include management expe-
rience, monitoring, and research. Adaptive man-
agement requires an active, planned, and system-
atic effort to acquire and utilize information,
regardless of its specific source; implicit is a com-
prehensive, well-documented approach to the
management of records and other data. 

Analyses of the major uncertainties associated
with management plans and prescriptions are
major components of adaptive management. As de-
scribed by Davis et al. (2001): 

The process of adaptive management includes
highlighting uncertainties, developing hypothe-
ses around a set of desired system outcomes, and
structuring actions to evaluate or test these
ideas. Although learning occurs regardless of the
management approach, adaptive management
attempts to make that learning more efficient.

Management activities are viewed as experimen-
tal tests of hypotheses about ecosystem responses
or species responses under adaptive management.
One difference between broader and narrower in-
terpretations of adaptive management is that the
narrow definition (see below) requires an active
program of rigorously testing alternative manage-
ment proposals, while a broader interpretation al-
lows more passive approaches in which a variety of
data is collected and utilized to inform decisions. 

Four key elements of adaptive management are
identified by Davis et al. (2001): 

1. A ruthless hold on uncertainty . . . [starting]
with an acknowledgement of the uncertain-
ties associated with proposed management
policies.

2. The description of key management policies
as testable hypotheses.

3. The search for, and use of, information that
will enable testing the hypothesis or hypothe-
ses . . . [which] can range from informal 
observations of foresters and other specialists
. . . to formal replicated experimental design,
but does require a conscious attempt to assess
the validity of the hypothesis or hypotheses
in question.

4. An institutional mechanism that ensures that
the hypotheses will undergo periodic, fair-
minded review and that management policies
can change as a result of the review.

The first of these elements—a “ruthless hold on
uncertainty”—is one that makes adaptive manage-
ment threatening to many stakeholders. While un-
certainties associated with management plans may
be obvious and the acquisition of additional rele-
vant information intuitive to most stakeholders, ac-
cepting adaptive management also means accepting
the impermanence of decisions with regard to both
management approaches and specific resource out-
puts. This is disconcerting to stakeholders who
would like assurances that timber harvest levels
will be sustained or ecological reserve boundaries
maintained in perpetuity and not constantly re-
assessed as the result of new information. Hence,
while adaptive management appears logical and de-
sirable in prospect, stakeholders often find it diffi-
cult to accept the practical consequences of an
adaptive management policy. The struggle to
maintain the flexibility needed for adaptive policies
is very difficult in the face of stakeholders’ desire
for assured outcomes, as noted by Davis et al.
(2001), who propose the use of outside review as
one mechanism to overcome the natural tendency
of people and organizations to defeat attempts to
embrace adaptive management. 



16. Adaptive Management and Long-Term Monitoring 261

A Formalized Approach to 
Adaptive Management

Several scientists have defined a highly formalized ap-
proach to adaptive management (Holling 1973; Wal-
ters 1986, 1997; Walters and Holling 1990). They
propose a highly integrated approach involving re-
search, monitoring, and management designed to as-
sess (test) and improve the effectiveness of resource
management prescriptions (Shaw et al. 1993), which
obviously encompasses programs and projects de-
signed to maintain biodiversity on forest landscapes
(including the matrix). 

An adaptive management system is defined by
Holling (1973) as one that “can absorb and accommo-
date future events in whatever unexpected form they
may take.” Experimentation is viewed as a core ele-
ment in the formalized approach to adaptive manage-
ment, essential to an improved understanding of a sys-
tem that will make improved management possible. In
these experiments with the system, the goal is to learn
as much as possible from both successes and mistakes
(Taylor et al. 1997). The adaptive management frame-
work does allow natural disturbances and human ac-
tivities to be utilized as experimental opportunities
(for example, analysis of conditions created by and
responses of taxa to logging; Lindenmayer and
Franklin 1997a) and findings incorporated into
management. 

However, in the formalized approach to adaptive
management, the method is a rigorous process and
not a trial-and-error approach (Walters 1986). Trial-
and-error management is problematic because policy
alternatives are not properly specified. Formalized
adaptive management has strict requirements for the
documentation of objectives, assumptions, policy op-
tions, and outcomes. It is based on clear hypotheses
stemming from real policy options informed by previ-
ous experience and understanding; however, these hy-
potheses are not constrained by a requirement that
the approaches being tested in the field must work
(Walters 1997). This formalized approach to adaptive
management increases the likelihood that new knowl-
edge will be generated and subsequently embraced in
on-the-ground management (Taylor et al. 1997). Rig-
orous monitoring is a fundamental requirement of

adaptive management—something that has rarely
been accomplished in resource management (includ-
ing biodiversity conservation) programs (see below). 

In implementing a formalized adaptive manage-
ment program there are a series of logically linked
steps (Figure 16.1):

Step 1. Gather all available information about the
system. Based on that information, create alterna-
tive models regarding management of that system
and clarify policies on approaches that will meet
management goals, possibly using simulation mod-
els (Walters 1986).

Step 2. Create a small set of testable hypotheses for
different management options. It may be necessary
to stipulate the degree of difference between the
several options (Taylor et al. 1997). Sometimes, this
step involves consideration of entirely new man-
agement approaches (even paradigm shifts) that are
outside existing procedures and policies. The po-
tential contribution of scientists at this step should
be obvious.

Step 3. Develop an experimental design and monitor-
ing program. The design must specify which sys-
tem components are to be used as response vari-
ables (i.e., measured to assess the success of
different management options). A pilot study may
be required (Silsbee and Peterson 1993; Urban
2000). A robust experimental design is necessary to
avoid the limitations of trial-and-error manage-
ment.

Step 4. Implement management changes—such as al-
tered reserve designs or silvicultural systems in
managed stands—based on the results of the exper-
iments. Monitoring and continuing assessment of
the data stream continue with regard to the modi-
fied management strategies. Thus, continued and
iterative field research is coupled with result-driven
management actions.

Step 5. Carefully document the adaptive management
program, including detailed information about all
the steps of the process (Taylor et al. 1997). 

The success of any adaptive management study de-
pends upon two important contingencies: (1) manage-
ment actions implemented now must maintain as
many future management options as possible, and (2)
tight linkages and feedbacks must be maintained be-
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tween scientists and managers (i.e., scientific research
and monitoring) and also with policy decision makers
(Dovers and Norton 1994).

The linkage to policy is fundamental, ensuring that
the results of research are not lost (e.g., Underwood
1995). If new information is not considered and
appropriately acted upon, the linkages in an adaptive
management framework and knowledge hierarchy are
broken. As noted by Hilborn (1992): “If you cannot
respond to what you have learned, you really have not
learned at all.”

Adaptive Management and Stand- 
and Landscape-Level Studies

Along with Davis et al. (2001) and other authors, we
take the position that relevant knowledge for adap-
tive management can be acquired from a variety of
sources and can incorporate less-formalized ap-
proaches. Sources of information can include routine
management treatments (especially if they incorpo-
rate randomly selected control or untreated sites),
routine (but well-designed) monitoring programs,
and retrospective studies of responses to past human
and natural disturbances. However, well-designed
experiments (see Box 16.1) can have extraordinary
value in adaptive management, although the costs
and other logistical difficulties associated with large-

FIGURE 16.1. The connecting linkages in an adaptive man-
agement framework. Redrawn from Walker (1998). Reprinted
with the permission of CSIRO Publishing.

BOX 16.1.

A Hypothetical Example of an
Adaptive Management Natural Experiment

This box contains a hypothetical example of an adaptive
management program for wood production areas in
which plausible options for different silvicultural systems
are tested. After progressing through the initial steps
outlined above and defining the entities targeted for
measurements (such as particular elements of the biota),
a range of logging regimes is identified. Some areas
might be clearcut while others are selectively harvested,
and varying levels of stand retention could be employed
in various other places subject to logging (e.g., the vari-
able retention model described in Chapter 8). In addi-
tion, “control” areas with no timber harvesting (e.g.,
those in large ecological reserves) might be necessary to
interpret the results.

Variation in logging regimes is critical because it pro-
vides the variation in stand conditions needed to test
different silvicultural systems. It is also important be-
cause the effects of natural disturbances like wildfire on
landscape pattern and structural conditions can be vari-
able (Lorimer and Frelich 1994, Peterson and Pickett
1995; see Chapter 4). A major problem for adaptive
management studies in many parts of the world is that
the same method of logging is deployed throughout a
given forest type leaving little or no variation in silvicul-
tural systems to examine. For example, more than 98
percent of Victorian alpine ash (Eucalyptus delegatensis)
forest is clearcut (Lutze et al. 1999) and alternate meth-
ods of harvest are very rarely contemplated.

Although variation in cutting regimes is essential, it is
also important to have replicates of these “treatments”
to provide some statistical power in the experimental
design and to allow for valid contrasts between them.
Data on the intensity of disturbance and the extent of
vegetation retention on logged sites have to be carefully
recorded and stored in a database. This is because ac-
tivities such as site preparation, the retention of biologi-
cal legacies, and regeneration methods can significantly
influence the trajectory of stand recovery and the organ-
isms associated with such processes (Hazell and Gustafs-
son 1999; see Chapter 4).

At all times, information on target species or key
ecosystem processes gathered from monitoring studies
would be used to assess the efficacy of logging pre-
scriptions (e.g., the extent of canopy retention needed
across the landscape, the width of wildlife corridors, or
the number and spacing of trees retained within cutover
sites). New sites where modified prescriptions and
strategies are applied (based on the results of the adap-
tive management program) are then added to an ex-
panded logging and monitoring study.

Image Not Available 
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scale, long-term experiments are always going to
limit their number. 

Some large, long-term forest management experi-
ments are under way in production landscapes around
the world (Figure 16.2), including in North America
(Carey 1994; Arnott et al. 1995; Halpern and Raphael
1999) and Patagonia (Pickett 1996). Excellent exam-
ples of such experiments that incorporate different
timber harvesting regimes include

• Demonstration of Ecosystem Management
Options (DEMO) experiment in the Pacific
Northwest region of the United States

• Montane Alternative Silvicultural Systems
(MASS) experiment on Vancouver Island in
British Columbia, Canada (Phillips 1996)

• Sicamous Creek Silvicultural Systems Project
in interior British Columbia (Hollstedt and
Vyse 1997)

• Warra Silvicultural Trial in Tasmania (Hickey
et al. 1999) (see Box 8.2 in Chapter 8)

Advantages of these large-scale, long-term experi-
ments are that they provide practical examples of how
silvicultural systems can be altered and function as
pilot studies for silviculturalists as well as provide em-
pirical knowledge about ecological responses (Harris
and Farr 1974; Beese and Bryant 1999). Unfortu-
nately, long-term experiments of this type are often

very difficult to sustain as political and organizational
emphases and budget allocations shift. An example is
the Silvicultural Systems Project (SSP) in Victoria,
southeastern Australia (Squire et al. 1987), which was
significantly downsized when funds to maintain and
measure the experiment were reduced. The treat-
ments imposed in SSP were also confined to tradi-
tional silvicultural approaches, which has limited the
application of the results, although this was not a fac-
tor in its demise (Lindenmayer 1992; see Chapter 12). 

Although most adaptive management studies have
been at the stand level, there have been calls for rigor-
ous landscape-scale experiments (Wiens 1992). A few
large-scale experiments have commenced (e.g.,
Schmiegelow and Hannon 1993; Schmiegelow et al.
1997) but more would be desirable (Simberloff 1998).
For landscape-scale adaptive management experi-
ments to work, it is essential that, as in the case of
stand-level experiments, (1) each landscape pattern be
replicated to provide statistical power, and (2) experi-
ments include contrasting landscape patterns or treat-
ments.

Adaptive Management and 
the Lack of Certainty

The implementation of iterative learning by adaptive
management and monitoring has no defined end-
point. There is no single best (correct) silvicultural
model or final set of prescriptions for matrix man-
agement—management actions will continue to
change in response to new information and insights.
This is fundamental to the concept of ecologically
sustainable forest management. Adaptive manage-
ment in forests is a long-term process in resource
management; as noted by Walters (1986), “there is
no point in learning about something you intend to
destroy shortly.” 

As noted earlier, the concept of continuous change
is a difficult one for forest managers, conservationists,
governments, and other parties with interests in forest
management. These groups typically seek certainty in
management outcomes (Walters 1986). Governments
are also eager to have certainty because they see this it
as a way to resolve difficult and often socially divisive

FIGURE 16.2. Experiments are important elements in adap-
tive management, as exemplified by the MASS (Montane Al-
ternative Silvicultural Systems) study established coopera-
tively by industry, government, and academic institutions on
Vancouver Island, British Columbia, Canada. Photo by J.
Franklin. 
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forestry and conservation issues. Similarly, some con-
servationists criticize adaptive management principles
as merely a strategy by commodity interests to pro-
long high harvest levels and delay much-needed
changes to silvicultural prescriptions. Taylor et al.
(1997) correctly noted that adaptive management is
not an excuse to maintain the status quo of some
management practices, particularly ones with poten-
tially negative impacts. 

Certainty in management outcomes and access to
timber resources can strongly influence private and
government financial investment. Calculations of sus-
tained timber yields assume some level of long-term
access to exploit the forest estate. The need for
certainty is one of the main reasons many forest man-
agement disputes are resolved by land allocation—
assigning some areas reserve status and allowing wood
production in others (see Chapter 18). 

The tension between the perceived need for cer-
tainty and the need for continuous change in manage-
ment is a challenge to the adoption of adaptive man-
agement as an integral part of modern forestry.
Another challenge is the development of protocols or
frameworks for making changes in prescriptions once
they are found to be deficient. Changing traditional 
or interim prescriptions can be difficult and often
controversial. 

Adaptive Management and the
Precautionary Approach to 
Forest Management

Adaptive management requires a more (rather than
less) cautious approach to the use of forest resources
because of the need to maintain future options and
the difficulty of re-creating these resources quickly
once they are gone. Adaptive management in forest
management also requires that stakeholders accept
and cultivate a philosophy of change as a natural part
of resource management and conservation. Man-
agers must not be penalized for trying approaches
that are later shown to fail (Taylor et al. 1997). As
noted by Williams and Johnson (1995), “ultimately,
success in adaptive management harvest regimes re-
quires, more than anything else, an institutional

framework that embraces patience, persistence, and
commitment.”

Although the adaptive management model is a po-
tentially valuable one, it remains largely untested
(Dovers and Lindenmayer 1997; Simberloff 1998),
with few examples of its successful application (but see
Taylor et al. 1997; Innes et al. 1999). Of course, this
may be due to the relatively recent emergence of the
concept; certainly, some very serious efforts to imple-
ment adaptive management are under way by both
government and private organizations (see below).
Some authors have recommended alternative frame-
works to better interface science, management, and
policy (e.g., Rogers 1997). Nevertheless, future expe-
riences will determine if adaptive management can be
truly effective. 

Governments and management agencies need
mechanisms to respond to new information and to in-
stitute changes rapidly and, often, frequently. Adop-
tion of static forest agreements (such as the Regional
Forest Agreement process in Australia) does not re-
solve issues regarding whether or not forests are being
managed in an ecologically sustainable way (see Box
5.5 in Chapter 5). 

There are now numerous and significant efforts to
implement adaptive management strategies by a wide
variety of forest management organizations, includ-
ing government agencies, industrial forestry organi-
zations, and other institutions. Adaptive manage-
ment is a central element in the Northwest Forest
Plan adopted for federal lands in the northwestern
United States (Forest Ecosystem Management As-
sessment Team 1993; Tuchmann et al. 1996). One
specific land allocation in this plan is adaptive man-
agement areas—locales (totaling more than 500,000
hectares) where experimentation and innovation are
emphasized. Research and monitoring are also cen-
tral elements in the Northwest Forest Plan (e.g.,
Haynes and Perez 2001). In addition, failure to con-
duct adequate monitoring programs would be a basis
for challenging the legal validity of the plan. 

Some comprehensive adaptive management pro-
grams have also been developed in connection with
industrial forestry projects. For example, adaptive
management is central to the Rio Condor Project in
Tierra del Fuego (see Chapter 15), where it is man-
dated as a part of the government environmental per-
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mit and is central to eventual green certification. The
financial obligations associated with monitoring, re-
search, and other adaptive processes at Rio Condor
are significant. 

The BC Coastal Forest Project of Weyerhaeuser
Company has developed (and is implementing) an ex-
traordinary adaptive management program for forest
resource management in connection with a shift from
clearcutting to variable retention harvesting. This
program includes extensive monitoring, research, and
large-scale experimentation. There are also major in-
teractions with scientists and stakeholders, including
regular scientific reviews. Collaborative efforts with
employees have also been an important part of the
process. 

Long-Term Monitoring: 
A Fundamental Part of
Responsible Management 
The major reason for monitoring is to assess the ef-
fectiveness of any resource management program and,
ultimately, improve management. Most fundamen-
tally, monitoring is necessary to generate the empiri-
cal data that are the definitive measure of the degree
to which a management program is achieving its ob-
jectives. Although monitoring is a fundamental part of
any adaptive management strategy, it is necessary for
many other reasons, such as to comply with require-
ments in government plans, permits, and agreements
(e.g., habitat conservation plans), meet certification
requirements, or fulfill other legal obligations. For ex-
ample, monitoring is one of the key elements for cer-
tification under the standards of the Forest Steward-
ship Council (1996). It is also an integral element of
any responsible business plan, particularly with regard
to periodic assessments of the condition and value of
assets. 

There is no way to determine whether conserva-
tion-oriented management strategies are effective
without rigorous monitoring, hence the interrelation-
ship between monitoring and adaptive management.
Despite the fundamental importance of monitoring,
relatively few credible long-term forest monitoring

programs are actually under way anywhere in the
world. For example, almost half of the monitoring
programs initiated in New Zealand were unreported
or not completed, suggesting a high rate of failure of
monitoring projects (Norton 1996). We do not con-
sider traditional continuous forest inventories, which
have focused primarily on timber growth and wood
volumes, to be credible ecosystem monitoring pro-
grams, although significant expansions to incorporate
other ecological parameters have occurred in many
inventory programs in recent years. 

There are many reasons why adequate monitoring
programs are difficult to develop and to successfully
and continuously implement.

First, meaningful (credible) and practicable moni-
toring programs are difficult to design (see below) and
expensive to implement. Many monitoring programs
are poorly designed and, consequently, their outcomes
have limited value for conservation management. For
example, the field methods used often fail to address
the questions posed (Norton 1996). 

Second, objectives of monitoring programs are
often poorly defined, explicit statements regarding
expected outcomes are lacking, and the relevance to
forest management is unclear (see Roberts 1991; Mac-
donald and Smart 1993). Poorly planned and unfo-
cused monitoring programs are ineffective and often
fail completely (Orians 1986). 

Third, monitoring is often considered a routine ac-
tivity that does not merit significant management ef-
fort (i.e., an activity that does not contribute to
achieving immediate goals) or scientific input—
viewpoints often held by both managers and scientists.
There may be fears that results of monitoring will put
favored management objectives or programs at risk.

Fourth, data management commonly receives
grossly inadequate attention. Adequate management
of long-term environmental datasets is very challeng-
ing and requires substantial technical expertise and
significant financial support (Michener and Brunt
2000). Few monitoring programs have employed ade-
quate data management procedures, such as appropri-
ate standards for data documentation, and few have
provided adequate financial support, which probably
should average 20 to 25 percent of the monitoring
program budget. Again, neither managers nor scien-
tists generally appear to have recognized the technical
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challenges, costs, or critical role of data management,
preferring to utilize financial resources for other pri-
orities. As a consequence, immense amounts of im-
portant environmental data, including long-term
records of management activities in forest landscapes,
have disappeared or effectively have been lost due to
inadequate documentation and quality control. 

Fifth, adequate and sustained funding for monitoring
programs is rarely available. Since monitoring is directed
toward assessing rather than carrying out management
programs, funds for monitoring typically have low prior-
ity. Even if adequate funds are provided to plan and initi-
ate a monitoring program (a rare occurrence), most pro-
grams have subsequently been starved for financial and
logistical resources. It is very difficult to assure that ade-
quate financial resources will be continuously available.
Most government agencies and corporations have annual
budget cycles that make monitoring programs, which are
necessarily long term, vulnerable to budget cuts as short-
term shifts occur in organizational priorities and objec-
tives. Development of trust funds is one way to deal with
this problem, but we know of only one organization that
has adopted this approach (The Nature Conservancy). 

And, finally, failure of an organization to institutional-
ize a monitoring program can also be a problem when the
initial momentum for its establishment is provided by a
single individual or a small group. When the dedicated
individual or cadre disappears from the organization, the
program may languish.

Some of these impediments to monitoring programs
are being overcome as monitoring moves from an op-
tional to a required activity, such as to fulfill legal and
market-based requirements for credible assessments of
the effects of forest management activities on biodiversity
and other environmental variables. In effect, the question
is increasingly not one of whether monitoring will take
place but, rather, how programs will be designed and im-
plemented. Monitoring will be carried out, and the courts
and the marketplace often will be the ultimate judges of
its credibility. 

Design of Monitoring Programs

Much of the following section has been adapted from
the article “Complementary Roles of Research and

Monitoring: Lessons from the US LTER Program
and Tierra del Fuego” (Franklin et al. 1999a). 

There are many ways of categorizing monitoring
programs. In the United States, three major types of
monitoring have been recognized: 

1. Implementation monitoring, used to determine
whether the types and levels of activities stipulated
under a management plan are actually conducted,
such as leaving x numbers of live trees and snags
behind on y cutover areas

2. Effectiveness monitoring, used to determine whether
or not the management plan has accomplished its
resource goals, such as sustaining viable popula-
tions of species z

3. Validation monitoring, used to determine whether
the accomplishment of specific goals was actually a
consequence of the management activities that
were undertaken

These categories of monitoring involve very differ-
ent levels of complexity, although all three are essen-
tial elements of an adaptive management program,
and the first two categories are typically legally man-
dated or market-mandated monitoring programs. Im-
plementation monitoring is very straightforward: ob-
serving and recording whether or not you did what
you said you were going to do. Effectiveness monitor-
ing is much more challenging: ascertaining whether
or not you accomplished your resource goal. Most of
what we have to say about the design of monitoring
programs later in this section is focused on effective-
ness monitoring. Validation monitoring is the most
challenging category of monitoring because it in-
volves establishing causal relationships between some
management action(s) and an environmental response.
Most validation monitoring will be indistinguishable
from classical scientific research since it involves hy-
pothesis-based and rigorous experimentation. 

The Role of Science in the Development and
Implementation of Monitoring Programs
Traditionally, monitoring has been viewed as a man-
agement activity unrelated to scientific research. Al-
though for many years scientists have stressed in nu-
merous scientific articles and books the importance of
monitoring (e.g., Goldsmith 1991; Noss and Cooper-
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rider 1994; Spellerberg 1994), they have often refused
to involve themselves directly in monitoring, viewing
it as the routine collection of data for nonscientific
purposes. This prejudice of the scientific community
is based on a variety of factors (see Goldsmith 1991;
Hellawell 1991), particularly the failure of academic
reward systems to recognize and credit involvement in
adaptive management experiments and monitoring
programs (Taylor et al. 1997). The fact that many re-
source managers do not consider science or scientists
to be essential participants in development and opera-
tion of their monitoring programs is another factor. 

Monitoring programs must be collaborations be-
tween managers and scientists in our view. Extensive
scientific involvement is necessary in the develop-
ment, operation, and interpretation of credible natural
resource monitoring programs (Franklin et al. 1999a).
Results of scientific research and scientific expertise
are needed in at least four major aspects of monitoring
(Goldsmith 1991; Sparrow et al. 1994; Morrison and
Marcot 1995; Franklin et al. 1999a): (1) design of
monitoring programs, including selection of parame-
ters and development of the sampling design (where,
when, and how to sample as well as details of the sta-
tistical design), (2) quality control, (3) interpretation
of results, and (4) periodic assessments of the effec-
tiveness of the monitoring program.

In addition, direct and extensive involvement of
scientists is going to be necessary in almost all valida-
tion monitoring efforts. The need for scientific rigor
in monitoring programs is actually very high in order
to produce robust and defensible results that provide
stakeholders (including decision makers) with clear
evidence as to whether or not changes in management
practices or policies are needed. Our views on the re-
lationship of science to monitoring differ strongly
with Hellawell (1991), who contends that research is
not relevant to monitoring. In contrast, Franklin et al.
(1999a) cite the example of monitoring long-term nu-
trient balances and changes in soil productivity—
complex mainstream research issues—which are iden-
tified as fundamental elements for monitoring under
such sustainability protocols such as the Montreal
Process.

The interpretation of results from monitoring pro-
grams can be extremely challenging. For example,
separating long-term population declines from annual

and cyclical fluctuations in population size is a non-
trivial task, particularly since populations of some
species can recover relatively quickly following human
disturbances, such as logging. Franklin et al. (1999a)
noted that carefully collected monitoring data could
be extremely valuable for research (e.g., documenting
long-term trends in ecosystem dynamics). For exam-
ple, long-term monitoring data coupled with new an-
alytical methods helped identify the cumulative effects
of road networks and wood production on hydrologi-
cal regimes in the Pacific Northwest ( Jones and Grant
1996) (Figure 16.3). Indeed, rather than treating mon-
itoring as second-rate science, Walters (1997) believes
that researchers should be attracted to the prospect of
conducting large-scale, well-designed, and replicated
studies of direct relevance to natural resource
management. 

General Observations about the Design of
Monitoring Programs

Designing a monitoring program involves difficult de-
cisions about what parameters are to be monitored
and how, when, and where measurements are to be
made. We believe that those who suppose that these
critical questions will be resolved for them, perhaps
with some prescriptive guidebook, are going to disap-

FIGURE 16.3. Monitoring is a critical element in adaptive
management, providing stakeholders with major challenges
in design, implementation, and interpretation; significant
long-term investments are typically necessary, such as instal-
lations for continuous hydrological monitoring and water
sampling (stream gauging station at H. J. Andrews Experi-
mental Forest, western Cascade Range, Oregon, United
States). Photo by J. Franklin.
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pointed. Standardized monitoring programs may be
characteristic of large-scale, national, and interna-
tional programs intended to assess environmental
conditions and trends related to development of
national and global policies. However, most mon-
itoring programs are directed to assessing specific 
accomplishments and impacts of smaller-scale plans or
programs. Examples include monitoring associated
with plans for individual resource management units
(national forests, national parks, corporate tree farms,
etc.), with habitat conservation plans, or for regional
collections of resource management units, such as the
Northwest Forest Plan for management of U.S. gov-
ernment lands within the range of the northern spot-
ted owl. The monitoring may be related to a specific
organism of interest or overall environmental impacts
of a specific management activity or project. 

Our experience is that monitoring programs fo-
cused on regional and local projects and management
units are likely to be highly idiosyncratic and not
amenable to design using textbook models (Gold-
smith 1991; Franklin et al. 1999a). Although the
broad categories or topical areas of monitoring may
be similar in many of these programs, the appropriate
selection of parameters may vary with local circum-
stances, sometimes widely. This variation may be re-
lated to ecological, social, or economic circumstances
as well as to legal and policy demands. Similarly, ap-
propriate answers to the questions of when, where,
and how to sample will often vary among projects
even when the same parameter has been selected. 

Design issues are further complicated by the fact
that monitoring programs are not likely to have a hi-
erarchical structure. While the concept of a nested
monitoring program is very appealing—in other
words, one with a design in which sampling for vari-
ous parameters uses a common design (such as a grid
of sampling points)—such designs are rarely feasible.
Most operational monitoring programs incorporate
parameters that are measured on widely contrasting
spatial and temporal scales and, consequently, using
different methodologies or technologies. For example,
a monitoring program may include periodic assess-
ments of population dynamics of individual species
(annual), stream flow (continuing), land-use patterns
(periodic), and natural disturbances (periodic or
episodic). 

The Specifics of Designing Monitoring Programs

Major challenges in the design of a monitoring pro-
gram involve decisions about the parameters (what),
spatial and temporal scales of sampling for each of the
parameters (where and when), and issues of statistical
design and selection of sampling methods (how), such
as specific instrumentation, plot design, and sensors.
Scientific research and expertise are key to all of these
aspects of design (Franklin et al. 1999a). 

Selection of parameters is the first of the chal-
lenges. Almost any stakeholder can come up with a
shopping list of what should be monitored. Such lists
are only useful as starting points in planning; they do
not reflect realities of operating or financing a moni-
toring program. In making the selection of parame-
ters, it is important to determine which are likely to
be sensitive indicators of important ecological condi-
tions (i.e., which are ecologically meaningful). There
are also important practical realities to consider, such
as whether a candidate parameter can be readily meas-
ured using existing technologies and, if so, what it will
cost to make these measurements. Monitoring pro-
grams must, ultimately, focus on a subset of attributes
rather than attempt to monitor everything (Zeide
1994; Lindenmayer 1999b). 

Practicality will often lead to the selection of surro-
gate parameters, such as structural attributes of forest
stands, as substitutes for difficult and expensive
species-by-species inventories. This approach is justi-
fied by the strong ecological links that have been es-
tablished in many forest ecosystems between a wide
range of aquatic and terrestrial taxa and ecosystem
processes and structural features. As an example, the
level of coarse woody debris is a relatively easily meas-
ured structural parameter that is related to many bi-
otic components (Harmon et al. 1986; Maser et al.
1988). This makes it a valuable candidate for monitor-
ing. In some cases, the response of taxonomic groups
for which such structural objectives are set could be
included in the monitoring programs. For example,
Carey (2000) proposed that monitoring responses of
squirrel assemblages is a valuable way to assess effec-
tiveness of management regimes. Particular species
may be inappropriate for monitoring if they are rare,
however, because data will be too limited to detect
trends; more common taxa for which large datasets
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can be readily gathered sometimes reveal more about
the state of an ecosystem. 

It should be noted that some parameters will be se-
lected because the organisms or processes are of spe-
cial interest to society regardless of whether they are
useful environmental indicators (e.g., populations of
some large, rare, and charismatic vertebrates). This is
because society as well as technicians has a say in se-
lection of parameters and, further, society’s say is
often legally mandated. 

Once a monitoring parameter has been selected,
the next challenge is to develop a sampling design—
formalizing the answers to where, when, and how in a
statistically robust design. Developing sound esti-
mates of parameters with sufficiently low error terms
that a statistically significant change might actually be
identified raises difficult questions. Where will the
sampling take place (which may have the sub-question
of where are sensitive locations within the landscape?)
Answers to such questions are not always as obvious as
they might appear (see Franklin et al. 1999a and
Chapter 15 for an example with regard to effects of
forestry activities on water quality in Tierra del
Fuego). Temporal issues involve decisions about the
sampling intervals that are to be used—continuous,
daily, annual, multiyear; a broad range of sampling
intervals are likely to be used in programs that are
focused partially or totally on the conservation of
biodiversity. 

The where and when of a quantitative monitoring
program must ultimately be formalized into a sampling
design that provides the basis for statistically valid
measures of change. This can be difficult and may in
fact be the decisive issue in choosing among proposed
monitoring parameters (Hinds 1984). Ultimately, many
of the data are going to be subjected to rigorous statis-
tical analyses and thus sufficient statistical power is
needed to make inferences about trends, such as popu-
lation declines, possible (Mac Nally 1997; Burgman
and Lindenmayer 1998; Strayer 1999). Related issues of
Type I errors (a false declaration of impact when none
exists) and Type II errors (a false declaration that no
change has taken place or that an observed change is
random) are also fundamental to the design of monitor-
ing programs (Fairweather 1991; Mapstone 1995). On
this basis, monitoring designs should include wherever
possible and appropriate: 

• Controls in untreated forest and treatment repli-
cates to take account of spatial heterogeneity and
random variation and to allow estimates of error

• Pretreatment monitoring to establish natural trends
and any pretreatment differences between plots

• Environmental stratification to provide opportuni-
ties to detect interactions between treatments and
environmental variables

• Replication at more than one location to avoid loca-
tion-specific phenomena or geographic bias

Long periods of monitoring may be necessary to dis-
tinguish treatment effects from effects of climatic fluctua-
tions or episodic or stochastic events. It is also important
to set clear objectives for monitoring and to put protocols
in place to ensure that they are achievable. As noted by
Roberts (1991), too often monitoring has been “planned
backwards on the collect now (data), think-later (of a use-
ful question) principle.”

Given that monitoring programs will often be costly
and must run for prolonged periods, their design needs to
be subject to extensive and rigorous peer review (Mac-
donald and Smart 1993). 

Interpreting the Results of Monitoring Programs
Interpreting the ecological significance of a change in a
monitored parameter may be the greatest challenge in a
monitoring program. “In a well designed monitoring
program, a statistical change may be observed—but is it
ecologically significant?” (Franklin et al. 1999a). We will
rarely have the level of knowledge on cause-effect rela-
tionships in ecosystems that allow for quick and clean in-
ferences from monitoring results. Scientists have a major
role to play in this aspect of monitoring because their spe-
cialized knowledge can assist significantly in interpreta-
tion of results (although, as noted below, all stakeholders
must also be a part of the interpretative process and re-
sulting decisions about subsequent changes in manage-
ment and monitoring). Examples of scientific involve-
ment may be in conducting new research to provide
additional information relevant to interpretation of the
monitoring program, synthesis of existing information,
and participation as consultants and members of expert
panels. 

When changes are observed in monitored parameters,
many questions need to be addressed before decisions are
made about managerial or regulatory responses (Franklin
et al. 1999a): 
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• Is the observed change (e.g., in soil nitrogen
or organic matter content) real, or is it a sam-
pling artifact?

• If the observed change is judged to be real,
then is this change permanent or temporary,
and, if temporary, what is the probable rate of
recovery?

• What are the potential environmental conse-
quences of a change of the magnitude ob-
served?

• Were similar changes observed in undisturbed
(control) environments or only in managed
areas?

Many responses to management will be temporary, with
recovery processes commencing almost immediately. In
such cases, the rate of recovery may be more important that
the initial change itself. If the observed change is judged to
be real, the next question concerns the potential conse-
quences of that change. For example, what effect will a 2
percent reduction in soil organic matter or a 10 percent in-
crease in bulk density of soil have for long-term site produc-
tivity? As noted above, information that allows such inter-
pretations is limited for many parameters and even
conflicting in others. Actual thresholds—points at which
there are major changes in the relationship between the pa-
rameters and the response—may exist for some parameters
but not for others (see Chapter 2). High levels of buffering
also may allow ecosystems to tolerate short-term shifts
without long-term damage. Compensating mechanisms or
processes may also come into play.

Monitoring of untreated (control) ecosystems is essential
for assessing whether the observed changes are actually re-
sponses to treatments or are part of a larger pattern of envi-
ronmental change. This is particularly critical for parame-
ters that have high levels of year-to-year variability, such as
populations of small mammals. 

In the preceding paragraphs we have tried to make
clear the large challenges associated with interpreting the
results of monitoring programs. An evaluative process is
usually required when monitoring is being conducted to
identify patterns and rates of change (trends). There is
rarely a scientific basis for establishing thresholds for
changes in parameters although it may be appropriate to
stipulate standards or thresholds in some parameters,
such as density of tree regeneration following harvest
(Franklin et al. 1999a). 

Monitoring as an Adaptive Process
Monitoring must be viewed as an adaptive process;
indeed, it may ultimately be the most evolutionary
component of an adaptive management program
given its central importance both technically and
socially. Much is going to be learned with each an-
nual increment of monitoring effort—about the
merits of the parameters and sampling schemes se-
lected and about interpretation of data. Associated
with that learning will be decisions about manage-
rial responses to monitoring results and modifica-
tions (additions, deletions, and changes) in moni-
toring parameters and protocols. Stakeholders as
well as resource managers and scientists must be in-
volved in many of these decisions. Indeed, monitor-
ing organizations need to be aware that regulatory
agencies and stakeholder groups will likely insist on
access to basic monitoring data; hence, formally in-
corporating them into the evaluation of both the
data and monitoring program is appropriate. 

As noted by Franklin et al. (1999a):

Any monitoring program should be viewed as a
series of approximations which will be modified
periodically as: (1) Initial parameters fail to ade-
quately fulfill our objectives or improved designs
and measurement technologies for these param-
eters emerge; (2) New and improved parameters
are identified through empirical or theoretical
research or become feasible due to availability of
new technologies; and (3) Monitoring objectives
change.

Therefore, monitoring programs must actively
evolve rather than remain static. Third-party reviews
can be an important part of that process (Palmer
1987). At the same time, it is imperative that a moni-
toring program maintain long-term consistency in
data quality and comparability, a concept that has
been termed adaptive monitoring (Ringold et al. 1996).

Monitoring—Long Time Frames 
and the Potential Contribution 
of Retrospective Studies
Many components of forest monitoring programs will
be long-term because the processes of stand develop-
ment and maturation (and associated recovery of some
taxa) can take many hundreds of years (Franklin et al.
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1981; Ruggerio et al. 1991; Botkin and Talbot 1992;
Franklin and Fites-Kaufmann 1996). Some important
ecological trends also will be impossible to detect
without long-term data that are rigorously gathered
on a repeated basis (Hinds 1984). However, retrospec-
tive studies often make it possible to quickly gather
information to guide adaptive management without
waiting the many decades (or even centuries) required
for one or more management cycles (rotations) or
more to start some integrated adaptive management-
and-monitoring studies. For example, with careful
study design valuable information on forest distur-
bance effects can be gathered from sites that were pre-
viously logged (e.g., Carey 2000). Unfortunately, the
potential for retrospective studies is often limited by
lack of records on silvicultural treatments.

Adaptive management does put an increased em-
phasis on adequate, spatially explicit documentation of
management activities. Tools such as global position-
ing systems and geographic information systems are
extraordinarily valuable in this documentation
process. Properly maintained, such databases can be
useful even if monitoring programs are temporarily
suspended, because subsequent evaluative or monitor-
ing activities will not have to start from scratch. 

Funding and Other Issues for Forest
Monitoring Programs
Ensuring continued financial support for moni-
toring programs appears to be one of the most
difficult challenges in monitoring. The long-term
nature of monitoring programs does not fit with
the annual budget cycles of government and
granting agencies so that innovative approaches
often will be necessary to maintain monitoring
programs. Approaches can include trust funds or
endowments dedicated to monitoring programs,
an approach pioneered by The Nature Conser-
vancy in the United States. Monitoring funds
could be provided by levies on timber products
(Lindenmayer and Recher 1998)—a strategy that
could be linked with the forest certification
process. Given the central role of monitoring as
the definitive test of the effectiveness of resource
management as well as in assessing compliance
with regulatory and market-based goals, solutions
to the funding issue must be found. 

Successful Monitoring Programs
There are increasing numbers of examples of successful ef-
forts to design and implement monitoring programs even
though these are scarcer than one would like and most
have been operative for only a few years. An outstanding
example of large-scale monitoring of a variety of parame-
ters is the monitoring program designed and installed in
Channel Islands National Park (California, United States)
that covers such diverse biotic elements as pinnipeds,
seabirds, the rocky intertidal zone, kelp forests, terrestrial
vertebrates, land birds, terrestrial vegetation, fishery har-
vest, and weather (Davis and Halvorson 1988). The Na-
ture Conservancy has established meaningful monitoring
programs on many of its ecological reserves within the
United States and has pioneered the establishment of trust
funds to ensure long-term funding for such activities. 

Monitoring programs are being adopted as a part
of the large regional ecosystem management plans on
federal lands in the United States, such as the North-
west Forest Plan (Mulder et al. 1999). Objectives and
protocols have been developed and published for ef-
fectiveness monitoring of this plan with regard to late-
successional and old-growth forest (Hemstrom et al.
1998), the northern spotted owl (Lint et al. 1999), and
the marbled murrelet (Madsen et al. 1999b). Substan-
tial research is also under way as part of the validation
monitoring for the plan (Haynes and Perez 2001).

Industrial forestry programs are also beginning to
incorporate meaningful ecological monitoring, often
as a part of regulatory requirements, such as those
that are associated with environmental permits or
habitat conservation plans. An extensive monitoring
program was a part of the permitting process for the
Rio Condor Project (Chapter 15). Plum Creek Tim-
ber Company has undertaken extensive monitoring
as a part of a multispecies habitat conservation plan
for its lands in the northwestern United States. A
major monitoring program has been instituted as a
part of Weyerhaeuser Company’s BC Coastal Forest
Project on Vancouver Island, British Columbia
(Canada), and it addresses many aspects of ecosystem
structure as well as species responses to treatments.
This is a part of a much larger adaptive management
program that includes significant formalized experi-
mentation. Programs of this type provide models of
useful approaches and critical elements of monitor-
ing programs.





Matrix management for the conservation of forest biodi-

versity must be strengthened by new data. Obtaining

these data will sometimes require innovative ap-

proaches that integrate methods from different scientific dis-

ciplines, such as landscape ecology and molecular genetics.

Experiments and other forms of investigation, such as retro-

spective studies and modeling, are essential elements of this

process. Investigations into how new scientific findings are

adopted as part of natural resource policy and on-the-

ground management are also needed to ensure that matrix-

based conservation strategies continue to evolve within an

adaptive management framework.

There are important gaps in the information needed
to support biodiversity conservation in matrix lands,
some of which are discussed in this chapter. Tackling
these deficiencies will require rigorous research and
monitoring (which can be indistinguishable; see
Chapter 16) if conclusions drawn from it are to be de-
fensible and convincing to resource managers, policy
makers, and other stakeholders. We outline ap-
proaches to bridging existing knowledge gaps through
experiments, observational studies, and modeling and
discuss the strengths and limitations of each method.
Finally, we discuss why research is required on how
new findings are accepted and adopted, since such re-

C H A P T E R  1 7

Knowledge Gaps in Forest and Biodiversity Management:
Areas for Future Research
Although precise solutions to ecological problems are rarely possible, science has developed
practical and efficient ways to cope with our inability to know everything. . . . In the longer
term, the success or failure of policies for ecologically sustainable development will depend on
continuing strategic research to identify and quantify the key areas of risk, to identify
strategies for forest management that are likely to achieve sustainability and can be tested
by active adaptive management, and to develop procedures for routine monitoring and 
assessment of whether the objectives of the policies are being met.

—CORK (1997)
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sults need to be incorporated into on-the-ground
operations.

Topics for Future Ecological Study

Few ecological studies are specifically designed as ex-
aminations of the importance of the matrix in biodi-
versity conservation. This will undoubtedly change,
especially as adaptive management is accepted and
widely adopted. We outline below some areas of re-
search that may contribute to a better understanding
of the matrix as a landscape component and in turn to
enhanced management of the matrix for biodiversity
conservation.

Retention Strategies and Silvicultural Systems

Developing and assessing new silvicultural techniques
and systems that will better sustain biodiversity and
ecosystem processes are a logical place to begin this
chapter. Three generic approaches to, and many
specific examples of, silviculture for biodiversity
conservation are presented in Chapter 8. However,
exploration of generic approaches has scarcely 
begun. Quantitative research on levels of structural
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complexity required to attain specific conservation ob-
jectives is particularly needed. As noted earlier, there
are few quantitative answers to such questions as
“How many logs are needed and how should they be
arranged spatially to facilitate movement of a particu-
lar species (e.g., the California redback vole) into har-
vested openings?” or “How does the level of live tree
retention affect productivity in a regenerated stand?”
Information of this type is also needed as a basis for
analyses of cost-benefit ratios of various strategies and
levels of structural retention.

The effectiveness of various alternative silvicultural
strategies, such as structural retention, is not well
known (Franklin et al. 1997; Gibbons and Linden-
mayer 1997; Halpern et al. 1999; Carey 2000). Of
course, the effects of traditional forestry practices on
biodiversity and long-term productivity have typically
not been fully assessed, either. Nevertheless, the lack
of information about alternative management ap-
proaches is surprising in view of the numerous gov-
ernment and professional reports that have called for
more basic information on ecological processes and
effects of natural and human disturbances in forest
ecosystems (e.g., National Research Council 1990). In
Australia, more than seventy-five inquiries to the tim-
ber industry since World War II have highlighted the
need for such information (Resource Assessment
Commission 1992).

There is an urgent need for carefully designed re-
search to (1) identify and quantify relationships be-
tween structural and floristic features of forest stands
and the requirements of forest-dependent biota, and
(2) evaluate the effectiveness of specific retention and
stand management prescriptions in achieving goals.

Data are generally lacking that demonstrate link-
ages between species habitat and vegetation structure
and composition (Morrison et al. 1992). Even where
such relationships have been well established and vig-
orously field tested, such as between cavity trees and
arboreal marsupials in Victorian mountain ash forests
(Lindenmayer et al. 1994a), the relative effectiveness
of different spatial patterns of retention is unknown
(Lehmkuhl et al. 1999). Information needs of this type
are immense and cannot be met by academic scientific
efforts, although these are important; much of the
data must be generated as a part of adaptive manage-
ment programs.

Areas of study should include research to reevalu-
ate or modify traditional silvicultural approaches as
well as to create new ones. For example, there is
merit in revisiting seed tree systems previously ap-
plied in wet sclerophyll forests of Australia (Cun-
ningham 1960) and selective harvest approaches ap-
plied in northwestern America (Curtis 1998). The
need for research on silvicultural systems is given
further emphasis by the fact that many (if not most)
traditional forms of cutting are not based on rigor-
ous scientific—including replicated—experiments.
For example, prior to the establishment of the
DEMO project (described in Chapter 8), there had
never been a large-scale, replicated regeneration-
harvest experiment in Douglas-fir forests (Franklin
et al. 1999b). Of course, objectives in matrix man-
agement are much broader than simply that of wood
production (Ford 1999).

Silvicultural research also needs to consider other
aspects of forestry operations and ways that they can
be modified to enhance biodiversity and ecosystem
conservation, or at least to minimize negative im-
pacts. Transportation and logging methods are im-
portant areas for investigation. For example, the ef-
fects of practices such as closing and revegetating
road systems after harvesting, and alternative modes
of log transport, such as helicopters, need to be
analyzed for their potential value in conserving
biodiversity.

Future silvicultural research will often need to be
designed so that the effects of individual silvicultural
practices can be separately evaluated. Silvicultural re-
searchers have a strong tendency to test entire “sys-
tems” with multiple treatment components rather
than to isolate effects of specific practices. Most silvi-
cultural treatments actually involve several activities,
such as roading, logging technique, cutting prescrip-
tion, site preparation, fuel treatments, and regenera-
tion technique. Each of these activities has conse-
quences for biodiversity and ecosystem processes.
Studies need to be designed so that the individual
components of the silvicultural system can be altered
and evaluated. This has been termed the disaggregation
of logging by Putz et al. (2000), who discuss it in the
context of cascading effects on biodiversity of logging
roads in tropical forests; roads lead to massive hunting
pressure on wildlife with corresponding negative im-



17. Knowledge Gaps in Forest and Biodiversity Management: Areas for Future Research 275

pacts on animal-related ecological processes, such as
seed dispersal. Populations of feral predators that use
logging roads to gain access to harvest units provide a
similar example from southeastern Australia (May and
Norton 1996).

It is critically important that future silvicultural re-
search be designed to allow clear inferences about ef-
fects of varying important stand variables, such as
amounts and spatial patterns of retention or effects of
size of retained aggregates. A general failing of much
silvicultural research has been its focus on compar-
isons of regeneration harvest systems—such as shel-
terwood, seed tree, clearcut, and selection—rather
than on systematic manipulation and evaluation of im-
portant stand parameters, such as the density or spa-
tial arrangement of residual trees. The “system” com-
parisons invariably result in experimental designs in
which effects of individual stand components are con-
founded. Simultaneously varying several variables
strongly limits the ability to draw inferences about ef-
fects of manipulating forest structures. Hence, after
many decades of silvicultural research we still have
greatly limited abilities to answer such fundamental
questions as the response of an ecosystem process to
varying densities of overstory trees.

Some replicated large-scale silvicultural experi-
ments are necessary, as noted later in this chapter.
Such experiments are very challenging logistically and
financially so will be limited in number. There are al-
ready several excellent examples of such projects, in-
cluding the DEMO (northwestern United States) and
Warra (Tasmania) experiments mentioned in Chapter
8. Similar projects include harvest-cutting studies in
the shortleaf pine (Pinus echinata)–hardwood forests of
the Ouachita Mountains, Arkansas (United States)
(Baker 1994), and two large-scale silvicultural experi-
ments in mixed conifer forests in the northern Sierra
Nevada in California (United States) (described in
Franklin et al. 1999b). 

An entire research network of experimental silvi-
cultural sites, the Forest Ecosystem Research Net-
work of Sites (FERNS) (Franklin et al. 1999b), has
been established in Canada.

Inventory
A problem for forest managers in many jurisdictions
is that the extent of the timber resources is poorly

known. This contributes to overcommitment of re-
sources with corresponding negative impacts on
other forest values. Better, more accurate methods of
forest inventory are needed to overcome this prob-
lem. There are many powerful new tools, including
remote sensing techniques, that can be effectively
used in broad-scale surveys. An entire collection of
papers on such techniques and their application was
published in the August 2001 issue of Conservation
Biology. Lidar (laser altimetry) is an emerging tech-
nology that can directly measure the three-dimen-
sional distribution of plant canopies and other struc-
tural attributes over large areas (Lefsky et al. 1999,
2002).

Landscape Heterogeneity and 
Contrasts between Natural and 
Human-Disturbed Landscapes
Responses of forest-dependent organisms to differ-
ences in landscape heterogeneity, including cut and
uncut landscapes, is an important area for research
(Carey et al. 1992; Cale and Hobbs 1994). Land-
scape heterogeneity is important for many taxa (For-
man 1995; Bennett 1998). Results from some empir-
ical investigations, which have used landscape indices
to examine wildlife responses to landscape hetero-
geneity, have been equivocal (e.g., McGarigal and
McComb 1995; Lindenmayer et al. 2001c; Tischen-
dorf 2001). This is possibly because the metrics em-
ployed to characterize landscape heterogeneity (e.g.,
O’Neill et al. 1988; McGarigal and Marks 1994;
Wegner 1994; Haines-Young and Chopping 1996)
are not always particularly meaningful for assessing
species response (Cale and Hobbs 1994). Other
measures that are more closely related to animal
movement (e.g., home range patterns) may be better
predictors (Carey et al. 1992). In other cases, species
respond to factors not captured by landscape met-
rics, such as time since fragmentation or structural
features within habitat patches (Lindenmayer et al.
2001a). Most landscape metrics have not yet been
rigorously tested (Noss 1999). For any or all of these
reasons, present abilities to quantify spatial pattern
have exceeded our capacity to interpret their rele-
vance to biota (Levin 1992; Turner et al. 1995;
Tickle et al. 1998). 
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Connectivity and Corridors
The effectiveness of wildlife corridors for conserving
biodiversity is largely unknown. This is because de-
signing field-based experiments to test knowledge
gaps associated with corridor effectiveness is ex-
tremely difficult (Nicholls and Margules 1991; Inglis
and Underwood 1992; Crome 1997). Although a
number of important studies have begun (e.g., La
Polla and Barrett 1993; Andreassen et al. 1996;
Gilbert et al. 1998), other types of investigations must
be conducted. Integrating studies of animal move-
ment, dispersal, and matrix conditions would be useful
in revealing new information. The value of these types
of studies is in elucidating whether or not population
models for heterogeneous (real) landscapes are prone
to substantial error propagation (Karieva et al. 1997;
Hanski 1999b).

Investigations of connectivity can be helped by in-
tertwining demographic and genetic studies of effec-
tive interpatch dispersal with measures of matrix con-
dition and landscape cover (such as the presence of
corridors or retained vegetation). Such an approach
using molecular genetic techniques (e.g., Wright
1969; Slatkin 1985; Slatkin and Barton 1989) has been
employed in the Tumut Fragmentation Experiment
for the bush rat and the greater glider (Hewittson
1997; Lindenmayer et al. 1999h; Lindenmayer and
Peakall 2000; see Chapter 13).

Synergistic and Cumulative Effects
Timber harvesting in matrix lands may lead to syner-
gistic and/or cumulative impacts on forest biota and
ecosystem processes (see Chapter 5). These impacts
can be difficult to quantify (Cocklin et al. 1992a), even
with well-designed studies. For example, the long-
term effects of changes in stand structure, such as
gradual loss and depletion of biological legacies, may
remain undetected within the time frames of most im-
pact studies. Traditional forms of landscape analysis
may not detect cumulative effects at a landscape scale.
The potential for negative stand- and landscape-level
cumulative effects and the current paucity of methods
for detecting and assessing them (Cocklin et al.
1992b; Burris and Canter 1997) make studies of cu-
mulative impacts a vital area for further work (Paine et
al. 1998). Finally, studies of landscape heterogeneity

in matrix lands must account for the combined im-
pacts of human disturbances, such as logging, and nat-
ural disturbance regimes, such as wildfires, both on
landscape patterns and forest biodiversity.

Metapopulation Modeling and 
Fragmentation Effects
In Chapter 2, we outlined some general themes asso-
ciated with metapopulation dynamics and habitat
fragmentation. New generations of metapopulation
models and landscape models will need to include
positive or negative conditions in the matrix to im-
prove their predictive ability and take account of real
landscape conditions. This may include redefining
“patches” within these models to include surrounding
areas in the matrix that undergo temporal and/or spa-
tial changes in their suitability for organisms such as
changes due to longer rotations. Sisk et al. (1997) pro-
vided an elegant example in which they modeled bird
assemblages within California oak woodlands that
were embedded in a matrix of either grassland or
chaparral. 

Other areas of work on fragmentation effects and
matrix conditions are needed. A major knowledge gap
at present is the lack of rigorous empirical studies on
effects of threshold levels of habitat cover on species
occurrence and species diversity (Andrén 1994; see
the sections on fragmentation in Chapter 2). This
work is urgently needed because of the fundamental
importance of (1) habitat availability in species occur-
rence, and (2) separating effects of habitat loss from
the effects of habitat fragmentation. 

Effects of forest landscape modification on species
response is a second, related area of research that is
needed. Species occurrence has often been studied at
the patch level rather than the landscape level (Mc-
Garigal and McComb 1999) and there is possibly a
fundamental mismatch between the scale of landscape
change and the scale at which biota are sampled. This
problem is magnified when it is recognized that not all
parts of a landscape are created equal and that typi-
cally the most productive areas are also the most per-
turbed (Chapters 4 and 5). These issues have been ig-
nored by some workers who have compared perturbed
high-productivity environments with unperturbed low
productivity, found no differences in the target re-
sponse (e.g., species abundance), and incorrectly
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concluded there have been no impacts of landscape
change (Lindenmayer 1999b).

Reserve Effectiveness
Data on the relatively few species that can only occur
in reserves are essential because they help set the
bounds for the balance between reserve and matrix-
based strategies (e.g., the relative areas of forest allo-
cated to different uses, their spatial juxtaposition and
the contribution that one form of land tenure makes
to the other). These data are also important to further
improve approaches to reserve design, such as selec-
tion algorithms (Margules et al. 1995). 

Research is also needed to improve our under-
standing of the conservation value of midspatial-scale
reserves (e.g., those 50–1,000 hectares in size;
Zuidema et al. 1996). These types of protected areas
are increasingly important for biodiversity conserva-
tion (often because of social, economic, and pragmatic
reasons), even though they may not support viable
populations of all taxa (Schwartz 1999; see Chapter 5).
Establishment of such reserves can also be extremely
controversial, particularly with regard to the marginal
value of each size increment, as in the case of riparian
reserve width. This is partially because such midspa-
tial-scale (matrix-embedded) reserves are often pro-
posed for private as well as government lands.

Methods and Approaches for 
Future Ecological Research

To enhance the conservation of biodiversity in pro-
duction forests, management decision making must 
be better informed. Informed decision making is
based on new and better information. The relevant
knowledge will come from many different types of
investigations.

Experiments
Designed field experiments are relatively rare in forest
biodiversity research (although see Margules 1992;
Schmiegelow and Hannon 1993; Phillips 1996). More
are needed to address a wide range of questions span-
ning topics from the value of retained vegetation for
enhancing the recolonization of logged areas (Gib-

bons and Lindenmayer 2002) to the effectiveness of
wildlife corridors (Beier and Noss 1998).

While high-quality field experiments are invalu-
able, they also have limitations, including

• Expense. Some of the silvicultural experiments
in the northwestern United States have a cu-
mulative cost in excess of $US1 million per
replication. They also may need to run for
prolonged periods and so are vulnerable to
budget cuts and termination before results are
produced. 

• Lack of applicability to larger scales. Experiments
require the control of many potential sources
of influence. As a result, findings from some
experiments may have limited generality and
capacity for extrapolation to other systems or
problems at larger scales (McCarthy et al.
1997). 

• Unforeseen bias. By carefully controlling some
conditions (e.g., Tilman 1996), initially un-
foreseen biases can occur that confound the
results and interpretation of effects (Huston
1997). 

• Limited Replication. Experiments often have
few replicates, which reduce their statistical
power and necessitate caution when interpret-
ing results. 

• Lack of Complexity. Complex, interacting fac-
tors often cannot be readily examined in field
experiments despite the fact that they can in-
fluence species persistence; examples include
cumulative effects (sensu McComb et al.
1991; Burris and Canter 1997) and incremen-
tal long-term changes in landscape cover.

Conducting landscape-level experiments at spatial
scales relevant to mobile groups such as birds and bats
is a challenge (Wiens 1994). Some taxa will respond to
the details of the landscape mosaic, but the effects of
complexity created by interacting landscape compo-
nents will be extremely difficult to test (Wiens 1999).
Nevertheless, some important landscape-scale experi-
ments have commenced (Schmiegelow and Hannon
1993; Schmiegelow et al. 1997), and many more are
needed. Dooley and Bowers (1998) believed that
large-scale experiments are “an important intermedi-
ary between the inherent abstraction of simulation
modeling and what is observed in the real world.” For
example, stimulus from the material collated to write
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this book has resulted in a new large-scale experiment
(the Nanangroe Experiment) in southern New South
Wales (Australia), which was designed specifically to
test the effects of changes in the landscape matrix on
woodland vertebrates (Lindenmayer et al. 2001c; see
Chapter 13).

Retrospective and Other 
Observational Studies
Adaptive management studies will take time to gener-
ate results that are meaningful for applied forest man-
agement. Hence, other types of studies, including ob-
servational and retrospective studies (e.g., Recher et
al. 1987), quasi-experiments (sensu Dunning et al.
1995), and analytical descriptions (Haila 1988) are
useful.

Retrospective studies on sites logged or subject to
natural disturbances in the past can provide useful in-
formation relatively quickly, although their value is
dependent on the availability of good-quality data, es-
pecially for past-disturbance history. Analytical de-
scriptions are investigations in which ecological phe-
nomena are systematically described and related to
key relevant ecological theory and underlying assump-
tions (Haila 1988). Quasi-experiments are studies in
which a rigorous experimental design is employed to
take advantage of existing landscape characteristics
(Dunning et al. 1995). However, substituting space for
time in ecological studies requires caution because re-
sults can be confounded by past histories, especially in
systems where stochastic (disturbance) processes are
important. In these cases, time-series studies may be
essential to obtain unequivocal results (Pickett 1989). 

Murphy and Noon’s (1992) ecological principles
approach to identifying conservation strategies for the
northern spotted owl is another useful strategy that
synthesizes retrospective information on a target
species. 

Computer Modeling
Better matrix management approaches can gain a
great deal from computer modeling. For example,
modeling approaches can help clarify (1) how many
effective dispersal events are needed to maintain ge-
netic variability under different landscape configura-
tions (Lacy and Lindenmayer 1995), (2) the possible

patterns and pathways of animal movement in hetero-
geneous forest landscapes (Gustafson and Gardner
1996), and (3) the contrasts in landscape heterogene-
ity arising from wildfires versus checkerboard harvest-
ing regimes (McCarthy and Burgman 1995). 

Modeling can be useful in exploring very large-
scale processes that are often extremely difficult to test
with experiments or observational studies (Bissonette
1997). The modeling work in the Biodiversity Path-
ways Concept (Carey et al. 1996) (see Chapter 8) is a
good example. 

Computer-based modeling can contribute to ma-
trix management in other ways:

• It can act as a vehicle for synthesizing what is
and what is not known about particular phe-
nomena (e.g., dispersal patterns; Doak 1989)
and where future studies are needed (Burg-
man et al. 1993).

• It can help identify hypotheses for future test-
ing using field-based empirical studies (Pas-
cual and Adkison 1994), such as in adaptive
management programs (e.g., Walters 1986).

• It can provide a mechanism for comparing the
relative effectiveness of management options
(such as the risk of extinction of a given
species under several conservation strategies;
Possingham et al. 1993).

• It can assist managers in conceptualizing the
possible long-term consequences of particular
actions or strategies taken now (e.g., the cav-
ity-tree abundance simulator developed by
Ball et al. 1997, 1999).

Model-users should be clear about the limitations
of models and modeling. Modeling is an approach to
assist in understanding ecological systems and to facil-
itate problem analysis—but it cannot make precise
predictions. It will be most useful if it is based upon
good ecological data (Starfield and Bleloch 1992;
Burgman et al. 1993); otherwise, models can generate
outcomes of limited generic value and management
applicability (e.g., Tilman et al. 1994; see critique by
McCarthy et al. 1997). Indeed, empirical data provide
the only true test of ecological theory (Franklin and
MacMahon 2000). 

In summary, there is no such thing as a perfect eco-
logical study—all investigations will have limitations.
Conversely, all scientific approaches have something
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to contribute; the key is to be aware of the strengths
and limitations of each approach, identify the method
or combinations of methods likely to give the best
outcomes for a particular problem, and secure ade-
quate funds to allow rigorous implementation and
testing of the various approaches.

Other Areas for Research: The
Adoption of New Knowledge 

Many areas of ecological research are required to
bridge knowledge gaps in matrix management. But
the applied value of such research will only be realized
if and when it is adopted by forest management
agencies. 

There are numerous instances where results of
high-quality research are not adopted or only partially
adopted by natural resource managers (Underwood
1995; Dovers and Lindenmayer 1997; Dargarvel
1998; Kirkpatrick 1998). Klenner and Vyse (1999)
suggest that part of the problem could be the narrow
focus of much research, which limits its applicability
to forest management. Lautenschlager (1999) further
speculates that research might have greater applied
value if public concerns about natural resource man-
agement were included as part of the initial framing
and design of studies. In cases where research is highly
relevant to management, there can be a prolonged
time lag before its adoption (such as in the Murray-
Darling Basin in southeastern Australia; Ghassemi et
al. 1995). It is important to determine how to pro-
mote information transfer to reduce the time lag in
the uptake of new ecological ideas that are being gen-
erated so rapidly. 

Work is needed on the research adoption process
(Walker 1998) to determine (1) where it has been suc-
cessful, where it has failed, and why; (2) the organiza-
tional and other structures that promote or impair
capitalizing on new research (see Kirkpatrick 1998);
and (3) the interplay among research, policy, and
management. 

Research should be undertaken to determine how
to inject more science into policy—there are many
cases where changes in forest management have oc-
curred not because of ecological information, but as a

result of public pressure, legal challenges, and media
coverage (Lunney and Moon 1987; Franzreb 1993;
Yaffee 1994). For example, Funtowicz and Ravetz
(1991) describe situations typical of many recent for-
est debates where there have been a dearth of “hard”
science, extreme conflict in resource and conservation
values, and a need for urgency in decision making.
They argue that “hard” policy decisions have often
been driven by “soft” scientific input (Funtowicz and
Ravetz 1991). Perhaps this is not surprising given the
complexity of biodiversity conservation issues and that
forest management debates have social, economic, and
other dimensions. However, it is possible that re-
search adoption might be facilitated by the develop-
ment of better “scenario tools” that allow resource
managers and policy makers to model “what if” ques-
tions (Walters 1986).

Several authors (e.g., Kanowski and Buchy 1999;
Ison and Russell 2000) divide the process of adoption
of research into two levels of research and develop-
ment: first-order research and development, which
has a strong disciplinary focus on technical natural re-
source management problems, and second-order re-
search and development, which relates to problem
solving via mutual learning and collaborative multidis-
ciplinary partnerships between individuals and organ-
izations with different expertise and responsibilities in
natural resource management. Brand et al. (1993)
highlighted the need for such second-order research
and development in Canadian forests to promote eco-
logically sustainable forestry. 

More interdisciplinary work is needed on the inter-
faces among the generation of new scientific knowl-
edge, the stages of policy development, and institu-
tional structures and organization (e.g., Clark and
Kellert 1988; Clark 1993; Ison and Russell 2000). Such
work is fundamental because the adaptive management
process depends on feedback loops among research
outcomes, policy development and change, and imple-
mentation of upgraded approaches on the ground
(Chapter 16). Failure to communicate new research
results (or failure to have results adopted as part of for-
est management) severs these links, leading to a break-
down of the adaptive management framework. Finally,
future research should assess whether the adaptive
management framework is itself an effective process or
whether other frameworks are needed (Rogers 1997).
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Development of comprehensive biodiversity conserva-
tion plans (and, as part of this, matrix management
strategies) has powerful social and policy dimensions as
noted earlier. These dimensions are key drivers in in-
fluencing research and its adoption, as well as being
fundamentally important for approaches to natural re-
source use, such as adaptive management. We explore
some of these dimensions very briefly in Chapter 18. 

There is much evidence that, in many cases, cred-
ible science has ultimately been incorporated into
management as the result of social factors—particu-
larly laws and regulations—to which market pres-
sures (for certification) may be added in the future.
For example, science and scientific credibility were
central in legal actions brought under the National

Forest Management and Endangered Species Acts in
the United States. Scientists and scientific syntheses
were made central elements in development of plans,
which were then judged for scientific credibility by
courts.

Although litigation is probably not an optional ap-
proach to developing and evaluating ecosystem man-
agement plans, experience does suggest that “require-
ments” imposed by nonresource managers and
organizations may be major factors driving develop-
ment and application of science in the future. This
circumstance is not without substantial risks and in
fact may result in mounting public confusion as scien-
tists increasingly contend with one another to present
“scientific truth.”



Allocating land to either reserves or commodity produc-
tion has been the traditional approach to resolving dis-
putes over management of forest resources. Continued

dependence upon simplistic land allocation approaches will
result in further losses of biodiversity as populations of many
species are reduced or eliminated from matrix lands. Adopt-
ing conservation-based matrix management approaches,
which blur the distinctions between forests in different land
tenures, is the antithesis of the land allocation paradigm.
The continuum of possibilities—from those based primarily
on allocation to those based primarily on integrated man-
agement—provides national and global societies with im-
portant forest policy choices.

Integrated management of forest land to conserve biodi-
versity and ecosystem processes is philosophically and prac-
tically challenging for most stakeholders, including resource
managers, conservationists, scientists, politicians, and
landowners and their related institutions. Integrated ap-
proaches are more complex to apply and understand, re-
quire compromise and continued interactions among stake-
holders, and can be more expensive than allocated
solutions. Unfortunately, approaches based strictly on alloca-
tion of the forest-land base are not likely to achieve many
societal goals, however appealing they may be in the short
term. Integrated approaches will require adjustments by all
stakeholders, the leveling of global playing fields, and
incentives.

The balance between nonconsumptive and consump-
tive forest uses has been (and remains) a highly contro-
versial issue throughout most of the world. It is a com-
plex issue that is, nevertheless, often reduced to
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Social and Other Dimensions Associated with 
Matrix Management

Resource problems are, after all, human problems that are generated through
economic and political systems which humans design.

—LUDWIG ET AL. (1993)

281

struggles between reservation and harvesting of native
forests. Although the global focus often has been on
tropical rainforests, some of the most intense contro-
versies involve temperate forests. This has been the
case for several decades in such diverse regions as
North America (Thomas et al. 1990; Diem 1992; For-
est Ecosystem Management Assessment Team 1993;
Scientific Panel for Sustainable Forest Practices in
Clayoquot Sound 1995; Sierra Nevada Ecosystem Pro-
ject 1994; Yaffee 1994), Australia (Routley and Routley
1975; Lunney and Moon 1987; Kirkpatrick 1998),
Scandinavia (Virkkala et al. 1994), and Chile (Armesto
et al. 1998). Controversies over forest management are
not confined to scientific issues (e.g., Duffy and Meier
1992 versus Johnson et al. 1992; Abbott and Chris-
tensen 1994 versus Calver et al. 1997). Rather, they
have incorporated social, economic, and political issues
(Resource Assessment Commission 1992; Yaffee 1994;
Dargarvel 1995; Kirkpatrick 1998) as proponents of
“exploitation” (the forest products industry) and
“preservation” (conservationists) have debated expan-
sion of wilderness areas (Dargarvel 1998; Lindenmayer
and Recher 1998). Contributing to the intensity of the
debates has been the intense focus of most forest man-
agement on commodity production, which is apparent
from the rapid conversion of primeval forests to planta-
tions, simplification of stands and landscapes, and lim-
ited consideration of nontimber forest values (Carey
and Curtis 1996).

While substantial changes in forest policy and
management have occurred in some regions, modified
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management of matrix lands for biodiversity and
other ecological values has not received nearly as
much attention as forest reservation. Policies recently
adopted for some federal lands in the United States
provide an important exception, although even in this
case extensive reserves are typically a component of
new regional plans. In Australia, formal efforts to in-
corporate matrix management, such as the Ecologi-
cally Sustainable Forest Management (ESFM)
process, have emerged only recently; even these ef-
forts can be compromised by intensified harvesting
operations on matrix lands (Bauhaus 1999), which
would transform some native forests into de facto
plantations (e.g., Churton et al. 1996) (see Box 5.4 in
Chapter 5).

Society ultimately will make the important deci-
sions regarding the balance among forest uses and the
strategies that will be used to achieve that balance. In
this chapter, we explore some social, economic, and
philosophical issues associated with matrix manage-
ment. Adoption of such matrix-based approaches in-
volves far more than forest and conservation science

since it intersects with society’s valuation of various
goods and services as well as the economics and oper-
ational reality of implementing forest operations (Fig-
ure 18.1). 

Allocation Versus Integration as 
a Basis for Resolving Conflicts 
in Forest Use

Allocation and integration provide two contrasting
approaches to resolving conflicts among forest uses,
including conservation of biodiversity. At one end of
the continuum of possibilities are policies in which the
forest estate is allocated to intensively managed pro-
duction forests (“fiber farms”) and to reserves or
wilderness areas reserved from commodity production
and often any overt human manipulation. Near the
opposite end of the continuum are policies that en-
courage integrated approaches that incorporate com-
modity and ecological goals on significant portions of
the forest estate. Our emphasis in this book is on
management of the matrix for a variety of forest
values—in effect, for forest policies that incorporate
integrated approaches. We feel that relying primarily
on an allocation strategy will ultimately be less suc-
cessful at achieving societal goals, including sustain-
able forestry and desired levels of biodiversity. How-
ever, many participants in forest debates have a
different view and advocate—or at least accept—divi-
sion of the forest estate into fiber farms and reserves
as the preferred solution. Why is this?

Logically one might expect most human societies
to favor integrated approaches that provide win-win
solutions for a large number of stakeholders and vari-
ety of forest values—but this is not necessarily re-
flected in debates over forest policy. To the contrary,
many important stakeholders on all sides of forest
controversies advocate allocation as the solution.
These include global wood products corporations, in-
ternational conservation organizations, and intellectu-
als from diverse disciplines, including conservation bi-
ology, forestry, and social science. These stakeholders
have a shared view of biodiversity conservation as
being primarily a “set-aside” issue—a societal objec-
tive that is best or solely achievable by allocating lands

FIGURE 18.1. The intersection of forest and conservation
science, community values, and the operational reality of im-
plementing on-the-ground strategies for forest manage-
ment. The shaded area in the center of the three core
“spheres of influence” corresponds to actual on-the-ground
forest management. Redrawn from a diagram presented by
Linda Coady, Weyerhaeuser Company, Vancouver Island,
British Columbia, Canada.
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to reserves, thereby freeing the remaining lands from
significant conservation obligations. Surprisingly, such
diverse stakeholders as timber corporations and large
environmental organizations agree on this strategy
and disagree only about how the forest pie is to be di-
vided (i.e., which lands [location and total extent] are
to be reserved.)

New Zealand adopted the allocation approach as
national forest policy and is often used to exemplify
the approach, which is sometimes referred to as the
“New Zealand solution.” In effect, the government
reserved all native forests under its control from com-
modity management and concentrated wood produc-
tion in plantations of exotic (nonnative) tree species
on private and government lands. The issue was not
whether some native forests could be managed to pro-
duce commodities and sustain biodiversity; indeed, a
limited harvest program in native forests based on
aerial removal of small patches of trees was proving
both profitable and congruent with ecological values.
Rather, the issue largely revolved around social issues,
some of which are discussed below, and the solution
was political rather than scientific. An accommodation
between the timber industry and conservationists was
apparently part of the solution, with most industrial
players agreeing to forgo timber from native forests in
return for a freer hand in intensively managing the
plantations. Some limitations of the New Zealand so-
lution are discussed below; there are serious questions
about how well it has worked for either the native
forests or for society at large, even in this small
country.

Stakeholders tend to prefer allocated to integrated
solutions for many reasons. Allocation is much sim-
pler, technically and socially, than integrated ap-
proaches to resource management. Managing forest
landscapes for both commodity and environmental
values (including biodiversity) requires scientific in-
formation about many ecological attributes, complex
analyses of trade-offs (optimization) among these val-
ues, and perpetual and exhausting social interactions
among stakeholders. Managing forests to maximize a
single value, such as production of timber, is much
simpler, even if measures are required to mitigate en-
vironmental impacts. 

Second, allocation solutions are politically attrac-
tive because they are simpler and, therefore, much

easier to understand and explain. They also appear to
provide permanent solutions to the conflicts and cer-
tainty for all stakeholders, which are desirable out-
comes politically.

Third, allocation solutions are philosophically 
satisfying—no compromises are required. Stakehold-
ers differ profoundly in their valuation of forests, from
the spiritual and aesthetic appreciations of natural
forests held by many conservationists to the strong
utilitarian values of many individual and corporate
stakeholders. Allocated approaches tend to satisfy
stakeholders’ values, since once lands are allocated be-
tween commodity and conservation goals, few addi-
tional compromises are necessary. Overt human ma-
nipulation can be proscribed absolutely within the
reserves and industry can pursue profit maximization
on unreserved lands without biodiversity constraints.
Furthermore, future interactions among stakeholders
who have major philosophical differences can be lim-
ited; in contrast, integrated approaches require of
stakeholders continuing—indeed perpetual—dialogue
and willingness to compromise.

Fourth, allocated solutions appear to be cheaper
and more efficient in achieving goals, at least with re-
gard to production of commodities, such as wood.
This is partially related to their simplicity (e.g., re-
duced information needs and lack of trade-offs) as
well as to externalization of some environmental and
long-term costs.

Fifth, allocated solutions typically serve institu-
tional goals or imperatives better than integrated solu-
tions do. Such approaches produce well-defined, ap-
parently permanent outcomes (e.g., lines drawn on
maps defining boundaries of reserves or wilderness
areas) that provide satisfaction to institutional mem-
bers and which can be used effectively in soliciting ad-
ditional financial support. Furthermore, publicly con-
sidering matrix-based approaches can weaken the
cases that institutions are making for specific goals.
For example, agreeing that some species may be sus-
tained on managed lands may be perceived as under-
cutting the case for reserves. (Indeed, there are some
cases where there is no room for compromise on bio-
logical conservation [Woodwell 1989].) Presumably,
allocated solutions also provide corporations with cer-
tainty regarding resource supplies and the regulatory
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environment that are attractive to investors and please
corporate boards.

Sixth, evidence for the ability of integrated matrix-
based approaches to achieve goals, such as successful
demonstrations, pilot projects, experiments, and other
scientific studies, is limited. Consequently, there are
questions about the degree to which ecological condi-
tions can be restored and biodiversity sustained in the
matrix. As noted earlier, trading habitat that is known
to be suitable (in existing native forests) for hypothet-
ical habitat (in stands that are to be managed in new
and enlightened ways) is viewed as risky to biodiver-
sity goals. Of course, the long-term success of reserve-
based approaches (allocation) in conserving biodiver-
sity is equally unknown, particularly under realistic
projections regarding the ultimate extent and geo-
graphic location of global forest reserves. 

And, finally, the lack of trust and goodwill among
stakeholders favors allocation approaches. Many con-
servationists doubt that the timber industry would
ever adopt practices that reduce their return on in-
vestment; proposals for modified management by
commodity producers are often viewed as public rela-
tions ploys rather than substantive proposals to ac-
commodate biodiversity. Commodity groups often
feel the need to clearly define the commodity land-
scape in order to resist the insatiable appetite of con-
servationists for additional reserves. Resource man-
agers often lack credibility with stakeholders because
of perceived biases toward commodity production and
reluctance to innovate (Pittock 1994). 

To summarize, land allocation is generally viewed
as a much simpler means of resolving natural resource
management issues than the more complex, multi-
scaled strategies involved when large ecological re-
serves are integrated with matrix management, as
outlined in this book. Integrated approaches are chal-
lenging for all stakeholders, including conservation-
ists, politicians, resource managers, and the general
public. Delineating production and conservation lands
assists politicians and bureaucrats in moving forest de-
bates off the political agenda (Dargarvel 1998), re-
duces pressures on resource managers to manage for
multiple and often conflicting objectives, allows for
relatively uncomplicated planning and management
requirements on timberlands, and provides certainty
that potentially negative effects of human activities are

excluded from critical forest areas (at least in the short
term).

There are many other factors that affect the will-
ingness of stakeholders to work with one another and
determine the acceptable balance point along the allo-
cation-integration continuum. Competition in global
markets is an important concern for corporations;
how can a company hope to compete if they voluntar-
ily adopt approaches that increase costs of production
when others do not adopt such measures? Often de-
bates in temperate and boreal regions are colored by
attitudes or information acquired under the very dif-
ferent conditions found in tropical forests—concerns
and circumstances that are not always relevant to
forestry debates at higher latitudes. Related to this is
the fact that most primary forests in temperate re-
gions have already been incorporated into the matrix,
particularly those found at lower elevations and on
highly productive sites; hence, there is strong opposi-
tion to any additional loss.

Increasing the Viability of Integrated
Approaches to Forest Landscapes
Our recurring theme is that allocating lands to re-
serves will not, by itself, achieve an acceptable level of
biodiversity conservation. The establishment of large
ecological reserves is necessary but not sufficient as a
strategy (see Chapter 5) (Franklin 1993a; McNeely
1994a,b).

Allocation-based approaches, such as the one
adopted in New Zealand, are demonstrably flawed
and include many limitations (see also discussion of
limitations of reserves in Chapter 5).

One such limitation is that many critical ecological
values are so pervasive in the landscape that they can
be neither captured nor mitigated by reserve systems.
Stream and river systems, which provide habitat for
aquatic biota and well-regulated, high-quality flows of
water, are an excellent example. Riparian and aquatic
habitats are a distributed system that must be con-
served and protected wherever it occurs, including in
commodity landscapes occupied by exotic plantations
(as is increasingly understood in New Zealand).
Hence, allocated approaches cannot free commodity
landowners of all obligations to biodiversity and
ecosystem processes.
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A second limitation is that many (perhaps most) re-
served forest landscapes require active management to
achieve long-term goals. For example, management is
often needed to restore natural conditions (remove
roads, accelerate development of structurally complex
stands, reduce unnatural fuel loadings) and protect
ecosystems from unnatural disturbances, including ex-
otic organisms. However, societies are typically un-
willing to provide sufficient funding for restoration
and management of areas that provide few direct eco-
nomic benefits. For example, forests in New Zealand
are beset by exotic organisms, including marsupials
introduced from Australia, but limited funds are avail-
able for management or protection of the native
forests. Even national parks in Canada, the United
States, and Australia lack sufficient funding for ade-
quate resource management programs. Lack of fund-
ing for management of reserves may become an even
larger problem in the face of global environmental
change.

A third limitation is that allocation approaches as-
sume that the long-term productivity of matrix lands
can be sustained under intensive management regimes
that impact soil physical and chemical properties and
reduce the diversity of fungi, invertebrates, and other
small organisms that sustain key ecosystem processes.
There is limited  scientific research and empirical evi-
dence regarding long-term productivity under very
intense management regimes.

Last, allocation approaches often ignore the eco-
nomic and social needs of local communities, includ-
ing indigenous peoples. Powerful stakeholders (e.g.,
corporations and international conservation organiza-
tions) tend to achieve their goals but less-powerful
stakeholders often do not.

One of the challenges of matrix-based manage-
ment, then, is to create mechanisms that encourage
the development, adoption, and implementation of in-
tegrated approaches to forest lands. In the remainder
of this chapter we discuss 

• Approaches that can be used to achieve this
goal, including market-based incentives such
as forest certification

• Problems that need to be addressed, such as
adjustments in harvest levels

• Incentives for change among stakeholders

The Role of Globalization, 
Markets, and Certification

Globalization of the wood products industry has po-
tential for both positive and negative impacts on sus-
tainable management of forest landscapes (Daily and
Walker 2000). The World Commission on Forests
and Sustainable Development (1999) estimated that
international trade in wood products exceeds $US100
billion annually, which is about 3 percent of world
merchandise trade. Globalization can either reduce or
exacerbate such market-based problems as inequities
in environmental obligations among wood producers
in different regions. Market-based incentives for eco-
logically sensitive management that would level the
playing field for all producers would be an important
positive development, for example. Global markets
driven solely by price-based competition are a nega-
tive development.

Forest Certification
Forest certification represents a market-based mecha-
nism that is potentially an important counter to eco-
logical problems created by globalization of the wood
products industry (Viana et al. 1996; Wallis et al.
1997). Forest certification provides standards of con-
duct of forest operations and periodic assessments of
those operations—preferably by a third party—for
conforming to these standards. Social and economic
criteria are typically used along with environmental
standards. As markets and purchasers require such
certification processes, pressures increase for wood
product firms to adopt environmentally sound prac-
tices in forest management. Certified forest products
are typically labeled to identify that they have been
produced in accordance with specified standards of
sustainability, such as those defined by the Forest
Stewardship Council (1993). Credible certification
programs should ultimately result in enhanced matrix
management on forest ownerships.

Certification arose partially from the 1992 Earth
Summit in Rio de Janeiro. Attendees at this confer-
ence agreed that decisions regarding utilization of
natural resources should link both producers and con-
sumers and consider impacts on residents of other
countries as well as future generations (Viana et al.
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1996). International cooperation is important for
species with distributions that span several countries
(e.g., bird taxa in Scandinavia and Russia) or that mi-
grate between continents (e.g., Neotropical song-
birds).

The overall goal in certification is the adoption of
standards that will ensure forest management is envi-
ronmentally sensitive, socially aware, and economi-
cally viable (Upton and Bass 1996). Landowners
(which can include governments) enter into an agree-
ment with a certifying organization to conduct their
forest management according to defined standards.
Under systems where third-party certification is re-
quired, certifying organizations or organizations char-
tered by them periodically assess performance. Prod-
ucts derived from certified forests are typically labeled
with a logo that allows consumers to identify these as
“green” products from forests managed using envi-
ronmentally responsible practices. Some “self-certifi-
cation” programs have been created, such as the Sus-
tainable Forestry Initiative (SFI) of the American
Forest Products Association, but self-certification
lacks the credibility of third-party assessments;
recognizing this, some companies subscribing to the
SFI standards are voluntarily obtaining third-party
certification.

The leading third-party certification system is cur-
rently the program developed by the Forest Steward-
ship Council (FSC), which was established in 1993. A
primary goal of this nongovernmental, nonprofit or-
ganization was to ensure that forestry practices in dif-
ferent nations were consistent with international con-
ventions on ecological sustainability and the
conservation of biodiversity (Wallis et al. 1997). FSC
has adopted general principles for sustainable forestry
practices; national or regional groups supplement
these by developing detailed interpretations of those
standards. This process occurred in Sweden in
1995–1996 (Angelstam and Pettersson 1997), and by
1999 approximately 25 percent of all forests in Swe-
den had been certified using detailed standards estab-
lished by the Swedish Forest Stewardship Council
(Hazell and Gustafsson 1999). 

Actual certification of forest projects is conducted
by private organizations, which are accredited by FSC
to administer FSC standards; these may be either for
profit or nonprofit organizations. As of mid-2000,

more than 18 million hectares of forest worldwide
have been certified using FSC standards (Cauley et al.
2001). Certified ownerships vary widely in type and
size, from privately owned forestry companies and
tribal properties to government lands, such as the
Pennsylvania state forests in the United States.
Collins Pine Company, in northeastern California,
was the first timber company to be certified by FSC
standards; the fact that this is a privately held (family)
business rather than a publicly held corporation is
probably significant. Collins Pine Company commit-
ted itself to

• Training its employees in sustainability prin-
ciples

• Improving energy efficiency and timber pro-
duction

• Improving practices for water conservation
(Daily and Walker 2000)

Certification and consumer environmental con-
cerns have already impacted many existing and poten-
tial forestry projects (see the case study on the Rio
Condor Project in Chapter 15). For example, large
contracts to export timber products from Western
Australia to Europe were lost because there was no
credible evidence that these Australian forests were
being managed according to ecologically sustainable
principles. There is evidence that businesses can profit
from improved environmental practices (Socolow et
al. 1994; Daily and Walker 2000). Mönkkönen (1999)
believes that certification could be a powerful tool to
increase the economic benefits and values of ecologi-
cally sustainable forest management in Scandinavia.

Many problems need to be resolved before the po-
tential benefits of certification for biodiversity conser-
vation can be fully realized.

For instance, there is little interest in—and some-
times outright hostility toward—certification in some
globally important forest regions, such as southeast
Asia, and in some major markets for forest products,
including countries such as Japan, China, and South
Korea (Jenkins and Smith 1999). Some of these coun-
tries may for the foreseeable future continue to ignore
the environmental impacts of their actions as produc-
ers and consumers of wood products. In many tropical
countries, international certification agreements may
have little impact since most harvested timber is con-
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sumed locally (Ghazoul 2001). Indeed, the total area
of forest estimated to be certified is presently 90 mil-
lion hectares or approximately 2 percent of the world’s
forested area (Food and Agriculture Organization of
the United Nations 2001).

Another problem involves the competition that ex-
ists among alternative certification systems. Some cer-
tification systems are viewed as less scientific and less
socially acceptable than others. As noted earlier, many
stakeholders believe third-party certification to be
more credible than self-certification. FSC is currently
the leader in providing a global standard for certifica-
tion, but it remains to be seen whether it will
ultimately be accepted by both wood products corpo-
rations and environmental organizations. A prolifera-
tion of certification systems could confuse consumers
and reduce the value of such approaches. 

A third problem lies in defining sustainability and
developing criteria that can be applied throughout the
globe. This will be a difficult problem, although the
two-tiered approach of FSC shows promise. Robust
indicators for sustainability (e.g., those set out under
the Montreal Process) have yet to be identified and
rigorously tested (Tickle et al. 1998; Lindenmayer et
al. 2001c). 

Yet another problem lies in the fact that secondary
impacts of logging on biodiversity are not adequately
considered in existing criteria and indicators. For ex-
ample, in many tropical countries logging roads lead
to massive increases in hunting for game animals or
bush meat (Redford 1992; Bennett 2000). In Africa
alone, trade in bush meat exceeds 1 million metric
tons annually (Bennett 2000), which has major nega-
tive impacts on wildlife populations and, ultimately,
some ecosystem processes.

Despite these problems, certification could have a
profound positive impact on forest practices and stim-
ulate much wider adoption of ecologically sensitive
matrix management (Putz and Romero 2001). This
depends, of course, on broad adoption of credible and
equitable certification systems with a robust set of
protocols but which also incorporate flexibility to ac-
commodate regional and national differences (Viana
et al. 1996; Wallis et al. 1997). Even with the current
status of certification, positive changes are already oc-
curring in forest practices, not only in developed na-
tions (Mönkönnen 1999) but also in less-developed

tropical nations (Nittler and Nash 1999; Putz et al.
2000; Ghazoul 2001). For example, the use of Re-
duced Impact Logging in Brazilian Amazonia by some
companies has allowed certification of timber for ex-
port to Europe (De Marajò and Paragominas 2001). 

Movement of Logs, Wood Chips, and Other
Unprocessed Wood Products, and Live
Woody Plants between Continents
A consequence of increased international trade in for-
est products during recent decades has been expanded
shipments of raw logs, wood chips, and untreated
wood products between continents. This trade repre-
sents a significant threat to native forest biodiversity
because trade in unprocessed wood and wood prod-
ucts provides for movement of virulent forest pests
and pathogens between continents and, consequently,
into forests populated by species that have little or no
resistance. Restoration of native forest biodiversity is
possible following clearcutting or, conceivably, even
following the potential disruptions of climate change
but not if dominant tree species are no longer viable
components of forest ecosystems.

The threat to native biodiversity is particularly se-
vere where natural forests are dominated by a single
species, because by decimating or extinguishing that
species, a new pathogen or pest can dramatically alter
the entire ecosystem. Obviously, the threat to the
wood products industry is also immense where that
economy depends upon extensive plantations of exotic
species, such as radiata pine, which are potentially vul-
nerable to the introduction of pests or pathogens,
often (but not always) from within their natural range.
Forest regions that depend on one or two primary
species as dominants in both natural forests and
plantations—such as Douglas-fir in the case of north-
western North America—are most at risk.

The threat to forests from exotic insects and dis-
eases as well as the role of live plants and unprocessed
wood products as vectors for these organisms is evi-
dent from the historical record. North American
forests have been profoundly impacted by introduced
pests and pathogens most of which originated in
Eurasia. Examples include chestnut blight (essentially
extirpating American chestnut [Castanea dentata]),
white pine blister rust (eliminating western white pine
[Pinus monticola] as a commercial tree species and
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potentially extirpating whitebark pine [Pinus albi-
caulis], in much of its range), Dutch elm disease,
woolly adelgid (decimating eastern hemlock [Tsuga
canadensis]), gypsy moth (general forest defoliator in
the eastern United States and a perpetual threat along
the West Coast), and balsam woolly aphid (decimating
true firs [Abies spp.] in both eastern and western
North America). Pests are being introduced to other
continents, however, as demonstrated by a virulent in-
troduced nematode that has decimated native pines in
Japan and diseases introduced into exotic plantations
of radiata pine in South America.

Despite measures adopted to prevent such intro-
ductions, the escape of dangerous pests and pathogens
continues today and is probably accelerating because
of increases in intercontinental trade. It is simply im-
possible under current trade agreements to ensure
that pests and pathogens will not slip through various
treatment, inspection, and quarantine programs. As
this book is written, a disease of unknown origin is
spreading rapidly through hardwood forests in Cali-
fornia, decimating species belonging to the oak family
(Quercus). In 1999, Asian longhorned beetles were in-
troduced to the Chicago and New York areas of the
United States in shipping materials (crates, pallets)
made of wood that was not kiln-dried or otherwise
treated to destroy such pests. This was the most no-
table but not the only introduction of this aggressive
wood-boring insect. In 2001 in the Seattle area in the
northwestern United States, citrus longhorned beetles
escaped from live trees imported from Korea, while
these plants were still in quarantine. This Asiatic in-
sect is a serious potential threat to native wild hard-
wood species and some conifers as well as to urban
and orchard trees. 

Global efforts to sustain native forest biodiversity
must include a serious program to reduce the poten-
tial for intercontinental movements of forest pests and
pathogens. This should be a part of a larger effort to
prevent unwanted exotic organisms from becoming
established and directly and indirectly impacting the
composition, structure, and functioning of native
ecosystems. Eliminating movement of logs, wood-
chips, and other unprocessed wood products between
continents is logical from social as well as ecological
perspectives. The primary manufacture of wood prod-
ucts should occur in originating countries or regions.

Importing logs to sustain a few manufacturing facili-
ties, such as has occurred in the western United
States, cannot be justified in view of high risks to the
entire indigenous forest estate. 

Revised Timber Yields and Greater
Flexibility in Resource Allocation

Adopting matrix-based management without ap-
propriately adjusting timber harvest levels can re-
sult in simply shifting ecological impacts of har-
vesting from one part of the landscape to another.
As noted by many authors, wood production levels
must reflect the productive capacity of the land
base under a selected management regime and can-
not be stipulated a priori. 

Matrix-based management is going to result in
reduction of timber yields, at least the short run,
because

• Merchantable timber will be left behind on
harvest units as retained structures.

• Growth of regenerated stands is reduced at
least to some degree by competition from re-
tained trees and understory plants (Incoll
1979; Rotherham 1983), although this may
not always be an issue (Hansen et al. 1995b;
Florence 1996).

• Aggregated retention removes a percentage of
harvest areas entirely from production
(Franklin et al. 1997).

Commodity impacts of various matrix management
strategies, including modified silvicultural approaches,
require adjustments in timber harvest levels on these
lands. If adjustments are not made, then either the
matrix-based strategy will fail or ecological impacts
will be transferred to other lands through intensified
timber harvesting. (Failure to adjust harvest levels in
land tenures is, incidentally, a serious problem, with
allocated resolutions of conflicts where timber harvest
levels have not been adjusted to reflect reductions in
the production land base associated with establish-
ment of reserves.) In countries such as Australia, har-
vest adjustments are needed to meet stated objectives
of policies and legislation such as the National Forest
Policy Statement (Commonwealth of Australia 1992)
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and the National Biodiversity Strategy (Department
of the Environment, Sports, and Territories 1995).
Similarly, it was recognized that under the new forest
practices code adopted by British Columbia, reduc-
tions in timber production would be 6 percent over
ten years (Fenger 1996). On a smaller scale, shifting
from clearcutting to the variable retention harvest sys-
tem (see Chapter 8) in coastal British Columbia has
been estimated to reduce timber yields by 12 to 15
percent (G. Dunsworth personal communication). 

Long-term flexibility in calculated timber yields is
also needed to accommodate a variety of new circum-
stances. Examples of such circumstances include addi-
tional scientific information (e.g., the need to protect
habitat for newly discovered and/or rare species) and
impacts of natural disturbances, such as wildfires,
windstorms, and volcanic eruptions. Such flexibility is
an essential part of adaptive management (see Chapter
16). 

Reduced timber yields will often require adjust-
ments in societal commitments to the wood products
industry—an outcome that must be recognized by
politicians, foresters, conservationists, and the general
public. Policies and initiatives in some parts of the
world have attempted to “lock in” guaranteed supplies
of timber. Examples are the Australian Regional For-
est Agreements (e.g., Commonwealth of Australia and
Department of Natural Resources and Environment
1997) and Victorian Timber Industry Strategy (Gov-
ernment of Victoria 1986). Such commitments make
it impossible to adjust harvest to levels consistent with
ecologically sustainable matrix management strategies
(Forsyth 1998). The success of matrix management
strategies often hinges successful responses to the sig-
nificant localized social costs that occur when timber
harvest levels are adjusted. 

Increased Costs and Other Tradeoffs
Increased costs and other trade-offs occur with adop-
tion of matrix management for enhanced biodiversity
values. Maintaining the spatial, structural, and floristic
complexity of managed forests requires more compli-
cated pre-logging survey and planning. Worker safety
is another important factor regarding the use of mod-
ified silvicultural systems. These issues have arisen in
studies of alternative cutting methods in Victorian and
Tasmanian forests in southern Australia (Squire 1987;

Campbell 1997; Hickey and Neyland 2000) as well as
in North American forests (Hope and McComb
1994).

Increased silvicultural and planning complexity can
add to the costs of production in the short term,
although long-term losses of forest productivity
through the failure to maintain key ecosystem
processes may have significant economic costs (Pi-
mentel et al. 1992). Small-patch and shelterwood log-
ging were found to be 10–38 percent more expensive
than traditional clearcutting in the Montane Alterna-
tive Silvicultural Systems (MASS) project in western
Canada (Phillips 1996). Elsewhere, strategies such as
the retention of clumps of living trees were found to
retard rates of regrowth on cutover sites (Incoll 1979;
Rotherham 1983). Horne et al. (1991) estimated that
modified harvesting methods would result in a sub-
stantial reduction in timber royalties during an eighty-
year rotation across a 22,000-hectare forest manage-
ment area in the Australian state of New South Wales.
Different results have come from studies in other
forests such as the Douglas-fir region of the United
States. In that case, larger trees grown as a result of
longer rotations and increased stand retention levels
had increased relative values, which partially compen-
sated for reduced growth rates and lower levels of ex-
traction (Hansen et al. 1995b). Reduced impact log-
ging (RIL) (sensu Putz et al. 2000) in tropical forests
was actually significantly (more than 10 percent)
cheaper than conventional logging methods, which
did greater ecological damage (De Marajò and
Paragomines 2001). 

The trade-off between production costs and eco-
logical benefits for biodiversity can be explored using
integrated economic and ecological models (e.g.,
Hyde 1989; McKenney and Lindenmayer 1994;
Hansen et al. 1995b; Carey et al. 1999b). Results from
such models may reveal that conflicts between biodi-
versity conservation and commodity production ob-
jectives are less than initially anticipated, as in the case
of second-growth conifer forests in Washington state
(United States) (Carey et al. 1999b). In another exam-
ple, Tarp et al. (2000) found superior ecological and
economic outcomes from uneven-aged cutting prac-
tices in European beech (Fagus sylvatica) forests that
mimicked natural disturbance regimes more success-
fully than clearcutting did. 
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In-depth economic assessments of matrix-based
management are necessary. Analyses need to include
the full cost to society of alternative management ap-
proaches, including effects on long-term site produc-
tivity, impacts on nontarget organisms, and long-term
economic growth. Short-term job losses in the timber
industry have most typically been the focus of eco-
nomic analyses. However, matrix-based management
may actually increase employment (Hueting 1996)
and help reverse trends of declining employment as-
sociated with increasing mechanization in managed
forests (Hammond 1991; Dargarvel 1995). Employ-
ment of forest workers in restoration and monitoring
programs can make major short- and long-term con-
tributions to local economies.

Trade-offs between Native Forest
Management and Plantations
In a crude sense, matrix-based management is an ap-
proach to forests that is intermediate in intensity be-
tween preserves and plantations. Political, social, and
economic objectives are ultimately translated to poli-
cies that are located on the continuum of possibilities
(Figure 18.2). 

In some cases, the best outcome for biodiversity
conservation may be intensive plantation forestry in
some areas traded off against enhanced matrix man-
agement (e.g., structural retention and longer rota-
tions) or establishment of reserves in other areas.
Hunter (1994) and Hunter and Calhoun (1996) dis-
cuss this issue using three broad classes of land use:

1. Plantation landscapes with very high levels of wood
production

2. Multiple-use matrix lands that integrate some
wood production with maintenance of biodiversity
and other ecological values

3. Dedicated reserves with no wood production

Forests in the state of Maine (in the northeastern
United States) are used to exemplify changes in land
tenure that can arise from variations in the extent of
plantation areas (Hunter 1994; Seymour and Hunter
1999) (see Figure 18.3). Since timber yields from
plantation forests in Maine are three times greater
than those from multiple-use matrix lands, wood pro-
duction can be maintained while setting aside 3

hectares in dedicated reserves for each hectare allo-
cated to intensive plantation forestry (Seymour and
Hunter 1999). In Maine, 2 percent of the forest is cur-
rently in dedicated reserves, 90 percent in multiple-
use forest management, and 6 percent in intensively
managed plantations. A 2.5 percent increase in planta-
tions could theoretically allow a 10 percent increase in
dedicated reserves with no loss in wood production
(Figure 18.3) (Hunter 1994). However, there are po-
tential problems with such an approach (see below)
and while it might be appropriate for Maine, it cannot
be applied uncritically in all forest landscapes. 

Simply allocating land to large ecological reserves
and plantations is often complicated and controversial
for several reasons. First, some conservationists may
strongly oppose intensifying operations to the level of
fiber farms because of potential losses of biodiversity
(Routley and Routley 1975; Ray et al. 1983). A classic
example is Tasmania, where extensive clearing of na-
tive forest and creation of exotic plantations will have
major impacts on native forest diversity (see Box 5.5
in Chapter 5). 

Second, areas committed to plantations, if not
carefully selected, may foreclose any future options
for conservation management, possibly impacting key
elements of biodiversity (although ownership patterns
often reduce opportunities to make such selections).
Matrix management of native forests keeps open pos-
sible future options, while conversion of native forests
to plantations may be difficult or impossible to re-
verse. Problems with attempting to rationally allocate

FIGURE 18.2. Simplified relationships between the inten-
sity of forestry operations and timber yields, and biodiversity
conservation. 
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land are further complicated by the fact that the flat
and highly productive areas most suitable for planta-
tions are also richest in biodiversity and sites of some
key ecological processes (e.g., Braithwaite 1984; Har-
ris 1984; Lindenmayer et al. 1997c; Spellerberg and
Sawyer 1997). 

Third, the long-term productivity of plantation
forests depends on the presence of biota involved in
nutrient and carbon cycling (see Chapter 1), but if in-
tensive forestry operations do not provide for mainte-
nance of such organisms, they ultimately jeopardize
long-term forest health and productivity.

Fourth, intensively managed plantations often uti-
lize significant chemical inputs in the form of fertiliz-
ers, herbicides, and pesticides. Such chemicals can
have significant impacts on biota both within and
outside plantations, including aquatic ecosystems.
This could result in violations of criteria for sustain-
ability (World Wide Fund for Nature 1996; Com-
monwealth of Australia 1997, 1998; Wallis et al. 1997)
and thereby compromise the potential for forest
certification.

Objectives of forest management will largely deter-
mine appropriate ecological, social, and economic
trade-offs in land use allocations. For example, main-
tenance of timber yields from the state of Maine is the
driver in the model described for Maine (Hunter
1994) (Figure 18.3). Assessments of alternatives, such
as plantations versus integrated forestry approaches,
need to include consideration of location and design

of plantations and impacts on biodiversity and ecolog-
ical processes, as well as traditional cost-benefit analy-
ses (McKenney and Common 1989; Hunter and Cal-
houn 1996). Also, conversion of native forests to
plantations of exotic trees by widespread clearing of
native forest is generally no longer viewed as ecologi-
cally acceptable.

Changing Roles and Challenges for
Stakeholders in Forest Policy
Development

The environment for development and implementa-
tion of forest policies in the twenty-first century is
dramatically different than that of the previous cen-
tury, regardless of what specific mix of policies are ul-
timately adopted. There are many reasons for the dra-
matic change, including emergence of the concept of
the global village, with its attendant social as well as
economic implications; the scale of many challenges,
such as global environmental change; greatly ex-
panded capabilities for mass and personal communica-
tion (related to this expansion is the greatly increased
accessibility of information and the tools needed to
interpret and manipulate that information); increased
concerns for the environment, indigenous peoples,
and social justice; and increased direct involvement of
people in decisions related to the preceding factors.

FIGURE 18.3. Land use allocation in Maine (United States) resulting from an increase in the area allocated to intensive plan-
tation forestry. An increase in the area managed as plantations can enable a substantial increase in forest set aside as ecolog-
ical reserves (from Hunter 1994). This approach has some advantages, but it also could have potentially negative impacts in
some jurisdictions (see text). 

FPO
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Individual and institutional stakeholders in the
management of forests and other natural resources are
challenged to reconsider their roles, values, and atti-
tudes by these changes in the development and imple-
mentation of forest policy. The challenges exist re-
gardless of where regional, national, and global
policies ultimately come down along the gradient of
allocation and integration—although many changes
are accentuated by the adoption of matrix-based ap-
proaches to conservation of biodiversity and ecosys-
tem processes.

We begin this section by asserting that any stake-
holder seriously committed to the goal of conserving
forest biodiversity must recognize the importance of
the matrix in achieving that goal and must work to in-
corporate matrix-based approaches into local, re-
gional, national, and global conservation strategies.
With that as a working premise, there will be chal-
lenges for everyone participating in the development
of natural resource policies and projects. Decisions re-
garding the balance among various competing uses
will be difficult and will involve trade-offs among en-
vironmental, economic, and social objectives, differ-
ent ownerships, and even nations. Better communica-
tion, innovative institutional arrangements, very long
term commitments, and some level of respect (if not
trust) among stakeholders holding contrasting values
are some of the challenges for all participants. 

Challenges for Resource Professionals
Resource managers must assume new roles in the de-
velopment and implementation of forest policies. The
old resource managers (e.g., foresters and wildlife and
fisheries managers) were often viewed by society and
themselves as priesthoods or professional groups
uniquely capable of comprehending complex scientific
and technical matters and, hence, the appropriate
sources of policy decisions. Today, the data sources
(e.g., inventories and maps), management models, and
tools (e.g., powerful computers equipped with geo-
graphic information systems) are available to many, if
not most, stakeholders and their consultants, many 
of whom have scientific insights and technical capabil-
ities equal to those of professional employees. Fur-
thermore, these stakeholders often insist on being
meaningfully involved in everything from policy deci-
sions to on-the-ground project implementation. The

process of developing socially acceptable forest poli-
cies in infinitely varying natural and human land-
scapes is certainly extremely complex.

The roles of natural resource professionals are ac-
tually more demanding and exciting than they were in
the previous century. They require comprehensive
knowledge of the ecosystems and their constituent
species, creativity in developing and analyzing
management alternatives, and superior skills as com-
municators and as leaders in collaborations with
stakeholders. Textbooks and manuals—professional
orthodoxy—alone no longer suffice as guides. 

Resource professionals have a primary role as the
interface between ecosystems and society—perhaps
not a new role but one that is rejuvenated and empha-
sized. Resource professionals are appropriately ex-
pected to be the individuals most knowledgeable re-
garding ecosystems under their stewardship and the
limitations and potentials of these ecosystems under
different policies and management regimes. Resource
professionals must be able to communicate that
knowledge objectively and comprehensively, particu-
larly where public policies and public lands are in-
volved. Selective use of information or abridgement of
management alternatives, such as often occurred in
the past, is not appropriate, but informing stakehold-
ers of uncertainties and risks associated with various
management alternatives is essential. Some implica-
tions for the education of resource professionals are
obvious, including improved communication skills
and expanded general knowledge of ecological
processes ( Jackson 1994) as well as intimate familiar-
ity with the landscapes and ecosystems for which they
have responsibility.

Challenges for Conservationists
Individuals and organizations involved with nature
conservation need to evaluate their primary goals,
particularly with regard to the relative importance of
preserving “natural” ecosystems and landscapes versus
the conservation of biodiversity. The highest priority
for many conservationists and environmental organi-
zations actually appears to be the reservation of areas
lacking overt human activity—or, in other words, wild
landscapes—and not threatened forest ecosystems or
organisms (e.g., Armesto et al. 1998). Protecting all
remaining primary forests is not congruent with the
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goal of sustaining the highest-possible level of forest
biodiversity. Many policy decisions are zero-sum
games in which objectives achieved in one quarter in-
volve concessions in others; hence, short- and long-
term trade-offs between various conservation objec-
tives need more careful consideration than appears to
have occurred in the past. Money, credibility, and po-
litical capital are not available in infinite supply.
Hence, trade-offs need to be carefully considered in
analyzing proposed programs and policies, particu-
larly for potentially perverse policies that ultimately
result in negative impacts on biodiversity conserva-
tion. For example, expansions in reserves that result in
intensified management in the matrix can be a bad
outcome for biodiversity conservation (Schwartz and
van Mantgem 1997; see Chapter 5). Trading lands im-
portant for biodiversity for lands with high political
appeal but that make little or no additional contribu-
tion to biodiversity conservation is another example of
a perverse policy. Such circumstances do occur, as was
the case recently in California. Well-meaning political
initiatives to constrain management (e.g., to ban even-
aged management) can also have perverse conse-
quences if they create incentives to convert forestlands
to other purposes, such as subdivisions.

Challenges for Scientists
Resource management in the twenty-first century
provides many challenges to scientists. In our view,
one challenge is to better understand that their pro-
fessional role is to generate scientific information, not
to make policy decisions. A part of that process in-
volves recognizing the personal values and biases that
they bring to the table and to separate those from the
objective knowledge that they are expected to provide.
Scientists need to improve their communication skills
(Noble 1994). Increasing dialogue and collaboration
among natural and social scientists is crucial, and nat-
ural scientists in particular need a much better under-
standing of policy-making processes.

Scientists need to extend their participation in pol-
icy processes beyond published reports and scientific
papers. For example, the direct communication of sci-
entific results to stakeholders, including resource
managers and politicians, is important, particularly
when the science has relevance to policy or practice
(Wills and Hobbs 1998). Many scientists appear to

operate under a “strategy of hope,” in which they sim-
ply hope that their work will be useful for manage-
ment professionals but do nothing to further that goal
(Hamel and Prahalad 1989). Participation by scientists
in the design and implementation of adaptive manage-
ment activities is particularly important (see Chapter
16). Scientists can assist by contributing new concepts,
particularly those that lie outside traditional ap-
proaches (i.e., paradigm shifts), such as the variable
retention harvest system in northwestern North
America (see Chapter 8). 

Scientists need to use language that is understood
by other stakeholders in defining problems and pre-
senting solutions (Warren 1993). They have to work
to make key concepts and themes understandable. As
elegantly put by Naiman and Turner (2000), scientists
not only need to “do good science but also [to do]
useful science that is used in decision-making.”

Resolution of disputes over interpretation of sci-
entific studies is already becoming a challenging
topic as face-offs between contending scientific con-
sultants increase in legislative and judicial forums.
Kirkpatrick (1998) has argued that such debates
should be more open. Independent or third-party re-
view has been proposed (and used) as a mechanism
to ensure that environmental decisions and policy
are based on the best-available scientific information
(Meffe et al. 1998) and are open and transparent
(Horowitz and Calver 1998). Calver et al. (1997) ar-
gued that scientific debates should include full publi-
cation of relevant datasets in the refereed scientific
literature, careful evaluation and analysis (and
reevaluation and reanalysis) of existing datasets, and
targeted research programs to address knowledge
deficiencies. 

Finally, scientists need to be more aware that sci-
ence is only part of the basis for policy decisions but
not necessarily the primary basis. Social factors, in-
cluding politics and economics, are also major and
often dominant factors (Funtowicz and Ravetz 1991).

Challenges for Organizations and Institutions
If matrix management is to succeed, coordinated
management will be required over different land
tenures, from intensely managed forest landscapes to
national parks and wilderness areas (Recher 1985;
Norton and Lindenmayer 1991). This necessitates
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coordination and integration among organizations
that have sometimes been antagonistic (Wright
1999) because of fundamentally different objectives
and institutional cultures (Shea et al. 1997; Bissix and
Rees 2001). In some cases there have been struggles
over land jurisdiction, access to upper echelons of
government, and legitimacy for their philosophy of
land management. These antagonisms are added to
other difficulties in collaboration, such as separate
and incompatible databases. Another important con-
straint for corporate landowners in some countries is
legal liabilities associated with collaborative planning
for management of natural resources; such coopera-
tive efforts can be viewed as illegal collusion among
market competitors. 

Organizations need to develop collaborative ap-
proaches and incentive structures to overcome tech-
nical barriers and past antagonisms (Bissix and Rees
2001). Models from other resource sectors, such as
the water industry, may provide examples for
forestry. For example, in Australia, the Murray-
Darling Basin Commission has oversight of multi-
sector interests across multiple states. In the United
States, President Clinton directed all federal agen-
cies to actively collaborate in the development and
implementation of the Northwest Forest Plan, a goal
that was effectively achieved and is reflected in the
continued existence of the Regional Ecosystem Of-
fice staffed by individuals from all affected federal
agencies (Pipkin 1998). 

There are many other examples of coordinated for-
est research programs. The Canadian Forest Service
maintains a section dedicated to technology transfer
of research outcomes (D. McKenney personal com-
munication). Klenner and Vyse (1999) even suggest
the adoption of a reward system for researchers and
managers to participate in multidisciplinary studies
that address forest management problems in that
country. Rogers (1997) has outlined a scientist/man-
ager interface to improve natural resource manage-
ment and discussed its value in conservation programs
in Kruger National Park in South Africa.

Indeed, there is a very long history of collaboration
among disparate forest organizations in the arena of
forest protection. For example, cooperative fire sup-
pression programs have existed in North America for
nearly a century. Similar multi-owner, multi-agency

programs have been successfully implemented with
regard to other aspects of forest protection. There are
certainly lessons that can be applied to collaborative
efforts for conservation of biodiversity. 

Changes in education and training also can con-
tribute to better cooperation between organizations
and lead potentially to integrated approaches, such as
matrix management. Multidisciplinary training of nat-
ural resource professionals promotes an improved
ability to manage across land tenures and provides the
skills needed to tackle multifaceted issues.

Finally, organizations are challenged to devote ade-
quate resources to management of databases, includ-
ing the establishment of appropriate protocols (e.g.,
for documentation). High-quality, long-term, spatially
explicit datasets on resource conditions, management
activities (objectives, plans, and treatments), and mon-
itoring are absolutely essential. Development of com-
patible approaches, at least among government agen-
cies, is also an important goal.

Challenges to the Body Politic

Making the difficult choices between various alterna-
tive natural resource strategies is probably the greatest
challenge for political bodies. As was very clear in the
last decades of the twentieth century, decisions re-
garding environmental policy (including conservation
of biodiversity) involve major trade-offs among envi-
ronmental, social, and economic objectives. The de-
bates and decision-making processes need to incorpo-
rate all relevant scientific and technical information,
which is itself a challenge. Presenting alternatives and
outcomes to political bodies in a clear and concise
fashion can make explicit the costs, benefits, uncer-
tainties, and risks to all parties (including decision
makers) (i.e., it will often make clear that difficult
choices must be made) (Johnson et al. 1991).

Providing and sustaining adequate financial sup-
port for conservation programs is an immense politi-
cal challenge once policies and programs are adopted.
Sustaining long-term financial support is particularly
important in managing natural resources, including
biodiversity, and a difficult challenge for governments,
with their annual or biennial funding cycles and con-
stant budgetary pressures (Yaffee 1994; Lugg 1998).
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There are techniques to circumvent such problems,
such as development of trusts or issuance of bonds.
Ultimately, solutions to the problem of sustained,
long-term support depend upon public acceptance of
and commitment to these programs, which will
require continuing education and involvement of 
citizenry.

There is no real alternative to public involve-
ment and collaboration among all stakeholder
groups in the development and implementation of
policies for the conservation of forest biodiversity.
We believe that this is the only way of generating
policies that meet the final and absolute test: to be
sustainable, policies must be socially acceptable.





M
ore than 90 percent of the world’s forests are in
the matrix outside reserve systems. Strategies to
manage matrix lands for the conservation of for-

est biodiversity are essential and are fundamental to
any comprehensive strategy for biodiversity conserva-
tion. If the matrix is managed appropriately, the ma-
jority of forest biodiversity will actually persist there,
augmenting the important but inadequate system of
large ecological reserve systems (both current and
potential).

Consequently, management strategies in the matrix
will determine overall levels of forest biodiversity that
are sustained, including (1) size, viability, and distribu-
tion of populations of most forest-dependent organ-
isms, (2) connectivity, by facilitating or obstructing
the movement of organisms, and (3) a level of buffer-
ing for sensitive areas, including reserves. 

Management of the matrix to maintain ecosystem
processes is also critical to sustained production of
goods and services, such as wood, fiber, and well-reg-
ulated, high-quality water. Although we have not ad-
dressed this in detail, we strongly believe that societies
must and will come to better comprehend and value
the services provided by forests.

The matrix has been consistently overlooked or ig-
nored in conservation biology despite its importance
(Chapter 2). The focus has been on habitat (reserves)
and nonhabitat (the matrix or the “rest” of the land-
scape). Reductionist theories and approaches have
oversimplified the complexity of real landscapes.
Many so-called general conservation principles have

C H A P T E R  1 9

Future Directions
. . . it is the history of all great industries . . . that the necessity for modification
is not seen until the harm has been done and the results are felt.

—OVERTON PRICE [1902] IN GREGORY (1997)

297

not provided good service in attempts to conserve
biodiversity. This has been elegantly noted by Harri-
son (1991): 

it may be both unrealistic and dangerous to pro-
mote general “principles of conservation biology,”
as is sometimes done on the grounds that non-aca-
demics must be presented with simple rules. The
alternative is to accept that conservation biology is
an essentially empirical science . . . and that in the
practical arena, we may do better to explain than to
hide the complexities and uncertainties involved.

We believe that explicit considerations of the ma-
trix as a key landscape component will better inform
ecological theory and advance efforts to conserve bio-
diversity. Greater emphasis should be placed on such
topics as responses of species to matrix conditions, use
and movement of biota through the matrix, and the
influences of modified matrix management on edge
effects. Relatively disparate disciplines within conser-
vation biology and landscape ecology, such as conser-
vation genetics, corridor design, and habitat fragmen-
tation, might become better integrated if they focused
more on the matrix, thereby increasing our under-
standing of the responses of biota to human-modified
environments and management.

Maintenance of habitat across multiple spatial
scales—from individual stands to landscapes to entire
regions—must be the overarching objective of plans
for biodiversity conservation if they are to be effec-
tive. Five principles encompass this important goal: 



298 IV. ADAPTIVE MANAGEMENT AND THE HUMAN ASPECTS OF MATRIX MANAGEMENT

1. Maintenance of connectivity
2. Maintenance of landscape heterogeneity
3. Maintenance of stand structural complexity
4. Maintenance of aquatic system integrity
5. Adoption of “risk-spreading” whereby a range of

management options is deployed to limit negative
consequences if any one strategy proves ineffective
or hostile (Chapter 3)

The use of knowledge and inferences from natural
disturbance regimes to guide and modify human dis-
turbances such as logging is a sixth guiding principle
(Chapter 4) and can help achieve the goals discussed
in Chapter 3.

Maintaining habitat across multiple spatial scales
requires a comprehensive approach to conservation
that includes large ecological reserves (Chapter 5),
landscape-level approaches within the matrix (Chap-
ters 6 and 7), and stand-level strategies (Chapter 8).
Each of these broad components contributes to fulfill-
ing the principles for enhanced biodiversity conserva-
tion listed in Chapter 3. These groupings illustrate
that appropriate forest management requires careful
management at a wide range of interconnected scales,
including entire landscape mosaics, and not just eco-
logical reserves or considerations of specific stand
conditions such as primeval or old-growth forests. 

The importance of the matrix for biodiversity con-
servation applies to private forest lands as well as gov-
ernment-owned production land (Gregory 1997). In-
deed, private lands dominate the forest estate in some
countries (e.g., Sweden, with more than 85 percent of
forest land in private ownership; National Board of
Forestry 1996a), and typically they occupy the most
productive parts of the landscape (Scott et al.
2001a,b). Such high-productivity sites often are
uniquely important for many elements of biodiversity
(Braithwaite et al. 1993; Norton 1999) but have also
suffered major human disturbances, such as conver-
sion to agricultural (Armesto et al. 1998) and urban
lands (Knight 1999).

Comprehensive plans for biodiversity conservation
are underpinned by a hierarchical framework or
checklist of strategies that includes not only large eco-
logical reserves but also a suite of landscape and
stand-level matrix management approaches. At the
landscape level (see Chapter 6), these include

• Protection of specialized habitats, biodiversity
hotspots, and sensitive areas

• Establishment of systems of retained habitat,
such as wildlife corridors and riparian stream
buffers

• Careful design, construction, and mainte-
nance of road networks

• Long rotation periods

Approaches at the stand level include

• Retention of structural and floristic compo-
nents from the original stand (e.g., large liv-
ing trees, snags, logs, and intact thickets of
understory vegetation)

• Active management of regenerated stands
using such approaches as variable density
thinning and decadence creation to accelerate
development of key of forest structures

• Long rotation periods

It is important to consider each of the strategies
provided in the checklist (presented in Chapters 6 and
8). Decisions as to which strategies are embraced vary
according to the objectives of matrix management, the
species targeted for conservation, and the natural his-
tory of the forest. Each forest landscape will have a
unique solution, as is highlighted by the broad spec-
trum of outcomes in the case studies in Chapters
11–15.

Quantitative data to guide on-the-ground prescrip-
tions are limited. This lack of knowledge is partly be-
cause few scientists and managers have focused on the
role of the matrix in conserving biota. Adaptive man-
agement will facilitate the gathering of additional
knowledge to guide effective matrix management;
such information might include the types, numbers,
and spatial patterns of retained vegetation needed to
achieve specific goals on harvest units. Long-term
monitoring is an essential component of the adaptive
process, and ensuring adequate and sustained support
for monitoring is a major challenge (Chapter 16). Im-
plementation of well-designed and statistically valid
monitoring programs (including adequate and sus-
tained financial support) is a major challenge for
stakeholders, managers, and decision makers world-
wide. Without such programs there is no way to assess
whether a forest is being managed in an ecologically
sustainable way. Legal and market-based requirements



19. Future Directions 299

for such assessments, such as the Montreal Criteria
for Sustainability and forest certification agreements,
should stimulate the adoption of more monitoring
programs.

Comprehensive conservation plans that incorpo-
rate matrix management embrace a greater range of
values than simple commodity production can. En-
hanced forest stewardship for biodiversity conserva-
tion and the maintenance of ecosystem functions
should enhance community support for forest man-
agement as a more socially acceptable use of native
forests (Dargarvel 1995; Florence 1996). Managing
for these additional forest values is seen by some par-
ties as a constraint and an impediment (Thomas et al.
1988), but we choose to view such situations as new
employment opportunities for stakeholders represent-
ing a broad range of interests (Chapter 18). Indeed,
matrix management has the potential to increase em-
ployment in forest-related activities. 

Past conflicts over use of forest resources has usu-
ally been resolved by land allocations and by dividing
the forest estate into ecological reserves and commod-
ity production areas because

• Land allocations create a perception of cer-
tainty in resource management and conserva-
tion outcomes.

• Land allocations are often the simplest option
for policy makers and politicians seeking to
resolve social and environmental conflict.

• Strong differences in values and high levels of
distrust exist between conservationists and
commodity producers, accentuating their mu-
tual desires for segregation within the forest
estate. 

Reliance predominantly on the land allocation
model, with its attempt at spatial segregation of the
environmental and commodity values of the global
forest estate, will ultimately have negative conse-
quences for biodiversity (Chapter 5) and impair the
productive capacity of forest ecosystems (Chapter 1). 

If matrix management is to be more broadly
adopted, stakeholders will have to put aside differ-
ences and collaborate in new working partnerships.
Stakeholders must understand that although it is com-
plex and adaptive (i.e., uncertain), matrix management

is essential to sustain both biodiversity and forest pro-
ductivity (Armesto et al. 1998). There are encourag-
ing examples from other countries (e.g., Sweden) that
the necessary transitions can occur quickly.

Many countries and regions are in transition from
traditional maximum sustained yield harvesting and
“crop production” to “ecological forestry” (sensu
Hunter 1999; Seymour and Hunter 1999), where
biodiversity and ecological processes are considered
to be important values of matrix forests along with
commodity production (Chapter 18). Yet other re-
gions (such as some parts of southeastern Australia)
appear to be taking the opposite approach by instead
intensifying commodity production in matrix lands
(Bauhaus 1999). We argue in this book that intensifi-
cation can have substantial negative implications for
forest biodiversity conservation regardless of preser-
vation strategies. Moreover, ecosystem integrity and
forest productivity can also be severely compromised
when land use practices are narrowly focused
(Holling and Meffe 1996), repeating mistakes in for-
est management made repeatedly through human
history (McNeely 1994b). Indeed, the history of nat-
ural resource use throughout the history of the world
has been one of unwise use and overexploitation—
whether it be fish stocks (Ludwig et al. 1993) or
forests (Angelstam 1996).

Rapidly advancing technology and continued pop-
ulation growth mean that the potential impacts on the
global forest estate and its biodiversity are unprece-
dented and may be permanent. Myers (1996) argued
that “our present stewardship of the world’s forests
will affect the future of evolution for a period twenty
times longer than humans have been humans.”

Utilization of forests is inevitable due to the sub-
stantial human demands for commodities from forest
landscapes. The critical importance of ecologically
sustainable forest management in both the matrix and
the reserves is now widely understood. We hope that
present societies will increasingly appreciate the im-
portant conservation role the matrix plays and adopt
appropriate matrix management strategies as part of
comprehensive plans for biodiversity conservation,
thereby increasing the potential for sustaining more
of the world’s biota. 
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2.1–3

Landslides, 56, 109, 121, figs. 6.7,13
Large ecological reserves. See Reserve

systems
Late-successional forests. See Old-growth

forests
Laughing kookaburra (Dacelo novaeguineae),

33
Leadbeater’s possum (Gymnobelideus

leadbeateri): case study of, 217–27, fig.
12.3,6; habitat patches and, 8, 123, fig.
3.3; in large ecological reserves, 88;
zoning systems and, 127, box 6.3

Leaden flycatcher (Myiagra rebecula), 232
Lenga (Nothofagus pumilio), 142, 245, 252,

fig. 7.7, figs. 15.4–6
Levins metapopulation structure, 31–32, fig.

2.6
Lichens, 14, 49, 116, 127, 151, 169, 193,

box 6.2
“Lifeboating,” 49, 58, 167, 169, 212

Limestone pavements, 91, table 5.2
Little raven (Corvis mellori), 232
Littoral zones, 99, 111
Loblolly pine (Pinus taeda), 201
Lodgepole pine (Pinus contorta), 151, fig. 4.1
Logging practices: biodiversity conservation

and, 60; biological legacies and, 58–59;
cumulative effects of, 77–78; HRV and,
70; importance of habitat analysis in, 39;
in Key Woodland Habitats (Sweden), box
6.2; Leadbeater’s possum and, box 6.3; in
littoral zones, 111; monarch butterfly
and, 122; natural disturbance as guide for,
63, 64, fig. 4.3,5; stand structural
complexity and, 47, 48–49; in streamside
corridors, 104; transportation network
and, 132–34, 137–39; variability in, 59.
See also Clearcutting

Longleaf pine (Pinus palustris), 168, 181,
189

Long rotations, 192–94, fig. 8.17
Luquillo Experimental Forest (P.R.), 109

MacMillan-Bloedel Corporation, 178–79
Mainland-Island metapopulation structure,

31–32, fig. 2.6
Mammals: corridor width and, 113;

extinction proneness of, 35–36; impact of
roads on, 134; as indicator species, 52; in
plantation landscapes, 202

Managed forest landscapes. See Landscape
management

Management models, traditional, 143–46
Management within reserves. See Reserve

management
Marbled murrelet (Brachyramphus

marmoratus), 169, 271
Marsupials, arboreal. See Arboreal

marsupials
Masoala National Park (Madagascar), 86
MASS (Montane Alternative Silvicultural

Systems, B.C.), 263
Matrix: critical roles for, 7–16; definition of,

18, 20, 22; in Northwest Forest Plan, 212
Matrix management: checklists for, table

6.1, table 8.1; complementarity with
reserves, 15–16, 93–94, fig. 1.10, box 5.5;
habitat analysis and, 39; in harvested
stands, 163–95, 198, fig. 9.1; landscape-
level, 97–98, 160–61, 198, fig. 9.2;
multiple spatial scales in, 197–99, fig. 9.3;
patch-level habitats requiring landscape-
level consideration, 95–128; in plantation
landscapes, 202–5, box 10.1, fig. 10.1, table
10.1; principles of, 41–53, 97–98, 297–99,
table 6.2, table 8.2; socioeconomic
dimensions of, 13–14, 90, 109, 281–95,
figs. 18.1–3. See also Biodiversity
conservation; Forest management,
ecologically sustainable

Meadows within forest landscapes, 121, fig.
6.16

Metapopulation dynamics, 25, 88; models
for, 31–34, 276–77, fig. 2.6

Mexican spotted owl (Strix occidentalis
lucida), 209, 214–15, fig. 11.2

Midspatial-scale habitats within matrix,

98–99; in aquatic ecosystems, 99–112; in
corridors, 112–16; in plantation
landscapes, 202; as specialized habitats,
116–28

Minimum Critical Size of Ecosystems
Project, 238

Minimum fragmentation approaches to
management, 155–57, fig. 7.19, table 7.3

Mining, 120, 126
Modoc Plateau region, 213–14
Monarch butterfly (Danaus plexippus), 122
Monitoring of management strategies, 259,

265–71, fig. 16.3; in mountain ash forests,
226–27; in Rio Condor Project, 254–55,
table 15.2

Montreal Process, 287
Mosses, 49, 101, 169
Moss (Tetraphis pellucida), 42
Mountain ash forests: disturbance regimes

in, 61, 151, box 4.1, table 4.2; Leadbeater’s
possum habitat, 217–27, fig. 12.2–7;
rotation periods for, 194, fig. 8.17; salvage
operations in, 69; structural complexity
in, 59, 68, figs. 3.2–3; structural retention
and, 173, box 8.1; structural retention in,
177; suitable habitats in, 42, 124, 169;
zoning systems in, 127, box 6.3

Mountain brushtail possum (Trichosurus
caninus), 42, 221, fig. 1.1, fig. 8.6

Mountain goat (Oreamnos americanus), 136
Mount Baker-Snoqualmie National Forest

(Wash.), 131
Mount St. Helens (Wash.), 56, 58, 77, 161,

fig. 4.2
Multiple use modules (MUMs), 128
Murray-Darling Basin (Australia), 279, 294
Mycorrhizal-forming fungi, 7, 14, 15, 49,

58, 170, 176
Myrtle beech, 220, fig. 12.4

Nanangroe Experiment, 235–36, fig. 13.6
National Committee for the Defense of

Fauna and Flora (CODEFF), 256
National Forest Management Act (U.S.),

280
National Institute for Research in

Amazonia (INPA), 238
National Park Service (U.S.), 84
National Wilderness Inventory, 78, box 5.1
Natural disturbance regimes: episodic and

chronic, 141–43; human disturbance
regimes compared to, 55–71, 275, boxes
4.1,2, figs. 4.2–4,6,7, tables 4.3–6; in
mountain ash forests, 225–26

Natural ranges of variability (NRV). See
HRV (historic range of variability)

Nature Conservancy, The, 266, 271
Nest boxes, 187–88, fig. 8.13
Nested subset theory, 24–25
Nest predation, 26, 38
Nirre (Nothofagus antarctica), 245
No manipulation pathway (NMP), 191–92
North American elk (Cervus elaphus), 122,

136, 191
Northern flying squirrel (Glaucomys

sabrinus), 177
Northern spotted owl (Strix occidentalis
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caurina): case study of, 209–12, fig. 11.2;
HRV values for, 71; monitoring
programs for, 271; suitable habitat for,
44, 88, 124–25, 144

Northwest Forest Plan: adaptive
management in, 264; cultural sites and,
126; federal support of, 294; monitoring
in, 268, 271; northern spotted owl and,
212; old-growth forests and, 71, 124;
riparian buffers and, 104, 106, 111,
154–55, 192, fig. 6.8, figs. 7.17,18

Nothofagus cunninghamii, 223
Nothofagus spp., 24, 168, 176, 181, 245, fig.

8.5
NPM (natural process-based management),

190
NPV (net present value), 148
NRF (nesting, roosting, and foraging), 131
NRV (Natural ranges of variability). See

HRV (historic range of variability)

Oak (Quercus spp.), 185, 288
Observational studies, need for, 278
Old forest emphasis areas (OFEAs), 214
Old-growth forests: buffering and, 11, fig.

1.7; establishing baselines for, 63–64;
HRV models for, 70–71, fig. 7.13;
maintenance of, 151, 159–60; monitoring
programs for, 271; in Northwest Forest
Plan, 212; remnant patches of, 123–25.
See also names of individual species

Olive-backed oriole (Oriolus sagittatus), 233
Olive whistler (Pachycephala olivacea), 203
Olympic Peninsula (Wash.), 191
Orange-bellied parrot (Neophema

chrysogaster), 121
Overstory vegetation, 47, 49, 82, fig. 3.3
Overwintering habitats, 122, 127
Owls. See California spotted owl; Mexican

spotted owl; Northern spotted owl

Pacific madrone (Arbutus menziesii), 210
Paddock trees, 20, 203, fig. 2.3, fig. 10.1
Parasites, 15, 169
Parks Canada, 84
Parks Victoria, 226
Patch content, 141, 147–48, 153
Patches, 18, 22. See also Stands
Patch isolation, 25–26
Patch-level habitats: in aquatic ecosystems,

99–112; in corridors, 112–16; as
specialized habitats, 116–28

Patch mosaics, 147–48
Patch sizes, 141, 146–47, fig. 7.10; in

traditional management models, 143–45
Peat bogs, 112, 244, 246, figs. 15.3,7,8
Percolation models, 26
Permeability to movement, 10, 27, 44–45
Pest control, 15, 287–88
Pied flycatcher (Ficedula hypoleuca), 188
Pine barrens, 155
Pine forests, 46, 64, 181, 195
Pine plantations, 201–2
Pink robin (Petroica rosea), 220
Pipeline right-of-ways, 134
Plantation landscapes, 201–5, 290–91, box

10.1, fig. 10.1, table 10.1, fig. 18.2

Plant species composition, 38, 39, 60, 91,
114, table 5.2

Poaching, 136, 248
Pollen, 14, 63
Pollination, 13–14
Pollution, 84, 100
Ponderosa pine (Pinus ponderosa), 71, 120,

142, 189, fig. 7.6
Ponds, 110–12
Populations of species, matrix support of,

7–9, figs. 1.2–4
Port Orford cedar (Chamaecyparis

lawsoniana), 136
Power-line right-of-ways, 134
Prairie falcon (Falco mexicanus), 116
Predators, 15, 30, 35, 116, 119, 135–36,

169; feral, 29, 85, 136, 275, box 5.4
Prescribed burning, 188–90, figs. 8.14–16.

See also Fire regimes
Private ownership, 90
Production forestry: aquatic ecosystems

and, 50, 106–7, 109; costs of, 289–90;
“equilibrium landscapes” and, 46; as
human disturbance impact, 64; revised
timber yields and, 288–91; risk-spreading
and, 41. See also Industrial forestry

Production forests, 31, 33, 94; in Australia,
105, 128, box 6.3; in Sweden, 172; in
Tasmania, 83, 126

Pronghorn (Antilocapra americana), 136
Propagules, 10, 59, 99, 124
Protected activity centers (PACs), 214–15

Queen Charlotte Islands (B.C.), 177
Queets River (Wash.), 99

Radiata pine (Pinus radiata), 24, 32, 36,
230–36, box 5.5

Radiata pine (Pinus radiata) plantations,
202, 203, 204, 288

Radio-tracking data, 104
Railroads, 126, 133, 134, fig. 6.19
Rainbow trout (Oncorhynchus mykiss), 247
Rainforests. See Tropical forest ecosystems
Range of natural variability. See HRV

(historic range of variability)
Raptorial birds, 116, 121, 135
Rare species, 35, 82, 92, 123
Reconstructed disturbance regimes, 62–68
Red alder (Alnus rubra), 103, 109, 185, fig.

6.9
Red cedar (Toona australis), 60
Red-cockaded woodpecker (Picoides borealis),

168, 181, 188
Red fox (Pseudalopex culpaeus lycoides), 248
Red fox (Vulpes vulpes), 29, 85, 136, box 5.4
Red-listed species, 48, 65, 124; bryophytes,

118, box 6.2; fungi, 49, 194, table 2.2;
insects, 189; lichens, 118, 127, box 6.2;
vascular plants, 118, box 6.2

Red spruce (Picea rubens), 62
Red squirrel (Sciurus vulgaris), 33
Reduced impact logging, 287, 289
Red wattlebird (Anthochaera carunculata),

233, fig. 13.4
Redwood (Sequoia sempervirens), 124

Regeneration harvest practices, 166–82, fig.
8.1

Regional Ecosystem Office (U.S.), 294
Regional Forest Agreement (Australia), 86,

93, 264, box 5.5
Relictual landscape, 19–20, fig. 2.2
Remnant patches of old-growth forest,

123–25
Replication as reserve design principle, 80,

83
Representativeness as reserve design

principle, 80, 81–82, 89–90, fig. 5.4,5,
table 5.1

Reptiles, 82, 121, 134, 202, 235
Research, need for, 277–78
Reserve adequacy, 83–84
Reserve design principles, 79–80, 85–86;

island biogeography and, 23–24, box 5.2
Reserve management, 84–85, box 5.4, figs.

5.1,2
Reserve-only conservation, limitations of,

15–16, 75, 79, 86–94, box 5.5
Reserve selection, 36, 80–83, 85–86;

algorithms, 81–82, 83, 85–86, box 5.3
Reserve systems: adequacy in, 90–91;

instability of conditions in, 91–93, figs.
5.6,7, table 5.2; knowledge gaps in, 277;
large ecological, 75–76, 75–94, box 5.1;
limited area available for, 87–89, fig. 5.3;
in Rio Condor Project, 251, table 15.1;
social and economic impediments to, 90

Restoration programs, 109–10, 159–60, box
6.1

Restoration zones, 128
Restricted communities, large ecological

reserves and, 76
Retained structures. See Structural retention

in regeneration harvest practices
Retrospective studies, need for, 278
Rights-of-way, railroad and road, 125
Ringtail possum (Pseudocheirus peregrinus),

232
Rio Condor Project, 111, 243–56, 264, 286,

figs. 15.1–9, tables 15.1,2
Riparian buffers, 44–45, 102, 103–10, 112,

252
Riparian forests, 101–3
Riparian reserves, 106, 111–12, fig. 6.8
Riparian zones, 29, 68, 99–101, 107
Risk-spreading, 41, 44, 51, 68, 77, 224–25,

table 6.2
Riverine networks, 100–101, 132, figs. 7.2,4
Riverscapes, 100, 123
Road mortality, 134–35, 140, fig. 7.3
Road systems: aquatic ecosystems and, 50,

109, 112, 136–37, box 7.2, fig. 7.4;
impacts of, 132, 134–40, figs. 7.1–3; in
plantation landscapes, 202

Rock outcrops, 116, 118, 119–20, fig. 6.13
Rock paintings, 125
Rock-wallaby group, 116
Rocky Mountains, 63
Rodents, 15, 49
Rotation periods, 141, 148–51, figs. 7.14,15,

table 7.1; long rotations, 192–94, fig. 8.17
Rufous whistler (Pachycephala rufiventris),

233



350 INDEX

Sacred kingfisher (Todiramphus sanctus), 232,
236

Sampling effect, 91
Sap-feeding sites, 122, fig 6.17
Scientific Committee on Late Successional

Forest Ecosystems (U.S.), 211
Scientific Panel for Sustainable Ecosystem

Management (B.C.), 106, 178
Scree, 116–18, fig. 6.12
Sea-run brown trout (Salmo trutta), 247
Selection harvest practices, 194–95
Serpentines, 119–20, fig. 6.14
Shining bronze cuckoo (Chyrysococcyx

lucidis), 232
Shining gum (Eucalyptus nitens), 201
Shortleaf pine (Pinus echinata), 180
Sicamous Creek Silvicultural Systems

Project (B.C.), 263
Sierra Nevada Ecosystem Project, 181, 213
Silvicultural systems: knowledge gaps in,

273–75; models for, 64–68, 180–81, box
8.2, fig. 8.10; in plantation landscapes,
203. See also Harvesting practices;
Logging practices

Silvicultural Systems Project (Victoria), 165,
225, 263

Siskiyou Mountains, 136
Sitka black-tailed deer (Odocoileus hemionus),

184
Sitka spruce (Picea sitchensis), 184, 204, 210,

box 10.1
Siuslaw National Forest (Ore.), 159–60
“Skips and gaps” approach to thinning, 184
Small mammals: in BDFFP, 24, 239–41,

table 14.1; fragmented populations of, 28,
29, table 2.2; impact of roads on, 134,
135; in reserve systems, 82, 91; stand
structural complexity and, 49; in Tumut
Fragmentation Experiment, 231–32, 234

Smart buffers, 106
Snags, 122, 124; as biological legacies, 56,

68–69; in habitat restoration, 110, box
6.1; stand structural complexity and,
47–48, 185–86, figs. 3.2,3,5,6, figs.
8.11,12; structural retention and, 166–67,
170–71

Society of American Foresters, 70, 151
Socioeconomic dimensions of matrix

management, 90, 109, 281–95, figs.
18.1–3

Softening the matrix, 49
Softwood plantations, 203
Sooty owl (Tyto tenebricosa), 159, 221
Source-sink concept, 22
Southern flying squirrel (Glaucomys volans),

197
Spatially explicit models, 33, 97
Spatial patterns of structural retention,

174–77, fig. 8.7, table 8.4
Spatial scales: of disturbance factors, 59; of

ecological processes, 43, fig. 3.1; in
harvesting practices, 140–61; multiple,
41–51, 197–99; for streamside corridors,
104

Spawning habitats, 98, 107, 122, 123, fig.
6.7

Specialized habitats, 116–21, 202, 253, box
6.2

Special Management Zones (SMZ), 224
Species-area relationship, 22
Species loss, 27–29, 39, fig. 2.4. See also

Extinction
Species persistence, 30, 35–36, 49, 58, 88
“Species richness relaxation,” 78–79
Spotted owl habitat areas (SOHAs), 211
Spruce forests, 127
Squirrel glider (Petaurus norfolcensis), 232
Stand-level management: adaptive, 262–63;

for long rotations and cutting cycles,
192–94; multiscaled approach to, 198, fig.
9.1; natural disturbance as guide for,
64–68; in plantation landscapes, 202–3;
for selection harvest practices, 194–95;
for stand structural complexity, 182–90,
table 8.5; for structural retention, 166–82

Stand-replacing disturbance. See Episodic
disturbance regimes

Stands, 6. See also Patches
Stand structural complexity: disturbance

regimes and, 59–61, table 4.2;
management techniques for, 182–94, table
8.5; as principle of biodiversity
conservation, 46–49, figs. 3.3–6, table 6.2;
in Tumut Fragmentation Experiment,
234

Stepping stones, 35, 44, 84, 99, table 3.1
Stewardship principles (Rio Condor

Project), 249–50
Stimson stag beetle (Hoplogonus stimsoni),

126
Streamscapes, 100, 109, 135
Streamside corridors, 44–45, 100, 103–10,

figs. 6.6,8
Streamside influence zones, 100, 109
Strix rufipes, 248
Structural complexity. See Stand structural

complexity
Structural retention in regeneration harvest

practices, 166–78, 273–75, box 8.1, fig. 8.1
Sugar glider (Petaurus breviceps), 14
Suitable habitat. See Habitat suitability
Superb fairy wren (Malurus cyaneus), 232
Superb lyrebird (Menura superba), 232
Sustainable Forestry Initiative (SFI), 286
Swamp antechinus (Antechinus minimus), fig.

5.7
Swift parrot (Lathamus discolor), 89
Swiss Jura, 121
Sydney, Australia, 118
Synergies in matrix management, 15,

197–99, 276
Syre, D., 249

Talus, 116–18, fig. 6.12
Tanoak (Lithocarpus densiflorus), 210
Tasmanian carnivorous snail (Tasmaphena

lamproides), 145
Tawny owl (Strix aluco), 188
Temporal scales, 43, 59, 104, 140–61, fig.

3.1
Termites, 185
Thermal habitats, 120–21, 134, fig. 6.15
“Thinning from below,” 183

Thinning regimes, 183–85
Thomas Committee, 131, 211
Threatened species, 48–49, 63, 203, 211.

See also Red-listed species
Threshold habitat cover levels, 27–29, 77,

table 2.1
Tiger quoll (Dasyurus maculatus), 35
Timber fiber production (TFP), 191–92
Timber harvesting. See Harvesting practices
Topographic variability, 56, fig. 4.1
Topping, 186
Townsend chipmunk (Tamias townsendii),

177
Trans-Canada Highway, 135
Translocating desired animal species, 190
Transportation network: cultural sites and,

125–26, fig. 6.19; impacts of, 132–40, figs.
7.1–3. See also Road systems

Tree ferns, 172, 220, fig. 8.6, fig. 12.4
Trees: buffer heights of, 105–6, 107, 111,

fig. 6.6; structural retention and, 167–71,
figs. 8.2–4. See also individual names of
forests and species

Trillium Corporation, 243, 249–56
Tropical forest ecosystems, 76, 128, 237–41
Trout cod (Maccullochella macquariensis), 110
Tumut Fragmentation Experiment

(Australia), 229–36, figs. 13.1–3
Turba, 244, 246, figs. 15.3,7,8

Umbrella species, 52
Underplanting, 190
Understory islands, 176
Understory vegetation: reserve selection

and, 82; stand structural complexity and,
47, 184–85, figs. 3.3,4; structural
retention and, 172

Ungulates, 84, 88, 121, 122, 131, 146
United Kingdom, plantation forestry in,

204, box 10.1
Upland habitats, 107–9, fig. 6.8
U.S. Congress, 211
USDA Forest Service, 132, 143, 179, 211,

213
USDI Bureau of Land Management, 179
U.S. Fish and Wildlife Service, 211

Vancouver Island (B.C.), 127, 138, figs.
1.6,8, fig. 8.7

Variability in disturbance regimes, 59–60,
63

Variable-density thinning, 184
Variable retention harvest system (VRHS),

178–82, figs. 8.8,9
Variegated landscape, 19–20, figs. 2.2–3
Vascular epiphytes, 14
Vascular plants, 78, box 5.1, box 6.2
Vegetation analysis, 63
Vegetation cover, historical levels of, 80–81
Vegetation layers, 172
Velvet worms, 91
Vernal pools, 121
Vertebrates: edge effects and, 38; impact of

roads on, 135; in old-growth forest
remnants, 124; overwintering habitats of,
122; in plantation landscapes, box 10.1;
recolonization of, 58; in riparian systems,
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99–100; role in ecosystem processes,
14–15; suitable habitats for, 44, 47

Victorian Timber Industry Strategy, 289
Volcanic eruptions, 56, 58
VRHS (variable retention harvest system),

178–82, figs. 8.8,9

Warm Springs Indian Reservation (Ore.),
144

Warra Silvicultural Trial (Tasmania), 180,
263, 275, box 8.2

Washington Forest Landscape
Management Project (WFLMP), 190–91

Water quality, 12, 49–50, 100, 137
Watersheds, 109, 131–32
Weed invasion, 26, 135
Western big-eared bat (Plecotus townsendii),

119
Western hemlock (Tsuga heterophylla), 184,

190, 191, 210
Western red cedar (Thuja plicata), 171, 184,

190, 210
Western swamp tortoise (Pseudomydura

umbrina), 85, box 5.4
Western white pine (Pinus monticola), 287

Wetlands, 100, 110–12, 135, fig. 6.10
Weyerhaeuser Company, 127, 138, 264, fig.

1.6, fig. 6.18
Whitebark pine (Pinus albicaulis), 288
White-browed scrub-wren (Sericornis

frontalis), 234
White-naped honeyeater (Melithreptus

lunatus), 232
White pine blister rust, 287
White-tailed deer (Odocoileus virginianus),

38
White-throated treecreeper (Cormobates

leucophaeus), 32, 234
Wilderness, 79, box 5.1,5
Wildfires, 64–69, boxes 4.1,3, figs. 4.1–4,

tables 4.2,4. See also Fire regimes;
Prescribed burning

Wildlands Project, 78, box 5.1
Wildlife corridors. See Corridors
Wildlife habitat clumps, 176
Windstorms, 59, 69, 144–45, 151–52, fig.

7.11
Within-patch heterogeneity, 22
Wog-Wog Fragmentation Experiment, 36
Wolf (Canis lupus), 112

Wood duck (Aix sponsa), 188
Woodland caribou (Rangifer tarandus), 60,

146, box 7.3
Woodpeckers, 167, 168, 185
Wood production forests. See Production

forests
Woolly adelgid, 288
World Heritage sites, 83
World Wildlife Fund (U.S.), 238
“Worthless land hypothesis,” 81
Wyre Forest National Nature Reserve

(England), 121

Yarra Ranges National Park (Victoria), 69,
222, 224

Yellow-bellied glider (Petaurus australis),
42, 76, 122, 221, 232, fig 6.17

Yellow cedar (Chamaecypars nootkatensis),
138

Yellowstone National Park, fig. 6.15; bald
eagle populations in, 8, fig. 1.4; matrix
management in, 22; wildfires in, 30, 56,
58, 77, 152, fig. 4.1

Zoning systems, 127, 223–24, box 6.3
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