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The economic and ecological costs of wildfire in the United States
have risen substantially in recent decades. Although climate change
has likely enabled a portion of the increase in wildfire activity, the
direct role of people in increasing wildfire activity has been largely
overlooked. We evaluate over 1.5 million government records of
wildfires that had to be extinguished or managed by state or
federal agencies from 1992 to 2012, and examined geographic and
seasonal extents of human-ignited wildfires relative to lightning-
ignited wildfires. Humans have vastly expanded the spatial and
seasonal “fire niche” in the coterminous United States, accounting
for 84% of all wildfires and 44% of total area burned. During the
21-y time period, the human-caused fire season was three times
longer than the lightning-caused fire season and added an average
of 40,000 wildfires per year across the United States. Human-started
wildfires disproportionally occurred where fuel moisture was higher
than lightning-started fires, thereby helping expand the geographic
and seasonal niche of wildfire. Human-started wildfires were dom-
inant (>80% of ignitions) in over 5.1 million km?, the vast majority
of the United States, whereas lightning-started fires were dominant
in only 0.7 million km?, primarily in sparsely populated areas of the
mountainous western United States. Ignitions caused by human
activities are a substantial driver of overall fire risk to ecosystems
and economies. Actions to raise awareness and increase manage-
ment in regions prone to human-started wildfires should be a focus
of United States policy to reduce fire risk and associated hazards.

anthropogenic wildfires | fire starts | ignitions | modern fire regimes |
wildfire causes

he United States has experienced some of the largest wildfire
years this decade, with over 36,000 km? burned in 2006, 2007,
2012, and 2015 (1). There is national and global concern over how
fire regimes have changed in the past few decades and how they will
change in the future (2-4). In the western United States, there is
strong evidence that regional warming and drying, including that
directly attributed to anthropogenic climate change, are linked to
increased fire frequency and size and longer fire seasons (5-9).
However, the role that humans play in starting these fires and the
direct role of human-ignitions on recent increases in wildfire activity
have been overlooked in public and scientific discourse because of
the difficulty in ascribing a cause, either human- or lightning-started
(10). Humans primarily alter fire regimes in three ways: changing
the distribution and density of ignitions, shifting the seasonality of
burning, or altering available fuels (2, 3). Geographic variability in
regional and continental-scale fire activity in the United States is
strongly tied to proxies for these human-caused changes, including
population and road density, and different land-use and develop-
ment patterns (10-15). Although changing climate and fuels also
influence fire regimes across the United States (10, 16, 17), there can
be no fire without an ignition source. Here, we explore the role that
human-started wildfires play in modern United States fire regimes.
Ignitions are often presumed to be saturated (18, 19), and
therefore have limited ability to predict fire activity. However,
several studies suggest that humans play an important role in
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redistributing ignitions (20-22), particularly where lightning rarely
occurs or where lightning is not concurrent with dry conditions
(23). The human-fire connection in the modern era appears
strongest at intermediate levels of development, as fires become
less likely in the landscape beyond a certain population density,
level of urbanization, or dependence on fossil fuels (11, 13, 24).
Overall, humans expand the spatial and temporal “fire niche” by
introducing ignitions into landscapes when fuels are sufficiently
dry enough to ignite and carry fire, but when lightning is rare.
Human ignitions are therefore a critical force acting to expand
how the fire niche is realized across United States ecoregions.

National-scale analysis of human alteration of the fire niche is
critical given that the annual expense of fighting wildfires has
exceeded $2 billion in recent years, and the accrued direct and
indirect impacts of wildfire on infrastructure and communities
could be 30 times that amount (25). Policies that govern wildfire
management and response are also directed at the national level,
demanding analysis at a national scale (10, 22, 26). Although re-
cent human influence on fire regimes has been studied at local
(13) to regional scales (14), human influence nationally remains
poorly understood (10). National policies can strongly influence
fire regimes (27) and, with sufficient information on human igni-
tions, policy directives could target human behavior in ways that
remediate increasing trends in wildfire risk.

Here, we ask how human ignitions have altered the spatial ex-
tents, seasonality, and temporal trends in wildfire across the co-
terminous United States. We analyze over 1.5 million records of
both human- and lightning-started fires in the United States from
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Fig. 1. The total number of wildfires (dot size) and the proportion started by

humans (dot color: red indicating greater number of human started fires)
within each 50 km x 50-km grid cell across the coterminous United States from
1992 to 2012. Black lines are ecoregion boundaries, as defined in the text.

1992 to 2012 (28). All of these wildfires necessitated an agency re-
sponse to manage or suppress them, and therefore posed a threat
to ecosystems or infrastructure; this record does not include in-
tentionally set prescribed burns or managed agricultural fires. To our
knowledge, this is the most comprehensive assessment of the role of
human-started wildfires across the United States over the past two
decades. We compare: (i) the spatial extents of human- vs. lightning-
started wildfires, (if) the seasonality of human vs. lightning wildfires,
(iit) the climate niche for human- vs. lightning-started wildfires, and
(v) 21-y trends in large human vs. lightning wildfires. Our analysis
documents the pronounced expansion of wildfire extent, seasonality
of wildfires, and increasing numbers of large wildfires through time
as a result of human-related ignitions across the United States.

Human-Related Ignitions Vastly Expanded the Extent of
Wildfire

Human-started wildfires represented 84% of the 1.5 million wild-
fires included in this analysis (n = 245,446 lightning-started fires;

n = 1,272,076 human-started wildfires). The eastern United States
and western coastal areas were dominated by human-started
wildfires, whereas lightning-started fires dominated the mountain-
ous regions of the western United States (Fig. 1, Table 1 and Table
S1). Here we define a fire regime as dominated by either human or
lighting ignitions when one cause accounts for more than 80% of
the number of fires in a given 50 x 50-km grid cell. Based on this
definition, 5.1 million km? or 60% of the total land area of the
coterminous United States, was dominated by human-started
wildfires, whereas only 0.7 million km?, or 8% of the area, was
dominated by lightning-started fires. In addition to expanding the
numbers of fires, humans also expanded the total area burned.
Human-started wildfires burned a total of 160,274 km?, or ~44% of
the total area burned from 1992 to 2012 (Table 1).

Human-Related Ignitions More Than Tripled the Length of
the Wildfire Season

Human ignitions dramatically expanded the wildfire season in the
United States, particularly during spring. The length of the human-
started wildfire season [defined as the interquartile range (IQR) of
human-ignited fires] was 154 d, more than triple that of the
lightning wildfire season (IQR = 46 d) (Fig. 2 and Table 1). This
national-scale expansion is driven by earlier (spring) human-started
fires in eastern ecoregions coupled with later (late summer or
fall) human-started fires in western ecoregions (Table S2). The
median discovery date for human-started fires was over 2-mo (May
20th) earlier than lightning-started fires (July 25th). Summed
across the 21-y record, the most common day for human-started
fires by far was July 4th, US Independence Day, with 7,762 fires
starting that day over the course of the record (Fig. 2), whereas, the
most common day for lightning-started fires was July 22nd. Of
all lightning-ignited fires, 78% occurred in the summer (June—
August), 9% in the spring (March-May), and 12% in the fall
(September-November). In contrast, human-ignited wildfires
were more evenly distributed throughout the year, with 24% in
summer, 38% in spring, 19% in fall, and 19% in winter. This pro-
nounced expansion of the wildfire season was also evident spatially
(Fig. 3), with human-ignited wildfires occurring predominantly in
spring in the eastern United States and in the fall and winter in
Texas and the Gulf states. See Table S1 for state-level analysis.
When lightning-started fires were rare (<5% and >95% quantile;
i.e., before May 13th or after September 16th), humans ignited
842,289 wildfires, effectively increasing the number of wildfires 35-
fold compared with the 24,081 lightning-ignited wildfires during
these spring, fall, and winter seasons.

Table 1. The number of wildfires, total burned area (ha), and fire season length (IQR, in days), by ecoregion (ordered by percent
human-caused fires) and within the coterminous United States from 1992 to 2012
Length (IQR,

No. of fires Area burned (ha) days)
Ecoregion Human Light Human caused (%) Human Light Human caused (%) Human Light Human expansion (%)
MC 87,274 2,855 97 2,143,282 253,210 89 85 45 189
NF 61,673 2,574 96 302,561 82,721 79 51 79 N/A
ETF 815,499 44,859 95 3,827,045 829,293 82 167 66 253
MWCF 14,586 925 94 19,251 27,291 41 67 52 129
GP 134,944 17,586 88 3,992,557 2,564,955 61 148 47 315
SSH 7,504 2,167 78 340,873 254,418 57 55 41 134
TWEF 4,832 1,917 72 357,150 350,477 50 98 52 188
NAD 55,422 52,044 52 2,394,677 8,880,691 21 92 40 230
NFM 76,735 94,017 45 1,895,622 5,731,733 25 75 36 208
TS 13,607 26,502 34 754,393 1,152,064 40 85 39 218
CONUS 1,272,076 245,446 84 16,027,412 20,126,852 44 154 46 335

CONUS, Coterminous United States; ETF, Eastern Temperate Forests; GP, Great Plains; MC, Mediterranean California; MWCF, Marine West Coast Forests; NAD, North
American Desert; NF, Northern Forests; NFM, Northwest Forested Mountains; SSH, Southern Semiarid Highlands; TWF, Tropical Wet Forests; TS, Temperate Sierras.
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Human-Driven Expansion of the Fire Niche

Humans greatly expanded the natural fire niche (Fig. 4), which we
calculated as the co-occurrence of the average monthly lightning
density and 1,000-h dead fuel moisture. Regions and seasons of
moderate to high lightning-started fire density (>0.4 fires per
1,000 km? per month) had a median lightning-strike density of
0.19 (IQR: 0.065-0.57) strikes per square kilometer per month
and a median 1,000-h fuel moisture of 11.9% (IQR: 9.25-15.6%)
(Fig. 44). In contrast, regions and seasons of moderate to high
human-started fire density (>0.4 fires per 1,000 km? per month)
had a median lightning-strike density of only 0.11 (IQR: 0.025-
0.39) strikes per square kilometer per month and a median 1,000-h
fuel moisture of 17.8% (IQR: 15.95-19.25%) (Fig. 4B). The me-
dian fuel moisture and lightning conditions when human-started
wildfires occurred were significantly different from those values
for lightning-started fires (P < 0.0001). Areas and months of
moderate to high human-caused fire density had approximately
40% fewer lightning strikes, and nearly 50% higher fuel moisture
levels (based on median values) than for moderate to high light-
ning-caused fire density. Additional exploration of the fire niche
for human-started and lightning-started fires relative to lightning
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A Lightning-caused fires
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Fig. 2. Frequency distributions of human and light-
ning-caused wildfires by Julian day of year. (A) Fre-
quency distribution of wildfires across the coterminous
United States from 1992 to 2012 (n = 1.5 million);
(B) map of United States ecoregions; (C) frequency
distributions of wildfires by ecoregions, ordered by
decreasing human dominance.
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density, fuel moisture, and net primary production (NPP), a proxy
for fuels, is provided in Figs. S1 and S2.

Increasing Trends in Large Human-Started Wildfires

During the 21-y time period, there were significant increasing
trends in large wildfires ignited by both lightning (n = 4,312; Theil-
Sen estimated slope = 12.2; P = 0.001) and humans (n = 4,143;
Theil-Sen estimated slope = 3.6; P = 0.004) (Fig. S3). There was a
strong dichotomy in human vs. lightning trends seasonally (Fig. 5).
Overall trends in lightning-caused fires were primarily driven by
increasing numbers of large summer fires (Fig. 5B), whereas
overall trends in human-caused fires were primarily driven by in-
creasing numbers of large spring fires (Fig. 5D). Spatially, light-
ning-caused fires increased the most in the Northwest Forested
Mountains ecoregion (Fig. S44), whereas human-caused wildfires
increased the most in the Great Plains ecoregion (Fig. S4B).

Discussion

Humans, the keystone fire species (29), play a primary role in
spatially and temporally redistributing ignitions and resulting
wildfires. We document that over 84% of the government-recorded

Fig. 3. Comparison of seasonality for (A) lightning-
vs. (B) human-ignited wildfires. Human ignitions ex-
pand the seasonal fire niche considerably into spring
and fall months. Colors show the season with the
maximum ignitions caused by lightning and human
within each 50 km x 50-km grid cell. Size of dot in-
dicates the number of unique lightning and human
fires between 1992 and 2012. Ecoregion boundaries
are overlaid for visualization.
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wildfires were started by people from 1992 to 2012. Sixty percent of
the total land area of the coterminous United States was dominated
by human-started wildfires, whereas only 8% of the area was
dominated by lightning fires. Humans tripled the length of the
wildfire season, extending burning into the spring, fall, and winter
months. During the spring, fall, and winter, people added more than
840,000 wildfires, a 35-fold increase over the number of lightning-
started fires in those seasons. This expansion of the fire-niche was
caused by human-related ignitions under higher fuel moisture con-
ditions, compared with lightning-started fires. Moreover, during this
21-y record, large human-started wildfires increased significantly.
There was a strong national east-west dichotomy in the spatial
distribution of human-started wildfires. Although human-started
wildfires were pervasive across the United States (Fig. 1), the ex-
pansion of human-started wildfires relative to lightning-started fires
was most dramatic in the eastern United States and central and
southern California (Figs. 1 and 2C). Recent work for California
confirms the important role of humans, with anthropogenic vari-
ables explaining half of the variability in fire probability over the
past four decades (30). In contrast, lightning-started fires were

human- and lightning-started fires.

found primarily in the intermountain west and Florida and occurred
predominantly in the summer, reflecting national lightning strike
patterns (31) (Fig. 2C). This finding supports other studies of hu-
man vs. lightning ignition sources that have found an important
distinction between eastern and western United States fire patterns
(10, 21) and drivers (32). Some explanations for this distinction
include higher population and housing densities, lower proportions
of public land, and more extensive land use and development in the
eastern United States (33, 34), all of which could lead to more
sources of anthropogenic ignitions. Synchrony between lightning
activity and the seasonal nadir of fuel moisture in the western
United States also likely contributes to these geographic differences.
However, even with a projected increase in the number of lightning
strikes as a result of anthropogenic climate change (50% by 2100)
(35), humans would still remain the dominant ignition source across
the majority of the United States land area. The majority of the
wildfires requiring agency suppression in the east can be attributed
to escaped fires from debris burning occurring in the spring months
(or winter in Texas and the Gulf Coast) (Fig. 3). Between 1992 and
2012, wildfires caused by debris burning tended to be small (median
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fire size 0.4 ha, IQR: 0.14-1.62 ha), but still an important source of
risk to surrounding ecosystems. At finer scales, there are also no-
table patterns in human- vs. lightning-started wildfires (Fig. S5).
Increased wildfires can follow road networks (36), the wildland—
urban interface (13), and boundaries between agricultural and
forested areas (37), highlighting just a few examples of how human
activities and cultural drivers provide ignitions that substantially
change the distribution of fire across the United States (38).

Our findings reinforce the strong imprint of people on fire re-
gimes through changes in wildfire seasonality, which has been
documented globally (39). In the past few decades, early onset of
warmer and drier conditions has promoted greater fire activity
across the western United States (6, 7, 40). However, our study
highlights the equally important role of human ignitions in
changing modern fire regimes by increasing the fire season length
to encompass the entire year. The vast majority (78%) of lightning-
started fires occurred during the summer months, whereas 76% of
human-started fires occurred during the spring, fall, and winter
months. Moreover, this trend varies substantially by ecoregion,
reflecting again the principle dichotomy between the eastern and
western United States (Fig. 3). Human-started fires extend the fire
season earlier in the east, and later in the west (Fig. 3 and Table
S2). Observations suggest that climate change has extended the
duration of the fire weather season across most of the globe, in-
cluding parts of the United States by a couple of weeks over the
past three decades (5, 9), whereas we show that human ignitions in
the United States increased the length of the fire season by more
than three mo. There was also a notable mark of American culture
on the distribution of wildfires, with the peak day of wildfires oc-
curring on July 4th, concurrent with Independence Day fireworks
displays (Fig. 2). Indeed, Americans start over twice as many
wildfires on July 4th as any other summer day. A similar cultural
mark has also been demonstrated globally with a marked decline
in wildfires on Sunday compared with other weekdays (41).

Thus, at the national scale, human ignitions dramatically expand
the spatial and seasonal niche of fire. The key components that
define the fire niche are ignition sources, fuel mass, and desiccation.
By exploring the fire niche along these axes, our results show that
lightning fires are primarily constrained to areas with a lightning-
strike density of greater than 100 strikes per grid cell per month (0.04
strikes/km® per month) and are concurrent with drier fuels (< 15%
fuel moisture) (Fig. 4). Human ignitions expand fires into regions
with higher fuel moisture (Fig. 4) and higher NPP (Figs. S1 and S2),
suggesting that humans create sufficient ignition pressure for wetter
fuels to burn. As a consequence, human ignitions have expanded the
fire niche into areas with historically low lightning-strike density, such
as Mediterranean California, or low concurrence of lightning and dry
conditions, such as Eastern Temperate Forests (Fig. 1).

Over the past two decades, there was a significant increase across
the United States for both human- and lightning-caused large fires
(Fig. S3). The significant increase in large lightning fires is driven
primarily by fires in summer months (Fig. 5) in the Northwest
Forested Mountains ecoregion of the western United States (Fig.
S4). This finding is consistent with other studies that have demon-
strated an increase in large fires across the western United States (6,
7, 40), likely as a consequence of changes in climate and fuels rather
than ignitions. In contrast, the significant trend in human-caused
fires is primarily driven by an increase in large fires during spring
months (Fig. 5) in the Great Plains ecoregion of the United States
(Fig. S4). This increasing trend suggests that earlier springs as a result
of climate change (42, 43) may be interacting with human ignition
sources to increase the risk of large fires in the central United States.

The strong year-to-year variability in human ignitions (Fig. S3 and
S4) may reflect the degree to which human choices can affect fire
regimes. However, interannual climate variability also influences
fuel moisture, NPP, and short-term weather conditions that enable
the spread of human-ignited wildfires (44). There was a significant
temporal correlation between large human- and lightning-started
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fires (R = 0.75). This pattern has been observed previously in the
western United States (23) and suggests that large-scale climate
drivers affect the frequency of both human- and lightning-caused
fires. It is unknown how human actions will be affected by hotter
and drier conditions, potentially increasing or decreasing ignitions
from land use, recreation, and other sources. Increased public
awareness and focused policy and management, particularly in years
with elevated fire risk associated with climatic anomalies, are
needed to reduce the number of human-caused ignitions.

In conclusion, we demonstrate the remarkable influence that
humans have on modern United States wildfire regimes through
changes in the spatial and seasonal distribution of ignitions. Al-
though considerable fire research in the United States has rightly
focused on increased fire activity (e.g., larger fires and more area
burned) because of climate change, we demonstrate that the ex-
panded fire niche as a result of human-related ignitions is equally
profound. Moreover, the convergence of warming trends and ex-
panded ignition pressure from people is increasing the number of
large human-caused wildfires (Fig. 5). Currently, humans are
extending the fire niche into conditions that are less conducive to fire
activity, including regions and seasons with wetter fuels and higher
biomass (Figs. 3 and 4). Land-use practices, such as clearing and
logging, may also be creating an abundance of drier fuels, potentially
leading to larger fires even under historically wetter conditions.
Additionally, projected climate warming is expected to lower fuel
moisture and create more frequent weather conditions conducive to
fire ignition and spread (45), and earlier springs attributed to climate
change are leading to accelerated phenology (42). Although plant
physiological responses to rising CO, may reduce some drought
stress (46), climate change will likely lead to faster desiccation of fuels
and increased risk in areas where human ignitions are prevalent.

Uncertainty remains regarding how anthropogenic climate change
will alter wildfire activity geographically and seasonally (47, 48), par-
ticularly in areas where human-caused fires dominate. Moreover, the
current wildland-urban interface, where houses intermingle with nat-
ural areas, constitutes 9% of the United States total land area (33) but
is projected to double by 2030, predominantly in the intermountain
West (49). This expected development expansion will increase not
only ignition pressure, but also the vulnerability of new infrastructure.
Human-driven expansion of the spatial and temporal distribution of
ignitions makes national- and regional-scale policy interventions and
increased public awareness critical for reducing national wildfire risk.

Materials and Methods

For this analysis, we used the publically available US Forest Service Fire Program
Analysis-Fire Occurrence Database (FPA-FOD) (28). This comprehensive dataset
includes United States federal, state, and local records of wildfires (both on
public and private lands) that were suppressed from 1992 to 2012, a total of ~1.6
million records. Previous studies have focused on the western United States (20),
federal lands (22), or records from just one agency (21). Each entry includes at
minimum the location, discovery date, and cause of the wildfire. We excluded
114,191 wildfires with an unknown cause and analyzed the spatial, seasonal, and
temporal patterns of human- vs. lightning-started wildfires. In total, 1,517,522
wildfires were included in the analysis. Human-started wildfires were caused by a
variety of sources, including the US Forest Service-designated categories of
equipment use, smoking, campfire, railroad, arson, debris burning, children,
fireworks, power line, structure, and miscellaneous fires (28). Spatially, we cal-
culated the proportion of human- vs. lightning-caused wildfires within equal-
area 50 x 50-km grid cells across the coterminous United States. This grid size
corresponds roughly to the size of an average United States county. For each
grid cell, we calculated the season (winter, spring, summer, or fall) when the
majority of human-caused and lightning-caused wildfires were started. All spa-
tial analyses were conducted in the Albers-Conical equal-area projection. To
determine the seasonal distribution of wildfires, we plotted the distribution of
human- and lightning-started fires by the day of year for the coterminous United
States and for individual ecoregions. We used the level 1 ecological regions of
North America, developed by the Commission for Environmental Cooperation
(50). We calculated the length of the human- and lightning-caused fire seasons
as the IQR of the Julian day of recorded fire ignition: that is, the difference
between the first and third quartiles.
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We determined how humans expanded the fire niche by comparing the
lightning-strike density (i.e., natural ignition pressure) and fuel-moisture condi-
tions under which actual human- and lightning-started fire events occurred. We
obtained daily 1,000-h dead fuel moisture data from the surface meteorological
data (51) on a 4-km grid from 1992 to 2012, and computed monthly averages
across the 21-y study period. We obtained 4-km gridded monthly lightning-strike
data from the Vaisala National Lightning Detection Network (https:/Awww.ncdc.
noaa.gov/data-access/severe-weather/lightning-products-and-services) and aver-
aged the data over the 21-y study period. To account for fuel limitations, we also
explored the fire niche as a function of fuel amount (approximated by NPP). We
used MODIS mean annual NPP data (1-km resolution, from 2002 to 2015) (52) for
this purpose. These three datasets were aggregated to the common 50 x 50-km
grid cell. We calculated the number of human- and lightning-started fires by grid
cell using the FPA-FOD dataset (28). We excluded any grid cells from subsequent
analyses that did not report at least one lightning-caused or human-caused
wildfire over the period of record. We tested whether fire niche expansion (as
determined by fuel moisture and lightning-strike density) caused by human ig-
nitions was significant based on Mann-Whitney tests between human- vs.
lightning-started fires.

To assess trends in human- vs. lightning-caused wildfires through
time, we used only large fires that were independently verified by the
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Monitoring Trends in Burn Severity (MTBS) project (53). We specifically
focused on these large fires (>400 ha in the west, >200 ha in the east; n =
8,455) for comparability with previous research, which has examined
temporal trends in the western United States and the link to climate
warming (6, 7, 40), but has not investigated the relative contribution of
human-started fires at a national scale. In addition to overall temporal
trends, we tested for significant trends by ignition source versus season
(spring, summer, fall) and versus ecoregion based on the level | ecological
regions of North America (50). We explored a similar analysis using all
available FPA-FOD data, but changes in reporting frequency through time
for some states precluded a robust temporal analysis. We tested for trends
in wildfire numbers through time using the nonparametric Theil-Sen es-
timator (54) and tested for trend significance using nonparametric Mann-
Kendall tests (55).

ACKNOWLEDGMENTS. We thank two anonymous reviewers for their com-
ments. We also thank Karen Short for her efforts to compile the FPA-FOD
wildfire database. This work was funded by the National Aeronautics and
Space Administration Terrestrial Ecology Program under Award NNX14AJ14G,
Joint Fire Sciences Program 15-2-03-6, and Earth Lab through the University of
Colorado, Boulder’s Grand Challenge Initiative.

28. Short KC (2014) A spatial database of wildfires in the United States, 1992-2011. Earth
Syst Sci Data 6(1):1-27.

29. Pyne SJ (2014) Fire creature. Fire on Earth: An Introduction, eds Scott AC, Bowman DMJS,
Bond WJ, Alexander ME (John Wiley and Sons, West Sussex, UK), pp 195-230.

30. Mann ML, et al. (2016) Incorporating anthropogenic influences into fire probability
models: Effects of human activity and climate change on fire activity in California.
PLoS One 11(4):e0153589.

31. Orville RE, Huffines GR (2001) Cloud-to-ground lightning in the United States: NLDN
results in the first decade, 1989-98. Mon Weather Rev 129(5):1179-1193.

32. Pyne SJ (2015) Between Two Fires: A Fire History of Contemporary America (Univ of
Arizona Press, Tucson, AZ).

33. Radeloff VC, et al. (2005) The wildland-urban interface in the United States. Ecol App/
15(3):799-805.

34. Riitters KH, et al. (2002) Fragmentation of continental United States forests.
Ecosystems 5(8):815-822.

35. Romps DM, Seeley JT, Vollaro D, Molinari J (2014) Climate change. Projected increase in
lightning strikes in the United States due to global warming. Science 346(6211):851-854.

36. Cardille JA, Ventura SJ, Turner MG (2001) Environmental and social factors influ-
encing wildfires in the Upper Midwest, United States. Ecol App/ 11(1):111-127.

37. McCarty JL, Korontzi S, Justice CO, Loboda T (2009) The spatial and temporal distribution of
crop residue burning in the contiguous United States. Sci Total Environ 407(21):5701-5712.

38. Pyne SJ (1982) Fire in America (Univ of Washington Press, Seattle, WA), p 654.

39. Le Page Y, Oom D, Silva JMN, Jénsson P, Pereira JMC (2010) Seasonality of vegetation
fires as modified by human action: Observing the deviation from eco-climatic fire
regimes. Glob Ecol Biogeogr 19(4):575-588.

40. Dennison PE, Brewer SC, Arnold JD, Moritz MA (2014) Large wildfire trends in the
western United States, 1984-2011. Geophys Res Lett 41(8):2928-2933.

41. Earl N, Simmonds |, Tapper N (2015) Weekly cycles of global fires—Associations with
religion, wealth and culture, and insights into anthropogenic influences on global
climate. Geophys Res Lett 42(21):9579-9589.

42. Schwartz MD, Ahas R, Aasa A (2006) Onset of spring starting earlier across the
Northern Hemisphere. Glob Change Biol 12(2):343-351.

43. Melillo JM, Richmond T, Yohe GW (2014) Climate Change Impacts in the United
States: The Third National Climate Assessment (US Global Change Research Pro-
gram, Washington, DC), 10.7930/J0Z31WJ2.

44. Jin Y, et al. (2014) Contrasting controls on wildland fires in Southern California during
periods with and without Santa Ana winds. J Geophys Res Biogeosci 119(3):432-450.

45. Flannigan M, et al. (2013) Global wildland fire season severity in the 21st century. For
Ecol Manage 294:54-61.

46. Swann ALS, Hoffman FM, Koven CD, Randerson JT (2016) Plant responses to in-
creasing CO2 reduce estimates of climate impacts on drought severity. Proc Nat/ Acad
Sci USA 113(36):10019-10024.

47. Barbero R, Abatzoglou JT, Larkin NK, Kolden CA, Stocks B (2015) Climate change
presents increased potential for very large fires in the contiguous United States. Int J
Wildland Fire 24(7):892-899.

48. Luce CH, et al. (2016) Contributing factors for drought in United States forest ecosystems
under projected future climates and their uncertainty. For Ecol Manage 380:299-308.

49. Theobald DM, Romme WH (2007) Expansion of the US wildland-urban interface.
Landsc Urban Plan 83(4):340-354.

50. Wiken E, Nava FJ, Griffith G (2011) North American Terrestrial Ecoregions—Level Ill
(Commission for Environmental Cooperation, Montreal).

51. Abatzoglou JT (2013) Development of gridded surface meteorological data for eco-
logical applications and modelling. Int J Climatol 33(1):121-131.

52. Zhao M, Heinsch FA, Nemani RR, Running SW (2005) Improvements of the MODIS terrestrial
gross and net primary production global data set. Remote Sens Environ 95(2):164-176.

53. Eidenshink J, et al. (2007) A project for monitoring trends in burn severity. Fire Ecol 3(1):3-21.

54. Wilcox RR (2012) Introduction to Robust Estimation and Hypothesis Testing (Aca-
demic, San Diego).

55. Mann HB (1945) Nonparametric tests against trend. Econometrica 13(3):245-259.

PNAS | March 14,2017 | vol. 114 | no. 11 | 2951

ENVIRONMENTAL

SUSTAINABILITY

SCIENCES

SCIENCE


https://www.ncdc.noaa.gov/data-access/severe-weather/lightning-products-and-services
https://www.ncdc.noaa.gov/data-access/severe-weather/lightning-products-and-services
https://www.nifc.gov/
https://headwaterseconomics.org/wildfire/insights
https://headwaterseconomics.org/wildfire/insights

Postfire Management on Forested Public Lands
of the Western United States

ROBERT L. BESCHTA,*t11 JONATHAN J. RHODES,t J. BOONE KAUFFMAN, $

ROBERT E. GRESSWELL,§ G. WAYNE MINSHALL,** JAMES R. KARR, 1 DAVID A. PERRY,$} 3%

E RICHARD HAUER,§§ AND CHRISTOPHER A. FRISSELL***

*Department of Forest Engineering, Oregon State University, Corvallis, OR 97331, U.S.A.

1Senior Fishery Scientist-Hydrologist, Columbia River Inter-Tribal Fish Commission, 729 NE Oregon Street, Portland,

OR 97232, U.S.A.

fDepartment of Fisheries and Wildlife, Oregon State University, Corvallis, OR 97331, U.S.A.

8U.S. Geological Survey, Forest and Rangeland Ecosystem Science Center, 3200 SW Jefferson Way, Corvallis,
OR 97331, U.S.A.

**Department of Biological Sciences, Idaho State University, Pocatello, ID 83209, U.S.A.

1T1Box 305020, University of Washington, Seattle, WA 98195-5020, U.S.A.

iDepartment of Forest Science, Oregon State University (Emeritus), Corvallis, OR 97331, U.S.A.
§8Flathead Lake Biological Station, University of Montana, Polson, MT 59860, U.S.A.

***The Pacific Rivers Council, Polson, MT 59860, U.S.A.

Abstract: Forest ecosystems in the western United States evolved over many millennia in response to distur-
bances such as wildfires. Land use and management practices have altered these ecosystems, however, including
fire regimes in some areas. Forest ecosystems are especially vulnerable to postfire management practices be-
cause such practices may influence forest dynamics and aquatic systems for decades to centuries. Thus, there
is an increasing need to evaluate the effect of postfire treatments from the perspective of ecosystem recovery.
We examined, via the published literature and our collective experience, the ecological effects of some common
Dpostfire treatments. Based on this examination, promising postfire restoration measures include retention of
large trees, rebabilitation of firelines and roads, and, in some cases, planting of native species. The following
practices are generally inconsistent with efforts to restore ecosystem functions after fire: seeding exotic species,
livestock grazing, placement of physical structures in and near stream channels, ground-based postfire log-
ging, removal of large trees, and road construction. Practices that adversely affect soil integrity, persistence or
recovery of native species, riparian functions, or water quality generally impede ecological recovery after fire.
Although research provides a basis for evaluating the efficacy of postfire treatments, there is a continuing need
to increase our understanding of the effects of such treatments within the context of societal and ecological
goals for forested public lands of the western United States.

Key Words: ecological principles, postfire treatments, restoration, salvage logging, wildland fire

Gestion Post-Incendio en Terrenos Boscosos Publicos en el Oeste de E. U. A.

Resumen: Los ecosistemas boscosos en el oeste de Estados Unidas evolucionaron a lo largo de muchos mile-
nios en respuesta a perturbaciones tales como incendios naturales. Sin embargo, las prdcticas de uso y gestion
del suelo han alterado estos ecosistemas, incluyendo los regimenes de fuego en algunas dreas. Los ecosistemas
boscosos son especialmente vulnerables a las prdcticas de gestion post-incendio porque tales prdcticas pueden
influir en la dindmica del bosque y en los sistemas acudticos de décadas basta siglos. Por tanto, bay una
mayor necesidad de evaluar el efecto de tratamientos post-incendio desde la perspectiva de la recuperacion
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del ecosistema. Examinamos, via la literatura publicada y nuestra experiencia colectiva, los efectos ecologicos
de algunos tratamientos post-incendio comunes. Con base en esa examinacion, las medidas de restauracion
post-incendio prometedoras incluyen la retencion de drboles grandes, la rebabilitacion de guardarrayas y
caminos y, en algunos casos, la siembra de especies nativas. Las siguientes generalmente son inconsistentes
con los esfuerzos para restaurar funciones del ecosistema después del incendio: siembra de especies exoticas,
pastoreo, colocacion de estructuras fisicas en y cerca del canal de arroyos, tala post-incendio, remocion de
darboles grandes y construccion de caminos. Las prdcticas que adversamente afectan la integridad del suelo,
la persistencia o recuperacion de especies nativas, las funciones riparias o la calidad del agua generalmente
impiden la recuperacion ecologica después del incendio. Aunque la investigacion proporciona una base para
evaluar la eficacia de los tratamientos post-incendio, existe la necesidad de incrementar nuestro entendimiento
de los efectos de dichos tratamientos en el contexto de metas sociales y ecologicas para los terrenos boscosos
publicos del oeste de Estados Unidos.

Palabras Clave: incendio en terreno silvestre, principios ecolgicos, restauracion, tala de salvamento, tratamien-
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tos post-incendio

Introduction

Wildland fires are disturbances that occur with long re-
currence intervals and generally high severity in some
forest types and with shorter intervals and lower severity
in others (Pyne 1984; Walstad et al. 1990; Agee 1993).
For millennia, wildland fires have arguably been the most
important disturbance process throughout many west-
ern forests (Hessburg & Agee 2003). Seedling germina-
tion and establishment, growth patterns, plant commu-
nity composition and structure, rates of mortality, soil
productivity, and other properties and processes of west-
ern forest ecosystems are often strongly influenced and
shaped by fire disturbance regimes. Even so, perhaps the
most controversial aspect of western land management
at present is the ecology of fire and fire management.

Land and fire management practices across the west-
ern United States have profoundly affected forest, grass-
land, and aquatic ecosystems by fragmenting ecosystems,
simplifying or destroying habitats, and modifying distur-
bance regimes (McIntosh et al. 1994; Keane et al. 2002;
Hessburg & Agee 2003). Cumulatively, these practices
have altered ecosystems to the point where local and
regional extirpation of sensitive species is increasingly
common (Rieman et al. 1997; Thurow et al. 1997). Con-
sequently, the integrity of many terrestrial and aquatic
systems has been severely degraded at every level of bi-
ological organization, among populations, communities,
assemblages, and species (Nehlsen et al. 1991; Frissell
1993; Rieman et al. 2003).

For more than a century, wildland fires have been per-
ceived as the major “threat” to the health of forest ecosys-
tems, and management programs have too often ignored
the interaction of human activities and altered fire regimes
as a force for change in regional landscapes. For example,
human perturbations often produce conditions outside
the evolutionary and ecological tolerance limits of native
species. In our quest as a society to control some types
of forest disturbances, such as wildland fire, insects, and
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diseases, we have often failed to recognize the vital role
these forces play in sustaining ecosystem integrity and
biodiversity. In other instances, we have created addi-
tional anthropogenic disturbances (e.g., increased sedi-
ment production and altered water quality) without ade-
quately recognizing the significance of those activities to
landscapes and aquatic systems. Thus, a continuing em-
phasis on fire suppression and postfire salvage logging on
public lands addresses symptoms rather than causes and
does not acknowledge the natural dynamics and restora-
tion needs of forest ecosystems.

We reviewed postfire management practices within the
context of ecological restoration. Based on this review,
we propose guidelines for postfire management aimed at
maintaining or restoring the integrity of forested land-
scapes and their dependent freshwater systems. Only
by maintaining crucial ecological processes can we ex-
pect to sustain renewable resource systems. Two general
themes emerge throughout this paper: (1) native species
are adapted to natural patterns and processes of distur-
bance that produce and maintain diverse ecosystems,
and (2) reducing the negative effects of past management
practices and avoiding additional impacts of future prac-
tices will promote regional recovery of biodiversity. We
suggest that understanding these themes is necessary for
maintaining viable populations of native species, protect-
ing critical ecosystem functions and services, and meeting
stated objectives in laws governing federal land manage-
ment in the United States (e.g., the Wilderness Act, the
Clean Water Act, the Threatened and Endangered Species
Act, the National Forest Management Act).

Wildland Fire and Postfire Management
in a Landscape Context

Scientific assessments of the current condition of forested
systems in the western United States consistently yield the
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same broad conclusions: a century or more of road build-
ing, logging, grazing, mining, fire suppression, and water
withdrawals, in conjunction with the loss of key species
and the introduction of exotic species, have degraded
watersheds, modified streamflows and water quality, al-
tered ecosystem processes, and decreased biological di-
versity (e.g., Chamberlin et al. 1991; Furniss et al. 1991;
Fleischner 1994; Terborgh et al. 1999; U.S. Department
of Agriculture Forest Service 2000). Such conclusions
have been documented for a variety of areas and over a
wide range of scales (Leopold 1937; Henjum et al. 1994;
Mclntosh et al. 1994; CWWR 1996; Espinosa et al. 1997,
Kessler et al. 2001). Past and present actions limit the
capacity for ecosystem recovery and reduce the range
and abundance of many native species (Williams & Miller
1990; Nehlsen et al. 1991; Quigley & Arbelbide 1997).
Thus, forests of the western United States can be viewed
as a sea of compromised or degraded ecosystems sur-
rounding a few relatively intact “islands” (Frissell 1993).
These intact areas typically retain the full complement of
regionally appropriate species and the processes that sus-
tain those species (all the “parts and processes” of healthy
regional landscapes; Karr 2000).

Although postfire landscapes are often portrayed as
“disasters” in human terms, from an ecological perspec-
tive they are the result of vital disturbance processes
in forests. The biota of these landscapes is adapted to,
and often dependent upon, the occurrence of fires hav-
ing highly variable frequency (return interval), season
of occurrence, size, severity, and ecological effect. Evi-
dence of early fire is present in fossil charcoal deposits of
350-300 million years ago (Komarek 1973); some 100-
165 million years later, wildfires were common (Cope
& Chaloner 1985). Over time, plants (and other biota)
evolved morphological, physiological, and/or reproduc-
tive characteristics—long-lived seeds stored in soil, seroti-
nous cones, thick bark—that facilitate and may even be
required for species persistence. Furthermore, species
that become established early in the postfire environ-
ment influence forest dynamics for decades to centuries,
through, for example, symbiotic nitrogen fixation, my-
corrhizal hosts, pollination and seed dispersal, wildlife
habitat, and soil protection (Kauffman 1990; Gresswell
1999).

Restoration Considerations in a Postfire Landscape

Following a wildland fire, a common assumption is that
immediate actions are needed to rehabilitate or restore
the “fire-damaged” landscape. Yet abundant scientific ev-
idence suggests that commonly applied postfire treat-
ments may compound ecological stresses. For example,
soil exposure and the compaction effects of ground-based
yarding equipment may substantially increase erosion fol-
lowing postfire salvage logging. Additionally, the removal
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of standing and downed large wood may eliminate impor-
tant structural components for the recovery of terrestrial
and aquatic systems (Swanson 1981; Trotter 1990; May &
Gresswell 2003).

Perhaps the most critical step in undertaking ecological
restoration in the postfire environment is to forgo those
activities and land uses that either cause additional dam-
age or prevent reestablishment of native species, ecosys-
tem processes, or plant succession (Ebersole et al. 1996;
Kauffman et al. 1997). The avoidance of degradation is
far easier and more effective than trying to rehabilitate
degraded lands (Hicks et al. 1991; Frissell 1993; Rhodes
et al. 1994). Reducing significant human impacts to for-
est ecosystems often enhances system recovery and taps
the natural capacities of species to reproduce and survive
within the context of natural disturbance regimes, includ-
ing wildland fires (Frissell et al. 1997). Thus, a crucial pri-
ority of postfire management is enhancing the capacity
of burned areas to recover naturally.

While “active restoration” may be required in some
postfire situations (Kauffman et al. 1997), such activities
should be carefully considered and aimed at complement-
ing natural recovery processes. Beneficial active restora-
tion activities might include reducing sediment produc-
tion from firelines and roads, replacing faulty drainage
structures, and planting native species depleted by fire
or previous management activities. A logical, and neces-
sary, first step in assessing postfire management needs
includes reducing or eliminating factors that degrade for-
est ecosystems and prevent recovery. This strategy can
sometimes be difficult to implement because it often re-
quires changing land uses in a watershed.

Another flaw in management approaches today is the
tendency to use the current, altered status of many wa-
tersheds in the western United States as a baseline for
assessing restoration strategies in landscapes following
wildfire. This ignores the chronic or continuing effects
of past management activities and may relegate aquatic
systems to a permanently degraded condition.

Promoting Natural Recovery Processes

Fire and other natural disturbances in landscapes where
natural biological integrity is relatively intact are not detri-
mental to the maintenance of diverse and productive
aquatic ecosystems (Minshall et al. 1997; Gresswell 1999;
Minshall et al. 2001). For example, riparian vegetation is
typically quite resilient to fire and rapidly recovers follow-
ing fire. In landscapes altered by decades of resource ex-
traction or fire suppression, however, the consequences
of fire for forest ecosystems may be severe. Furthermore,
recovery of stream ecosystems from the effects of fire may
be slower, more sporadic, and potentially incomplete in
landscapes where natural processes and ecosystem struc-
tures have been degraded or impaired. Under these con-
ditions, prefire restoration of ecosystem integrity (i.e., at
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the watershed scale and larger) is likely to be more effec-
tive than fire prevention or postfire attempts at protec-
tion and rehabilitation of the stream channel (Gresswell
1999).

Postfire treatments such as seeding of exotic species,
livestock grazing, or salvage logging can alter succession
and delay restoration by removing elements of recovery
or by accentuating damage to soil and water resources.
Instead, management priorities should aim at the pre-
vention or minimization of activities that increase stress
upon surviving native biota, disrupt the establishment of
early seral native species, or alter microclimates. Postfire
treatments should be implemented only when they are
needed to facilitate ecosystem recovery and do not inter-
fere with natural succession or to reduce human disrup-
tions of natural ecosystem processes. For example, natu-
ral recovery could be augmented by rehabilitation of areas
disturbed by fire-suppression activities or other manage-
ment practices (e.g., dozed firelines, roads). In other in-
stances, planting of conifers may be needed where seed
sources of native species have been lost by fire.

Protecting Soils

Fire intensities and patterns of fuel consumption vary
across landscapes with weather, topography, and differ-
ences in fuel loads and condition; all these factors also
influence the effect of fire on soils. With a moderate- to
high-severity fire, litter and duff are consumed, and the
soil surface experiences high temperatures. Over a 25-
year period (1973-1998), burned-area reports for west-
ern forests indicate that moderate- and high-severity cate-
gories account for about one-half of the total burned area
(Robichaud et al. 2000). Burned area varies substantially
from decade to decade (Fig. 1).

To protect aquatic ecosystems in areas with moderate-
to high-severity burns, postfire management should not
increase soil erosion or reduce soil productivity. For exam-
ple, use of ground-based logging equipment will cause ad-
ditional site disturbance and soil compaction. Decreased
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Figure 1. Area burned annually, by decade
(1920-2000), for U.S. federal agencies (1994-2001)
(US. Department of Agriculture Forest Service Annual
Fire Statistics).
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infiltration, increased overland flow, and accelerated sed-
imentation following ground-based logging not only de-
grade forest soils (Kattleman 1996; Mclver & Starr 2000,
2001) but can also affect aquatic systems, including re-
duced survival of salmonids and other aquatic species
(Young et al. 1991; Rhodes et al. 1994; Quigley & Arbel-
bide 1997). Furthermore, onsite impacts to early succes-
sional native plant species during postfire logging, where
such species are nitrogen fixers, can significantly affect a
major pathway of nutrient replenishment in the postfire
environment.

After fire, some soils may exhibit a water-repellant (hy-
drophobic) condition that reduces the infiltration of wa-
ter (DeBano et al. 1998). Although these changes can sig-
nificantly alter the hydrologic properties of forest soils,
the magnitude of change varies with soil texture and
organic-matter content, vegetation, and fire behavior.
Water-repellant soils mainly develop on sites that ex-
perience moderate- or high-severity burns with coarse-
textured soils and certain vegetation, such as waxy-leaved
shrublands and woodlands (Wells et al. 1979; Debano et
al. 1998).

Water-repellant soils occur naturally in the absence of
fire (Kattleman 1996), and fire does not always cause hy-
drophobic conditions. Although comprehensive studies
on water repellency following fire are uncommon, gener-
ally water-repellant conditions are spatially variable and
diminish as vegetation and soils recover (Robichaud et al.
2000; Huffman et al. 2001; Letey 2001). If organic matter
on the soil surface remains intact following a burn, the
occurrence of hydrophobic soils and associated effects
on erosion and runoff are greatly reduced.

Some researchers (Mclver & Starr 2000) suggest that
benefits can be derived from the mechanical disturbance
of hydrophobic soils by postfire logging, whereby disrup-
tion of hydrophobic soil surfaces increases infiltration and
reduces overland flow, peakflow, and sediment produc-
tion to streams. For several reasons, such an approach
would have far more persistent negative effects on soils,
watersheds, and aquatic resources than would allowing
soils to recover naturally. For example, soil disturbance
during ground-based logging that is severe enough to
“mix” or break through soil layers would also cause sig-
nificant compaction, contributing to accelerated surface
erosion and long-term reductions in soil productivity. Al-
though cable-logging systems typically cause less com-
paction than ground-based systems, dragging logs across
burned terrain without full suspension can still damage
soils. Because salvage logging often occurs a year or more
after a fire, and because water-repellant conditions usu-
ally last only a few years, at most, water-repellant soils
may no longer exist by the time logging occurs, if they
ever did. Finally, water-repellent soils can occur in the ab-
sence of fire, so the intensity and location of hydrophobic
soils is generally not determined in postfire assessments
(Robichaud et al. 2000).
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Evidence continues to mount of a direct relationship
between mechanical disturbance to the postfire environ-
ment and accelerated erosion (Kattleman 1996; Mclver
& Starr 2000, 2001). Soil compaction can persist for 50-
80 years in many forest soils (Quigley & Arbelbide 1997)
and even longer in areas with high clay content, which is
substantially longer than the negative influence on soils
that may be associated with fire (U.S. Department of Agri-
culture Forest Service & BLM 1997).

Because soils and soil productivity are irreplaceable in
human time scales, postfire management practices that
compact soils, reduce soil productivity, or accelerate ero-
sion should not be undertaken or allowed to continue.
The recovery of organic matter in soils, which is essen-
tial to the recovery of soil productivity in areas with
moderate- to high-severity burns, can be accomplished ef-
ficiently and inexpensively by leaving burned areas undis-
turbed (Kattleman 1996; Quigley & Arbelbide 1997). Al-
though postfire treatments are often undertaken in an at-
tempt to reduce soil erosion and impacts to water quality,
prefire management practices—prescribed fire, oblitera-
tion of problem roads, removal of exotic species, reduced
grazing pressure—may have an even larger payoff at both
local and landscape scales.

Changing Postfire Practices

Dramatic changes are needed in forest management prac-
tices and policies that relate to land use and fire man-
agement in the western United States. Management with
short- and long-term ecological goals should reduce hu-
man impacts to ecosystems and allow natural disturbance
regimes to retain or reestablish some of their historical
influence in maintaining the diversity and productivity
of regional landscapes. Instead of focusing on the imme-
diate effects of a given fire, land managers might more
fruitfully direct their attention to historical and on-going
land uses and policies, including the loss of natural dis-
turbance regimes (i.e., fire exclusion).

Rehabilitating Sites Disturbed by Fire Suppression

The postfire environment is a reflection of not only the
conditions that influence the spread and intensity of fire
but also the magnitude of suppression efforts. For some
fires, hundreds of kilometers of firelines may be con-
structed. Whether built by hand or machinery, these fire-
lines involve soil disturbance and the removal of vegeta-
tion and litter. This can increase surface runoff, erosion,
and sediment delivery to streams and facilitate the inva-
sion of noxious weeds (Kattleman 1996). Firelines con-
structed by bulldozers are of greatest concern because
of their width (up to 15 m) and the severity of soil dis-
turbance and compaction. Firelines in riparian areas con-
tribute to aquatic degradation by reducing recruitment of
large wood, bank stability, and stream shading, and they
increase sediment delivery to streams. Although hand-
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lines are typically narrower and involve less severe im-
pacts than bulldozer lines, negative effects can be sub-
stantial, especially in areas that are highly susceptible to
erosion.

Fireline locations cause additional ecological concerns.
Although this issue has received increased attention in re-
centyears, firelines continue to be constructed in riparian
areas and down the fall line of steep slopes when deemed
necessary by fire managers. Unfortunately, little can be
done to remedy adverse effects if firelines are constructed
in areas prone to erosion. Although less significant than
firelines at the watershed scale, fire camps can sometimes
result in local soil damage. Furthermore, water-drafting
sites can damage soils near streams and disrupt channel
banks.

As Kattleman (1996) has suggested, the principal objec-
tives of postfire rehabilitation efforts should be to avoid
additional damage, repair potential problems from fire-
suppression activities (e.g., firelines and fire camps), and
enhance the reestablishment of native vegetation to pro-
vide soil cover and organic matter. Consequently, highly
disturbed sites should be rehabilitated (e.g., through wa-
ter bars and seeding with native species) immediately fol-
lowing fires. It should be recognized, however, that such
treatments may not eliminate persistent effects from ar-
eas that are prone to erosion or that have been severely
affected.

Banning Introduction of Exotic Species

The rationale for seeding burned areas with non-native
grasses includes reducing onsite erosion, decreasing sed-
iment runoff into streams, reducing noxious weed inva-
sions, and increasing the availability of forage for grazing
animals (Barro & Conard 1987, Sexton 1998, Robichaud
et al. 2000). Although the efficacy of seeding for accom-
plishing these objectives has not been well evaluated,
results of studies show that seeding grasses in burned
ecosystems can lead to long-term changes in ecosystem
composition and structure (Nadkarni & Odion 1986;
Barro & Conard 1987). Comparing seeded burned ar-
eas to those that were not burned or seeded, Sexton
(1998) found no differences in total herbaceous cover
but did quantify a significantly greater cover of exotic
grasses and a lower cover of native flora in seeded ar-
eas. Furthermore, rates of growth and survival of shrubs
and conifer seedlings were reduced in areas seeded fol-
lowing fire (Amaranthus et al. 1993; Sexton 1998). Estab-
lishing a dense cover of seeded grasses, which decreases
survival of woody plant seedlings, may cause long-term
diminution of many important functional roles of species
that shape ecosystem structure and productivity, roles
including nitrogen accumulation, alternative hosts to my-
corrhizal fungi, wildlife habitat, and erosion control.
Established exotic grasses can increase the flammabil-
ity of burned sites; thus, reburns through these sites can
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have severe ecological consequences (Zedler et al. 1983).
Furthermore, a dense stand of exotic grasses will increase
the likelihood of a reburn because (1) there is a contin-
uous fuel bed with a high surface-to-volume ratio that is
conducive to rapid rates of fire spread, (2) annual foliage
dies and moisture content is low by late summer, and (3)
fine fuels such as dried grasses and grass litter are more
susceptible to ignition (Barro & Conard 1987).

Grass seeding has a low probability of reducing postfire
erosion in the first season of erosion because any bene-
fits of grass cover occur after the initial damaging runoff
events (Barro & Conard 1987; Amaranthus 1989). In re-
views of grass seeding and postfire erosion, Barro and
Conard (1987), Kattleman (1996), and Raubichaud et al.
(2000) could not find a significant relationship between
establishment of grass cover and reduction in erosion in
the years following wildland fire. Furthermore, they note
the potential for grass seeding to exacerbate long-term
erosion rates. Even so, seeding remains a widely used
postfire rehabilitation activity, considered a panacea by
many.

From an ecological perspective, seeding or planting
should be avoided unless the prefire landscape has been
severely degraded or dominated by alien or nonindige-
nous species. When species introductions are initiated,
only species and seed sources native to the site should be
utilized.

Curtailing Livestock Grazing

Livestock grazing, as practiced throughout much of the
western United States, significantly damages soils, ele-
vates erosion, thwarts vegetative recovery, contributes to
invasions of exotic species, and degrades stream and ri-
parian conditions (Platts 1991; Fleischner 1994; Belsky et
al. 1999). Consequently, this land use has been a major
contributor to declines in native salmonids across west-
ern states (Rhodes et al. 1994; CWWR 1996; NRC 1996,
2002). Furthermore, postfire livestock grazing is widely
recognized as an inhibitor of soil recovery and plant suc-
cession following fire, delaying the recovery of burned
areas. Thus, livestock grazing should not occur in burned
areas, particularly riparian areas, until vegetation recov-
ery has occurred.

Avoiding Use of Structures in and Near Stream Channels

The installation of structures such as sediment traps,
wood additions, bank stabilizations, weirs, check dams,
and gabions in and along streams often occurs in conjunc-
tion with postfire recovery activities. The cost of these
structures, combined with their limited functional utility
and short lifetimes, limits their value, especially in streams
with elevated sediment and flow (Frissell & Nawa 1992).
Instream structures often interfere with important inter-
actions among sediment flux, channel form, and erosion
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(Frissell & Nawa 1992; Thompson 2002), thus negatively
affecting the maintenance and diversity of aquatic habi-
tats (Schmetterling et al. 2001). Managers should not as-
sume that these structures mitigate the negative effects of
other postfire management practices (e.g., road construc-
tion, postfire logging) that might accelerate sediment de-
livery to streams.

Restricting Postfire Logging

In the past, logging of fire-affected forest stands often
occurred with little consideration of potential ecological
consequences. However, postfire salvage logging inher-
ently involves the removal of large trees that play impor-
tant roles in numerous biological and physical processes
and provide habitat for a variety of species (Thomas 1970;
Harmon et al. 1986; Perry et al. 1989; Rose et al. 2001). In
Oregon and Washington, for example, at least 96 wildlife
species are associated with snags in forests. Most use
snags >36 cm diameter at breast height (dbh); about one-
third use snags >74 cm dbh. Hollow trees >51 cm dbh
are often the most valuable for animal shelter, roosting,
and hunting (Rose et al. 2001). Salvage logging may be
especially detrimental in those watersheds where only a
few large trees or snags remain following fire.

Large wood has multiple roles in the ecological recov-
ery of disturbed aquatic ecosystems. Salvage logging con-
ducted in or near riparian zones or streams diminishes the
source of large wood important for stream structure and
function (Maser et al. 1988; McMahon & deCalesta 1990;
Hauer et al. 1999). Postfire wood inputs are important
in creating physical habitat, recycling nutrients, and pro-
viding structural components during stream and riparian
recovery (Minshall et al. 1989; Lawrence & Minshall 1994;
Benda et al. 2003). Damaging effects from postfire logging
in riparian areas can persist for many decades because of
the loss of dead trees that would normally become in-
corporated into stream channels and forest floors over
several decades or more (Lyon 1984; May & Gresswell
2003). Similarly, logging large trees from upslope areas
that are prone to landslides would also reduce, over time,
the recruitment of large wood to riparian and aquatic
ecosystems.

Based on the need to preserve important ecological
functions associated with trees and large wood following
fire, Beschta et al. (1995) recommend that salvage log-
ging should leave at least 50% of standing dead trees in
each diameter class. They also indicate that proportional
retention is needed because of the important graded in-
puts that a mix of large wood contributes to streams
over the extended postfire recovery period (Lyon 1984;
Minshall et al. 1989). Furthermore, R.L.B. et al. (unpub-
lished report) recommend no harvest of live trees within
burn perimeters or of dead trees >51 cm dbh or older
than 150 years. Henjum et al. (1994) similarly recom-
mended retention of trees >51 cm dbh or >150 years
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old and cessation of logging in late-successional forests.
These recommendations emphasize the importance of
retaining the oldest and largest trees, both live and dead,
in postfire environments.

Postfire salvage logging has sometimes been justified on
the assumption that >50% crown scorch results in tree
mortality. However, trees within low- and mid-elevation
forests of the western United States possess a suite of
adaptations that facilitate fire survival (Kauffman 1990).
Stephens and Finney (2000) found that the probability
of conifer mortality is low when the percentage of the
crown scorch was <60%. For trees >50 cm dbh, they de-
termined that the probability of mortality of ponderosa
pine, incense cedar, and white fir was <40% when crown
scorch was as high as 80%. The multiple ecological roles
of large trees and their high probability of survival sup-
ports the need to retain them in burned areas.

Postfire salvage logging, based primarily on economic
values, typically removes only the largest trees and, by re-
ducing total fuel loads, can supposedly reduce the sever-
ity of a subsequent fire. The principal fuels that carry
wildland fire are not large trees, however, but finer fuels
such as grasses, shrubs, and tree foliage. With regard to fu-
ture fires, perhaps a more important concern of postfire
logging is its influence on fuel composition, particle-size
distribution, and site microclimate (i.e., creating warmer,
drier, and windier conditions; Sexton 1998). The harvest
of green trees increases fine fuels (activity fuels) even
though the mass of large wood has decreased (Brown
1980). If similar shifts in fuel composition (and loads)
occur on salvage logged sites, they could increase the po-
tential future fire intensity and rate of spread of these sites
over the short term. Few, if any, studies have quantified
the effects of salvage logging on fuel loads (Mclver & Starr
2000).

Postfire salvage logging also affects plant species com-
position and forest succession through changes in micro-
climate and mechanical damage to regenerating plants
and soils. Even where salvage logging occurred in win-
ter over approximately 60 cm of snow, logged areas had
significantly lower understory biomass, species richness,
species diversity, growth, and survival of both tree and
shrub species (Stuart et al. 1993; Sexton 1998). Such log-
ging can also have detrimental effects on the microhabi-
tats of organisms associated with recovery (e.g., soil mi-
crobes) (Borchers & Perry 1990) and early successional
vegetation.

Both ground-based yarding systems (tractors and skid-
ders) and, to a lesser degree, cable systems can cause
significant soil disturbance and compaction. Such prac-
tices should be prohibited in burned areas whenever they
are likely to accelerate onsite erosion. Logging may be
suitable where accelerated soil erosion and increased soil
compaction are unlikely to occur and where there will be
no impairment of hydrologic and soil biological integrity.
Helicopter logging and cable yarding systems (particu-
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larly those providing partial or full suspension) that use
existing roads and landings also may be appropriate in
some areas because they produce smaller impacts on sur-
face runoff and sediment production. Salvage logging gen-
erally should be prohibited on sensitive sites, however,
including riparian areas, moderately or severely burned
areas, fragile soils, steep slopes, roadless areas, water-
sheds where sedimentation is already a problem, where
significant impacts to early successional vegetation may
occur, and sites where accelerated surface erosion or ac-
celerated mass soil erosion are likely to occur.

Prohibiting New Road Construction

In the western United States, roads represent a persistent
cause of watershed degradation (U.S. Department of Agri-
culture Forest Service 1993, 2000; Henjum et al. 1994)
and a major cause of the reduced abundance and range
of native salmonids (Quigley & Arbelbide 1997; Kessler
et al. 2001). Accelerated short- and long-term sediment
production from roads is of particular concern in most wa-
tersheds because it exacerbates the effects of severe fires
on soils, aquatic habitats, and water quality (CWWR 1996;
U.S. Department of Agriculture Forest Service 2000).

Accelerated surface erosion from roads is typically
greatest within the first years following construction, al-
though in most situations sediment production remains
elevated over the life of a road (Furniss et al. 1991; Ketch-
eson & Megahan 1996). Thus, even “temporary” roads
can have enduring effects on aquatic systems. Similarly,
major reconstruction of unused roads can increase ero-
sion for several years and potentially reverse reductions
in sediment yields that occurred with disuse (Potyondy
et al. 1991). Where roads are unpaved or insufficiently
surfaced with erosion-resistant aggregate, sediment pro-
duction typically increases with increased vehicular usage
(Reid & Dunne 1984).

Elevated sedimentation can adversely affect aquatic
biota (Young et al. 1991) and inhibit pool development
(Quigley & Arbelbide 1997; Buffington et al. 2002). In
depositional environments, elevated sedimentation can
widen channels (Dose & Roper 1994). Either of these
situations—shallower or wider channels—can contribute
to increased watertemperature maxima (Bartholow
2000).

It is perhaps widely accepted that “best management
practices” (BMPs) can reduce damage to aquatic environ-
ments from roads. Time trends in aquatic habitat indica-
tors indicate, however, that BMPs fail to protect salmonid
habitats from cumulative degradation by roads and log-
ging (Espinosa et al. 1997). Ziemer and Lisle (1993) note
alack of reliable data showing that BMPs are cumulatively
effective in protecting aquatic resources from damage.
Although the location, design, construction, and mainte-
nance of roads may have improved over the years, many
tens of thousands of kilometers of roads remain on public
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Figure 2. Road densities on public lands managed by the U.S. Department of Agriculture Forest Service and other
lands in Oregon (source: Oregon Natural Resources Council, Portland).

and private lands that were constructed with relatively
little concern for their environmental consequences
(Fig. 2). Until problem “legacy roads” are improved (e.g.,
surfaced, stabilized, obliterated), they will continue to de-
grade water quality and aquatic systems for many years.
Furthermore, the assumption that road obliteration or
BMPs will offset the negative impacts of new road and
landing construction and use is unsound because road
construction has immediate negative impacts and the
benefits of obliteration accrue slowly.

Finally, road and landing construction is expensive and
can siphon limited funds away from effective restora-
tion measures, such as obliteration and maintenance. The
backlog in maintenance of U.S Forest Service roads has
been estimated to be several billion dollars (U.S. Depart-
ment of Agriculture Forest Service 2000), and road con-
struction inevitably adds to this seemingly insurmount-
able backlog. For these reasons, the construction and re-
construction of roads and landings is not consistent with
postfire ecosystem restoration.
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Research Needs: Social, Ecological,
and Economic Issues

In recent years, fire suppression costs for U.S. federal
agencies have averaged in excess of $500 million annually.
Given expenditures of this magnitude and the desire by
land-management agencies to capture economic benefits
from burned areas via salvage logging, the need increases
for research to answer a wide range of questions to guide
postfire management decisions. Of particular importance
is a need to address the consequences—social, eco-
logical, and economic—of various postfire treatments.
For example, few studies have rigorously addressed the
short- and long-term ecological effects of systematically
dispensing nonindigenous species across burned land-
scapes. Similarly, there is limited scientific literature quan-
tifying changes in sediment yield following postfire sal-
vage logging. A wide range of postfire treatments is of-
ten implemented following fire to reduce erosion and
runoff, but their effectiveness remains largely unknown
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Figure 3. Frequency distribution of publication dates
Jor fire-related publications, by decade, from three
literature reviews: postfire logging (Mclver & Star
2000), postfire rebabilitation (Robichaud et al. 2000),
and fire exclusion (Keane et al. 2002).

(Robichaud et al. 2000), and rigorous research is scarce.
Similarly, relatively few large areas have been allowed to
recover without major intervention after fire, limiting the
availability of “control” areas in ecological research. This
is a particularly acute need in low-elevation ponderosa
pine forests. Although research productivity on diverse
fire and postfire issues (Fig. 3) has increased in recent
years, the complexity and controversy surrounding many
of these issues indicates the need for carefully focused
research programs. We strongly encourage public land-
management agencies to significantly invest in interdisci-
plinary research that directly addresses important issues
and concerns associated with wildland fire, postfire sal-
vage logging, and other postfire treatments. Until addi-
tional research provides different information, an ecolog-
ically based approach to postfire restoration is in order.

Conclusions

Based on our review of the research and from the per-
spective of ecosystem restoration, several promising ap-
proaches to postfire management exist, including full pro-
tection of soils, road and fireline restoration, retention of
large trees, and nurture of natural recovery processes.
Some of these approaches are likely to be even more ef-
fective if undertaken proactively before a fire. Conversely,
available information indicates that the following postfire
activities are not likely to be consistent with ecosystem
restoration: seeding non-native species, livestock grazing,
installation of instream structures, ground-based logging
and soil disruption, removal of large trees, road and land-
ing construction, and logging of ecologically sensitive ar-
eas including roadless areas, riparian areas, and areas with
moderate to severe burns. Postfire land-use decisions ob-
viously occur in a very challenging environment for the
general public and for managers of the nation’s public
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lands. Although we understand the need and desire for so-
ciety to obtain products of economic value from forested
landscapes, the current body of research indicates that
the loss of ecosystem services that can result from post-
fire treatments is significant.

Literature Cited

Agee, J. K. 1993. Fire ecology of Pacific Northwest forests. Island Press,
‘Washington, D.C.

Amaranthus, M. P. 1989. Effect of grass seeding and fertilizing on surface
erosion in two intensely burned sites in southwest Oregon. Pages
148-149 in Symposium on fire and watershed management. General
technical report PSW-109. U.S. Department of Agriculture Forest
Service, Berkeley, California.

Amaranthus, M. P, J. M. Trappe, and D. A. Perry. 1993. Soil mois-
ture, native regeneration, and Pinus lambertiana seedling survival,
growth, and mycorrhiza formation following wildfire and grass seed-
ing. Restoration Ecology 1:188-195.

Barro, S. C., and S. G. Conard. 1987. Use of ryegrass seeding as an
emergency revegetation measure in chaparral ecosystems. General
technical report PSW-102. U.S. Department of Agriculture Forest
Service, Berkeley, California.

Bartholow, J. M. 2000. Estimating cumulative effects of clearcutting on
stream temperatures. Rivers 7:284-297.

Belsky, A. J., A. Matzke, and S. Uselman. 1999. Survey of livestock in-
fluences on stream and riparian ecosystems in the western United
States. Journal of Soil and Water Conservation 54:419-431.

Benda, L., D. Miller, P. Bigelow, and K. Andras. 2003. Effects of post-
wildfire erosion on channel environments, Boise River, Idaho. Forest
Ecology and Management 178:105-119.

Beschta, R. L., C. A. Frissell, R. Gresswell, R. Hauer, J. R. Karr,
G. W. Marshall, D. A. Perry, and J. J. Rhoads. 1995. Wildfire and
salvage logging: recommendations for ecologically sound post-fire
salvage logging and other post-fire treatments on federal lands in the
west. Pacific Rivers Council, Portland, Oregon. Available at http://
www.pacrivers.org (accessed May 2004).

Borchers, J. G., and D. A. Perry. 1990. Effects of prescribed fire on soil
organisms. Pages 143-157 in J. D. Walstad, S. R. Radosevich, and D. V.
Sandberg, editors. Natural and prescribed fire in Pacific Northwest
forests. Oregon State University Press, Corvallis.

Brown, J. K. 1980. Influence of harvesting and residues on fuels and fire
management. Pages 417-432 in Proceedings: environmental conse-
quences of timber harvesting in Rocky Mountain coniferous forests.
General technical report INT-90. U.S. Department of Agriculture For-
est Service, Ogden, Utah.

Buffington, J. M., T. E. Lisle, R. D. Woodsmith, and S. Hilton. 2002.
Controls on the size and occurrence of pools in coarse-grained forest
rivers. River Research and Applications 18:507-531.

Centers for Water and Wildland Resources (CWWR). 1996. Summary
of the Sierra Nevada Ecosystem Project Report. Report 39. CWWR,
University of California, Davis.

Chamberlin, T. W., R. D. Harr, and E H. Everest. 1991. Timber harvest-
ing, silviculture, and watershed processes. Pages 181-205 in W. R.
Meehan, editor. Influences of forest and rangeland management on
salmonid fishes and their habitats. Special publication 19. American
Fisheries Society, Bethesda, Maryland.

Cope, M. J., and W. G. Chaloner. 1985. Wildfire: an interaction of biolog-
ical and physical processes. Pages 257-277 in B. H. Tiffney, editor.
Geological factors and the evolution of plants. Yale University Press,
New Haven, Connecticut.

DeBano, L. E, D. G. Neary, and P. E Folliott. 1998. Fire’s effect on ecosys-
tems. Wiley, New York.

Dose, J. J., and B. B. Roper. 1994. Long-term changes in low-flow chan-
nel widths within the South Umpqua watershed, Oregon. Water
Resources Bulletin 30:993-1000.

Conservation Biology
Volume 18, No. 4, August 2004



966 Postfire Management of Public Forests

Ebersole, J. L., W. J. Liss, and C. A. Frissell. 1996. Restoration of stream
habitats in managed landscapes in the western USA: restoration
as re-expression of habitat capacity. Environmental Management
21:1-14.

Espinosa, E A., J. J. Rhodes, and D. A. McCullough. 1997. The fail-
ure of existing plans to protect salmon habitat on the Clearwater
National Forest in Idaho. Journal of Environmental Management
49:205-230.

Fleischner, T. L. 1994. Ecological costs of livestock grazing in western
North America. Conservation Biology 8:629-644.

Frissell, C. A. 1993. Topology of extinction and endangerment of native
fishes in the Pacific Northwest and California (USA). Conservation
Biology 7:342-354.

Frissell, C. A., and R. K. Nawa. 1992. Incidence and causes of physical
failure of artificial habitat structures in streams of western Oregon
and Washington. North American Journal of Fisheries Management
12:182-197.

Frissell, C. A., W. ]J. Liss, R. E. Gresswell, R. K. Nawa, and J. L. Eber-
sole. 1997. A resource in crisis: changing the measure of salmon
management. Pages 411-444 in D. J. Stouder, P. A. Bisson, and R.
J. Naiman, editors. Pacific salmon and their ecosystems: status and
future options. Chapman and Hall, New York.

Furniss, M. J., T. D. Roelofs, and C. S. Yee. 1991. Road construction and
maintenance. Pages 297-333 in W. R. Meehan, editor. Influences of
forest and rangeland management on salmonid fishes and their habi-
tats. Special publication 19. American Fisheries Society, Bethesda,
Maryland.

Gresswell, R. E. 1999. Fire and aquatic ecosystems in forested biomes
of North America. Transaction of the American Fisheries Society
128:193-221.

Harmon, M. E., et al. 1986. Ecology of coarse woody debris in temperate
ecosystems. Advances in Ecological Research 15:133-302.

Hauer, E R., G. C. Poole, J. T. Gangemi, and C. V. Baxter. 1999. Large
woody debris in bull trout spawning streams of logged and wilder-
ness watersheds in northwest Montana. Canadian Journal of Fish-
eries and Aquatic Sciences 56:915-924.

Henjum, M. G., J. R. Karr, D. L. Bottom, D. A. Perry, J. C. Bednarz, S. G.
Wright, S. A. Beckwitt, and E. Beckwitt. 1994. Interim protection for
late successional forests, fisheries and watersheds: national forests
east of the Cascade crest, Oregon and Washington. The Wilderness
Society, Bethesda, Maryland.

Hessburg, P. E, and J. K. Agee. 2003. An environmental narrative of
Inland Northwest United States forests, 1800-2000. Forest Ecology
and Management 178:23-59.

Hicks, B. J., J. D. Hall, P. A. Bisson, and J. R. Sedell. 1991. Responses
of salmonids to habitat changes. Pages 483-518 in W. R. Meehan,
editor. Influences of forest and rangeland management on salmonid
fishes and their habitats. Special publication 19. American Fisheries
Society, Bethesda, Maryland.

Huffman, E. L., L. H. MacDonald, and J. D. Stednick. 2001. Strength
and persistence of fire-induced soil hydrophobicity under ponderosa
and lodgepole pine, Colorado Front Range. Hydrological Processes
15:2877-2892.

Karr, J. R. 2000. Health, integrity, and biological assessment: the im-
portance of whole things. Pages 209-226 in D. Pimentel, L. Westra,
and R. E Noss, editors. Ecological integrity: integrating environment,
conservation, and health. Island Press, Washington, D.C.

Kattleman, R. 1996. Hydrology and water resources. Sierra Nevada
Ecosystem Project: final report to Congress. II. Assessments and
scientific basis for management options. Pages 855-920 in Report
39. Centers for Water and Wildland Resources, University of Cal-
ifornia, Davis. (Also available from http://ceres.ca.gov/snep/pubs/
web/pdf/vii_c30.pdf.)

Kauffman, J. B. 1990. Ecological relationships of vegetation and fire.
Pages 39-51 in J. D. Walstad, S. R. Radosevich, and D. V. Sandberg,
editors. Prescribed fire in Pacific Northwest forests. Oregon State
University Press, Corvallis.

Conservation Biology
Volume 18, No. 4, August 2004

Beschta et al.

Kauffman, J. B., R. L. Beschta, N. Otting, and D. Lytjen. 1997. An eco-
logical perspective of riparian and stream restoration in the western
United States. Fisheries 22:12-24.

Keane, R. E., K. C. Ryan, T. T. Veblen, C. D. Allen, J. Logan, and B.
Hawkes. 2002. Cascading effects of fire exclusion in Rocky Moun-
tain Ecosystems: a literature review. General technical report RMRS-
GTR-91. U.S. Department of Agriculture Forest Service, Fort Collins,
Colorado.

Kessler, J., C. Bradley, J. Rhodes, and J. Wood. 2001. Imperiled western
trout and the importance of roadless areas. Center for Biological
Diversity, Tucson, Arizona.

Ketcheson, G. L., and W. E Megahan. 1996. Sediment production and
downslope sediment transport from forest roads in granitic water-
sheds. Research paper INT-RP-486. U.S. Department of Agriculture
Forest Service, Ogden, Utah.

Komarek, E. V, St. 1973. Ancient fires. Pages 219-240 in E. V. Komarek
Sr., editor. Proceedings of the twelfth Tall Timbers Fire ecology con-
ference. Tall Timbers, Tallahassee, Florida.

Lawrence, D. E., and G. W. Minshall. 1994. Short- and long-term changes
in riparian zone vegetation and stream macroinvertebrate com-
munity structure. Pages 171-184 in D. G. Despain, editor. Plants
and their environments: proceedings of the first biennial scien-
tific conference on the Greater Yellowstone Ecosystem. Technical
report NPS/NRYELL/NRTR-93. U.S. National Park Service, Denver,
Colorado.

Leopold, A. 1937. Conservationist in Mexico. American Forests 43:118-
120, 146.

Letey, J. 2001. Causes and consequences of fire-induced soil water re-
pellency. Hydrological Processes 15:2867-2875.

Lyon, J. L. 1984. The sleeping child burn: 21 years of postfire change.
Research paper INT-330. U.S. Department of Agriculture Forest Ser-
vice, Ogden, Utah.

Maser, C., R. E Tarrant, J. M. Trappe, and J. E Franklin, technical editors.
1988. From the forest to the sea: a story of fallen trees. General tech-
nical report PNW-GTR-229. U.S. Department of Agriculture Forest
Service, Portland, Oregon.

May, C. L., and R. E. Gresswell. 2003. Processes and rates of sediment
and wood accumulation in headwater streams of the central Oregon
Coast Range. Earth Surface Processes and Landforms 28:409-424.

Mclntosh, B. A., J. R. Sedell, J. E. Smith, R. C. Wissmar, S. E. Clarke,
G. H. Reeves, and L. A. Brown. 1994. Management history of east-
side ecosystems: changes in fish habitat over 50 years, 1935-1992.
Eastside Forest Ecosystem Health Assessment. Volume III. General
technical report PNW-GTR-321. U.S. Department of Agriculture For-
est Service, Portland, Oregon.

Mclver, J. D., and L. Starr, technical editors. 2000. Environmental ef-
fects of postfire logging: literature review and annotated bibliogra-
phy. General technical report PNW-GTR-486. U.S. Department of
Agriculture Forest Service, Portland, Oregon.

Mclver, J. D., and L. Starr. 2001. A literature review on the environmen-
tal effects of postfire logging. Western Journal of Applied Forestry
16:159-168.

McMahon, T. E., and D. S. de Calesta. 1990. Effects of fire on fish and
wildlife. Pages 233-250 in J. D. Walstad S. R. Radosevich, and D. V.
Sandberg, editors. Natural and prescribed fire in Pacific Northwest
forests. Oregon State University Press, Corvallis.

Minshall, G. W,, J. T. Brock, and J. D. Varley. 1989. Wildfires
and Yellowstone’s stream ecosystems: a temporal perspective
shows that aquatic recovery parallels forest succession. BioScience
39:707-722.

Minshall, G. W., C. T. Robinson, and D. E. Lawrence. 1997. Postfire re-
sponse of lotic ecosystems in Yellowstone National Park U.S.A. Cana-
dian Journal of Fisheries and Aquatic Sciences 54:2509-2525.

Minshall, G. W., T. V. Royer, and C. T. Robinson. 2001. Response of the
Cache Creek macroinvertebrates during the first ten years following
disturbance by the 1988 Yellowstone wildfires. Canadian Journal of
Fisheries and Aquatic Sciences 58:1077-1088.



Beschta et al.

Nadkarni, N. M., and D. C. Odion. 1986. Effects of seeding an exotic
grass Lolium multiflorum on native seedling regeneration follow-
ing fire in a chaparral community. Pages 115-121 in J. J. DeVries,
editor. Report 62. Proceedings of the chaparral ecosystems research
conference. California Water Resource Center, Davis, California.

National Research Council. 1996. Upstream: salmon and society in the
Pacific Northwest. National Academy Press, Washington, D.C.

National Research Council. 2002. Riparian areas: functions and strate-
gies for management. National Academy Press, Washington, D.C.

Nehlsen, W, J. E. Williams, and J. A. Lichatowich. 1991. Pacific Salmon
at the crossroads: stocks at risk from California, Oregon, Idaho and
Washington. Fisheries 16:4-21.

Perry, D. A. R. Meurisse B. Thomas R. Miller J. Boyle J. Means C. R.
Perry, and R. E Powers, editors. 1989. Maintaining the long-term
productivity of Pacific Northwest forest ecosystems. Timber Press,
Portland, Oregon.

Platts, W. S. 1991. Livestock grazing. Pages 389-424 in W. R. Meehan,
editor. Influences of forest and rangeland management on salmonid
fishes and their habitats. Special Publication 19. American Fisheries
Society, Bethesda, Maryland.

Potyondy, J. P, G. E Cole, and W. E Megahan. 1991. A procedure for es-
timating sediment yields from forested watersheds. Pages 12-46 to
12-54 in Proceedings: fifth federal interagency sedimentation con-
ference. Federal Energy Regulatory Commission. Washington, D.C.

Pyne, S. J. 1984. Introduction to wildland fire: fire management in the
United States. Wiley, New York.

Quigley, T. M., and S. J. Arbelbide, technical editors. 1997. An assess-
ment of ecosystem components in the Interior Columbia Basin and
portions of the Klamath and Great Basins, Volumes 1-4. General
technical report PNW-GTR-405. U.S. Department of Agriculture For-
est Service, Pacific Northwest Research Station, Portland, Oregon.

Reid, L. M., and T. Dunne. 1984. Sediment production from forest road
surfaces. Water Resources Research 20:1753-1761.

Rhodes, J. J., D. A. McCullough, E A. Espinosa Jr., EA. 1994. A coarse
screening process for evaluation of the effects of land management
activities on salmon spawning and rearing habitat in ESA consulta-
tions. Technical report 94-4. Columbia River Inter-Tribal Fish Com-
mission, Portland, Oregon.

Rieman, B. E., D. C. Lee, and R. E Thurow. 1997. Distribution, status, and
likely future trends of bull trout in the interior Columbia River basin
and Klamath River basins. Transactions of the 46th North American
Wildlife and Natural Resources Conference 117:1111-1125.

Rieman, B. E., D. Lee, D. Burns, R. Gresswell, M. Young, R. Stowell,
J. Rinne, and P. Howell. 2003. Status of native fishes in the west-
ern United States and issues for fire and fuels management. Forest
Ecology and Management 178:197-211.

Robichaud, P. R., J. L. Beyers, and D. G. Neary. 2000. Evaluating the
effectiveness of postfire rehabilitation treatments. General technical
report RMRS-GTR-63. U.S. Department of Agriculture Forest Service,
Fort Collins, Colorado.

Rose, C. L., B. G. Marcot, T. K. Mellon, J. L. Ohmann, K. L. Waddell,
D. L. Lindley, and B. Schrieber. 2001. Decaying wood on pacific
northwest forests: concepts and tools for habitat management. Pages
580-623 in D. A. Johnson and T. A. O’Neill, editors. Wildlife-habitat
relationships in Oregon and Washington. Oregon State University
Press, Corvallis.

Schmetterling, D. A., C. G. Glancy, and T. M. Brandt. 2001. Effects
of riprap bank reinforcement on stream salmonids in the western
United States. Fisheries 26: 6-13.

Sexton, T. O. 1998. Ecological effects of post-wildfire management activ-
ities (salvage logging and grass-seeding) on vegetation composition,
diversity, biomass, and growth and survival of Pinus ponderosa and
Purshia tridentata. M.S. thesis. Oregon State University, Corvallis.

Stephens, S. L., and M. A. Finney. 2000. Prescribed fire mortality of
Sierra Nevada mixed conifer tree species: effects of crown dam-

Postfire Management of Public Forests 967

age and forest floor combustion. Forest Ecology and Management
162:261-271.

Stuart, J. D., M. C. Grifantini, and L. Fox III. 1993. Early succes-
sional pathways following wildfire and subsequent silvicultural treat-
ment in Douglas-fir/hardwood forests, NW California. Forest Science
39:561-572.

Swanson, E J. 1981. Fire and geomorphic process. Pages 401-420 in H.
A. Mooney T. M. Bonnicksen N. L. Christensen J. E. Lotan, and W. A.
Reiners, editors. Fire regimes and ecosystem properties: proceed-
ings of the conference. General technical report WO-GTR-26. U.S.
Department of Agriculture Forest Service, Washington, D.C.

Terborgh, J., J. A. Estes, P. Paquet, K. Ralls, D. Boiyd-Heigher, B. J. Miller,
and R. E Noss. 1999. The role of top carnivores in regulating terres-
trial ecosystems. Pages 39-64 in M. E Soulé and J. Terborgh, editors.
Continental conservation: scientific foundations of regional reserve
networks. Island Press, Washington, D.C.

Thomas, J. W., editor. 1970. Wildlife habitats in the Blue Mountains
of Oregon and Washington. U.S. Agricultural handbook 553, U.S.
Department of Agriculture, Washington, D.C.

Thompson, D. M. 2002. Longterm effect of instream habitat-
improvement structures on channel morphology along the Black-
ledge and Salmon rivers, Connecticut, USA. Environmental Manage-
ment 29:250-265.

Thurow, R. E, D. C. Lee, and B. E. Rieman. 1997. Distribution and sta-
tus of seven native salmonids in the interior Columbia basin and
portions of the Klamath River and Great Basins. Transactions of the
46th North American Wildlife and Natural Resources Conference
117:1094-1110.

Trotter, E. H. 1990. Woody debris, forest-stream succession, and catch-
ment geomorphology. Journal of the North American Benthological
Society 9:141-156.

U.S. Department of Agriculture Forest Service (USFS). 2000. Roadless
Area Conservation Final Environmental Impact Statement. USFS,
‘Washington, D.C.

U.S. Department of Agriculture Forest Service (USFS) and BLM (Bureau
of Land Management). 1997. The DEIS for the “Eastside” Planning
Area. USFS, Walla Walla, Washington.

U.S. Department of Agriculture Forest Service (USFS), National Marine
Fisheries Service, Bureau of Land Management, National Park Ser-
vice, and Environmental Protection Agency. 1993. Forest ecosystem
management: an ecological, economic, and social assessment. USFS,
Pacific Northwest Region, Portland, Oregon.

Walstad, J. D. S. R. Radosevich and D. V. Sandberg, editors. 1990. Nat-
ural and prescribed fire in Pacific Northwest forests. Oregon State
University Press, Corvallis.

Wells, C. G., R. E. Campbell, L. E DeBano, C. E. Lewis, R. L. Fredriksen,
E. C. Franklin, R. C. Froelich, and P. H. Dunn. 1979. Effects of fire
on soil: a state-of-knowledge review. General technical report WO-7.
U.S. Department of Agriculture Forest Service, Washington, D.C.

Williams, J. E., and R. R. Miller. 1990. Conservation status of the North
American fish fauna in fresh water. Journal of Fisheries Biology 37
(Supplement A):79-85.

Young, M. K., W. A. Hubert, and T. A. Wesche. 1991. Selection of mea-
sures of substrate composition to estimate survival to emergence of
salmonids and to detect changes in stream substrates. North Ameri-
can Journal of Fisheries Management 11:339-346.

Zedler, P H., C. R. Gautier, G. S. McMaster, and S. Gregory. 1983. Veg-
etation change in response to extreme events: the effect of a short
interval between fires in California chaparral and coastal scrub. Ecol-
ogy 64:809-818.

Ziemer, R. R., and T. E. Lisle. 1993. Evaluating sediment produc-
tion by activities related to forest uses: a Northwest perspective.
Pages 71-74 in Proceedings: technical workshop on sediments
1992. U.S. Environmental Protection Agency and Terrene Institute,
‘Washington, D.C.

Conservation Biology
Volume 18, No. 4, August 2004



Environmental Management
DOI 10.1007/500267-012-9964-9

Adapting to Climate Change on Western Public Lands:
Addressing the Ecological Effects of Domestic, Wild,

and Feral Ungulates

Robert L. Beschta - Debra L. Donahue - Dominick A. DellaSala -

Jonathan J. Rhodes * James R. Karr - Mary H. O’Brien -

Thomas L. Fleischner - Cindy Deacon Williams

Received: 27 January 2012/ Accepted: 13 September 2012
© Springer Science+Business Media New York 2012

Abstract Climate change affects public land ecosystems
and services throughout the American West and these
effects are projected to intensify. Even if greenhouse gas
emissions are reduced, adaptation strategies for public
lands are needed to reduce anthropogenic stressors of ter-
restrial and aquatic ecosystems and to help native species
and ecosystems survive in an altered environment. His-
torical and contemporary livestock production—the most
widespread and long-running commercial use of public
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lands—can alter vegetation, soils, hydrology, and wildlife
species composition and abundances in ways that exacer-
bate the effects of climate change on these resources.
Excess abundance of native ungulates (e.g., deer or elk)
and feral horses and burros add to these impacts. Although
many of these consequences have been studied for decades,
the ongoing and impending effects of ungulates in a
changing climate require new management strategies for
limiting their threats to the long-term supply of ecosystem
services on public lands. Removing or reducing livestock
across large areas of public land would alleviate a widely
recognized and long-term stressor and make these lands
less susceptible to the effects of climate change. Where
livestock use continues, or where significant densities of
wild or feral ungulates occur, management should carefully
document the ecological, social, and economic conse-
quences (both costs and benefits) to better ensure man-
agement that minimizes ungulate impacts to plant and
animal communities, soils, and water resources. Reestab-
lishing apex predators in large, contiguous areas of public
land may help mitigate any adverse ecological effects of
wild ungulates.

Keywords Ungulates - Climate change - Ecosystems -
Public lands - Biodiversity - Restoration

Introduction

During the 20th century, the average global surface tem-
perature increased at a rate greater than in any of the
previous nine centuries; future increases in the United
States (US) are likely to exceed the global average (IPCC
2007a; Karl and others 2009). In the western US, where
most public lands are found, climate change is predicted to
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intensify even if greenhouse gas emissions are reduced
dramatically (IPCC 2007b). Climate-related changes can
not only affect public-land ecosystems directly, but may
exacerbate the aggregate effects of non-climatic stressors,
such as habitat modification and pollution caused by log-
ging, mining, grazing, roads, water diversions, and recre-
ation (Root and others 2003; CEQ 2010; Barnosky and
others 2012).

One effective means of ameliorating the effects of cli-
mate change on ecosystems is to reduce environmental
stressors under management control, such as land and
water uses (Julius and others 2008; Heller and Zavaleta
2009; Prato 2011). Public lands in the American West
provide important opportunities to implement such a
strategy for three reasons: (1) despite a history of degra-
dation, public lands still offer the best available opportu-
nities for ecosystem restoration (CWWR 1996; FS and
BLM 1997; Karr 2004); (2) two-thirds of the runoff in the
West originates on public lands (Coggins and others 2007);
and (3) ecosystem protection and restoration are consistent
with laws governing public lands. To be effective, resto-
ration measures should address management practices that
prevent public lands from providing the full array of eco-
system services and/or are likely to accentuate the effects
of climate change (Hunter and others 2010). Although
federal land managers have recently begun considering
how to adapt to and mitigate potential climate-related
impacts (e.g., GAO 2007; Furniss and others 2009; CEQ
2010; Peterson and others 2011), they have not addressed
the combined effects of climate change and ungulates
(hooved mammals) on ecosystems.

Climate change and ungulates, singly and in concert,
influence ecosystems at the most fundamental levels by
affecting soils and hydrologic processes. These effects, in
turn, influence many other ecosystem components and
processes—nutrient and energy cycles; reproduction, sur-
vival, and abundance of terrestrial and aquatic species; and
community structure and composition. Moreover, by
altering so many factors crucial to ecosystem functioning,
the combined effects of a changing climate and ungulate
use can affect biodiversity at scales ranging from species to
ecosystems (FS 2007) and limit the capability of large
areas to supply ecosystem services (Christensen and others
1996; MEA 2005b).

In this paper, we explore the likely ecological conse-
quences of climate change and ungulate use, individually
and in combination, on public lands in the American West.
Three general categories of large herbivores are consid-
ered: livestock (largely cattle [Bos taurus] and sheep [Ovis
aries]), native ungulates (deer [Odocoileus spp.] and elk
[Cervus spp.]), and feral ungulates (horses [Equus cabal-
lus] and burros [E. asinus]). Based on this assessment, we
propose first-order recommendations to decrease these

@ Springer

consequences by reducing ungulate effects that can be
directly managed.

Climate Change in the Western US

Anticipated changes in atmospheric carbon dioxide (CO5,),
temperature, and precipitation (IPCC 2007a) are likely to
have major repercussions for upland plant communities in
western ecosystems (e.g., Backlund and others 2008),
eventually affecting the distribution of major vegetation
types. Deserts in the southwestern US, for example, will
expand to the north and east, and in elevation (Karl and
others 2009). Studies in southeastern Arizona have already
attributed dramatic shifts in species composition and plant
and animal populations to climate-driven changes (Brown
and others 1997). Thus, climate-induced changes are
already accelerating the ongoing loss of biodiversity in the
American West (Thomas and others 2004).

Future decreases in soil moisture and vegetative cover
due to elevated temperatures will reduce soil stability (Karl
and others 2009). Wind erosion is likely to increase dra-
matically in some ecosystems such as the Colorado Plateau
(Munson and others 2011) because biological soil crusts—
a complex mosaic of algae, lichens, mosses, microfungi,
cyanobacteria, and other bacteria—may be less drought
tolerant than many desert vascular plant species (Belnap
and others 2006). Higher air temperatures may also lead to
elevated surface-level concentrations of ozone (Karl and
others 2009), which can reduce the capacity of vegetation
to grow under elevated CO, levels and sequester carbon
(Karnosky and others 2003).

Air temperature increases and altered precipitation
regimes will affect wildfire behavior and interact with
insect outbreaks (Joyce and others 2009). In recent dec-
ades, climate change appears to have increased the length
of the fire season and the area annually burned in some
western forest types (Westerling and others 2006; ITF
2011). Climate induced increases in wildfire occurrence
may aggravate the expansion of cheatgrass (Bromus tec-
torum), an exotic annual that has invaded millions of
hectares of sagebrush (Artemisia spp.) steppe, a widespread
yet threatened ecosystem. In turn, elevated wildfire
occurrence facilitates the conversion of sagebrush and
other native shrub-perennial grass communities to those
dominated by alien grasses (D’ Antonio and Vitousek 1992;
Brooks 2008), resulting in habitat loss for imperiled greater
sage-grouse (Centrocercus urophasianus) and other sage-
brush-dependent species (Welch 2005). The US Fish and
Wildlife Service (FWS 2010) recently concluded climate
change effects can exacerbate many of the multiple threats
to sagebrush habitats, including wildfire, invasive plants,
and heavy ungulate use. In addition, the combined effects
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of increased air temperatures, more frequent fires, and
elevated CO, levels apparently provide some invasive
species with a competitive advantage (Karl and others
2009).

By the mid-21st century, Bates and others (2008) indi-
cate that warming in western mountains is very likely to
cause large decreases in snowpack, earlier snowmelt, more
winter rain events, increased peak winter flows and flood-
ing, and reduced summer flows. Annual runoff is predicted
to decrease by 10-30 % in mid-latitude western North
America by 2050 (Milly and others 2005) and up to 40 %
in Arizona (Milly and others 2008; ITF 2011). Drought
periods are expected to become more frequent and longer
throughout the West (Bates and others 2008). Summertime
decreases in streamflow (Luce and Holden 2009) and
increased water temperatures already have been docu-
mented for some western rivers (Kaushal and others 2010;
Isaak and others 2012).

Snowmelt supplies about 60-80 % of the water in major
western river basins (the Columbia, Missouri, and Colo-
rado Rivers) and is the primary water supply for about 70
million people (Pederson and others 2011). Contemporary
and future declines in snow accumulations and runoff
(Mote and others 2005; Pederson and others 2011) are an
important concern because current water supplies, partic-
ularly during low-flow periods, are already inadequate to
satisfy demands over much of the western US (Piechota
and others 2004; Bates and others 2008).

High water temperatures, acknowledged as one of the
most prevalent water quality problems in the West, will
likely be further elevated and may render one-third of the
current coldwater fish habitat in the Pacific Northwest
unsuitable by this century’s end (Karl and others 2009).
Resulting impacts on salmonids include increases in viru-
lence of disease, loss of suitable habitat, and mortality as
well as increased competition and predation by warmwater
species (EPA 1999). Increased water temperatures and
changes in snowmelt timing can also affect amphibians
adversely (Field and others 2007). In sum, climate change
will have increasingly significant effects on public-land
terrestrial and aquatic ecosystems, including plant and
animal communities, soils, hydrologic processes, and water
quality.

Ungulate Effects and Climate Change Synergies

Climate change in the western US is expected to amplify
“combinations of biotic and abiotic stresses that compro-
mise the vigor of ecosystems—Ileading to increased extent
and severity of disturbances” (Joyce and others 2008,
p- 16). Of the various land management stressors affecting
western public lands, ungulate use is the most widespread

(Fig. 1). Domestic livestock annually utilize over 70 % of
lands managed by the Bureau of Land Management (BLM)
and US Forest Service (FS). Many public lands are also
used by wild ungulates and/or feral horses and burros,
which are at high densities in some areas. Because ungulate
groups can have different effects, we discuss them
individually.

Livestock
History and Current Status

Livestock were introduced to North America in the mid-
sixteenth century, with a massive influx from the mid-
1800s through early 1900s (Worster 1992). The deleterious
effects of livestock—including herbivory of both herba-
ceous and woody plants and trampling of vegetation, soils,
and streambanks—prompted federal regulation of grazing
on western national forests beginning in the 1890s (Fle-
ischner 2010). Later, the 1934 Taylor Grazing Act was
enacted “to stop injury to the public grazing lands by
preventing overgrazing and soil deterioration” on lands
subsequently administered by the BLM.

Total livestock use of federal lands in eleven contiguous
western states today is nearly 9 million animal unit months
(AUMs, where one AUM represents forage use by a cow
and calf pair, one horse, or five sheep for one month)
(Fig. 2a). Permitted livestock use occurs on nearly one
million square kilometers of public land annually, includ-
ing 560,000 km? managed by the BLM, 370,000 km* by
the FS, 6,000 km? by the National Park Service (NPS), and
3,000 km? by the US Fish and Wildlife Service (FWS).

Livestock use affects a far greater proportion of BLM
and FS lands than do roads, timber harvest, and wildfires
combined (Fig. 3). Yet attempts to mitigate the pervasive
effects of livestock have been minor compared with those
aimed at reducing threats to ecosystem diversity and pro-
ductivity that these other land uses pose. For example,
much effort is often directed at preventing and controlling
wildfires since they can cause significant property damage
and social impacts. On an annual basis, however, wildfires
affect a much smaller portion of public land than livestock
grazing (Fig. 3) and they can also result in ecosystem
benefits (Rhodes and Baker 2008; Swanson and others
2011).

The site-specific impacts of livestock use vary as a
function of many factors (e.g., livestock species and den-
sity, periods of rest or non-use, local plant communities,
soil conditions). Nevertheless, extensive reviews of pub-
lished research generally indicate that livestock have had
numerous and widespread negative effects to western
ecosystems (Love 1959; Blackburn 1984; Fleischner 1994;
Belsky and others 1999; Kauffman and Pyke 2001; Asner
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Fig. 1 Areas of public-lands
livestock grazing managed by
federal agencies in the western
US (adapted from Salvo 2009)
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and others 2004; Steinfeld and others 2006; Thornton and
Herrero 2010). Moreover, public-land range conditions
have generally worsened in recent decades (CWWR 1996,
Donahue 2007), perhaps due to the reduced productivity of
these lands caused by past grazing in conjunction with a
changing climate (FWS 2010, p. 13,941, citing Knick and
Hanser 2011).

Plant and Animal Communities

Livestock use effects, exacerbated by climate change,
often have severe impacts on upland plant communities.
For example, many former grasslands in the Southwest
are now dominated by one or a few woody shrub species,
such as creosote bush (Larrea tridentata) and mesquite
(Prosopis glandulosa), with little herbaceous cover
(Grover and Musick 1990; Asner and others 2004; but see
Allington and Valone 2010). Other areas severely affected
include the northern Great Basin and interior Columbia
River Basin (Middleton and Thomas 1997). Livestock
effects have also contributed to severe degradation of
sagebrush-grass ecosystems (Connelly and others 2004;
FWS 2010) and widespread desertification, particularly in
the Southwest (Asner and others 2004; Karl and others
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2009). Even absent desertification, light to moderate
grazing intensities can promote woody species encroach-
ment in semiarid and mesic environments (Asner and
others 2004, p. 287). Nearly two decades ago, many
public-land ecosystems, including native shrub steppe in
Oregon and Washington, sagebrush steppe in the Inter-
mountain West, and riparian plant communities, were
considered threatened, endangered, or critically endan-
gered (Noss and others 1995).

Simplified plant communities combine with loss of
vegetation mosaics across landscapes to affect pollinators,
birds, small mammals, amphibians, wild ungulates, and
other native wildlife (Bock and others 1993; Fleischner
1994; Saab and others 1995; Ohmart 1996). Ohmart and
Anderson (1986) suggested that livestock grazing may be
the major factor negatively affecting wildlife in eleven
western states. Such effects will compound the problems of
adaptation of these ecosystems to the dynamics of climate
change (Joyce and others 2008, 2009). Currently, the
widespread and ongoing declines of many North American
bird populations that use grassland and grass—shrub habi-
tats affected by grazing are “on track to become a promi-
nent wildlife conservation crisis of the 2Ist century”
(Brennan and Kuvlesky 2005, p. 1).
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Fig. 2 a Bureau of Land Management (BLM) and US Forest Service
(FS) grazing use in animal unit months (AUMs) and number of feral
horses and burros on BLM lands, and b annual harvest of deer and elk
by hunters, for eleven western states. Data sources a BLM grazing
and number of horses and burros reported annually in Public Land
Statistics; FS grazing reported annually in Grazing Statistical
Summary; b deer and elk harvest records from individual state
wildlife management agencies

Soils and Biological Soil Crusts

Livestock grazing and trampling can damage or eliminate
biological soil crusts characteristic of many arid and
semiarid regions (Belnap and Lange 2003; Asner and
others 2004). These complex crusts are important for fer-
tility, soil stability, and hydrology (Belnap and Lange
2003). In arid and semiarid regions they provide the major
barrier against wind erosion and dust emission (Munson
and others 2011). Currently, the majority of dust emissions
in North America originate in the Great Basin, Colorado
Plateau, and Mojave and Sonoran Deserts, areas that are
predominantly public lands and have been grazed for
nearly 150 years. Elevated sedimentation in western alpine
lakes over this period has also been linked to increased
aeolian deposition stemming from land uses, particularly
those associated with livestock grazing (Neff and others
2008).
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Fig. 3 Percent of Bureau of Land Management (BLM) and US Forest
Service (FS) lands in eleven western states that are occupied by roads
or are affected annually by timber harvest, wildfire, and grazing. Data
sources Roads, BLM (2009) and FS, Washington Office; Timber
harvest (2003-09), FS, Washington Office; Wildfire (2003-09),
National Interagency Fire Center, Missoula, Montana; Grazing,
BLM (2009) and GAO (2005). “na” = not available

If livestock use on public lands continues at current
levels, its interaction with anticipated changes in climate
will likely worsen soil erosion, dust generation, and stream
pollution. Soils whose moisture retention capacity has been
reduced will undergo further drying by warming tempera-
tures and/or drought and become even more susceptible to
wind erosion (Sankey and others 2009). Increased aeolian
deposition on snowpack will hasten runoff, accentuating
climate-induced hydrological changes on many public
lands (Neff and others 2008). Warmer temperatures will
likely trigger increased fire occurrence, causing further
reductions in cover and composition of biological soil
crusts (Belnap and others 2006), as well as vascular plants
(Munson and others 2011). In some forest types, where
livestock grazing has contributed to altered fire regimes
and forest structure (Belsky and Blumenthal 1997; Fle-
ischner 2010), climate change will likely worsen these
effects.

Water and Riparian Resources

Although riparian areas occupy only 1-2 % of the West’s
diverse landscapes, they are highly productive and eco-
logically valuable due to the vital terrestrial habitats they
provide and their importance to aquatic ecosystems
(Kauffman and others 2001; NRC 2002; Fleischner 2010).
Healthy riparian plant communities provide important
corridors for the movement of plant and animal species

@ Springer



Environmental Management

(Peterson and others 2011). Such communities are also
crucial for maintaining water quality, food webs, and
channel morphology vital to high-quality habitats for fish
and other aquatic organisms in the face of climate change.
For example, well-vegetated streambanks not only shade
streams but also help to maintain relatively narrow and
stable channels, attributes essential for preventing
increased stream temperatures that negatively affect sal-
monids and other aquatic organisms (Sedell and Beschta
1991; Kondolf and others 1996; Beschta 1997); maintain-
ing cool stream temperatures is becoming even more
important with climate change (Isaak and others 2012).
Riparian vegetation is also crucial for providing seasonal
fluxes of organic matter and invertebrates to streams
(Baxter and others 2005). Nevertheless, in 1994 the BLM
and FS reported that western riparian areas were in their
worst condition in history, and livestock use—typically
concentrated in these areas—was the chief cause (BLM
and FS 1994).

Livestock grazing has numerous consequences for
hydrologic processes and water resources. Livestock can
have profound effects on soils, including their productivity,
infiltration, and water storage, and these properties drive
many other ecosystem changes. Soil compaction from
livestock has been identified as an extensive problem on
public lands (CWWR 1996; FS and BLM 1997). Such
compaction is inevitable because the hoof of a 450-kg cow
exerts more than five times the pressure of heavy earth-
moving machinery (Cowley 2002). Soil compaction sig-
nificantly reduces infiltration rates and the ability of soils to
store water, both of which affect runoff processes (Branson
and others 1981; Blackburn 1984). Compaction of wet
meadow soils by livestock can significantly decrease soil
water storage (Kauffman and others 2004), thus contrib-
uting to reduced summer base flows. Concomitantly,
decreases in infiltration and soil water storage of com-
pacted soils during periods of high-intensity rainfall con-
tribute to increased surface runoff and soil erosion
(Branson and others 1981). These fundamental alterations
in hydrologic processes from livestock use are likely to be
exacerbated by climate change.

The combined effects of elevated soil loss and com-
paction caused by grazing reduce soil productivity, further
compromising the capability of grazed areas to support
native plant communities (CWWR 1996; FS and BLM
1997). Erosion triggered by livestock use continues to
represent a major source of sediment, nutrients, and
pathogens in western streams (WSWC 1989; EPA 2009).
Conversely, the absence of grazing results in increased
litter accumulation, which can reduce runoff and erosion
and retard desertification (Asner and others 2004).

Historical and contemporary effects of livestock grazing
and trampling along stream channels can destabilize
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streambanks, thus contributing to widened and/or incised
channels (NRC 2002). Accelerated streambank erosion and
channel incision are pervasive on western public lands used
by livestock (Fig. 4). Stream incision contributes to des-
iccation of floodplains and wet meadows, loss of flood-
water detention storage, and reductions in baseflow (Ponce
and Lindquist 1990; Trimble and Mendel 1995). Grazing
and trampling of riparian plant communities also contribute
to elevated water temperatures—directly, by reducing
stream shading and, indirectly, by damaging streambanks
and increasing channel widths (NRC 2002). Livestock use
of riparian plant communities can also decrease the avail-
ability of food and construction materials for keystone
species such as beaver (Castor canadensis).

Livestock effects and climate change can interact in
various ways with often negative consequences for aquatic
species and their habitats. In the eleven ecoregions
encompassing western public lands (excluding coastal
regions and Alaska), about 175 taxa of freshwater fish are
considered imperiled (threatened, endangered, vulnerable,
possibly extinct, or extinct) due to habitat-related causes
(Jelks and others 2008, p. 377; GS and AFS 2011).
Increased sedimentation and warmer stream temperatures
associated with livestock grazing have contributed signifi-
cantly to the long-term decline in abundance and distri-
bution and loss of native salmonids, which are imperiled
throughout the West (Rhodes and others 1994; Jelks and
others 2008).

Water developments and diversions for livestock are
common on public lands (Connelly and others 2004). For
example, approximately 3,700 km of pipeline and 2,300
water developments were installed on just 17 % of the
BLM’s land base from 1961 to 1999 in support of livestock
operations (Rich and others 2005). Such developments can
reduce streamflows thus contributing to warmer stream
temperatures and reduced fish habitat, both serious prob-
lems for native coldwater fish (Platts 1991; Richter and
others 1997). Reduced flows and higher temperatures are
also risk factors for many terrestrial and aquatic vertebrates
(Wilcove and others 1998). Water developments can also
create mosquito (e.g., Culex tarsalis) breeding habitat,
potentially facilitating the spread of West Nile virus, which
poses a significant threat to sage grouse (FWS 2010). Such
developments also tend to concentrate livestock and other
ungulate use, thus locally intensifying grazing and tram-
pling impacts.

Greenhouse Gas Emissions and Energy Balances

Livestock production impacts energy and carbon cycles
and globally contributes an estimated 18 % to the total
anthropogenic greenhouse gas (GHG) emissions (Steinfeld
and others 2006). How public-land livestock contribute to
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Fig. 4 Examples of long-term grazing impacts from livestock, unless
otherwise noted: a bare soil, loss of understory vegetation, and lack of
aspen recruitment (i.e., growth of seedlings/sprouts into tall saplings
and trees) (Bureau of Land Management, Idaho), b bare soil, lack of
ground cover, lack of aspen recruitment and channel incision (US
Forest Service, Idaho), ¢ conversion of a perennial stream to an
intermittent stream due to grazing of riparian vegetation and
subsequent channel incision; channel continues to erode during
runoff events (Bureau of Land Management, Utah), d incised and

these effects has received little study. Nevertheless, live-
stock grazing and trampling can reduce the capacity of
rangeland vegetation and soils to sequester carbon and
contribute to the loss of above- and below-ground car-
bon pools (e.g., Lal 2001b; Bowker and others 2012).

widening stream due to loss of streamside vegetation and bank
collapse from trampling (Bureau of Land Management, Wyoming),
e incised and widening stream due to loss of streamside vegetation
and bank collapse from trampling (US Forest Service, Oregon), and
f actively eroding streambank from the loss of streamside vegetation
due to several decades of excessive herbivory by elk and, more
recently, bison (National Park Service, Wyoming). Photographs a J
Carter, b G Wuerthner, ¢ and d J Carter, e and f R Beschta

Lal (2001a) indicated that heavy grazing over the long-
term may have adverse impacts on soil organic carbon
content, especially for soils of low inherent fertility.
Although Gill (2007) found that grazing over 100 years or
longer in subalpine areas on the Wasatch Plateau in central

@ Springer



Environmental Management

Utah had no significant impacts on total soil carbon, results
of the study suggest that “if temperatures warm and sum-
mer precipitation increases as is anticipated, [soils in
grazed areas] may become net sources of CO, to the
atmosphere” (Gill 2007, p. 88). Furthermore, limited soil
aeration in soils compacted by livestock can stimulate
production of methane, and emissions of nitrous oxide
under shrub canopies may be twice the levels in nearby
grasslands (Asner and others 2004). Both of these are
potent GHGs.

Reduced plant and litter cover from livestock use can
increase the albedo (reflectance) of land surfaces, thereby
altering radiation energy balances (Balling and others
1998). In addition, widespread airborne dust generated by
livestock is likely to increase with the drying effects of
climate change. Air-borne dust influences atmospheric
radiation balances as well as accelerating melt rates when
deposited on seasonal snowpacks and glaciers (Neff and
others 2008).

Other Livestock Effects

Livestock urine and feces add nitrogen to soils, which may
favor nonnative species (BLM 2005), and can lead to loss of
both organic and inorganic nitrogen in increased runoff
(Asner and others 2004). Organic nitrogen is also lost via
increased trace-gas flux and vegetation removal by grazers
(Asner and others 2004). Reduced soil nitrogen is problem-
atic in western landscapes because nitrogen is an important
limiting nutrient in most arid-land soils (Fleischner 2010).

Managing livestock on public lands also involves
extensive fence systems. Between 1962 and 1997, over
51,000 km of fence were constructed on BLM lands with
resident sage-grouse populations (FWS 2010). Such fences
can significantly impact this wildlife species. For example,
146 sage-grouse died in less than three years from colli-
sions with fences along a 7.6-km BLM range fence in
Wyoming (FWS 2010). Fences can also restrict the
movements of wild ungulates and increase the risk of
injury and death by entanglement or impalement (Har-
rington and Conover 2006; FWS 2010). Fences and roads
for livestock access can fragment and isolate segments of
natural ecological mosaics thus influencing the capability
of wildlife to adapt to a changing climate.

Some have posited that managed cattle grazing might
play a role in maintaining ecosystem structure in shortgrass
steppe ecosystems of the US, if it can mimic grazing by
native bison (Bison bison) (Milchunas and others 1998).
But most public lands lie to the west of the Great Plains,
where bison distribution and effects were limited or non-
existent; livestock use (particularly cattle) on these lands
exert disturbances without evolutionary parallel (Milch-
unas and Lauenroth 1993; MEA 2005a).
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Feral Horses and Burros

Feral horses and burros occupy large areas of public land in
the western US. For example, feral horses are found in ten
western states and feral burros occur in five of these states,
largely in the Mojave and Sonoran Deserts and the Great
Basin (Abella 2008; FWS 2010). About half of these horses
and burros are in Nevada (Coggins and others 2007), of
which 90 % are on BLM lands. Horse numbers peaked at
perhaps two million in the early 1900s, but had plummeted
to about 17,000 by 1971, when protective legislation (Wild,
Free-Ranging Horses and Burros Act [WFRHBA]) was
passed (Coggins and others 2007). Protection resulted in
increased populations and today some 40,000 feral horses
and burros utilize ~ 130,000 km? of BLM and FS lands
(DOI-OIG 2010; Gorte and others 2010). Currently, feral
horse numbers are doubling every four years (DOI-OIG
2010); burro populations can also increase rapidly (Abella
2008). Unlike wild ungulates, feral equines cannot be
hunted and, unlike livestock, they are not regulated by
permit. Nor are their numbers controlled effectively by
existing predators. Accordingly, the BLM periodically
removes animals from herd areas; the NPS also has
undertaken burro control efforts (Abella 2008).

In sage grouse habitat, high numbers of feral horses
reduce vegetative cover and plant diversity, fragment shrub
canopies, alter soil characteristics, and increase the abun-
dance of invasive species, thus reducing the quality and
quantity of habitat (Beever and others 2003; FWS 2010).
Horses can crop plants close to the ground, impeding the
recovery of affected vegetation. Feral burros also have had
a substantial impact on Sonoran Desert vegetation, reduc-
ing the density and canopy cover of nearly all species
(Hanley and Brady 1977). Although burro impacts in the
Mojave Desert may not be as clear, perennial grasses and
other preferred forage species likely require protection
from grazing in burro-inhabited areas if revegetation
efforts are to be successful (Abella 2008).

Wild Ungulates

Extensive harvesting of wild (native) ungulates, such as elk
and deer, and the decimation of large predator populations
(e.g., gray wolf [Canis lupus], grizzly bear [Ursus arctos],
and cougar [Puma concolor]) was common during early
EuroAmerican settlement of the western US. With con-
tinued predator control in the early 1900s and increased
protection of game species by state agencies, however,
wild ungulate populations began to increase in many areas.
Although only 70,000 elk inhabited the western US in the
early 1900s (Graves and Nelson 1919), annual harvest data
indicate that elk abundance has increased greatly since the
about the 1940s (Fig. 2b), due in part to the loss of apex
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predators (Allen 1974; Mackie and others 1998). Today,
approximately one million elk (Karnopp 2008) and
unknown numbers of deer inhabit the western US where
they often share public lands with livestock.

Because wild ungulates typically occur more diffusely
across a landscape than livestock, their presence might be
expected to cause minimal long-term impacts to vegeta-
tion. Where wild ungulates are concentrated, however,
their browsing can have substantial impacts. For example,
sagebrush vigor can be reduced resulting in decreased
cover or mortality (FWS 2010). Heavy browsing effects
have also been documented on other palatable woody
shrubs, as well as deciduous trees such as aspen (Populus
tremuloides), cottonwood (Populus spp.), and maple (Acer
sp.) (Beschta and Ripple 2009).

Predator control practices that intensified following the
introduction of domestic livestock in the western US
resulted in the extirpation of apex predators or reduced
their numbers below ecologically effective densities (Soulé
and others 2003, 2005), causing important cascading
effects in western ecosystems (Beschta and Ripple 2009).
Following removal of large predators on the Kaibab Pla-
teau in the early 20th century, for example, an irruption of
mule deer (O. hemionus) led to extensive over-browsing of
aspen, other deciduous woody plants, and conifers; dete-
rioration of range conditions; and the eventual crash of the
deer population (Binkley and others 2006). In the absence
of apex predators, wild ungulate populations can signifi-
cantly limit recruitment of woody browse species, con-
tribute to shifts in abundance and distribution of many
wildlife species (Berger and others 2001; Weisberg and
Coughenour 2003), and can alter streambanks and riparian
communities that strongly influence channel morphology
and aquatic conditions (Beschta and Ripple 2012).
Numerous studies support the conclusion that disruptions
of trophic cascades due to the decline of apex predators
constitute a threat to biodiversity for which the best man-
agement solution is likely the restoration of effective pre-
dation regimes (Estes and others 2011).

Ungulate Herbivory and Disturbance Regimes

Across the western US, ecosystems evolved with and were
sustained by local and regional disturbances, such as fluc-
tuating weather patterns, fire, disease, insect infestation,
herbivory by wild ungulates and other organisms, and
hunting by apex predators. Chronic disturbances with rel-
atively transient effects, such as frequent, low-severity fires
and seasonal moisture regime fluctuations, helped maintain
native plant community composition and structure. Rela-
tively abrupt, or acute, natural disturbances, such as insect
outbreaks or severe fires were also important for the

maintenance of ecosystems and native species diversity
(Beschta and others 2004; Swanson and others 2011).
Livestock use and/or an overabundance of feral or wild
ungulates can, however, greatly alter ecosystem response
to disturbance and can degrade affected systems. For
example, high levels of herbivory over a period of years, by
either domestic or wild ungulates, can effectively prevent
aspen sprouts from growing into tall saplings or trees as
well as reduce the diversity of understory species (Shep-
perd and others 2001; Dwire and others 2007; Beschta and
Ripple 2009).

Natural floods provide another illustration of how un-
gulates can alter the ecological role of disturbances. High
flows are normally important for maintaining riparian plant
communities through the deposition of nutrients, organic
matter, and sediment on streambanks and floodplains, and
for enhancing habitat diversity of aquatic and riparian
ecosystems (CWWR 1996). Ungulate effects on the
structure and composition of riparian plant communities
(e.g., Platts 1991; Chadde and Kay 1996), however, can
drastically alter the outcome of these hydrologic distur-
bances by diminishing streambank stability and severing
linkages between high flows and the maintenance of
streamside plant communities. As a result, accelerated
erosion of streambanks and floodplains, channel incision,
and the occurrence of high instream sediment loads may
become increasingly common during periods of high flows
(Trimble and Mendel 1995). Similar effects have been
found in systems where large predators have been dis-
placed or extirpated (Beschta and Ripple 2012). In general,
high levels of ungulate use can essentially uncouple typical
ecosystem responses to chronic or acute disturbances, thus
greatly limiting the capacity of these systems to provide a
full array of ecosystem services during a changing climate.

The combined effects of ungulates (domestic, wild, and
feral) and a changing climate present a pervasive set of
stressors on public lands, which are significantly different
from those encountered during the evolutionary history of
the region’s native species. The intersection of these
stressors is setting the stage for fundamental and unprec-
edented changes to forest, arid, and semi-arid landscapes in
the western US (Table 1) and increasing the likelihood of
alternative states. Thus, public-land management needs to
focus on restoring and maintaining structure, function, and
integrity of ecosystems to improve their resilience to cli-
mate change (Rieman and Isaak 2010).

Federal Law and Policy
Federal laws guide the use and management of public-land

resources. Some laws are specific to a given agency (e.g.,
the BLM’s Taylor Grazing Act of 1934 and the FS’s
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Table 1 Generalized climate change effects, heavy ungulate use effects, and their combined effects as stressors to terrestrial and aquatic

ecosystems in the western United States

Climate change effects Ungulate use effects

Combined effects

Increased drought frequency and

duration communities

Increased air temperatures, decreased
snowpack accumulation, earlier
snowmelt

increased surface runoff

Increased variability in timing and

magnitude of precipitation events increased surface erosion

Warmer and drier in the summer

Increased variability in runoff

erosion

Increased variability in runoff Incised stream channels

Altered upland plant and animal

Compacted soils, decreased infiltration,

Decreased biotic crusts and litter cover,

Reduced riparian vegetation, loss of
shade, increased stream width

Reduced root strength of riparian plants,
trampled streambanks, streambank

Reduced habitat and food-web support; loss of mesic and
hydric plants, reduced biodiversity

Reduced soil moisture for plants, reduced productivity,
reductions in summer low flows, degraded aquatic
habitat

Accelerated soil and nutrient loss, increased
sedimentation

Increased stream temperatures, increased stress on cold-
water fish and aquatic organisms

Accelerated streambank erosion and increased
sedimentation, degraded water quality and aquatic
habitats

Degraded aquatic habitats, hydrologically disconnected
floodplains, reduced low flows

National Forest Management Act [NFMA] of 1976),
whereas others cross agency boundaries (e.g., Endangered
Species Act [ESA] of 1973; Clean Water Act [CWA] of
1972). A common mission of federal land management
agencies is “to sustain the health, diversity, and produc-
tivity of public lands” (GAO 2007, p. 12). Further, each of
these agencies has ample authority and responsibility to
adjust management to respond to climate change (GAO
2007) and other stressors.

The FS and BLM are directed to maintain and improve
the condition of the public rangelands so that they become
as productive as feasible for all rangeland values. As
defined, “range condition” encompasses factors such as
soil quality, forage values, wildlife habitat, watershed and
plant communities, and the present state of vegetation of a
range site in relation to the potential plant community for
that site (Public Rangelands Improvement Act of 1978).
BLM lands and national forests must be managed for
sustained yield of a wide array of multiple uses, values, and
ecosystem services, including wildlife and fish, watershed,
recreation, timber, and range. Relevant statutes call for
management that meets societal needs, without impairing
the productivity of the land or the quality of the environ-
ment, and which considers the “relative values” of the
various resources, not necessarily the combination of uses
that will give the greatest economic return or the greatest
unit output (Multiple-Use Sustained-Yield Act of 1960;
Federal Land Policy and Management Act of 1976
[FLPMAY]).

FLPMA directs the BLM to “take any action necessary
to prevent unnecessary or undue degradation” of the public
lands. Under NFMA, FS management must provide for
diversity of plant and animal communities based on the
suitability and capability of the specific land area. FLMPA
also authorizes both agencies to “cancel, suspend, or
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modify” grazing permits and to determine that “grazing
uses should be discontinued (either temporarily or perma-
nently) on certain lands.” FLPMA explicitly recognizes the
BLM’s authority (with congressional oversight) to “totally
eliminate” grazing from large areas (> 405 km?) of public
lands. These authorities are reinforced by law providing
that grazing permits are not property rights (Public Lands
Council v. Babbitt 2000).

While federal agencies have primary authority to man-
age federal public lands and thus wildlife habitats on these
lands, states retain primary management authority over
resident wildlife, unless preempted, as by the WFRHBA or
ESA (Kleppe v. New Mexico 1976). Under WFRHBA,
wild, free-roaming horses and burros (i.e., feral) by law
have been declared “wildlife” and an integral part of the
natural system of the public lands where they are to be
managed in a manner that is designed to achieve and
maintain a thriving natural ecological balance.

Restoring Ungulate-Altered Ecosystems

Because livestock use is so widespread on public lands in
the American West, management actions directed at eco-
logical restoration (e.g., livestock removal, substantial
reductions in numbers or length of season, extended or
regular periods of rest) need to be accomplished at land-
scape scales. Such approaches, often referred to as passive
restoration, are generally the most ecologically effective
and economically efficient for recovering altered ecosys-
tems because they address the root causes of degradation
and allow natural recovery processes to operate (Kauffman
and others 1997; Rieman and Isaak 2010). Furthermore,
reducing the impact of current stressors is a “no regrets”
adaptation strategy that could be taken now to help enhance
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Fig. 5 Examples of riparian and stream recovery in the western United States after the removal of livestock grazing: Hart Mountain National
Antelope Refuge, Oregon, in a October 1989 and b September 2010 after 18 years of livestock removal; Strawberry River, Utah, in ¢ August
2002 after 13 years of livestock removal and d July 2003 illustrating improved streambank protection and riparian productivity as beaver
reoccupy this river system; and San Pedro River, Arizona in e June 1987 and f June 1991 after 4 years of livestock removal. Photographs a Fish
and Wildlife Service, Hart Mountain National Antelope Refuge, b J Rhodes, ¢ and d US Forest Service, Uintah National Forest, e and f Bureau of

Land Management, San Pedro Riparian National Conservation Area

ecosystem resilience to climate change (Joyce and others
2008). This strategy is especially relevant to western eco-
systems because removing or significantly reducing the
cause of degradation (e.g., excessive ungulate use) is likely
to be considerably more effective over the long term, in
both costs and approach, than active treatments aimed at
specific ecosystem components (e.g., controlling invasive
plants) (BLM 2005). Furthermore, the possibility that
passive restoration measures may not accomplish all eco-
logical goals is an insufficient reason for not removing or
reducing stressors at landscape scales.

For many areas of the American West, particularly
riparian areas and other areas of high biodiversity, signif-
icantly reducing or eliminating ungulate stressors should,
over time, result in the recovery of self-sustaining and
ecologically robust ecosystems (Kauffman and others
1997; Floyd and others 2003; Allington and Valone 2010;
Fig. 5). Indeed, various studies and reviews have con-
cluded that the most effective way to restore riparian areas
and aquatic systems is to exclude livestock either tempo-
rarily (with subsequent changed management) or long-term
(e.g., Platts 1991;BLM and FS 1994; Dobkin and others
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1998; NRC 2002; Seavy and others 2009: Fleischner
2010). Recovering channel form and riparian soils and
vegetation by reducing ungulate impacts is also a viable
management tool for increasing summer baseflows (Ponce
and Lindquist 1990; Rhodes and others 1994).

In severely degraded areas, initiating recovery may
require active measures in addition to the removal/reduc-
tion of stressors. For example, where native seed banks
have been depleted, reestablishing missing species may
require planting seeds or propagules from adjacent areas or
refugia (e.g., Welch 2005). While active restoration
approaches in herbivory-degraded landscapes may have
some utility, such projects are often small in scope,
expensive, and unlikely to be self-sustaining; some can
cause unanticipated negative effects (Kauffman and others
1997). Furthermore, if ungulate grazing effects continue,
any benefits from active restoration are likely to be tran-
sient and limited. Therefore, addressing the underlying
causes of degradation should be the first priority for
effectively restoring altered public-land ecosystems.

The ecological effectiveness and low cost of wide-scale
reduction in ungulate use for restoring public-land eco-
systems, coupled with the scarcity of restoration resources,
provide a forceful case for minimizing ungulate impacts.
Other conservation measures are unlikely to make as great
a contribution to ameliorating landscape-scale effects from
climate change or to do so at such a low fiscal cost. As
Isaak and others (2012, p. 514) noted with regard to the
impacts of climate change on widely-imperiled salmonids:
“...conservation projects are likely to greatly exceed
available resources, so strategic prioritization schemes are
essential.”

Although restoration of desertified lands was once
thought unlikely, recovery in the form of significant
increases in perennial grass cover has recently been
reported at several such sites around the world where
livestock have been absent for more than 20 years (Floyd
and others 2003; Allington and Valone 2010; Peters and
others 2011). At a desertified site in Arizona that had been
ungrazed for 39 years, infiltration rates were significantly
(24 %) higher (compared to grazed areas) and nutrient
levels were elevated in the bare ground, inter-shrub areas
(Allington and Valone 2010). The change in vegetative
structure also affected other taxa (e.g., increased small
mammal diversity) where grazing had been excluded
(Valone and others 2002). The notion that regime shifts
caused by grazing are irreversible (e.g., Bestelmeyer and
others 2004) may be due to the relative paucity of large-
scale, ungulate-degraded systems where grazing has been
halted for sufficiently long periods for recovery to occur.

Removing domestic livestock from large areas of public
lands, or otherwise significantly reducing their impacts, is
consistent with six of the seven approaches recommended
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for ecosystem adaptation to climate change (Julius and
others 2008, pp. 1-3). Specifically, removing livestock
would (1) protect key ecosystem features (e.g., soil prop-
erties, riparian areas); (2) reduce anthropogenic stressors;
(3) ensure representation (i.e., protect a variety of forms of
a species or ecosystem); (4) ensure replication (i.e., protect
more than one example of each ecosystem or population);
(5) help restore ecosystems; and (6) protect refugia (i.e.,
areas that can serve as sources of “seed” for recovery or as
destinations for climate-sensitive migrants). Although
improved livestock management practices are being
adopted on some public lands, such efforts have not been
widely implemented. Public land managers have rarely
used their authority to implement landscape-scale rest from
livestock use, lowered frequency of use, or multi-stake-
holder planning for innovative grazing systems to reduce
impacts.

While our findings are largely focused on adaptation
strategies for western landscapes, reducing ungulate
impacts and restoring degraded plant and soil systems may
also assist in mitigating any ongoing or future changes in
regional energy and carbon cycles that contribute to global
climate change. Simply removing livestock can increase
soil carbon sequestration since grasslands with the greatest
potential for increasing soil carbon storage are those that
have been depleted in the past by poor management (Wu
and others 2008, citing Jones and Donnelly 2004). Riparian
area restoration can also enhance carbon sequestration
(Flynn and others 2009).

Socioeconomic Considerations

A comprehensive assessment of the socioeconomic effects
of changes in ungulate management on public lands is
beyond the scope of this paper. However, herein we
identify a few of the general costs and benefits associated
with implementing our recommendations (see next sec-
tion), particularly with regard to domestic livestock graz-
ing. The socioeconomic effects of altering ungulate
management on public lands will ultimately depend on the
type, magnitude, and location of changes undertaken by
federal and state agencies.

Ranching is a contemporary and historically significant
aspect of the rural West’s social fabric. Yet, ranchers’
stated preferences in response to grazing policy changes
are as diverse as the ranchers themselves, and include
intensifying, extensifying, diversifying, or selling their
operations (Genter and Tanaka 2002). Surveys indicate that
most ranchers are motivated more by amenity and lifestyle
attributes than by profits (Torell and others 2001, Genter
and Tanaka 2002). Indeed, economic returns from ranching
are lower than any other investments with similar risk
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(Torrell and others 2001) and public-land grazing’s con-
tributions to income and jobs in the West are relatively
small fractions of the region’s totals (BLM and FS 1994;
Power 1996).

If livestock grazing on public lands were discontinued or
curtailed significantly, some operations would see reduced
incomes and ranch values, some rural communities would
experience negative economic impacts, and the social
fabric of those communities could be altered (Genter and
Tanaka 2002). But for most rural economies, and the West
in general, the economic impacts of managing public lands
to emphasize environmental amenities would be relatively
minor to modestly positive (Mathews and others 2002).
Other economic effects could include savings to the US
Treasury because federal grazing fees on BLM and FS
lands cover only about one-sixth of the agencies’ admin-
istration costs (Vincent 2012). Most significantly,
improved ecosystem function would lead to enhanced
ecosystem services, with broad economic benefits. Various
studies have documented that the economic values of other
public-land resources (e.g., water, timber, recreation, and
wilderness) are many times larger than that of grazing
(Haynes and others 1997; Laitos and Carr 1999; Patterson
and Coelho 2009).

Facilitating adaptation to climate change will require
changes in the management of public-land ecosystems
impacted by ungulates. How ungulate management policy
changes should be accomplished is a matter for the agen-
cies, the public, and others. The recommendations and
conclusions presented in the following section are based
solely on ecological considerations and the federal agen-
cies’ legal authority and obligations.

Recommendations

We propose that large areas of BLM and FS lands should
become free of use by livestock and feral ungulates
(Table 2) to help initiate and speed the recovery of affected
ecosystems as well as provide benchmarks or controls for
assessing the effects of “grazing versus no-grazing” at
significant spatial scales under a changing climate. Further,
large areas of livestock exclusion allow for understanding
potential recovery foregone in areas where livestock
grazing is continued (Bock and others 1993).

While lowering grazing pressure rather than discon-
tinuing use might be effective in some circumstances,
public land managers need to rigorously assess whether
such use is compatible with the maintenance or recovery of
ecosystem attributes such as soils, watershed hydrology,
and native plant and animal communities. In such cases,
the contemporary status of at least some of the key attri-
butes and their rates of change should be carefully

Table 2 Priority areas for permanently removing livestock and feral
ungulates from Bureau of Land Management and US Forest Service
lands to reduce or eliminate their detrimental ecological effects

Watersheds and other large areas that contain a variety of ecotypes
to ensure that major ecological and societal benefits of more
resilient and healthy ecosystems on public lands will occur in the
face of climate change

Areas where ungulate effects extend beyond the immediate site
(e.g., wetlands and riparian areas impact many wildlife species
and ecosystem services with cascading implications beyond the
area grazed)

Localized areas that are easily damaged by ungulates, either
inherently (e.g., biological crusts or erodible soils) or as the
result of a temporary condition (e.g., recent fire or flood
disturbances, or degraded from previous management and thus
fragile during a recovery period).

Rare ecosystem types (e.g., perched wetlands) or locations with
imperiled species (e.g., aspen stands and understory plant
communities, endemic species with limited range), including fish
and wildlife species adversely affected by grazing and at-risk
and/or listed under the ESA

Non-use areas (i.e., ungrazed by livestock) or exclosures
embedded within larger areas where livestock grazing continues.
Such non-use areas should be located in representative ecotypes
so that actual rates of recovery (in the absence of grazing
impacts) can be assessed relative to resource trend and condition
data in adjacent areas that continue to be grazed

Areas where the combined effects of livestock, wild ungulates, and
feral ungulates are causing significant ecological impacts

monitored to ascertain whether continued use is consistent
with ecological recovery, particularly as the climate shifts
(e.g., Karr and Rossano 2001, Karr 2004; LaPaix and
others 2009). To the extent possible, assessments of
recovering areas should be compared to similar measure-
ments in reference areas (i.e., areas exhibiting high eco-
logical integrity) or areas where ungulate impacts had
earlier been removed or minimized (Angermeier and Karr
1994; Dobkin and others 1998). Such comparisons are
crucial if scientists and managers are to confirm whether
managed systems are attaining restoration goals and to
determine needs for intervention, such as reintroducing
previously extirpated species. Unfortunately, testing for
impacts of livestock use at landscape scales is hampered by
the lack of large, ungrazed areas in the western US (e.g.,
Floyd and others 2003; FWS 2010).

Shifting the burden of proof for continuing, rather than
significantly reducing or eliminating ungulate grazing is
warranted due to the extensive body of evidence on eco-
system impacts caused by ungulates (i.e., consumers) and
the added ecosystem stress caused by climate change. As
Estes and others (2011, p. 306) recommended: “[T]he
burden of proof [should] be shifted to show, for any eco-
system, that consumers do (or did) not exert strong cas-
cading effects” (see also Henjum and others 1994; Kondolf
1994; Rhodes and others 1994). Current livestock or feral
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ungulate use should continue only where stocking rates,
frequency, and timing can be demonstrated, in comparison
with landscape-scale reference areas, exclosures, or other
appropriate non-use areas, to be compatible with main-
taining or recovering key ecological functions and native
species complexes. Furthermore, such use should be
allowed only when monitoring is adequate to determine the
effects of continued grazing in comparison to areas without
grazing.

Where wild native ungulates, such as elk or deer, have
degraded plant communities through excessive herbivory
(e.g., long-term suppression of woody browse species [We-
isberg and Coughenour 2003; Beschta and Ripple 2009;
Ripple and others 2010]), state wildlife agencies and federal
land managers need to cooperate in controlling or reducing
those impacts. A potentially important tool for restoring
ecosystems degraded by excessive ungulate herbivory is
reintroduction or recolonization of apex predators. In areas
of public land that are sufficiently large and contain suitable
habitat, allowing apex predators to become established at
ecologically effective densities (Soulé and others 2003,
2005) could help regulate the behavior and density of wild
ungulate populations, aiding the recovery of degraded eco-
systems (Miller and others 2001; Ripple and others 2010;
Estes and others 2011). Ending government predator control
programs and reintroducing predators will have fewer con-
flicts with livestock grazing where the latter has been dis-
continued in large, contiguous public-land areas. However,
the extent to which large predators might also help control
populations of feral horses and burros is not known.

Additionally, we recommend removing livestock and
feral ungulates from national parks, monuments, wilder-
ness areas, and wildlife refuges wherever possible and
managing wild ungulates to minimize their potential to
adversely affect soil, water, vegetation, and wildlife pop-
ulations or impair ecological processes. Where key large
predators are absent or unable to attain ecologically func-
tional densities, federal agencies should coordinate with
state wildlife agencies in managing wild ungulate popula-
tions to prevent excessive effects of these large herbivores
on native plant and animal communities.

Conclusions

Average global temperatures are increasing and precipita-
tion regimes changing at greater rates than at any time in
recent centuries. Contemporary trends are expected to
continue and intensify for decades, even if comprehensive
mitigations regarding climate change are implemented
immediately. The inevitability of these trends requires
adaptation to climate change as a central planning goal on
federal lands.
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Historical and on-going ungulate use has affected soils,
vegetation, wildlife, and water resources on vast expanses
of public forests, shrublands, and grasslands across the
American West in ways that are likely to accentuate any
climate impacts on these resources. Although the effects of
ungulate use vary across landscapes, this variability is more
a matter of degree than type.

If effective adaptations to the adverse effects of climate
change are to be accomplished on western public lands,
large-scale reductions or cessation of ecosystem stressors
associated with ungulate use are crucial. Federal and state
land management agencies should seek and make wide use
of opportunities to reduce significant ungulate impacts in
order to facilitate ecosystem recovery and improve resil-
iency. Such actions represent the most effective and
extensive means for helping maintain or improve the eco-
logical integrity of western landscapes and for the contin-
ued provision of valuable ecosystem services during a
changing climate.
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Mature and old-growth forests (collectively “mature”) and larger trees are
important carbon sinks that are declining worldwide. Information on the
carbon value of mature forests and larger trees in the United States has
policy relevance for complying with President Joe Biden's Executive Order
14072 directing federal agencies to define and conduct an inventory of
them for conservation purposes. Specific metrics related to maturity can
help land managers define and maintain present and future carbon stocks
at the tree and forest stand level, while making an important contribution
to the nation’s goal of net-zero greenhouse gas emissions by 2050. We
present a systematic method to define and assess the status of mature forests
and larger trees on federal lands in the United States that if protected from
logging could maintain substantial carbon stocks and accumulation potential,
along with myriad climate and ecological co-benefits. We based the onset
of forest maturity on the age at which a forest stand achieves peak net
primary productivity. We based our definition of larger trees on the median
tree diameter associated with the tree age that defines the beginning of
stand maturity to provide a practical way for managers to identify larger
trees that could be protected in different forest ecosystems. The average
age of peak net primary productivity ranged from 35 to 75 years, with
some specific forest types extending this range. Typical diameter thresholds
that separate smaller from larger trees ranged from 4 to 18 inches (10—
46 cm) among individual forest types, with larger diameter thresholds found
in the Western forests. In assessing these maturity metrics, we found that
the unprotected carbon stock in larger trees in mature stands ranged from
36 to 68% of the total carbon in all trees in a representative selection of
11 National Forests. The unprotected annual carbon accumulation in live
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above-ground biomass of larger trees in mature stands ranged from 12 to
60% of the total accumulation in all trees. The potential impact of avoiding
emissions from harvesting large trees in mature forests is thus significant and
would require a policy shift to include protection of carbon stocks and future
carbon accumulation as an additional land management objective on federal

forest lands.

carbon stock, climate change, large trees, mature forests, national forest lands

1. Introduction

Nature-based climate solutions are needed to meet
anticipated national targets associated with the Paris Climate
Agreement which establishes a global framework to avoid
dangerous climate change by limiting warming to less than
2°C (United Nations, 2015). In the United States, the Biden
administration announced a “roadmap” for nature-based
solutions during the COP27 climate summit (White House,
2022a). Reducing carbon dioxide (CO;) emissions and
increasing CO;, removals from the atmosphere using forests
are considered to be the most significant of terrestrial natural
climate solutions globally and in the U.S. (Griscom et al., 2017;
Fargione et al., 2018).

Protecting mature forests to achieve their potential to reduce
greenhouse gases is controversial in part because it restricts
logging (Law and Harmon, 2011; Moomaw et al., 2020). Forests
in the later stages of seral development (mature and old-
growth, DellaSala et al, 2022a) and the large trees within
them (Stephenson et al., 2014; Mildrexler et al., 2020) play an
outsized role in the accumulation and long-term storage of
atmospheric carbon, and consequently enabling their protection
where lacking has been recognized as an effective nature-based
climate solution (Griscom et al,, 2017). Notably, President
Joe Biden issued an executive order (White House, 2022b)
recognizing the climate value of mature and old-growth forests
and directed federal officials to define and inventory them
on Federal lands and develop policies for their conservation.
Thus, providing techniques for defining when forests qualify
as mature and quantifying their relative carbon content and
storage potential has high policy relevance.

This undertaking supports the nation’s goal of achieving
net-zero greenhouse gas emissions by 2050 and to conserve
30% of the nation’s land by 2030 (White House, 2021).
Protecting older, larger trees and mature forests would also
help reverse the global degradation of older forests that have
diverse ecological values (Lindenmayer et al, 2012), and
facilitate the continued growth of mid-sized trees toward
maturity (Moomaw et al, 2019). Mature forests provide
refugia for many imperiled species (Buotte et al, 2020;
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DellaSala et al,, 2022a), store disproportionate amounts of
above-ground carbon in forests (Stephenson et al, 2014;
Lutz et al., 2018; Mildrexler et al., 2020),
constitute a large volume of valuable timber (Johnson and

and  historically

Swanson, 2009). These values often conflict with one another
resulting in contentious policy debates about land management
objectives and best practices, particularly on federal lands
in the U.S. where much of the remaining mature forest area
resides according to national forest inventory data (Bolsinger
and Waddell, 1993; DellaSala et al,, 2022a). Recent studies of
land values reveal that the importance of mature forests for
ecosystem integrity and non-timber ecosystem services far
exceeds their value for timber products (Watson et al.,, 2018;
Gilhen-Baker et al., 2022).

Some researchers argue that it is necessary to log larger
trees in fire-suppressed forests in the western U.S. to restore fire
regimes, reduce biomass, and minimize emissions from wildfires
(Kirschbaum, 2003; Hessburg et al., 2020; Johnston et al., 2021).
However, these assertions have been challenged (Stephenson
et al., 2014; Lutz et al., 2018; Mildrexler et al., 2020; DellaSala
et al,, 2022b) in part because removing larger trees from forests
having high carbon stocks creates a significant “carbon debt”
that can take decades or centuries to repay (Moomaw etal., 2019;
Law et al., 2022).

It follows that our objectives are to (1) present an approach
to defining larger trees and mature forests on federal lands;
(2) estimate the current carbon stock and annual carbon
accumulation in larger trees in mature forests across a
representative selection of national forests, and (3) estimate
the carbon stock and accumulation left unprotected by current
binding designations.

We do not identify the proportion of mature forest area
and carbon stocks that could be classified more specifically
as “old growth.” Defining old-growth in a consistent way
across the diversity of temperate forests is challenging since
existing definitions are based on structural, successional,
and biogeochemical factors that are unique for individual
forest types and researchers interests (Wirth et al, 2009).
Our characterization of mature forests has ecological and
policy relevance for restoring old-growth characteristics over
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time, pursuant to the presidential executive order as well
(DellaSala et al., 2022a). Thus, we determined that this paper
would be more broadly focused on mature forests rather than
old-growth forests.

2. Materials and methods

2.1. Approach

Our approach requires addressing two components: (1)
individual trees referred to as the “larger” trees in a forest; and
(2) mature forest stand development represented by stand age.
This method for identifying larger trees in mature stands—
and the related assessment of above-ground live carbon stocks
and annual carbon accumulation—is intended to be broadly
applicable and readily implementable independent of how
mature stands are defined. We settled on defining stand maturity
with respect to the age of maximum Net Primary Productivity
(NPP), which is estimated as the annual net quantity of carbon
removed from the atmosphere and stored in biomass (see
section 2.2 for definitions of key terms). NPP was calculated
by combining 4 terms: Annual accumulation of live biomass,
annual mortality of above-ground and below-ground biomass,
foliage turnover to soil, and fine root turnover in soil (He et al.,
2012). Live biomass and annual mortality were estimated from
the Forest Inventory and Analysis (FIA) database. Foliage and
fine root turnover were estimated using maps of leaf area index
(LAI) and forest age to derive LAI-age relationships for different
forest types. These relationships were then used to derive foliage
and fine root turnover estimates using species-specific trait data
(He et al., 2012).

This is a particularly appropriate approach to maturity in
the context of how forests help temper climate change. Our
integrating method of associating the median tree diameter with
age is intended to be applicable to other definitions of stand
maturity, including simple ones applied across the landscape
without regard to specific stand characteristics, for example a
uniform age cutoff.

2.2. Key definitions and data source

Net Primary Productivity (NPP)—The difference between
the amount of carbon produced through photosynthesis and
the amount of energy that is used for respiration. Estimate is
based on the net increment of tree and understory biomass, leaf
production, and fine root turnover (He et al., 2012).

Biomass—The carbon stored in live trees greater than 1 inch
(2.54 cm) diameter at breast height (dbh), including stump, bole,
bark, branches, and foliage.

Carbon stock—The carbon stored in live biomass at a
point in time, unless otherwise defined to include additional
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ecosystem components, in units of megagrams (Mg) or
teragrams (Tg) of carbon (C).

Carbon accumulation—The net change in carbon stock of
live tree biomass over a period of time, in units of megagrams
(Mg) or teragrams (Tg) of carbon (C), per hectare (ha™!) and/or
or per year (yr—!).

Metric ton—In the literature, the term metric ton (Mt or
tonne) is often used instead of megagram.

Definitions of other terms commonly used in this paper are
included in the supplementary material.

To apply our method to each national forest, recent FIA
data collected by the U.S. Forest Service were queried using
the EVALIDator online query system (USDA Forest Service,
2022). The sampling approach and estimation methods of forest
inventory variables in the FIA database follow documented
procedures (Supplementary material; Bechtold and Patterson,
2005). Our analysis is focused on above-ground carbon in live-
trees, though some representative data are also presented about
all ecosystem C pools to show the full potential of protecting
carbon stocks on selected national forests.

2.3. Study area

The study area includes 11 individual national forests or
small groups of national forests in the conterminous U.S.
(Table 1 and Figure 1), selected to represent the geographic
diversity of U.S. forests and to have at least one forest in each
USEFS region. Forests with similar characteristics within a region
were grouped if preliminary analysis determined that there were
insufficient sample data to develop the biomass distributions for
a single forest by main forest types.

2.4. Defining larger trees and mature
forests

We combine two key indicators—stand age and tree
diameter—in a way that could be used by land managers to
assess maturity for informing management practices, in contrast
to basing maturity and management on either tree diameter or
stand age alone as in some previous studies (Mildrexler et al,
2020; Johnston et al., 2021). Mature forests are defined as stands
with ages exceeding that at which accumulation of carbon in
biomass peaks as indicated by NPP. We considered FIA sample
plots to represent stands of relatively uniform condition. The
sampled areas and trees are partitioned into uniform domains
during field sampling and data processing if more than one
stand condition falls within the sampling area. For this study,
anew term “Culmination of Net Primary Productivity” (CNPP)
is used to describe the age at which NPP reaches a maximum
carbon accumulation rate. Physiologically, peak productivity
occurs approximately at the age when the growing space in the
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TABLE 1 National Forests, sampling dates, and number of sample
plots used in our study.

National Forest FIA sampling Number of

Gifford Pinchot, WA 2008-2019 626
Malheur, OR 2011-2019 758
Black Hills, SD 2013-2019 348
Chequamegon-Nicolet, WI 2013-2019 559
Green Mountain, VT and 2013-2019 580
‘White Mountain, NH

Appalachian National 2013-2020 982
Forests!

White River, CO 2010-2019 291
Flathead, MT 2010-2019 341
Arizona National Forests’ 2010-2019 849
Central California National 2011-2019 410
Forests®

Arkansas National Forests* 2017-2021 427

1Pisgah (NC), Nantahala (NC), Cherokee (TN), Monongahela (WV), Jefferson (VA),
George Washington (VA).

2Coconino, Prescott, Tonto, Sitgreaves, AZ.

3Eldorado, Stanislaus, and Sierra, CA.

4Qachita, Ozark-St. Francis, AR.

ecosystem is fully covered by leaf area—i.e., tree canopy closure
reaches 100%. After this age, NPP either stays constant or
declines gradually, depending on tree species composition, and
other environmental factors such as nutrient availability (Kutsch
et al, 2009; He et al, 2012). Previous analyses of FIA data
indicate that peak NPP occurs at a relatively young stage of stand
succession, roughly 25—50 years following stand establishment
(Figure 2; He et al., 2012; Dugan et al., 2017; Birdsey et al., 2019).
Foresters have a similar metric, referred to as the “culmination

of mean annual increment” (CMALI), that is based on estimated

10.3389/ffgc.2022.1074508

net volume increment (i.e., volume growth minus mortality) as a
function of age, rather than net productivity as a function of age,
which is more relevant to assessing forests potential to reduce
greenhouse gases. CMAI is calculated in the same way as CNPP,
except that the mean annual increment variable is net volume
increment instead of net primary productivity.

Larger trees are then defined as having a diameter at breast
height (dbh) that is equal to or greater than the median diameter
in forest stands at or near the age of stand-level CNPP. A range
of ages around the age of CNPP, taken to be the CNPP age plus
or minus one age class (30-year bin size), was used in order to
have sufficient FIA sampling plots (generally 100 or more) to
develop a tree diameter distribution for individual forest types.
Then the median diameter of the distribution is used as the
lower diameter threshold of maturity for the population of trees
in the CNPP age class.

Our approach involves clustering (post-stratifying) sample
plots by forest type and stand age class, and individual sample
trees by tree diameter class, and then calculating estimates
for the clusters (populations) as groups. Because most clusters
include a wide distribution of tree diameters, there can be
larger trees present in stands having ages below CNPP age, and
vice versa, stands with ages above CNPP age can have trees
with diameters below the lower diameter limit. The definitions
of mature stands and associated larger trees in this study is
conceptually consistent with stages of maturity derived from
classifying FIA sample plots (Stanke et al., 2020; USDA Forest
Service, 2022) and from an approach involving spatial data
(DellaSala et al., 2022a). Table 2 compares the terminology and
approaches of each.

To estimate the area of mature stands based on sample plot
characterization, we used the FIA stand-size variable coded as
“large diameter” (column 2 of Table 2) because our method is
not based on stand-scale variables alone but rather a crosswalk
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Gifford Pinchot
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Central California
Forests (Eldorado,
Stanislaus, Sierra)

3
-

Arizona Forests
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FIGURE 1
Approximate locations of 11 National Forests in our study area.
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of stand and tree population variables. Large diameter stands
are defined by FIA as those with more than 50 percent of
the stocking in medium and large diameter trees, and with
the stocking of large diameter trees equal to or greater than the
stocking of medium and small diameter trees.

2.5. Estimation of carbon stock and
accumulation in living biomass

We used the age-to-diameter crosswalk to estimate live
above-ground carbon stocks and annual carbon accumulation
for larger trees in forests above the CNPP threshold. We focused
on live above-ground biomass since it is typically the largest
of the C pools (except for soil in some cases) and is the most
dynamic in terms of how carbon stocks and accumulation
change with age or tree size (Dombke et al,, 2021). The estimated
carbon in biomass of trees or stands is taken directly from the
FIA database and is based on measurements of dbh and height.
The current standard FIA approach to estimating biomass from

10.3389/ffgc.2022.1074508

tree measurements uses the component ratio method (Woodall
et al., 2011). Unless stated otherwise, we use the term “carbon”
to refer to carbon in live-tree biomass, not the carbon in all
ecosystem carbon pools. Live-tree biomass includes the main
stem or bole of the tree, rough or rotten sections of the bole,
tree bark, branches, and leaves.

Estimation of the carbon accumulation rate is based on
remeasurement of the same grid of sample points and trees at
intervals ranging from 5 to 10 years depending on the state,
with generally shorter remeasurement cycles in the eastern U.S.
compared with the western U.S. (Table 1). Carbon in live-tree
biomass was estimated at the beginning and end of the time
period, and carbon accumulation was calculated as change in
carbon over the period divided by the number of years.

The uncertainty of estimates of carbon stock and carbon
accumulation was taken directly from the FIA data retrieval
system that reports sampling error with 67% confidence,
which we multiplied by 1.96 to report estimates with
95% confidence. These uncertainty estimates do not include
the uncertainty of using biomass equations to estimate

m Elm/ash/cottonwood
m Oak/gum/cypress

m Oak/hickory

m Oak/pine

u Loblolly/shortleaf pine
m Longleaf/slash pine

—\
_—\
A

Range of CNPP
for different
forest types

NPP (Mg Cha? yr1)

T T T T T T

Y S

FIGURE 2

'\,& '\')9 '\r@ '\/@ '\1%0 '\«@

Stand age (years)

Net primary productivity (NPP) for selected forest types in the South (He et al., 2012). Culmination of NPP (CNPP) occurs at the stand age having
the greatest annual increment rate, typically at or just after the tree canopy closes. Younger stands are those with ages less than CNPP. Older
stands have ages greater than CNPP. CNPP is highly variable among forest types and geographic regions—in this example, from ages 23 to 45.
The He et al. (2012) paper includes detailed uncertainty analyses of these and other NPP curves.

TABLE 2 Successional stages of forest maturity or stand structure as defined by several studies.

FIA stand-size! Stanke et al. (2020)! DellaSala et al.
(2022a)2

Maturity or structural

This study3

stage
1 Small diameter Pole Young Young
2 Medium diameter Mature Intermediate

Mature
3 Large diameter Late Mature/Old-growth

Classifications across the rows are similar but not identical.

!Stand structural stage is classified based on the relative basal area of canopy stems in various size classes.

2Forest maturity model based on three spatial data layers of forest cover, height, and above-ground living biomass for all landownerships.

3Based on culmination of net primary productivity (CNPP) and median stand diameter at CNPP. Late succession or old-growth not distinguished from mature.

Frontiers in Forests and Global Change 05 frontiersin.org


https://doi.org/10.3389/ffgc.2022.1074508
https://www.frontiersin.org/journals/forests-and-global-change
https://www.frontiersin.org/

Birdsey et al.

tree carbon from diameter and height measurements or
from wood density.

2.6. Domains and filters

We filtered the data to include only sample plots that
were classified in the database as belonging to the national
forest or group of forests being analyzed. For estimating CNPP,
we screened out sample plots if they showed evidence of
logging or natural disturbance. The remaining “undisturbed”
stands, however, could still include some tree mortality and
loss of live biomass associated with aging and succession, or
small-scale disturbances. All plots including those disturbed
or harvested were included in final estimates of the carbon
stock and accumulation for the whole forest or for reserved
and unreserved areas within the National Forest. Reserved and
unreserved areas were defined by the FIA database variable
“reserved class.” The classification of reserved is not the same
as land defined as “protected” by the USGS GAP analysis project
(USGS, 2019). Reserved land is withdrawn by law(s) prohibiting
the management of land for the production of wood products,
though tree harvesting may occur to support other management
objectives. We use the classification “unreserved” as a proxy
for forest areas that are lacking protection from timber harvest,
while acknowledging that this definition of unreserved land
may not be consistent with other definitions of unprotected
land.

10.3389/ffgc.2022.1074508

2.7. Model outputs

Estimates of carbon stock and accumulation are presented
separately for reserved and unreserved forest areas since the
target for future management policies may focus on carbon
stocks of older forests in areas that could be logged in the future.
Some additional details regarding definitions and calculation
protocols are available in the Supplementary material.

3. Results

3.1. National forest characteristics

Individual forests and groups of forests range in forest area
from about 0.4 to 2.0 million hectares (M ha), and the total
area of all forests analyzed is about 8.9 M ha (Table 3). The
carbon stock in above-ground biomass ranges from 9 to 113
million megagrams (Mg). There is a wide range of average C
density, with the lowest amount of 21 Mg ha™! in Arizona
National Forests, and the highest amount of 166 Mg ha~! in
the Gifford Pinchot National Forest in Washington. The total
carbon in the forest ecosystems, which includes above- and
below-ground biomass, dead wood, litter, and soil, is from 2
to 5 times the amount of carbon in above-ground biomass
alone (Domke et al,, 2021). All but one of the national forests
studied (the Black Hills National Forest in South Dakota)
experienced an increase in above-ground carbon over the

TABLE 3 Biomass carbon stock and accumulation for all live-trees greater than 1 inch (2.54 cm), for each National Forest or group of

forests studied.

National Forest Total forest Total biomass

Total biomass C

Average C

Average C

area C stock accumulation® density accumulation?
(ha) (Mg) (Mg yr~1) (Mg ha1) (Mg ha=1yr—1)
Gifford Pinchot 508,502 84,233,113 878,348
Malheur 584,951 23,566,550 234,124 40 0.40
Black Hills 394,508 9,130,825 —32,622 23 —0.08
Chequamegon-Nicolet 583,050 30,777,312 607,023 53 1.04
Green and White 478,285 35,572,874 299,164 74 0.63
Mountains
Appalachian Forests 1,216,520 112,798,380 1,122,302 93 0.92
White River 685,869 30,887,524 N/D 45 N/D
Flathead 906,902 39,688,676 N/D 44 N/D
Arizona Forests 2,083,049 43,194,094 N/D 21 N/D
Central California 996,197 86,238,281 125,730 87 0.13
Forests
Arkansas Forests 454,986 64,714,071 1,498,668 142 3.29
Total 8,892,819 560,801,700 4,732,737 63 091

!Change in carbon stock over approximately the last 10 years.

2 Average of national forests with available growth data from FIA database.

“N/D” means data were not available.
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remeasurement period, ranging from 0.13 (Central California)
to 3.29 (Arkansas) Mg ha=lyr~!. All of the national forests were
affected by disturbances—the most common being fire, insects
and logging—though the areas and mix of disturbance types that
occurred and the areas undisturbed are highly variable among
the forests (Supplementary Table 1). Natural disturbances can
result in significant tree mortality and transfer of carbon from
live to dead trees, and gradual net emissions over several decades
especially if the disturbances are of high severity (Birdsey
et al, 2019). In the case of logging disturbances, emissions are
significant both in the near term and over time, even when
accounting for the amount of carbon in the harvested live trees
that is initially transferred to the long-term harvested wood
product pool (Hudiburg et al., 2019).

3.2. Culmination of net primary
productivity and diameter limits

The estimated CNPP ages range from 35 to 75 years
among the 11 National Forests with an average age of 50 years
(Table 4) and are highly variable by forest type within each
forest (Supplementary Table 2). Productivity at CNPP ranges
from <1.0 to about 4.0 MgC ha~!yr~!, which is higher than
the average productivity among all age classes since it represents
the peak value. Typically, the productivity values after CNPP age
decline at a variable rate by region and forest type (Figure 2).
The estimates of CNPP age may be affected by sparse data points
for some age classes, different stand disturbance histories, and
other factors that influence tree growth rates over time such as
climate and topography. In this study, the age at CNPP is used
to define the lower age threshold for mature forests.

Determining the age threshold associated with CNPP
involves examining the distribution of biomass by diameter
(dbh) class for the stand-age class window around the age of
CNPP. In most cases, there is a clearly defined peak of biomass
at the median diameter of the distribution (Supplementary
Figure 1). Because of the diversity of stand conditions associated
with CNPP across the landscape, as well as uneven aged stand
conditions, there are rather wide distributions of tree sizes
associated with any particular CNPP (Supplementary Figure 1).
Since the FIA stand-age data we used were compiled into
diameter classes of 2 inches (5 cm), we used the upper end of
the range to define the diameter threshold. Typically, there is
more carbon stored in the population of trees with diameters
at and near the diameter at CNPP, though these trees can
grow to much larger sizes as indicated by the upper end of the
diameter distributions. For the national forests in this study,
the diameter limits ranged from a low of 4 inches (10 cm)
for Douglas-fir in the Flathead National Forest to a high of 18
inches (46 cm) for two forest types in the Central California
National Forests (Supplementary Table 2). Combining CNPP
with median diameter in a cross-tabulation results in identifying
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TABLE 4 Average age and tree diameter at culmination of net primary
production (CNPP), all forest types combined on 11 National Forests
in our study area.

National Forest Average Diameter
CNPP age threshold
(Years) (Inches/cm)
Gifford Pinchot 45 13/33
Malheur 45 12/30
Black Hills 75 14/36
Chequamegon-Nicolet 45 9/23
Green and White Mountains 35 12/30
Appalachian Forests 35 11/28
White River 55 6/15
Flathead 45 8/20
Arizona Forests 75 12/30
Central California Forests 50 16/41
Arkansas Forests 40 10/25
Average of all Forests 50 11/28

Tree diameters represent the lower age bound of mature forests (i.e., age at CNPP).
Detailed ages and tree diameters by forest type are shown in supplementary Table 2.

the carbon stocks in larger trees in mature forests for each
national forest, highlighted in yellow in the example table
(Supplementary Table 3).

3.3. Comparison of CNPP and CMAI

Evaluation of forest inventory data indicated that CNPP and
CMALI occur at about the same age (Supplementary Figure 2).
Some older studies based on different data, mainly from volume
growth and yield studies, associate CMAI with a greater age (e.g.,
McArdle, 1930). This difference is likely caused by several factors
such as management intensity, temporal changes in productivity
from environmental changes, and sampling protocols.

3.4. Carbon stocks and accumulation
of larger trees in mature stands

The total C stock and C accumulation of larger trees
in stands older than age at CNPP compared with all trees
and stands is highly variable among the different forests
analyzed (Table 5). Likewise, sampling errors are highly variable,
reflecting the total areas classified as mature and therefore
the number of FIA sample plots therein. Sampling errors for
C accumulation estimates are significantly higher than for C
stocks, mainly because the variability of accumulation rates
among sample plots is higher than the variability of stock
estimates.
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TABLE 5 Estimated area, carbon stock, carbon accumulation, and sampling errors for larger trees in mature stands within individual National Forests based on most recent forest inventory data (Table 1).

National Forest Area (ha) C Stock C stock sampling | Net C accumulation | Net C accumulation C stock? (% of Net C

(Mg) error! (%) (Mg yr=1) sampling error! (%) total NF) accumulation?
(% of total NF)

Gifford Pinchot 440,005 68,148,420 55 380,998 227 80.9 434

Malheur 471,439 16,886,265 7.1 165,949 19.1 71.7 70.9

Black Hills 215,379 3,711,144 14.6 —15,167 822 40.6 —46.5

Chequamegon-Nicolet 303,176 20,625,499 6.9 281,034 11.9 67.0 463

Green and White 301,884 15,786,690 7.9 60,593 1417 444 203

Mountains

Appalachian 1,033,833 83,571,980 62 675,970 15.3 74.1 60.2

White River 390,370 26,038,059 13.1 N/D N/D 84.3 N/D

Flathead 507,053 27,841,625 13.6 N/D N/D 70.2 N/D

Arizona National Forests 1,738,672 36,254,717 11.2 N/D N/D 83.9 N/D

Central California National 821,991 65,973,313 8.8 —66,370 52.2 76.5 —52.8

Forests

Arkansas National Forests 384,972 41,808,132 6.3 619,759 13.5 64.6 414

Total/mean 6,608,774 406,645,844 _‘ 2,102,766 _‘ 725 444

I'With 95% confidence.

2Calculated by dividing values by those in Table 3. The percentages of carbon stocks and accumulation of larger trees in mature stands compared with all forests are also shown (last 2 columns). Larger trees in mature stands are the subset of the forest
population composed of trees greater than the median dbh associated with CNPP in stands greater than CNPP age (Figure 2). Areas of mature forests estimated by a proxy variable “stand-size class” from FIA (see methods).
“N/D” means data were not available.
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Of the 11 forests, the C stock of larger trees in mature stands
ranged from 41 to 84 percent of the total C stock of the forests,
whereas C accumulation ranged from —53 to 71 percent of
the total C accumulation. This difference between changes in C
stock and C accumulation reflects several underlying causes: (1)
younger forests can have higher NPP rates than mature forests
as illustrated in Figure 2; (2) increasing mortality as forests grow
older because some trees die from overcrowding or insects and
diseases; and (3) disturbances such as severe wildfire that kill
significant numbers of trees can reduce NPP, in some cases to
a negative number.

3.5. Carbon stocks and accumulation
in mature stands and larger trees in
unreserved forest areas

The methodology described above can be further refined
to separate out unreserved areas that could be designated for
protection of carbon stocks and accumulation on national forest
lands. In the 11 forests analyzed, unreserved C stocks of larger
trees from all tree species in mature stands ranged from 36
to 69 percent of total C stocks (Table 6 and Supplementary
Table 4). Unreserved C accumulation of such trees in mature
forests ranged from 12 to 60 percent of total C accumulation, not
including the Black Hills national forest where the unreserved
C accumulation was negative because of logging and natural
disturbances (primarily insects). Typically, one or a few species
comprise the main part of unprotected stocks and accumulation.
Generally, the percentage of unreserved C accumulation is less
than the percentage of unreserved C stock because the growth
rates of mature forests are somewhat lower than younger forests.

3.6. Potential protected carbon stocks
with variable diameter and age limits

The final stage of the analysis estimated the amount of C
in unreserved areas above variable diameter and age limits for
logging (Supplementary Table 5). These data further illustrate
the functionality and flexibility of the age to diameter association
that we developed for policy makers and land managers. The
impact of selecting either the diameter limit or the age limit, or
both, is highly dependent on the distribution of the estimated
C stocks by these factors. For example, the diameter limit for
Gifford Pinchot at a stand age of 80 years (20 inches; 51 cm dbh)
would protect 57% of the total above-ground C, and the age
limit of 80 years would protect 79% of the total above-ground
C. In contrast, the diameter limit for Chequamegon-Nicolet at a
stand age of 80 years (13 inches; 33 cm dbh) would protect only
27% of the total above-ground C, and the age limit of 80 years
would protect only 48% of the total above-ground C. Each of
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the studied forests has a unique pattern of unreserved C based
on diameter or age limits.

4. Discussion

4.1. Summary of results

The average age of maximum carbon accumulation (CNPP)
ranged from 35 to 75 years for all forest types combined
(Table 4), and the ranges were wider for individual forest
types (Supplementary Table 2). Many factors contribute to
determining the CNPP age (e.g., tree species, competition,
site productivity, and climate). The lowest CNPP ages were
estimated for the eastern forests in the southern and northern
Appalachian regions, while the highest CNPP ages were found
in the West. Typical diameter thresholds that separate smaller
from larger trees (based on CNPP age) ranged from 6 to 16
inches (15-41 cm), with larger diameter thresholds found in the
Western forests. The unprotected carbon stock of larger trees
in mature stands ranged from 4 to 74 million MgC (Table 6),
representing between 36.0 and 68.3 percent of the total carbon
in the forest biomass. Forests with the highest percentage of
unprotected carbon stock in larger trees in mature forest stands
included Gifford Pinchot, Malheur, Chequamegon-Nicolet,
and Appalachian National Forests. The unprotected carbon
accumulation of larger trees in mature stands ranged widely
from 11.5 to 60.2 percent of the total carbon accumulation in
biomass, with one forest (Black Hills) showing a reduction in
biomass.

4.2. Diameter and age thresholds

Our approach to establishing mature forest definitions and
diameter thresholds for larger trees is rooted in a crosswalk of
stand age and tree diameter that integrates two variables used
to describe mature forests and trees. Both tree diameter and
stand age have been used independently in the past to identify
the lower bounds of maturity and provide guidance for on-the-
ground tree and forest management decision rules (Mildrexler
etal, 2020; Johnston et al., 2021). The two variables complement
each other because although age is a good indicator of stand
maturity, it can sometimes be difficult to determine a precise
stand age in the field especially for stands of multi-aged trees,
whereas tree diameter is an easily and accurately measured
variable in any forestry operation. While our approach lacks
complexity, it can form the foundation for more detailed
analyses needed to guide on-the-ground management decisions.

Our approach is based on the application of FIA data, a
standard source of detailed field inventory data for all forests of
the U.S. that is readily available to the public and continuously
updated. There are sufficient sample plots to evaluate most
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TABLE 6 Carbon stocks and accumulation in larger trees in mature stands in unreserved forest areas, all forest types, within 11 National

Forests in our study.

National Forest Unreserved C stock Unreserved C increment ‘

% of total C! Mg yr—1 of total C
’ increment!
Gifford Pinchot 57,074,409 67.8 378,553 43.1
Malheur 16,103,923 68.3 108,878 53.7
Black Hills 3,625,966 39.7 —22,597 —69.3
Chequamegon-Nicolet 19,949,333 64.8 271,540 44.7
Green and White Mountains 12,794,081 36.0 60,821 20.3
Appalachian 74,359,965 65.9 675,969 60.2
White River 17,767,821 57.5 N/D N/D
Flathead 18,383,736 46.3 N/D N/D
Arizona National Forests 23,540,573 54.5 N/D N/D
Central California National Forests 51,225,061 59.4 14,483 11.5
Arkansas National Forests 40,184,951 62.1 747,726 49.9
Total 335,009,819 59.7 2,235,373 472

!Calculated by dividing values by those in Table 3. Percentages of total forest C stock and accumulation are included. Detailed estimates by forest type are in supplementary Table 4.

National Forests individually or in groups, and different forests
or regions can be compared or aggregated using consistent
and high-quality data. Furthermore, FIA data have become a
standard for many other forest analysis tools and greenhouse gas
registries (Hoover et al,, 2014), so consistency across platforms
is also feasible. Finally, there are developments underway to
integrate FIA-based ground data analysis with other approaches
based on remote sensing and mapping to support policy and
land management (Dugan et al., 2017; Harris et al., 2021; Hurtt
et al, 2022), which is the objective of future research building
directly on this study and related work (DellaSala et al., 2022a).

Moreover, using CNPP as the threshold for stand maturity is
an extension of and a refinement on prior work. The concept of
CNPP is closely related to CMAI, which has been used for many
decades to describe the point at which tree volume increment
is greatest in the maturation of a forest stand for assessing
return on investment in forestry operations (e.g., Assmann,
1970; Curtis, 1994) but more recently has been proposed as a
way to identify the minimum age of ecosystem maturity for
protection efforts (Kerr, 2020). Published CMAI estimates are
often derived from managed forests and plantations, which
limits their applicability to low-intensity management regimes.
Also, CNPP is more closely related than volume to the carbon
variables of interest (C and CO;) for analyses of climate
mitigation potential by the forest sector to reduce emissions
or remove atmospheric CO,. Considering the uncertainties of
establishing the exact age for forests that did not originate as
tree plantations, CNPP and CMAI often occur at similar ages
in the life of forests, that is, at or very near the age of crown
closure and the onset of tree physiological maturity (Burns and
Honkala, 1990; Groover, 2017).
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4.3. Uncertainty and data limitations

Most forests or groups of forests studied had sufficient
sample plots to keep uncertainty of carbon estimates (described
in methods) within 15% of the estimated values (Tables 1, 5).
In contrast, the uncertainties of carbon accumulation estimates
were significantly larger and more variable, ranging from 13
to 142% of the estimated values (Table 5). Although the same
number of sample plots were available for both estimates, the
variability of C accumulation estimates was much higher in
some cases, most likely because C accumulation has higher
interannual variability if affected by natural disturbances, tree
mortality, and tree growth rates that can vary from year to year.
Although the reported uncertainty is related to sample size and
variability of the tree populations studied, there is additional
uncertainty associated with the biomass models used to estimate
above-ground biomass carbon. The error of biomass models
typically ranges from about 10-15% for large forest areas, with
95% confidence (US Environmental Protection Agency, 2021).

Our ecosystem C estimates only include above-ground
live biomass in trees greater than one-inch (2.4 cm) dbh. C
pools in standing and down dead wood, understory vegetation
including tree seedlings, litter on the forest floor, and soil
C account for significantly more C that could double or
quadruple the amount of estimated C stock depending on the
geographic location of the forest and other land characteristics
such as physiography and soil depth (Dombke et al., 2021; US
Environmental Protection Agency, 2021). Above-ground live
biomass is typically the most dynamic of the C pools in forests,
though in some cases, particularly related to logging and natural
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disturbance, the dead wood and litter C pools may change
significantly over short periods of time (Domke et al., 2021).

Forest age is an important variable used to estimate when
NPP reaches a maximum value (CNPP) above which forests
are considered mature. However, forest age (or time since
disturbance) can be difficult to determine especially for uneven-
or multi-aged forests and is based on coring trees and counting
tree rings from just a few sample trees on a sample plot in the
FIA sampling protocol. It is likely that the sample trees that
are cored do not represent the population of larger and older
trees on a sample plot, meaning that the assigned age could
be biased to younger ages (Stevens et al., 2016). In some cases,
the NPP curve is rather flat at and around the age of CNPP,
making it difficult to identify the precise age associated with
CNPP. Despite these issues, age is an easily understood metric
that is closely related to forest maturity, and the approach of
identifying the median diameter associated with CNPP using a
30-year window of age classes helps to mask the uncertainty of
using age as a critical step in the methodology.

4.4, Policy and management
implications

Recent policy goals target “net zero” emissions for all sectors
by 2050 to arrest the global climate emergency. Since net zero
cannot be achieved by reducing fossil fuel emissions alone
(United Nations, 2015; Griscom et al., 2017), the potential of
nature-based climate solutions to contribute to this larger goal
is the subject of legislation and executive orders in the U.S.
The approach and methodology developed here are designed to
inform policy makers about federally managed mature forests
and their large and vulnerable C stocks and high rates of
accumulation of carbon from the atmosphere. Some recent
legislation and executive orders specifically call for increased
analysis of the current and potential role of mature forests
and large trees (White House, 2021, 2022b; U.S. Congress,
2022). The approach and methods presented here provide
options for policy makers to consider as the specific land
management rules are implemented by agencies for national
forest lands.

Our study further corroborates that large areas of mature
federal forests are significant carbon sinks that lack protection.
Results indicate that 10 of the 11 forests analyzed were
carbon sinks over the last decade or so, with the largest sinks
occurring in the Eastern U.S. Forests with less disturbance
and/or younger age-class distributions had greater increases
in above-ground carbon per area than forests with higher
rates of disturbance and/or older age-class distributions.
These observations reflect multiple factors: the past history
of management, trends in incidence and severity of recent
natural disturbances and logging, and the inherent age at
which the productivity of different forest types begins to
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level-oft or decline. We also note an important distinction
that rates of carbon accumulation tend to be higher in
younger forests while the largest amounts of stored carbon
are found in mature forests. Protecting these carbon sinks
and avoiding losses of carbon from logging would require a
policy shift to focus more on the potential role of federal
forests in climate mitigation (DellaSala et al, 2022a). Such
a shift requires considering how both natural disturbances
(exacerbated by climate change) and harvesting are emitting
carbon stored in larger trees across federal forest lands. In this
context, it is notable that national and regional estimates of
emissions from logging (direct plus lifecycle emissions) are 5-10
times greater than direct emissions from natural disturbances
(wildfire, insects, and wind combined) (Harris et al, 2016;
Law et al., 2018).

For operational land management practices, it is often
easier to apply a diameter limit in timber operations by
species than an age limit by forest type, because as noted
previously it can be challenging to determine a precise stand
age, whereas measuring tree diameter is simple and accurate
[although see DellaSala et al. (2022a) for an alternate approach
to stand maturity without age or dbh determinations]. The
diameter limits derived here are based on stand age at CNPP
and so have that element of maturity embedded in their
determination. And, as noted, this approach can be used
regardless of the age selected. For some forest types, stand
level characterization is obscured by their frequent association
with selective logging and/or natural disturbances like wildfire,
making larger trees the more appropriate component for
defining maturity.

The results presented here by region and forest type reveal
that there is a wide variation in CNPP age and associated tree
diameters reflecting variation in forest type/composition,
climate, competition for resources and soil moisture,
disturbance dynamics, site productivity, and geographic
region. This variability needs to be considered in developing
policies and management practices. It is also important to
consider risks of loss to stored C from natural disturbances,
and other values of forests that are tied to land management
objectives, which may or may not be compatible with increasing
C stocks and accumulation.

We developed an approach to assess mature forests and their
current carbon stock and accumulation benefits, and applied the
methods to 11 different case studies of individual or groups of
National Forests that can inform implementing the president’s
executive order. This method can be applied regardless of how
mature stands are defined (e.g., it is readily applicable to age
thresholds above CNPP). And this ground-based estimation
approach can be linked with remote sensing and mapping
approaches (e.g., DellaSala et al., 2022a) to provide a geographic
view of forest maturity as well as protected status beyond the
reserved/unreserved designation available in the FIA database.
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This work can also be extended to more clearly identify that
subset of mature forests that are truly old-growth, and estimate
the associated carbon stocks and accumulation. As forests get
older, they tend to have very large and increasing carbon stocks,
making them especially valuable as carbon reserves (DellaSala
et al, 2022a; Law et al, 2022). Even when threatened by
natural disturbances or climate change, there is substantial
evidence that old-growth forests can continue to maintain or
increase carbon stocks (Stephenson et al., 2014; Law et al., 2018;
Lesmeister et al,, 2021; Begovi¢ et al,, 2022). Building upon
our definition of mature forests, future research could further
inform management decisions by more clearly and consistently
identifying those mature forests that are truly old-growth or
that potentially could become old-growth, and estimating their
carbon stocks and accumulation.

5. Conclusion

Our study presents a framework for in-depth analysis and
management of larger trees and mature forests on federal lands.
The integration of basic data about stand age, tree diameter,
biomass carbon dynamics, and reserved status comprises the
main elements of the methodology. After applying the methods
to 11 national forests, we found that the unprotected carbon
stock in larger trees in mature stands ranged from 36 to 68%
of the total carbon in tree biomass. The unprotected annual
carbon accumulation in tree biomass of larger trees in mature
stands ranged from 12 to 60% of the total accumulation in all
trees. The potential climate impact of avoiding emissions from
logging larger trees and mature forests is thus significant. Key
discussion points focused on uncertainty, policy implications,
and land management practices. This work is highly relevant
to emerging policies regarding climate change, nature-based
climate solutions, and mature forests including the role
of larger trees.
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Abstract: The Northern Spotted Owl (Strix occidentalis caurina) (NSO) was listed as federally threat-
ened in 1992 due to widespread logging of its old-growth forest habitat. The NSO recovery plan in
2011 elevated competition with Barred Owls (Strix varia) (BO) and wildfires as primary NSO threats
based partly on the assumption that severely burned forests were no longer NSO nesting and roosting
habitat. We quantified amount of logging before and /or after wildfire and opportunistic detections of
BOs within two home range scales (0.8 and 2.09 km) at 105 NSO sites that experienced severe wildfire
from 2000-2017. Logging affected 87% of severely burned NSO sites, with BO recorded at 22% of
burned-and-logged sites. Most (60%) severely burned NSO sites had evidence of logging both before
and after fires while only 12% of severely burned sites had no logging or BO detections, indicating
rarity of NSO territories subjected to severe fire without the compounding stressors of logging and
invasive BOs. We recommend changes to NSO habitat modeling that assume nesting and roosting
habitat is no longer viable if severely burned, and to the U.S. Fish and Wildlife Service’s practice of
granting incidental take permits for NSOs in logging operations within severely burned owl sites.
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1. Introduction

The U.S. Endangered Species Act (ESA) developed a formal process for listing a species
at risk of extinction based on “listing factors.” Listing factors may act individually or in
concert and are difficult to untangle when multiple interacting factors are involved in
population declines, as often the case with imperiled species. The Northern Spotted Owl
(NSO; Strix occidentalis caurina; Figure 1) is a territorial, monogamous, nocturnal raptor that
primarily inhabits late-successional coniferous forests in the Pacific Northwest of the U.S.
and southwest British Columbia [1]. Adults are territorial, have large home ranges, and
have high fidelity to roosting and breeding sites [1,2]. Spotted Owls select forests that con-
tain a high density of large conifers, high canopy cover, multiple canopy layers, numerous
large snags, understory shrubs and hardwoods, and downed woody debris [1-3]. These
conditions provide the owl with shade for hiding and thermoregulating, structures for
nesting and roosting, and habitat for its primary prey, including northern flying squirrels
(Glaucomys sabrinus), dusky-footed woodrats (Neotoma fuscipes), mice (Peromyscus spp.),
pocket gophers (Thomomys spp.), and red tree voles (Phenacomys longicaudus) [1-3]. Elimi-
nation or degradation of older, structurally complex forests is associated with reduced site
occupancy and reproduction failures of NSO [4].
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Figure 1. Northern Spotted Owl (NSO) nest site with young in a severely burned undisclosed location
(photograph Courtesy of Maya Khosla with permission).

The NSO was listed under the ESA as a federally threatened species in 1992 due pri-
marily to adverse modification of older forest habitat by logging and inadequate regulatory
mechanisms to prevent the owl’s extinction [5-7]. The 2011 NSO recovery plan expanded
on the primary listing factors by including threats from competitive exclusion by Barred
Owls (BO; Strix varia) and habitat alteration by severe wildfires [4].

There is evidence that ongoing old forest habitat loss together with BOs are the main
factors behind continued NSO declines [8-11]. However, whether wildfire is also a driver of
NSO population declines is equivocal [12-14] because the few empirical wildfire studies of
this subspecies are confounded by the additional stressor of logging (e.g., [15,16]). Spotted
Owl territories are often compromised by pre- and post-fire logging that can obscure effects
of severe fire on site occupancy [17,18]. Recent large-scale analyses of NSO demography and
occupancy dynamics have used habitat covariates that made no distinction between logging
and wildfire [9-11], rather these factors are lumped together as hectares of ‘disturbance’
and reductions in the amount of ‘nesting-roosting habitat’.

Studies of wildfire effects on the related California Spotted Owl (S. o. occidentalis)
have found that the presence of relatively large severely burned patches in a breeding
site that was not consistently inhabited, was occupied mostly by single owls, and/or was
unproductive before fire was associated with the loss of occupancy in that site after fire,
but this was not evident in sites that were consistently occupied by pairs and reproduc-
tive owls before fire [19-21]. Formal meta-analyses that combined effect sizes of different
studies showed no statistically significant negative influence of severe fire on site occu-
pancy by Spotted Owls and in some cases significant positive effects on foraging and
reproduction [12,13], whereas post-fire salvage logging has a demonstrated negative ef-
fect on occupancy [17,18]. Additionally, older forests where Spotted Owls live, as well
as unmanaged forests in general, were less likely to burn severely [22,23]. Nevertheless,
logging (before and after fire) continues to be proposed in wildfire risk reduction efforts
and for “restoring forests” in NSO habitat [24] despite: (1) documented adverse effects of
logging on NSO site occupancy and habitat use [4,25]; (2) questionable efficacy of logging
on reducing severe fires driven mainly by extreme fire weather [26,27]; and (3) damage
that post-fire salvage logging causes to post-fire tree regrowth [28] and forest ecosystems
generally [29].

The main objective of our study was to determine the extent to which logging activities
before and/or after wildfire routinely compound the stresses of wildfire and BO on the
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federally threatened NSO. We assessed the annual amount of pre- and post-fire logging,
and whether BOs were detected within 105 NSO sites affected by severe wildfire in forests
managed by the USDA Forest Service (USFS) throughout the range of the subspecies
over an 18-year period (2000-2017). We quantified the cumulative site- and year-specific
amount of logging in the USFS-designated core home range area of 0.8 km radius and
provincial home range area of 2.09 km radius around each site center [4]. We also quantified
the cumulative amount of severe fire at both spatial scales, as well as whether BOs were
opportunistically detected during surveys for NSOs. Our findings may help managers
understand the extent of forest management activities in NSO sites that were affected by
wildfire and BOs. This information is useful when quantifying anthropogenic disturbances
and adjusting recovery actions for the NSO.

2. Materials and Methods
2.1. Study Area

Our study area incorporated portions of five national forests throughout the geo-
graphic range of the NSO (Okanagan-Wenatchee in Washington, Deschutes and Umpqua
in Oregon, and Klamath and Six Rivers in California; Figure 2). On National Forest System
lands, the USFS establishes a permanent alpha-numeric ‘activity center’ to represent a
known NSO territory and delineates for management purposes a ‘core home range” of
0.8 km radius and a ‘provincial home range” of 2.09 km radius around the center of NSO
detections, as per the interim guidelines of the U.S. Fish and Wildlife Service (USFWS) [4].
We requested field survey data from the USFS Region 6 for all historical NSO activity cen-
ters (hereafter, ‘sites’) that had experienced fire from 2000-2017. Our final sample included
data from all the NSO sites having core or provincial home range areas that intersected
with severe fire and logging (or no logging) either before or after fire, or both. We also
quantified whether BOs had been opportunistically detected at the site during NSO surveys
at any point during the 18-year study period. This offered contrasting gradients of stressors,
enabling us to quantify the relative prevalence of the three effects in known NSO sites that
experienced severe wildfire.

2.2. NSO Survey Data and Site Characteristics

We used a combination of the original NSO field survey forms, summary reports,
and the California Natural Diversity DataBase (CNDDB: https:/ /wildlife.ca.gov/Data/
CNDDB/Spotted-Owl-Info; accessed on 10 August 2022) to plot geographic locations of
nests, young, daytime roosts, and nighttime detections. The detections were then used
to determine the ‘center’ of the site each year and to quantify forest attributes around
that center.

NSO locations were digitized from the records provided for each year of the study and
assembled into a GIS database. For each year that an NSO site was surveyed, the site was
assigned a single core location at the geographic mean of all observations, around which
we drew the core and provincial home ranges for geospatial analysis and quantification of
environmental covariates. We based the center of the site on the highest status and most
biologically significant NSO detection, in the following descending order of importance:
(1) location of active nest; (2) location of juvenile owlets; (3) centroid of daytime roosts
of adult pairs; (4) centroid of daytime roosts of single adults; (5) centroid of nighttime
detections; and finally, (6) old site center location. For sites without a known nest location
and where NSOs were recorded in multiple locations within one year, we assigned a point
at the geographic mean of the locations. This geospatial analysis was repeated for each year
of the study as the amount of severe wildfire and logging within the home range circles
changed over time, and as the owls might have shifted their location(s) within the site. We
quantified covariate values for each year for each NSO site as: (1) area of initial conifer
forest cover in 2001; (2) year-specific area of logging in conifer forest (including commercial
thinning, clearcuts, and post-fire salvage); and (3) year-specific area of severe wildfire in
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conifer forest. We presented annual estimates of logging and severe fire within each spatial
scale (0.8 km radius and 2.09 km radius) cumulatively.
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Figure 2. Study area showing the location of severely burned Northern Spotted Owl sites in five
national forests where information on logging, wildfires, and Barred Owls was available from
2000-2017.

To define initial forest cover, we used the Existing Vegetation Type dataset from
LANDEFIRE version 1.0.5 (LANDFIRE, public communication, http:/ /www.landfire.gov;
accessed on 10 August 2022). We chose this version of LANDFIRE because it employed
satellite imagery from 2001, which is nearest to the beginning of our study period. The
EVT data layer represents the current distribution of the terrestrial ecological systems
classification developed by NatureServe for the western hemisphere. EVT cover was
reclassified into conifer and non-conifer using the “System Group Physiology” attribute
and intersected with our home range circles for each year.

2.3. Logging Type and Severe Wildfire

We used three datasets to determine severely burned NSO sites that underwent some
type of logging during the study period via the Forest Service Activity System (FACTS)
(https://data.fs.usda.gov/geodata/edw/datasets.php; accessed on 10 August 2022): “Tim-
ber Harvests’ dataset, representing areas clearcut and thinned; pre-commercial thinning
activities within the ‘Silviculture Timber Stand Improvement’ dataset; and thinning and
cutting activities within the ‘Hazardous Fuel Treatment Reduction’ dataset. These logged
areas were combined for each specific year of the study and then intersected with our home
range circles for the year of the logging.

For determining high severity fire in conifer forests for each year of our study, we
used the Monitoring Trends in Burn Severity project (MTBS, public communication, http:
/ /www.mtbs.gov; accessed on 10 August 2022). MTBS is a U.S. Department of Interior
and USDA-sponsored program designed to consistently map burn severity and perimeters
using satellite imagery across all lands of the United States. We used the burn severity
mosaics that represented a composite of all the individual fires that occurred in each year
of our study and are classified by a MTBS analyst into 5 different categories: unburned
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and unburned to low burn severity, low burn severity, moderate burn severity, high burn
severity, and increased greenness. These categories are typically based on values of the
Differenced Normalized Burn Ratio (ANBR). The fires in our study were reclassified into
two categories: high burn severity and not high burn severity. High severity areas were
then intersected with the home range circles for the year of the fire. Figure 3 provides two
examples of NSO provincial home range areas and the intersecting conifer forest, severe
fire, and logging covariates.
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Figure 3. Examples of two Northern Spotted Owl provincial home range areas and the intersecting

conifer forest, severe fire, and logging covariates.

3. Results
3.1. NSO Sample Size and Distribution

We identified 105 severely burned NSO sites obtained from the Okanagan-Wenatchee
National Forest (1 = 5); the Deschutes (1 = 18) and the Umpqua National Forests (1 = 14);
and the Six Rivers (n = 3) and the Klamath National Forests (1 = 65) (Figure 2). Data for all
105 NSO sites included national forest location, proportion of conifer forest and cumulative
logged area, amount of severe wildfire in the core and provincial home ranges, whether
the site was logged and/or BOs detected, the number of times the site was logged, and the
type of logging (pre-fire and/or post-fire) (Online Supplemental Table S1).

3.2. NSO Site Characteristics and Degree of Logging

The mean proportion of the NSO core home range comprised of conifer forest was
0.89 (SD = 0.14, range = 0.28-1.00, n = 105) and the mean proportion of the provincial
home range that was conifer forest was 0.86 (SE = 0.14, range = 0.34-1.00, n = 105). The
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vast majority (87%) of burned sites (91 of 105) were affected by logging, while only 12%
of burned sites (13 of 105) had no logging or BO detections during the 18-year period
(Figure 4). That is, just 13 NSO sites experienced severe fire only; 1 severely burned site
had BO detections and no logging; 68 sites had both severe fire and logging; and all three
effects (BO, logging, severe fire) were present in 23 NSO sites.

Logging and Barred Owls In
Northern Spotted Owl Sites Affected By Wildfire

0.12

0.65

Fire Only FiretLog = Fire+Log+BO

Figure 4. Proportion of Northern Spotted Owl sites that experienced severe wildfire and were not
logged (fire only); that were also logged (fire + log), and that were logged and Barred Owls were
detected (fire + log + BO).

We further quantified whether the 91 logged sites were subjected to pre-fire logging
only, post-fire logging only, or both pre- and post-fire logging. The majority (1 = 63, 60%) of
NSO sites were logged both before and after fire, followed by those logged only after fire
(n = 15, 14%) and sites logged only before fire (n = 13, 12%) (Online Supplemental
Table S1). At both the core and provincial home range scales, most NSO sites were
logged multiple times. Within the 0.8 km circle logged sites, NSO experienced a mean of
2.3 logging entries (SD = 1.3, maximum = 8 times). Within the 2.09 km circle sites, logged
NSO sites experienced a mean of 4.9 logging entries (SD = 2.7, maximum = 14 times). The
mean amount of conifer forest in the 0.8 km home range cores that was logged within our
sample of NSO sites (including sites that were not logged) was 27 ha (SD = 32.8 ha) with a
maximum of 174.8 ha logged within the core area. The mean amount of logging in conifer
forests within the 2.09 km provincial home range (including unlogged sites) was 171.8 ha
(SD = 152.1 ha) with a maximum of 965 ha logged in the provincial area.

Examples of actual (pre- and post-fire) and proposed logging activities within NSO
sites are provided in Figure 5.

@A) (B)

Figure 5. Cont.
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Figure 5. (A) Bureau of Land Management’s Picket West timber sale in NSO Critical Habitat in
Oregon where fuel treatments will reduce overstory canopy closure to 40% (photograph Courtesy of
Luke Ruediger). (B) Trees marked for logging in the Pilgrim project on California’s Shasta-Trinity
National Forest in NSO occupied territories (photograph Courtesy of Doug Bevington). (C) Downey
Creek timber sale in the Darrington Ranger District of the Mt. Baker-Snoqualmie National Forest in
California showing large trees to be removed within a Late Successional Reserve (LSR) where fire
occurred (photograph Courtesy of Kathy Johnson). (D) Post-fire logging within NSO core areas on
the Bureau of Land Management’s Roseburg District in Oregon (photograph Courtesy of Francis
Eatherington). (E) Seiad-Horse post-fire timber sale within an LSR on the Klamath National Forest in
California (photograph Courtesy of George Sexton). (F) Trees marked for logging in an occupied NSO
activity center in the Smokey project on the Mendocino National Forest in California (photograph
Courtesy of Monica Bond). All photographs are with permission from their copyright owners.

4. Discussion

We enumerated the amount of logging and severe fire at two spatial scales, the
NSO core home range and the provincial home range, as well as the presence of BOs, in
105 NSO sites that had experienced severe wildfire in conifer forests on USFS lands from
2000-2017. By quantifying the simultaneous extent of these three primary stressors (logging,
severe fire, BO) within NSO core and provincial home ranges, we showed that logging
was the predominant stressor in 87% of NSO sites that also experienced severe fire, with
the additional stressor of BO at 22% of the burned-and-logged sites. Most (60%) of the
NSO sites had evidence of logging (clearcuts, commercial thin, fuels reduction) both before
and after severe fires. Only 12% of severely burned sites had no logging or BO detections
during the 18-year study period, indicating the rarity of NSO territories subjected to severe
fire without the compounding effects of multiple logging entries and invasive BOs.

An interesting finding was that of 14 sites that experienced wildfire but were not
logged at any point during the 18-year period, only 1 site (8%) also had BOs recorded.
Of the sites that were logged either before or after fire, or both before and after, 23 sites
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(34%) had BOs detected. This result agrees with previous research demonstrating low use
of severely burned forests by BOs [30] and offers some support for the hypothesis that
logging facilitates invasions of BOs into NSO sites [31,32]. Conversely, NSO territories with
relatively high proportions of suitable NSO habitat (unlogged) may be better capable of
withstanding BO competition [32]. However, one caveat to our study is that BOs were only
recorded opportunistically when detected during NSO surveys, so true prevalence of BOs
may be underestimated.

The USEFS claims that severe wildfire is a major cause of NSO territory abandonment
and has constructed habitat suitability models that assume severely burned areas are no
longer nesting or roosting habitat [33] (also see https://www.fs.usda.gov/rmrs/science-
spotlights/severe-fire-good-or-bad-spotted-owls; accessed on 26 April 2022). Based on
this assumption, the agency applies for ‘incidental take” permits under section 7 of the
ESA to log and presumably kill or harass any NSOs in designated Critical Habitat, Late-
Successional Reserves, and NSO activity centers (known territories) following severe fires
where logging is most often proposed [14]. Take permits are routinely granted by the
USFWS, who also assumes severely burned sites are no longer nesting or roosting habitat.
In these situations, competing hypotheses are seldom addressed nor are habitat suitability
models validated. We note that despite assertions by federal agencies and some researchers
that logging for fire risk reduction is mostly about small trees (e.g., [34]) in Spotted Owl
territories and elsewhere [27], fuels reduction logging most often removes large trees to pay
for the costs of thinning (see Figure 5A—F). This can impact critical NSO habitat by reducing
canopy closure below recommended thresholds (e.g., 60% canopy overstory; Figure 5)
while altering ground cover that supports NSO prey species [35].

Logging, and to some extent BOs, are stressors that are can be managed [36]. It remains
an area of active research and debate as to whether severe fires can be reduced through
certain forms of logging (e.g., thinning), particularly as the recent increase in megafires
is attributed to extreme fire weather associated with climate change that is overriding
efforts to reduce flammable vegetation via thinning [26,27,37,38]. Further, the extent to
which severe fire is a major threat to Spotted Owls is often biased by the tendency for
federal agencies and some researchers to falsely attribute abandonment by Spotted Owls
in severely burned sites to fire alone [39] even though logging is usually present on those
sites [12,13,17,18].

Our findings support the need to validate NSO habitat modeling assumptions and
adjust incidental take permits that are routinely granted by the USFWS based on the
assumption that severe fire is no longer NSO habitat. For instance, the Klamath National
Forest in 2016 proposed to clearcut 2720 ha of severely burned NSO sites within Late-
Successional Reserves under the Northwest Forest Plan based on the assumption that they
were no longer suitable NSO habitat. The USFWS [40] proceeded to grant the USES an
incidental take permit to harm, kill, or harass 74 adult NSOs and 12-29 juveniles, concluding
that logging would not trigger a range-wide jeopardy decision because the sites were
assumed to no longer provide suitable habitat. With the recent uptick in wildfires within
the range of the NSO [41], ongoing NSO incidental take under the assumption that severely
burned forest patches are no longer NSO habitat could indeed trigger cumulative effects
resulting in a future jeopardy decision. This could otherwise be avoided by validating NSO
habitat models based on our findings and prohibiting incidental take permits in severely
burned NSO sites.

5. Conclusions and Management Recommendations

Recovery Action 8 in the NSO Recovery Plan [4] (p. III-40) suggests “analyz[ing]
exiting data on [NSO] occupancy pre- and post-fire and establish a consistent database to
track owl occupancy response to fires across the dry Cascades provinces”. We note that in
our study NSO survey forms lacked a standardized data reporting protocol, resulting in
many survey forms where activity center numbers or specific site coordinates were missing;
hence the need for consistency in reporting. Moreover, our findings point to the need for
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federal agencies responsible for the recovery of the NSO (USFWS) and the management
of its habitat (USFS) to adjust recovery actions to better quantify and address two of the
principal interacting NSO stressors—logging and BOs—that complicate severe fire effects
on NSOs as well as agency efforts (e.g., thinning) to reduce fire intensity based on this
assumption. Odion et al. [35] used a transition state model to conclude thinning at the
scale proposed in the 2011 NSO recovery plan would result in 3.4 to 6.0 times more NSO
habitat loss than severe wildfire over a 40-year timeline that was similarly demonstrated
by Raphael et al. [42]. That is to say, the main treatment type on National Forest lands to
lower fire intensity in NSO sites may actually be causing more habitat degradation than
severe wildfires, especially when results of NSO site occupancy are conflicted by pre- and
post-fire logging.

Supplementary Materials: The following supporting information can be downloaded at: https:
/ /www.mdpi.com/article/10.3390/f13101730/s1, Table S1: Table of cumulative amounts of logging,
wildfire, and BO detections.
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Forests produce a myriad of ecosystem related benefits known as ecosystem services. Maximizing the
provision of single goods may lead to the overexploitation of ecosystems that negatively affects biodiver-
sity and causes ecosystem degradation. We analyzed the temperate rainforest region of the Pacific North-
west, which offers a multitude of ecosystem services and harbors unique biodiversity, to investigate
linkages and trade-offs between ecosystem services and biodiversity. We mapped nine actual and poten-
tial ecosystem services, grouped into provision, supporting, regulating and cultural ecosystem service
categories, as well as species richness of four taxonomic groups (mammals, birds, trees, and amphibians).
We analyzed linkages and tradeoffs between ecosystem services, their overall diversity, and species rich-
ness as well as different levels of taxon diversity. We also tested if ecosystem service categories, in addi-
tion to climate and land cover parameters, could indicate species richness. We found significant positive
linkages between ecosystem service diversity and species richness of all considered taxa. The provision of
the majority of ecosystem services was higher in areas of high taxon diversity, indicating both positive
relationships and slight trade-offs in maximizing single ecosystem services. In general, ecosystem service
categories were a comparable indicator of species richness as climate. Our findings show that multifunc-
tionality largely coincides with high levels of biodiversity within the study region. Hence, an integrative
ecosystem management approach that incorporates ecosystem services and biodiversity concerns is
needed to both provide diverse ecosystem benefits and conserve biological diversity.

© 2013 Elsevier Ltd. All rights reserved.
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1. Introduction is seen as essential requirement for the provisioning of ecosystem

services (Diaz et al., 2006). Here it should be noted that as well as

Ecosystem services and biodiversity conservation have become
the two dominant, and potentially conflicting (Bullock et al., 2011;
Marrs et al., 2007; McShane et al., 2011) management aims in
conservation science during the last decades. Ecosystem services
are the numerous benefits people directly or indirectly appropriate
from the functioning of ecological systems and provide the founda-
tions for human well-being (Daily, 1997; Nelson et al., 2009). The
ecosystem services concept combines resource use, ecosystem
management - including adaptation to impacts of driving forces
such as land use and climate change - and the valuation of nature
(Maskell et al., 2013), making it a key concept that bridges social
and ecological systems (Carpenter et al., 2009). Biodiversity is vital
for maintaining ecosystem processes and functioning (Duffy, 2009;
Hector and Bagchi, 2007). Its loss has been shown to cause
ecosystem degradation (Hooper et al., 2012). Hence, biodiversity
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an instrumental value related to the provision of ecosystem ser-
vices, the conservation of biodiversity is also a normative goal in
its own right (Mace et al., 2012). Biodiversity conservation is there-
fore not solely contingent on the instrumental contribution to hu-
man well-being it may provide.

The increasing number of studies on the functional relation-
ships between biodiversity and ecosystem services reveal mostly
positive patterns (Gamfeldt et al., 2013; Hector and Bagchi, 2007;
Maskell et al., 2013). However, many of these diversity-ecosystem
services studies focus on a single facet of diversity such as one spe-
cies group and a single ecosystem service, such as primary produc-
tivity (Costanza et al., 2007), pest control (Simon et al., 2010) or
agricultural yields (Di Falco and Chavas, 2006). Managing an
ecosystem for a single ecosystem service is potentially problematic
as it may result in trade-offs in terms of associated biodiversity
(Ingram et al., 2012; Ridder, 2008; Rodriguez et al., 2006) and
thereby compromises conservation efforts. The interplay between
the provision of multiple ecosystem services and biodiversity
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represents an important knowledge gap (Geijzendorffer and Roche,
2013; Sircely and Naeem, 2012), potentially limiting our ability to
effectively manage multifunctional landscapes for both ecosystem
services provision and biodiversity conservation.

In this regard, it becomes vital to analyze ecosystems that are
managed for diverse societal needs. Multifunctional ecosystems of-
fer several services simultaneously to satisfy social, cultural, eco-
nomic and environmental demands (O’Farrell et al., 2010). Hence,
a diverse set of ecosystem services needs to be considered when
assessing the relations between biodiversity conservation and eco-
system service provision in multifunctional ecosystems (Chan
et al., 2006; Tallis and Polasky, 2009). This includes services that
cannot be straightforwardly linked to specific ecosystem functions
such as cultural services (Hernandez-Morcillo et al., 2013). Poten-
tial synergies between ecosystem services and biodiversity are ex-
pected, though they might vary across ecosystems and depend on
the specific ecosystem services and aspects of biodiversity taken
into consideration (Mace et al., 2012).

Forests are of immense global importance in delivering a myr-
iad of benefits to humanity (Bonan, 2008; FAO, 2010; Schwenk
et al., 2012). In particular, temperate rainforests represent an eco-
logically complex, unique ecosystem with high biodiversity impor-
tance, subjected to multiple human demands. We analyzed a
region along the Pacific coastline of North America harboring the
world’s largest remaining extents of temperate rainforests
(DellaSala, 2011). While currently offering a broad range of goods
and services such as salmon (Oncorhynchus spp.), timber, water
regulation and recreation, these rainforests are threatened by
climate and land use changes (DellaSala, 2011; Fitzgerald et al.,
2011).

We addressed three key questions to investigate linkages and
trade-offs between ecosystem services and biodiversity across
the temperate rainforest region of the Pacific Northwest: (1) How
is ecosystem service diversity related to species richness across dif-
ferent taxonomic groups? (2) How are ecosystem services and
their diversity linked to different diversity levels of the considered
taxa? (3) In order to untangle the interrelations among the envi-
ronment, ecosystem services and species richness we tested if
the provision of ecosystem services, grouped by the millennium
ecosystem service assessment (MA) categories, alongside environ-
mental variables such as climate and land cover, indicate species
richness. Here, we did not seek to explain the functional relations
between biodiversity and ecosystem services categories. Rather,
we described the patterns (Shmueli, 2010) between the types of
ecosystem services provided, their diversity and biodiversity
across the temperate rainforest region of the Pacific Northwest
and discussed the implications of these patterns for multifunc-
tional landscape management and conservation at a regional scale.

Recent studies focusing on the relationship between ecosystem
services and biodiversity have taken a functional perspective and
mostly considered limited ecosystem service categories such as
provisioning or regulating services (e.g. Balvanera et al., 2006;
Costanza et al., 2007; Schwenk et al., 2012) and single species
groups such as plant species (e.g. Gamfeldt et al., 2013; Maskell
et al.,, 2013; Tilman et al., 2012). By involving multiple taxa and
multiple ecosystem services including supporting and cultural
services, we aim to identify more comprehensive patterns relating
ecosystem services to biodiversity.

Here we note that the direct quantification of ecosystem ser-
vices is often problematic and that there might be considerable dif-
ferences between the ecosystem services that potentially flow
from a given ecosystem and the actual services that are appropri-
ated at a given point in time. For example, timber harvest is an
indicator for the appropriation of timber but provides limited
information regarding the capacity of a given system to sustainably
provide timber. Similarly it can be argued that benefits received

(i.e. the direct quantification of services) from physically appropri-
ated goods such as timber must be related to how those physical
goods contribute to human well-being (Fischer et al., 2009). Given
the importance of both the actual appropriation and the potential
capacity to supply ecosystem services and the difficulty in directly
and accurately quantifying multiple ecosystem services across
large spatial and temporal extents, we focus on the mapping of
proxy datasets that indicate nine important potential and actual
ecosystem services within the temperate rainforest region of the
Pacific Northwest. The following proxy data for ecosystem services
were modeled: timber harvest, salmon abundance, deer hunting,
net primary productivity, carbon storage in vegetation, organic
matter in soil, forest importance for drinking water supply, land-
scape aesthetics, and park visitation. These proxies for ecosystem
services were grouped into the MA categories of provision, sup-
porting, regulating, and cultural ecosystem services (MA, 2005).
Biodiversity was quantified in terms of spatially explicit species
richness data for higher taxa, including mammals, birds, trees
and amphibians. Diversity metrics were derived for ecosystem ser-
vices and the higher taxa. Subsequently, we computed univariate
models to reveal the patterns between ecosystem service diversity
and species richness. Potential and actual ecosystem services and
their diversity were linked to the higher taxon diversity. Multivar-
iate direct gradient analyses were performed to assess if the MA
ecosystem service categories are able to indicate species richness
in interaction with and untangled from environmental variables
such as climate and land cover.

2. Materials and methods
2.1. Study area

The study area was based on the original coastal temperate
rainforest extent of the Pacific Northwest region (DellaSala, 2011)
that shows an overall high proportion of forest coverage. All US
counties that intersect the original coastal rainforest extent,
including a buffer of 15 km, were incorporated into the study area
of 325,614 km?. This broad extent was chosen to ensure that cli-
mate and land cover gradients are well represented. Due to limited
data availability, coastal rainforest regions located in British
Columbia and Alaska were excluded from our analyses. All metrics
related to species richness, ecosystem services and environmental
data were mapped at a resolution of approximately 8 x 8 km -
3997 grid cells in total. It is important to note that the study extent,
while dominated by forests, encompasses a spatially heteroge-
neous matrix of different land uses that in turn create spatially het-
erogeneous patterns of ecosystem service provision and
biodiversity. The study extent comprised 55% forest, 33% scrub-
and grassland, 7% cultivated areas and 5% developed/urban re-
gions. Public lands in this region are managed under the Northwest
Forest Plan that governs ecosystem management and biodiversity
conservation (DellaSala and Williams, 2006). However, non-federal
landowners frequently focus on timber management as the pri-
mary ecosystem service. ARCGIS 10.1 was used for all geo-process-
ing work.

2.2. Ecosystem service data

The proxy data used refer either to the actual goods or services
people appropriate from nature, known as ‘ecosystem services’, or
to the capacity of the ecosystem to deliver those goods and services
to society, conceptualized here as ‘potential ecosystem services’
(Vira and Adams, 2009). The data were based on physical occur-
rence of actual and potential ecosystem services, rather than the
monetary or non-monetary values associated with those services.
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All data were gathered from publically available datasets, further
processed and linked to spatial data or were readily available in
a spatially explicit format. We compiled GIS-layers indicating the
nine potential and actual ecosystem services, which were also
grouped into MA categories - i.e. provisioning, regulating, support-
ing, and cultural ecosystem services (MA, 2005). Detailed descrip-
tions of the datasets and data sources can be found in the online
appendix (Online appendix, Table A1).

2.2.1. Provisioning services

2.2.1.1. Timber harvest. Timber is one of the most prominent re-
sources derived from forest ecosystems and has been intensively
harvested from temperate rainforests in this region. This layer de-
picts the total volume of timber harvested in 2010 measured in
thousands of board feet. Derived tabular data are based on the
county level.

2.2.1.2. Salmon abundance. Salmon are an important economic and
food resource for the entire coastal rainforest region in North
America and they are the key for trophic dynamics and energy
transfer (DellaSala, 2011). The salmon abundance data are based
on observed (1998-2005) and modeled data at the watershed level
(Pinsky et al., 2009). Watershed based data were normalized and
then converted into gridded data.

2.2.1.3. Deer hunting. Hunting has been taking place for millennia
across the coastal temperate rainforest region of North America
(Schoonmaker et al., 1997). Hence, hunting can be considered as
a traditional source of local food resources. This layer indicates
overall deer hunting successes for 2010 measured in counted deer
kills. Census data are obtained and mapped based on hunting man-
agement units defined by State Departments of Fish & Wildlife.

2.2.2. Supporting services

2.2.2.1. Net primary productivity. The Pacific coastal rainforests be-
long to the most productive ecosystems worldwide (DellaSala,
2011), and primary productivity is a key ecological function from
which many other, directly used, ecosystem services flow. Gridded
information on NPP is derived from NASA’s MODIS satellite data in
a 10 km? grid cell resolution based on monthly values averaged for
2010 in g€ m~2 day~ ..

2.2.3. Regulating services

2.2.3.1. Carbon storage in vegetation. The storage of atmospheric
carbon in biomass is essential to climate regulation and climate
change mitigation. The coastal temperate rainforests in North
America show high carbon densities compared to other forest eco-
systems (DellaSala, 2011; Woodbury et al., 2007). Gridded data
show total mean carbon content in vegetation for 1961-1990
and originate from outputs of the MC1 dynamic vegetation model
(Bachelet et al., 2001a,b) in an 8.8 km? grid cell resolution.

2.2.3.2. Organic matter in soil. Organic matter strongly influences
soil properties such as water retention, erodibility and fertility
(Ontl and Schulte, 2012). Furthermore, soil represents a large car-
bon pool. The sequestration of atmospheric carbon in soil organic
matter contributes to climate change mitigation (Lal, 2004). The
data used indicates the total content of organic matter in soil ex-
pressed as percent by weight of the 2 mm soil fraction at the wa-
tershed level.

2.2.3.3. Forest importance for drinking water supply. Forests are
known to serve as important regulators of drinking water, particu-
larly in this region (DellaSala et al., 2011). This layer combines pre-
cipitation intensity, proportion of forests and population density
per watershed and was derived from the USDA ‘forests to faucets’

dataset (Barnes et al., 2009). We used these data as proxy for water
regulation (Todd and Weidner, 2010).

2.2.4. Cultural services

2.2.4.1. Landscape aesthetics. The possibility to experience land-
scapes that are largely undisturbed by human pressure is usually
accepted as a great benefit that ecological systems may offer in
terms of recreation (Gobster et al., 2007). The compiled dataset
consists of several spatial layers related to infrastructure such as
roads, railroads and settlements, and natural elements such as
lakes, rivers and forests that are undisturbed by human influences.
All layers were weighted according to their naturalness. Terrain
roughness was incorporated as proxy for physical landscape heter-
ogeneity. Each layer was weighted either positively or negatively
except for terrain roughness that was weighted based on three
states, low roughness as negative, medium roughness as neutral
and high roughness as positive. The resulted 'landscape aesthetics’
layer is considered as a potential ecosystem service since the
quantification of the actual cultural values associated with the
landscapes of the study region was beyond the scope of our
analysis.

2.2.4.2. Park visitation. State and national parks represent essential
recreation areas in the US (Daniel et al., 2012), facilitating environ-
mental education and sustainable tourism. We mapped the tabular
park visitation data for 2010 on state and national parks, derived
from the PAD-US protected area database (v. 1.2). Subsequently
spatial data were aggregated on county level since most of the
state parks do not match the working resolution and hence would
not have been visible for the analyses. We used this dataset as
proxy for the provision of space for recreation and cultural
experiences.

All data based on unequally sized areas were normalized based
on area. Thus, every layer refers to equal area units. For further
analyses all potential and actual ecosystem service layers were
transformed to a standardized scale based on their maximum val-
ues (Raudsepp-Hearne et al., 2010). Hence, all ecosystem service
values range between 0 and 1.

2.3. Species data

Spatially explicit species richness data for higher taxa, including
mammals (between 1 and 85 species recorded), birds (88-223 spe-
cies), trees (1-50 species) and amphibians (2-38 species) were ob-
tained as gridded layer from several resources (Online appendix,
Table A2). For tree species, we compiled a richness layer through
aggregating range polygon data (Little, 1978). Selected species
groups represent major parts of the overall species diversity that
exists across the Pacific coastal temperate rainforests and contain
numerous species of economic, cultural and conservation impor-
tance. Reptiles, as a further terrestrial vertebrate group, were not
included into the analyses since they are not well represented,
nor particularly abundant, across the Pacific coastal temperate
rainforests compared to other regions of their occurrence (B6hm
et al., 2013).

2.4. Applied statistical approaches

All statistical analyses were undertaken using R 2.15, includ-
ing the packages ‘raster’ (v. 2.1.12) for handling spatial data,
‘car’ (v. 2.0.16) for building generalized linear models (GLMs),
‘spdep’ (v. 0.5.56) for correcting autocorrelation patterns, ‘vegan’
(v. 2.0.6) to obtain diversity indices and to perform principal
component analyses (PCAs) as well as redundancy analyses
(RDAs).
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2.4.1. Simpson diversity metrics

Diversity metrics were derived by using the Simpson diversity
index for potential and actual ecosystem services (Raudsepp-
Hearne et al., 2010) and higher taxa ranging between 0 (low diver-
sity) and 1 (high diversity). The Simpson index is illustrated by the
following formula:

D=1-> pi

i-1
R is the richness of taxa/ecosystem services and p; is the proportion
of abundances for the ith taxon/ecosystem service.

The Simpson diversity measure takes abundances into account
and equals the probability that two entities taken at random from
the dataset represent the same type (Simpson, 1949). The Simpson
diversity of higher taxonomic groups was used as biodiversity met-
ric that is comparable to the Simpson diversity of ecosystem ser-
vices. A color map was compiled illustrating the degree of spatial
correspondence between the diversity metrics across the study
area.

2.4.2. Univariate linkage modeling: ecosystem service diversity -
species richness

In order to model the relationship between ecosystem service
diversity and species richness, we chose a univariate model ap-
proach using GLMs (Crawley, 2007). Due to the non-normalized
distribution of model residuals, we opted for GLMs with Poisson
error structure. Species richness data were selected as dependent
variables and ecosystem service diversity as independent vari-
able since Poisson-GLMs require real count data. Hence, we fol-
low a descriptive approach rather than explaining the causal
relationship between biodiversity and ecosystem services. GLMs
also included quadratic terms and were reduced based on the
Akaike information criterion (AIC), to avoid overfitting (Sakamoto
et al., 1986). Since model residuals revealed patterns of spatial
autocorrelation, we applied spatial eigenvector filtering to incor-
porate spatial autocorrelation structures (Dray et al., 2006;
Griffith and Peres-Neto, 2006). Spatial eigenvectors are derived
from a neighborhood matrix spanning a distance of 100 km,
which was chosen due to highest spatial autocorrelation values
within that distance. The number of incorporated spatial eigen-
vectors was based on Moran’s I significance values for each
GLM. Eigenvectors were included until they exceeded a signifi-
cant Moran’s I value (p <0.05).
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2.4.3. Ordination techniques: ecosystem service categories, land cover
and climate - species richness

A multivariate direct gradient analysis was applied to investi-
gate the proportion of species richness variances captured by po-
tential as well as actual ecosystem services grouped into the MA
categories and environmental variables. Initial analyses of data dis-
tribution and gradient lengths showed that linear models are a cor-
rect general assumption for our data. Hence we used a PCA to
reduce multicollinearity inherent to the climatic parameters ap-
plied and a partially constrained RDA as overall multivariate model
(Legendre and Legendre, 2012) to partition the explained variance
of four different variable groups, such as potential and actual eco-
system services for each MA category, ‘climate’, ‘land cover’ and
‘geography’. Species richness data from the considered taxonomic
groups served as response variables and were subjected to Hellin-
ger transformations as proposed for analyzing heterogeneous com-
munity datasets (Legendre and Gallagher, 2001). Climatic data
were derived by performing a PCA, including 19 BIOCLIM variables
that were obtained as downscaled spatial grids in a 2.5 arc-min
resolution (Hijmans et al., 2005). The PCA scores from the first
two principal components were extracted and subsequently used
as ‘climate’ variable group for the RDAs (Hanspach et al., 2011).
Land cover data were derived from the USGS land use survey
2006 comprising 16 land cover classes, including developed, for-
ested, cultivated, wetland, herbaceous, scrubland and barren land
cover types at a grid cell resolution of 30 meters. The original data-
set was spatially downscaled to match the working resolution. To
account for spatial autocorrelation effects, we defined latitude
and longitude as a further variable group named ‘geography’.

3. Results
3.1. Ecosystem service diversity and species richness

The compiled spatial layers of potential as well as actual ecosys-
tem services, the derived Simpson diversity metrics of the consid-
ered taxa and ecosystem services varied across the study area
(Fig. 1). The diversity of taxa and the diversity of ecosystem ser-
vices were highly correlated, indicated by Spearman’s rho = 0.719
(p <0.001). Species richness maps for mammals, birds, trees and
amphibians are shown in online appendix (Fig. A1).

Ecosystem service diversity showed significant positive interac-
tions with the richness of mammal, bird, tree, and amphibian
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Fig. 1. Spatial distribution of nine potential and actual ecosystem services as well as the Simpson diversity of considered taxa and ecosystem services across the coastal

temperate rainforest region of the Pacific Northwest, USA.
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Fig. 2. GLM results for linkages between ecosystem service diversity and mammal, bird, tree, and amphibian richness. Incorporated spatial eigenvectors were kept at mean
level. Light gray areas indicate the 95% confidence intervals of prediction errors (ED = explained deviance).
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species (Fig. 2, p<0.001). Mammal and bird species richness in-
creased linearly with higher ecosystem service diversity (Fig. 2a
and b), tree richness showed a sigmoidal relationship indicating
a saturation effect of tree species richness at the highest levels of
ecosystem service diversity (Fig. 2c). Amphibian richness increased
steeply with elevated ecosystem service diversity (Fig. 2d). The
GLM on mammal richness had the highest model fit expressed as
explained deviance (ED=0.901), the model that considered
amphibian richness the lowest (ED = 0.763).
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3.2. Ecosystem services and taxon diversity

Higher values of ecosystem services were related to higher lev-
els of the overall Simpson taxon diversity for most of the applied
potential and actual ecosystem services across all MA categories
(Fig. 3). However, salmon abundance, soil organic matter and park
visitation differed from that pattern, indicating trade-offs between
maxima of single ecosystem services and diversity of involved
taxa. No pronounced ecosystem service gradient could be detected
based on a PCA, including all modeled ecosystem services (not
shown). The first two PCA axes together explained 46% of the over-
all variance.

Higher ecosystem service diversity was significantly linked to
elevated taxon diversity (Fig. 4a, p <0.001). However, less pro-
nounced differences between medium and high levels of taxon
diversity suggested a nonlinear relationship resulting in a satura-
tion effect for ecosystem service diversity in areas of high taxon
diversity. High spatial correspondence between ecosystem service
diversity and the diversity of included taxa was shown within
coastal temperate rainforest regions throughout most of the Pacific
Northwest (Fig. 4b).

3.3. Ecosystem service categories as indicators for species richness

To assess both the distribution of ecosystem service diversity
and the diversity of higher taxa for major land cover types, we
pooled the detailed land cover types into three groups, namely,
‘forests’, ‘scrub- and grasslands’, and ‘cultivated areas’. Highest
diversity values for ecosystem services as well as considered taxa
were significantly higher for forests (Fig. 5a and b, p < 0.05). Groups
differed significantly as assessed through a one-way analysis of
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variance and a subsequent paired t-test (p < 0.05). P-values were
Bonferroni corrected to account for multiple testing.

Constrained RDAs revealed that ecosystem service categories
significantly indicated species richness in a comparable magnitude
of land cover and climate (Fig. 6, p < 0.001). Among the RDAs that
were fitted with single ecosystem service categories, the RDA with
regulating services showed the lowest model error (Fig. 6¢, residu-
als = 0.36) and the one that included cultural services the highest
error (Fig. 6d, residuals = 0.41). The RDA incorporating the entire
set of potential and actual ecosystem services as variable group
showed the lowest model error among all RDAs (Fig. 6e, residu-
als = 0.32). However, for the majority of RDAs the climatic space
was, after geography, the variable group that captured most of
the species richness variances. This reflected both the prevailing
climatic gradient that shapes diversity patterns across the temper-
ate rainforests of the Pacific Northwest and an inherent autocorre-
lation pattern. Focusing on interactions between variable groups
the climate-geography interactions showed the strongest effects
followed by the ecosystem service category—climate interactions.

4. Discussion
4.1. Ecosystem service diversity and species richness

We found broad, positive relationships between ecosystem ser-
vice diversity and species richness. Such a pattern confirms the
findings of Egoh et al. (2009) who illustrated a spatial congruency
between ecosystem services and biological diversity in South Afri-
ca. No trade-offs were observed in our study between ecosystem
service diversity and species richness. Other studies reported both
trade-offs and concordances between ecosystem service hotspots
and biodiversity or its conservation (Chan et al.,, 2006; Turner
et al.,2007). Our results clearly show that high levels of biodiversity
are found in areas that provide diverse actual and potential ecosys-
tem services across the coastal temperate rainforest region of the
Pacific Northwest. This pattern was also apparent when all consid-
ered taxa were combined to one diversity index, particularly within
the original coastal temperate rainforest boundaries. Though, some
minor areas showed a contrasting pattern of low biodiversity but
high ecosystem service diversity. These scattered areas were mostly
distributed at the inland edges of our study region indicating tran-
sition zones to other ecosystems that might start to harbor different
species inventories not included in our study.

Saturation effects were revealed for tree species and overall tax-
on diversity suggesting that further ecosystem service increases in
regions of highly diverse ecosystem service provision coincide with
marginally higher biodiversity levels. This might relate to redun-
dancies of present species in terms of the necessary ecosystem
functions that are required to maintain considered ecosystem ser-
vices (Duffy, 2009; Hector and Bagchi, 2007). Notwithstanding,
including more services and thus more ecosystem functions would
probably incorporate more biodiversity needed to sustain these
functions (Gamfeldt et al., 2008). Moreover, biodiversity reduces
the vulnerability of ecosystems to disturbances, serving both as a
backup for functional degradation and to ensure diverse and fast
responses to perturbations hence improving overall ecosystem
resilience (Mori et al., 2013).

4.2. Ecosystem services and their diversity for different levels of taxon
diversity

The majority of our results indicate positive relationships be-
tween single ecosystem services included and the overall diversity
of the considered taxa. Similar patterns are found in recent studies
(Balvanera et al., 2006; Schneiders et al., 2012), in particular for

productivity and biodiversity (Gamfeldt et al., 2013; Tilman
et al., 2012) - though Costanza et al. (2007) found a temperature
dependent relationship. The relation between timber harvest and
taxon diversity was most surprising and probably, in part, resulted
from a scale artifact inherent to the data used. It is important to
note here that the established relationships do not imply causality.
Yet, intense forest management is usually considered to have neg-
ative impacts on biodiversity (Bengtsson et al., 2000). The data
used in our study did not include any information on how the for-
ests are managed for timber harvest on a local scale. Hence, it is be-
yond the scope of our analyses to assess the effects of forest
practices on biodiversity patterns.

Despite the largely positive patterns found, a few trade-offs
were noticeable in our results. Salmon abundance, soil organic
matter and park visitation were highest in areas with moderate
levels of taxon diversity. Non-supporting patterns or trade-offs
among ecosystem services are postulated (Bennett et al., 2009)
and reported on a regional (Raudsepp-Hearne et al., 2010), conti-
nental (Haines-Young et al., 2012) and global scale (Naidoo et al.,
2008). Though, in our case, no clear trade-offs among the studied
ecosystem services could be detected.

4.3. Ecosystem service categories as indicators for species richness

Both, ecosystem service diversity and taxon diversity were
highest in forested extents within the study region. Although the
differences among land cover types were only marginal, it suggests
that forests provide conditions most suited for supplying ecosys-
tem services and biodiversity.

Using a multivariate approach, including the nine actual and
potential ecosystem services grouped into MA categories as well
as environmental variables showed that the different MA ecosys-
tem service categories indicated species richness of the four differ-
ent taxa in a comparable magnitude to climate and land cover. The
capability of all ecosystem service categories, in interaction with
climate, to indicate species richness illustrates that a management
focusing on multiple ecosystem-based benefits and the current cli-
matic conditions are synergistic for both ecosystem services and
biodiversity. These findings support the idea that the ecosystem
service approach could be used to monitor and manage biodiver-
sity (Egoh et al., 2009). However, cultural services showed an over-
all weak link, probably due to the most indirect relationship to
richness for instance compared to the considered regulating eco-
system services. Nevertheless, the management of ecosystems
based on providing a diversity of ecosystem services might have
co-benefits in terms of biodiversity conservation.

4.4. Ecosystem service approach and multifunctional ecosystems

Temperate rainforests of the Pacific Northwest simultaneously
offer a multitude of ecosystem-based benefits. We were able to
show that such a multifunctional ecosystem might serve as indica-
tor of biodiversity and its conservation while delivering important
goods and services to society. Our results are restricted to one re-
gion and spatial scale as well as one point in time. Thus, extrapo-
lating these results to other regions featuring different ecosystem
properties and species should be done with considerable caution.
However, high biodiversity levels in multifunctional landscapes
also have been shown before for areas with heterogeneous land
use or agricultural regions (O’Farrell et al., 2010; Schneiders
et al., 2012; Sircely and Naeem, 2012). Managing for multiple
ecosystem services may also create conditions for higher levels of
biodiversity. Given the co-occurrence of biodiversity and diverse
ecosystem service provision, we suggest that biodiversity
conservation should be integrated into the management of
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multifunctional ecosystems and not only take place in areas
explicitly designated for conservation.

4.5. Threats to ecosystem services and biodiversity: land use and
climate change

North America’s temperate rainforests are fragmented by log-
ging, road building, and other human disturbances (DellaSala,
2011). Coinciding biodiversity loss and the degradation of ecosys-
tem functions are expected due to habitat fragmentation and
increasing land use intensity (Foley et al., 2005). However, sustain-
able trajectories of land use changes and restoration efforts have
been positively linked to ecosystem service provision and biodiver-
sity conservation (Nelson et al., 2009; Rey Benayas et al., 2009).

Ecosystem services in this region are threatened by a changing
climate regime and projected vegetation shifts in Western North
America (Wang et al., 2012). Dominant tree species and vegetation
types in our study area are predicted to shift substantially until the
end of the 21st century (Coops and Waring, 2011; Gonzalez et al.,
2010; McKenney et al., 2007), probably detrimentally affecting
both current ecosystem service and biodiversity patterns. Hence,
an adaptive ecosystem management approach is needed to miti-
gate estimated impacts.

5. Conclusions

Our results confirm that multifunctional landscapes, here lar-
gely covered by temperate rainforests, co-occur with high levels
of biodiversity. Thus, the management of ecosystem services
should not substitute, but rather incorporate, biodiversity conser-
vation since the two concepts are interdependently related
through maintaining the functioning of ecosystems on the one
hand and the management for goods and services on the other
hand (Ingram et al., 2012; Mace et al., 2012). Based on our results,
we derive the following management and research recommenda-
tions for the coastal temperate rainforest region across the Pacific
Northwest.

1. The concepts of ecosystem services and biodiversity are not
only linked, they act in concert. Based on our analysis, an inte-
grative approach of ecosystem management that incorporates
both ecosystem services and biodiversity is indeed beneficial
in providing goods and services to society while maintaining
biodiversity. We therefore support the perspective that multi-
functional ecosystems should become a key for sustainable eco-
system management in this region, particularly in a way that
optimizes land-use and strives for compatibility in manage-
ment among different ecosystem services.

2. Our findings generally show that land managers who are inter-
ested in the provisioning of diverse ecosystem services are also
able to maintain biodiversity. For instance, large landscape level
management efforts inherent to the Northwest Forest Plan
(DellaSala and Williams, 2006) represent approaches in which
ecosystem management and biodiversity conservation on pub-
lic lands are capable to produce multiple ecosystem benefits
and, hence, help to maintain multifunctionality.

3. Research at finer spatial scales, incorporating time series data
and information on how local forest management practices
determine possible relationships between timber harvest, other
ecosystem services and biodiversity would be useful for our
study region. Standardized surveys and sampling protocols
are required and data on socio-economical dynamics and eco-
system service valuations should be linked to assess the com-
patibility of (potentially competing) provisioning ecosystem
services at the local and regional scale. Scenario driven analyses

(Carpenter et al., 2006; Nelson et al., 2009) that consider cli-
mate and land-use changes are necessary since they may offer
valuable insights about possible future trajectories of biodiver-
sity and ecosystem service patterns in this region.
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FIRST RECORD OF THE NORTHERN SPOTTED
OWL NESTING IN FOREST BURNED AT THE
HIGHEST LEVEL OF SEVERITY

TONJA Y. CHI, 597 Maple Avenue, Campbell, California 95008;
tonja_chi@hotmail.com

ABSTRACT: An instance of the Northern Spotted Owl (Strix occidentalis
caurina) nesting successfully in severely burned forest indicates that under some
circumstances, such habitat may indeed provide the species suitable habitat. Current
forest-management approaches treat wildfire as the primary cause of habitat loss
for both the Northern and California (S. o. occidentalis) Spotted Owls. Assumptions
that severely burned forest does not provide any viable nesting or roosting habitat
for these Spotted Owl subspecies has resulted in substantial post-fire logging and
removal of burned trees throughout both owls’ ranges. In addition, forest manage-
ment intended to prevent severe fires may entail thinning of unburned Spotted Owl
habitat to reduce tree density and potential fuel loads. In the Mendocino National
Forest of western Glenn County, California, I followed a pair of Northern Spotted
Owls nesting and roosting deep within a large patch of severely burned forest two
years after a fire, in a stand with no post-fire salvage logging, pre-fire thinning,
fuels reduction, or attempts at restoration. A pair of Spotted Owls had used this
location consistently since 1990, and the territory remained occupied with owls
roosting and nesting successfully in 2022, despite 73% of the territory burning at
high severity in 2020.

Under the Federal Endangered Species Act, the United States Fish and
Wildlife Service (USFWS) designated the Northern Spotted Owl (Strix oc-
cidentalis caurina) a threatened subspecies in 1990 (USFWS 1990). Despite 25
years of this designation the subspecies has continued to decline precipitously
throughout its range. In 2020, the USFWS reexamined the Northern Spot-
ted Owl’s vulnerability to extinction and confirmed severe and significant
downward population trends, with declines of 32-77% since the early 1990s
(USEWS 2019). The USFWS (2020) concluded that an elevating the owl’s
status from “threatened” to “endangered” was “warranted but precluded,”
meaning that although the Northern Spotted Owl met the requirements
to be designated “endangered,” the agency lacked the resources to take ac-
tion at that time. The USFWS (2019) recognized the primary threats to the
Northern Spotted Owl as competition with the Barred Owl (Strix varia),
past and present habitat loss from timber management, and stated that “the
primary loss of habitat is due to wildfire” Although the USFWS (2019) briefly
mentioned post-fire logging, the agency failed to consider loss of potential
Strix occidentalis habitat caused by logging of severely burned forest because
such burned forest is not recognized as suitable habitat for the Spotted Owl’s
nesting or roosting. Here I document the successful nesting and roosting by
a pair of Northern Spotted Owls in a large severely burned patch of forest,
which indicates not only that such burned areas need closer examination, as
they may offer breeding Spotted Owls viable habitat, but that the practice of
logging severely burned forest should be reevaluated.

The Spotted Owl is recognized as having high site fidelity to established
territories that meet fundamental biological needs and may remain in a terri-
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tory even after a fire (Lee and Bond 2015). Although the Spotted Owl activity
center I monitored was not surveyed every year, records such as those avail-
able through the California Natural Diversity DataBase (CNDDB: htpps://
wildlife.ca.gov/Data/ CNDDB/Spotted-Owl-Info; accessed on 20 February
2024) attest to stable long-term occupancy of this site (confirmed occupancy:
1977, 1980, 1982, 1990, 1992, 2002, 2006, 2008, 2021, 2022; confirmed re-
productive success: 1980, 1990, 1992, 2002, 2008, 2022). In 2020 this entire
Northern Spotted Owl activity center was burned in the August Complex
Fire at high severity, typically defined as 76-100% mortality of the basal area
of trees (USDA 2021b). In 2022, two years following the August Complex
Fire, I returned to this site and confirmed Northern Spotted Owls nesting
and roosting more than 1.5 km from the edge, within the deep interior of a
4500-ha swath of severely burned forest where 100% of the trees within at
least 50 m of the nest and roost trees were killed. This may be the first report
of a Northern Spotted Owl nest located in a large severely burned patch of
mixed conifer forest.

The recent increase of wildfire in the Spotted Owl’s habitat raises the
question of the relationship between fire and the owl’s habitat use over both
the short and long term (CDFW 2016, Lesmeister et al. 2018, USFWS 2019).
This increase raises concern for loss of high-quality nesting and roosting
habitat, the scarcity of which has historically limited the number of Spotted
Owl territories. Although the increase of fire has created more opportunity
for study of the relationship between the Spotted Owl and burned forest
(Clark et al. 2013, Rockweit et al. 2017, Bond et al. 2022), there remains little
conclusive information about effects of fire only, unencumbered by logging
pre- or post-fire (Bond et al. 2022, Hanson et al. 2021).

Most studies reporting fire to have negative effects on the Spotted Owl
have have not been able to distinguish between the effects of fire itself versus
those of post-fire logging (Hanson et al. 2021). The few studies that have
separated the two effects have shown that the effects of fires of mixed levels
of severity are neutral or positive, while those of post-fire logging are consis-
tently negative (Lee 2020, Hanson et al. 2021). The Northern Spotted Owl’s
use of severely burned forest has not been investigated, yet in the absence of
published evidence such forest has been broadly assumed to be unsuitable
for nesting or roosting habitat. Implicit in this assumption is the inference
that the owl nests and roosts only in habitat traditionally considered suitable.

The Northern Spotted Owl’s traditional nesting and roosting habitats in
unburned forests of northwestern California are well documented, being
characterized by structural complexity, decadent features, old conifers of large
diameter, high basal area of live trees, trees of mixed ages, a multi-storied
canopy; a high percentage of canopy cover, and coarse downed woody debris
(Blakesley et al. 1992, Folliard et al. 2000, LaHaye and Gutiérrez 1999). With
little information on how Spotted Owls respond to wildfire, these character-
istics of unburned forest have been assumed to be the same requirements the
owl needs to nest and roost in burned forests, fostering the idea that forests
burned at high severity are unsuitable habitat (USFWS 2019). However, wide-
spread assumptions that Strix occidentalis does not use burned habitats are
inconclusive and untested because of widespread logging of severely burned
forests, including those encompassing Northern Spotted Owl territories

294



NORTHERN SPOTTED OWL NESTING IN SEVERELY BURNED FOREST

(Bond etal. 2022). As reported by many (Brown 2008, Lee et al. 2013, Hanson
et al. 2018) and statistically supported by other research (Bond et al. 2009,
Clark 2007, Clark et al. 2011, 2013), Strix occidentalis avoids areas logged after
fire. Whether Spotted Owls may nest or roost within severely burned areas
that have not been logged after the fire, however, has not been investigated.

Many studies of the California Spotted Owl’s relationship with wildfire
have been similarly faced with the challenge of isolating the effects of wildfire
from those of other factors. California Spotted Owl studies able to distinguish
between these factors have found fire to be either neutral or slightly positive
for territorial occupancy and survival (Bond et al. 2002, Roberts et al. 2011,
Lee et al. 2012, Lee and Bond 2015, Hanson et al. 2018, Schofield et al. 2020).
Studies that failed to document post-fire logging and distinguish between be-
havioral responses to post-fire logging versus severe fire (Comfortetal. 2016,
Jones et al. 2016, 2020, Rockweit et al. 2017) may also have failed to recognize
the ecological role such burned forests may play in the Spotted Owl’s biology.

METHODS
Study Area

The Mendocino National Forest is located in northwestern California on
the inland eastern spur of the northern California’s Coast Range. It is about
320 km north of San Francisco and 195 km northwest of Sacramento. My
observations took place at elevations from 1425 to 1460 m in Glenn County,
on a west-facing slope within a patch burned at high severity in the 417,898-ha
August Complex Fire of 2020. The fire burned hot through this entire area,
including a 40-ha “late-successional reserve” composed of mature mixed
coniferous forest. The reserve was surrounded by early- to mid-successional
forest heavily logged in the mid-1980s, when approximately 85 ha of forest
was removed. Draining into Butte Creek on a moderate slope are multiple
year-round and ephemeral waterways.

Spotted Owl Surveys

In May and June 2002, my Spotted Owl surveys followed the protocol
specified by the USFWS (1992), whereas those in May and June 2022 adhered
to the updated “Protocol for Surveying Proposed Management Activities that
May Impact Northern Spotted Owls” (USFWS 2012). All observations and
data for each field visit were recorded and compiled on individual field out-
ing forms with attached United States Geologic Survey (USGS) topographic
7.5-minute quadrangle maps, showing coordinates obtained from a hand-
held Garmin GPS unit (global positioning system).

RESULTS

In 2002, I was one of a two-person team documenting a pair of Northern
Spotted Owls with two successfully fledged young in the Mendocino National
Forest. The habitat within the core area (within 1126 m of the nest) consisted
of traditional nesting/roosting habitat in late-successional forest.

In 2022, after the area burned in the August Complex Fire 0of 2020, Ilocated
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a Northern Spotted Owl nest ~325 m downslope and west of the nest used in
2002 and identified several of the male’s day-roost sites. The Northern Spotted
Owl nest and roosts were >1300 m from the perimeter of a ~4500-ha patch
burned at high severity (Figures 1-4). The nest contained three nestlings, of
which two successfully fledged (Figure 2). It was situated in a cavity within
a Douglas fir (Pseudotsuga menziesii) tree (diameter at breast height 105.5
cm) that was fire-scorched and moribund (Figure 1). The nest tree and some
others in the same stand were not immediately killed by the fire but subse-
quently died between 2021 and 2022, as dead needles remained on branches.
The nest tree stood approximately 30 m tall, with the south-facing nest cavity
approximately two-thirds up the trunk, midway up a ~30° west-facing slope.
The nearest live tree was =50 m north of the nest along a large perennial
creek. In addition, I observed the male roosting by day on two separate days
in burned snags ~38 m southwest and ~33 m southeast of the nest (Figure
3). Concentrated accumulations of recent whitewash and pellets indicating
routine owl use lay around the trunks of many other burned trees within 40
m of the nest tree and throughout the burned stand. Chew marks observed
on feather shafts found on the ground ~30 m south of the nest tree implied
mammalian predation of the third chick.

The severity of the fire in these owls’ home range, based on the USGS’s
Monitoring Trends in Burn Severity Project (www.mtbs.gov; accessed on 13
March 2024), is shown in Figures 4a and 4b. Within the home range (radius
2092 m), the severity of the fire was 73% high, 20% moderate, 6% low, and
1% unburned.

DISCUSSION

For the California Spotted Owl, Lee and Bond (2015) found an 87% prob-
ability of a pair occupying a previously identified territory even when 100%
of the 121-ha activity center had been burned severely. Though I found no
previous records of Spotted Owls nesting in such burned forest, my results
here add to those of Lee and Bond (2015) regarding the California Spotted
Owl. Mine may be the first documentation of the Northern Spotted Owl nest-
ing within severely burned forest, but the findings of Lee and Bond (2015)
with the California Spotted Owl imply that nesting under such conditions is
unlikely an isolated event. The lack of previous documentation of Northern
Spotted Owl nests inside large patches of forest burned at high severity may
reflect the very high proportion of such areas that are logged shortly after
wildfires (Bond et al. 2022), as well as the long-standing assumption by
land managers and Spotted Owl survey crews that severely burned forest is
not suitable for Spotted Owl nesting or occupancy (USFWS 2019). This as-
sumption may lead to nest-site surveys within the few large severely burned
patches that are not largely clearcut soon after the fire being inadequate or
lacking (Bond et al. 2022).

The 2022 Northern Spotted Owl nest that I documented in the area burned
in the August Complex Fire had three nestlings, of which two fledged success-
fully (Figure 2). Spotted Owls typically rear one or two young and have been
rarely known to fledge three in any given season (Bond et al. 2013). Thus a
brood of three offspring suggests that this severely burned forest provided
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Yo g : WAR ATYY T,
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F1GURE 1. Northern Spotted Owl cavity nest in mixed conifer forest severely burne
in the 2020 August Complex Fire, Mendocino National Forest, 1 June 2022.

Photo by Maya Khosla

<
d

FIGURE 2. Adult Northern Spotted Owl with two fledglings in mixed conifer forest
severely burned in the 2020 August Complex Fire, Mendocino National Forest, 3

July 2022.
Photo by Tonja Chi

297



NORTHERN SPOTTED OWL NESTING IN SEVERELY BURNED FOREST

FIGURE 3. A northeast-facing view of two roost trees (indicated by yellow arrows)
of a male Northern Spotted Owl in mixed conifer forest severely burned in the 2020
August Complex Fire, Mendocino National Forest, 19 May 2022.

Photo by Tonja Chi

prey sufficient to support a brood of at least typical size (Bond et al. 2013).
Lee (2020) found that Spotted Owl productivity increased as the proportion
of the pair’s territory burned severely increased. Examples of increased prey
abundance resulting in increased brood sizes and larger clutches are common
in other raptor species, for example, the Great Horned Owl (Bubo virginianus;
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FIGURE 4. Location of Northern Spotted Owl nest (black star), plotted on a map of
levels of fire severity in areas burned in the August Complex Fire of 2020. Fire-severity
data obtained from the Monitoring Trends in Burn Severity Project of the USGS
(2024). (A) The southern half of the 2020 August Complex Fire, Mendocino National
Forest. (B) Closer view, showing a radius of 2092 m around the nest, defining the pair’s
home range or activity center (indicated black circle).

299



NORTHERN SPOTTED OWL NESTING IN SEVERELY BURNED FOREST

Reynolds et al. 2021), Eurasian Eagle Owl (Bubo bubo; Hadad et al. 2024),
Tengmalm’s or Boreal Owl (Aegolius funereus; Korpimiki 1990), and Eurasian
Kestrel (Falco tinnunculus; Korpiméki and Wiehn 1998).

My surveys in 2022 were a response to the Mendocino National For-
est’s proposal, in the wake of the August Complex Fire, to salvage-log 306
ha (Plaskett-Keller Phase I Project) around the Northern Spotted Owl nest
I found active. This proposal would have resulted in the removal of one
quarter of the burned forest within 2.1 km of the nest or one quarter of the
1372-haterritory. The project’s environmental assessment (USDA 2021a) also
specified logging much of the severely burned forest in two other Northern
Spotted Owl activity centers. The following excerpt from the proposal is a
common example of the assumptions have been frequently applied to severely
burned forest: “All three of these [activity centers] have the most habitat loss
from fire. Nesting and roosting habitat has been greatly diminished, and
new nests are not expected to occur in these activity centers” (USDA 2021a).
The Northern Spotted Owls I observed were roosting (Figures 2 and 3) and
nesting (Figure 1) in a long-established territory deep within the perimeter
of the August Complex Fire in which tree mortality two years after the fire
was 100% (Figure 4a).

SUMMARY

A successful Northern Spotted Owl nest located in a patch of severely
burned forest suggests an unrecognized value to such burned forest—it may
be not only beneficial but essential to Spotted Owls after a wildfire. Currently,
this habitat is regularly undervalued, overlooked, and routinely removed, be
the forest federally, state, or privately owned (Bond et al. 2022). This finding
of a successful Spotted Owl nest within a large patch of severely burned forest
introduces a new dialog to evaluation of the species’ use of burned landscapes.
It emphasizes the need for further research into such use, as well as a need
for establishment of new protections of such sites from post-fire logging. It
appears that the high-quality conditions for nesting and roosting observed
at this site in 2002 (unmanaged from 2002 to 2022) persisted in a different
form after the territory burned in 2020.

Most public lands on which the Spotted Owl has been studied have a
long history of management and timber harvest, with national parks being
the exception. This emphasis on logged forest has likely led to the habitat at
a large percentage of study sites being complex and heterogeneous, a base-
line variable not considered when different regions are compared. Schofield
et al. (2020), who studied the Spotted Owl in areas burned at mixed levels
of severity within national parks protected from logging, compared their
results to those of other studies conducted in wildfire-burned and managed
forests. They surmised that pre-fire forest structure was likely paramount
to the legacy of post-fire habitat conditions the owls need. My findings, in a
stand of high-quality habitat pre-fire, demonstrate that severely burned for-
est can not only provide nesting and roosting habitat for Northern Spotted
Owl but may supply an enhanced food abundance, allowing for an increase
in fecundity, as indicated by Lee (2020). This finding suggests not only the
need to increase protection of severely burned forest but also protection of the
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habitat’s structural complexity pre-fire, essential for resilience in maintaining
habitat value for Strix occidentalis post-fire. It further highlights pre- and post-
fire forest conditions as aspects of Strix occidentalis territories that must be
protected to slow the continuing loss and degradation of Northern Spotted
Owl habitat, identified as a top contributing factor to the Northern Spotted
OwlI’s population decline range wide (USFWS 2019).
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ABSTRACT The northern spotted owl (Strix occidentalis caurina) is one of the most intensively studied
raptors in the world; however, little is known about the impacts of wildfire on the subspecies and how they
use recently burned areas. Three large-scale wildfires in southwest Oregon provided an opportunity to
investigate the short-term impacts of wildfire and salvage logging on site occupancy of spotted owls. We
used Program MARK to develop single-species, multiple-season models of site occupancy using data
collected during demographic surveys of spotted owl territories. In our first analysis, we compared
occupancy dynamics of spotted owl nesting territories before (1992-2002) and after the Timbered
Rock burn (2003-2006) to a reference area in the south Cascade Mountains that was not affected
recently by wildfire. We found that the South Cascades had greater colonization probabilities than
Timbered Rock before and after wildfire (8 = 1.31, 95% CI = 0.60-2.03), and colonization probabilities
declined over time at both areas (8 = —0.06, 95% CI = —0.12 to 0.00). Extinction probabilities were
greater at South Cascades than at Timbered Rock prior to the burn (B =0.69, 95% CI = 0.23-2.62);
however, Timbered Rock had greater extinction probabilities following wildfire (,3 =1.46, 95%
CI = 0.29-2.62). The Timbered Rock and South Cascades study areas had similar patterns in site
occupancy prior to the Timbered Rock burn (1992-2001). Furthermore, Timbered Rock had a 64%
reduction in site occupancy following wildfire (2003-2006) in contrast to a 25% reduction in site
occupancy at South Cascades during the same time period. This suggested that the combined effects
of habitat disturbances due to wildfire and subsequent salvage logging on private lands negatively affected
site occupancy by spotted owls. In our second analysis, we investigated the relationship between wildfire,
salvage logging, and occupancy of spotted owl territories at the Biscuit, Quartz, and Timbered Rock burns
from 2003 to 2006. Extinction probabilities increased as the combined area of early seral forests,
high severity burn, and salvage logging increased within the core nesting areas (,3 =1.88, 95%
CI = 0.10-3.66). We were unable to identify any relationships between initial occupancy or colonization
probabilities and the habitat covariates that we considered in our analysis where the 8 coefficient did not
overlap zero. We concluded that site occupancy of spotted owl nesting territories declined in the short-
term following wildfire, and habitat modification and loss due to past timber harvest, high severity fire, and
salvage logging jointly contributed to declines in site occupancy. © 2013 The Wildlife Society.

KEY WORDS colonization, extinction, northern spotted owl, occupancy, salvage logging, site occupancy, southwest
Oregon, Strix occidentalis caurina, wildfire.

Northern spotted owls (Strix occidentalis caurina, hereafter
spotted owl) are a medium sized, forest-dwelling owl with
high levels of mate and site fidelity (Forsman et al. 1984,
2002; Thomas et al. 1990; Zimmerman et al. 2007). Nesting
territories of spotted owls have greater proportions of mature
and older forest than surrounding landscapes (Ripple et al.
1991, 1997; Meyer et al. 1998; Swindle et al. 1999). Forest
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stands used by spotted owls have large proportions of downed
woody debris and snags, high canopy cover and high struc-
tural diversity (Hershey et al. 1998, North et al. 1999, Irwin
et al. 2000). The features that provide structural complexity
within spotted owl habitat also serve as ladder fuels that
increase the likelihood of stand-replacing wildfire (Agee
1993, Wright and Agee 2004). As a result, forest stands
that provide favorable habitat conditions for spotted owls
within dry forest ecosystems are at risk of stand-replacing
wildfire (Agee 1993, Agee et al. 2000). Presently, wildfire is

the leading cause of spotted owl habitat modification on
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federally administered lands, and the rate of habitat modifi-
cation due to wildfire within dry forest ecosystems has
exceeded  predictions (Davis and  Lint  2005).
Consequently, the viability of owl populations in dry forests
has been questioned (Spies et al. 2006), and wildfire has been
identified as a threat to the persistence of spotted owls
occupying dry forest ecosystems (U.S. Fish and Wildlife
Service [USFWS] 2011).

Despite the perceived threat of wildfire, little is known
about the effects of wildfire on spotted owls, and the hy-
pothesized effects come from research conducted in un-
burned landscapes. Numerous studies have documented
that spotted owl survival, reproduction (Franklin et al.
2000, Olson et al. 2004, Dugger et al. 2005), and territory
occupancy (Blakesley et al. 2005, Dugger et al. 2011) were
positively associated with increased amounts of late-succes-
sional forest within their core use areas or home range.
Furthermore, owl territories with large reductions in the
amount of older forest will have low reproduction or be
abandoned (Bart and Forsman 1992, Bart 1995). These
studies suggest that loss of older forests negatively affects
spotted owls; however, the response of spotted owls to high
severity fire and subsequent harvest of dead standing trees is
unknown. Conversely, survival rates of spotted owls were
greater at territories that were not entirely composed of late-
successional forests (Franklin et al. 2000, Olson et al. 2004),
which suggests that spotted owls may be adapted to natural
disturbances such as wildfire that create a mosaic of forest
conditions. Territory occupancy and nest success of spotted
owls decreased as the amount of the territory composed of
clear-cuts increased (Thraillkill et al. 1998), which suggests
widespread post-fire salvage logging may negatively affect
spotted owls.

The few studies that have been conducted on spotted owls
in burned landscapes have provided equivocal results regard-
ing the effects of wildfire on the species. Lack of consensus
between studies may be owing to the confounding effects of
salvage logging, the short-term nature of studies, small
sample sizes from which to draw inference, treating the effect
of fire as a binomial variable (i.e., burned or unburned), or
potentially different responses of the 3 subspecies of spotted
owls to wildfire. Radio-marked northern and California
spotted owls (Strix occidentalis occidentalis) used forest stands
that burned with low to high severities (Clark 2007, Bond
et al. 2009); however, survival rates of radio-marked northern
spotted owls occupying a burned area that was subsequently
salvage logged were less than others reported throughout the
subspecies’ range (Clark et al. 2011). Conversely, short-term
(<1 yr) survival rates of northern, Mexican (Strix occidentalis
lucida), and California spotted owls in burned landscapes that
were not subjected to post-fire salvage logging were similar to
annual survival rates (Bond et al. 2002). The number of
reproductive spotted owl pairs and the number of occupied
spotted owl territories declined 1 year post-fire on the eastern
slope of the Washington Cascade Range (Gaines et al. 1997);
however, only 6 territories were surveyed in this study, 1 of
which had a large amount of stand-replacing fire. Other
studies indicate low and moderate severity burns may have

minimal impacts on spotted owls. Territory occupancy of
Mexican spotted owls in burned areas was similar to un-
burned areas (Jenness et al. 2004). Probability of territory
occupancy for California spotted owls in the Sierra Nevada
Mountains of California were similar between randomly
selected burned and unburned sites (Roberts et al. 2011).

Because spotted owls are territorial and have high site
fidelity (Forsman et al. 2002, Zimmerman et al. 2007),
occupancy of nesting territories is essential for successful
survival and reproduction. Occupancy models (MacKenzie
et al. 2003, 2006) are well suited for investigating territory
occupancy by spotted owls because the structure of existing
spotted owl surveys (Franklin et al. 1996) fits the model
framework well. Furthermore, occupancy models allow the
inclusion of site-specific covariates, which allows the inves-
tigation of fire severity and habitat influences on site occu-
pancy dynamics (i.e., extinction and colonization rates). The
Biscuit, Quartz, and Timbered Rock burns in southwest
Oregon provided an opportunity to investigate the impacts
of wildfire and subsequent salvage logging on site occupancy
by spotted owls. Our first objective was to determine if
occupancy rates changed substantially following wildfire
and subsequent salvage logging when compared to pre-
burn occupancy rates and to occupancy rates in a landscape
that had not been recently affected by wildfire. We met this
objective by comparing occupancy rates of spotted owls
before (1992-2002) and after (2003—-2006) the Timbered
Rock burn to an adjacent unburned landscape in the southern
Oregon Cascades. We predicted that occupancy rates of
spotted owls would be similar between study areas prior to
the Timbered Rock burn but occupancy rates would decline
substantially following the Timbered Rock burn in response
to modification and loss of owl habitat from wildfire and
subsequent salvage logging. Our second objective was to
model the impacts of fire severity, salvage logging, and
habitat characteristics on site occupancy of spotted owls at
the Biscuit, Quartz, and Timbered Rock burns from 2003 to
2006. We predicted that extinction probabilities would in-
crease as the amounts of past timber harvest, high severity
burn, and salvage logging within a territory increased. We
also predicted that initial occupancy and colonization prob-
abilities within the 3 burned areas would be greater at
territories with decreased levels of disturbance. In particular,
we predicted that initial occupancy and colonization proba-
bilities within the 3 burned areas would be greater at terri-
tories that had more intermediate-aged and older forest that
burned with low or moderate severities.

STUDY AREA

We studied site occupancy by spotted owls at the Biscuit,
Quartz, and Timbered Rock burns in southwest Oregon.
Each burn was located within a distinct geographic region:
the mid-Coastal Siskiyou Mountains (Biscuit burn), the
Siskiyou Mountains (Quartz burn), and the southern
Oregon Cascades (Timbered Rock burn). We also analyzed
site occupancy of spotted owls at the South Cascades
Demographic Study Area, which was adjacent to the
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Timbered Rock burn and was not affected by a large scale
wildfire within the last 100 years. Consequently, site occu-
pancy by spotted owls in this area served as a reference for
comparison to the Timbered Rock study area.

Common tree species within our study areas included ponder-
osa pine (Pinus ponderosa), sugar pine (P. lambertiana),
Douglas-fir (Pseudotsuga menziesii), incense cedar (Calocedrus
decurrens), white fir (Abies concolor), California red fir
(4. magnifica), mountain hemlock (Tsuga mertensiana),
Oregon white oak (Quercus garryana), California black oak
(Q. kelloggit), tanoak (Lithocarpus densiflorus), and Pacific ma-
drone (Arbutus menziesii). Prior to the implementation of active
fire suppression policies by state and federal agencies, most of
southwest Oregon was characterized by frequent low-intensity
fires and occasional stand-replacing fires at higher elevations
(Agee 1993, Taylor and Skinner 1997, Heyerdahl et al. 2001).
After active fire suppression policies were implemented, fire
frequencies declined and high-intensity wildfires became more
common (Agee 1993, Agee and Skinner 2005). The climate
regime in southwest Oregon is characteristically temperate with
hot, dry summers and cool, moist winters. During our study, the
warmest and coldest average daily temperatures occurred in July
(21° C) and December (4° C), respectively. Average annual
rainfall was lowest at the Quartz burn (66 cm) and highest at
the Biscuit burn (113 cm; Oregon Climate Service, Oregon
State University, unpublished data).

The Biscuit burn originated from several lightning strikes
in July 2002. The small fires eventually merged into a com-
plex fire that covered 201,436 ha. Land ownership within the
burn was predominantly public (U.S. Forest Service [USFS],
Bureau of Land Management [BLM], Oregon Department
of Forestry [ODF], and Josephine County). Fifty docu-
mented spotted owl territories were within the burn. We
non-randomly selected a sample of 9 territories on the east-
ern side of the burn to include in our study that were similar
to forest types at the Timbered Rock and Quartz burns and
provided reasonable access. The 9 territories included in this
study were located within the Briggs Creek, Silver Creek,
Deer Creek, and Illinois River watersheds, ranging in eleva-
tion from 300 to 1,400 m. The remaining 41 territories were
not included in our study because of logistical concerns or
because they were located in mesic forest types on the
western side of the burn. The 9 study territories were sur-
veyed annually from 2003 to 2006. The area within 2.2 km of

the 9 study territories burned with a mixed severity and

received the least amount of salvage logging of the 3 burns
(Table 1).

The Quartz burn was ignited by lightning in August 2001
and burned 2,484 ha of public (USFS, BLM, and ODF) and
private (primarily industrial forest) lands. The fire burned
portions of the Glade Creek, Little Applegate, and Yale
Creek watersheds at elevations ranging from 600 to
1,850 m. The fire completely or partially burned (i.e., burned
the majority of a 2.2-km buffer around the territory center) 9
spotted owl territories. All 9 territories were surveyed annu-
ally from 2003 to 2006. The study area burned with a mosaic
of fire severities and was subjected to substantial amounts of
salvage logging, primarily on private lands (Table 1).

The Timbered Rock burn was ignited by lightning in July
2002 and burned 11,028 ha of land within the Elk Creek
watershed at elevations ranging from 450 to 1,350 m. Land
ownership was dominated by a checkerboard pattern of
public (BLM) and private industrial forest lands in the
southern two-thirds of the burn and contiguous USFS man-
aged lands in the northern third. Twenty-two spotted owl
territories were within the burn perimeter and were surveyed
annually from 2003 to 2006. These 22 territories were also
surveyed prior to the burn from 1992 to 2002. The study area
burned with a mixed severity and much of the private land
was salvage logged (Table 1).

The South Cascades Demographic Study Area (South
Cascades) is 1 of 8 study areas included in the range-wide
monitoring program for spotted owls (Lint et al. 1999,
Anthony et al. 2006), and it served as a reference area for
our analyses. From 1992 to 2006, surveys to locate spotted
owls were consistently conducted on an annual basis at 103
spotted owl territories by the Oregon Cooperative Fish and
Wildlife Research Unit (OCFWRU). The South Cascades
area encompasses approximately 223,000 ha of lands man-
aged by the USFS at the southern terminus of the Oregon
Cascades and at elevations ranging from 900 to 2,000 m. No
large-scale wildfires occurred within the study area from
1992 to 2006. Forest conditions have been influenced his-
torically by mixed-severity wildfire and more recently by
forest management, livestock grazing, and fire suppression.
Forest management has included individual tree selection,
stand thinning, and even-aged management (U.S.
Department of Agriculture [USDA] 1997, 1998). Current
management activities are guided by the objectives set forth
by the Land-use Allocations of the Northwest Forest Plan.

Table 1. The percentage (+SE) early seral, intermediate-aged or older forest that burned with a low, moderate, or high severity or was salvage logged within
2,230 m of 40 northern spotted owl territories at the Biscuit, Quartz, and Timbered Rock burns in southwest, Oregon, USA from 2003 to 2006.

Intermediate-aged or older forests

Study area Non-forest or early seral Low severity® Moderate severity” High severity® Salvage logged®
Biscuit 272 £6.1 40.5 +£ 6.7 13.6 £ 1.8 17.1 £ 3.6 1.6 £ 0.7
Timbered Rock 278 £ 1.6 359+ 41 10.1 £ 0.7 93+ 14 169 £3.2
Quartz 21.7 £ 15 485 + 4.4 6.6 £1.5 10.0 £ 2.3 132 £ 2.7
* <20% of the forest canopy removed by wildfire.
b 21-70% of the forest canopy removed by wildfire.
©>70% of the forest canopy removed by wildfire.
4 Areas that were intermediate-aged or older forest prior to the burn that were salvage logged.
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The main purpose of matrix lands is timber production,
whereas the late-succesional reserves are for conservation
of older forests and silvicultural treatments are intended to
promote forest stand structures similar to historical condi-
tions or old forest characteristics (USDA and U.S.
Department of the Interior [USDI] 1994).

METHODS

Data Acquisition and Preparation

To assess the effects of wildfire on occupancy of spotted owl
territories, we created post-fire habitat maps in ArcGIS 9.1
(ESRI, Redlands, CA) by merging 3 data layers: 1) a pre-fire
habitat map (Davis and Lint 2005), 2) a fire severity map, and
3) the boundaries of salvage logged areas (see Clark 2007 for
additional details). The final map output had 8 distinct
habitat classes (Table 2) and a minimum mapping unit of
2 ha. We used ground plot data to calculate map accuracies,
which we estimated to be 68% for the Timbered Rock burn,
69% for the Biscuit burn, and 75% for the Quartz burn.
Seventeen of 20 (85%) classification errors at the Biscuit
burn, 10 of 15 (67%) at the Quartz burn, and 11 of 22 (50%)
at the Timbered Rock burn were within 1 habitat or fire
severity class of the correct classification. Based on these
estimates, overall map accuracy within 1 habitat or fire
severity class was 95% at the Biscuit burn, 92% at the
Quartz burn, and 84% at the Timbered Rock burn (Clark
2007).

We conducted annual surveys between 1 March and 31
August to determine the occupancy of spotted owls on
nesting territories according to established survey protocols
(Franklin et al. 1996) and Oregon State University,
Institutional Animal Care and Use Committee guidelines
(IACUC Number 3040). Post-fire surveys were conducted as
a collaborative effort between the OCFWRU, the BLM, the
USEFS, and private timber companies. From 1992 to 2006, we
surveyed 22 and 103 territories at the Timbered Rock and
South Cascades study areas, respectively. We also surveyed 9
territories at both the Biscuit and Quartz burns from 2003 to
2006. The average number of visits conducted varied by study
area and year (range: 1.9 [Timbered Rock 2002]-5.8
[Timbered Rock 1994]). The maximum number of surveys

at individual spotted owl territories ranged from 7 to 9

depending on the year. The variability in survey effort was
a function of occupancy and nesting status (i.e., territories
that were occupied by a pair of non-nesting owls were visited
less). Occasionally, some territories were not surveyed every
year, which was most often because of limited access during
years of high snowfall. Fortunately, differences in survey
effort and missing observations can easily be accounted for
in open population models if you assume that occupancy
dynamics are the same at territories that are and are not
surveyed (MacKenzie et al. 2006), which is a reasonable
assumption as long as survey effort is unbiased.

We used results from demographic surveys to create site-
specific detection histories for owl pairs. Owl pairs represent
the appropriate ecological unit of interest when modeling site
occupancy. Protocols for adapting survey data from spotted
owls using methods outlined in Franklin et al. (1996) to fitan
occupancy modeling framework were established by Olson
et al. (2005). These protocols were used in subsequent occu-
pancy analyses for spotted owls (Kroll et al. 2010, Dugger
et al. 2011) and this analysis. If a pair of owls was detected,
we coded the visit as a 1 and if 1 or no owls were detected, we
coded the visit as a 0. However, if 1 owl was detected and the
owl exhibited nesting behavior (e.g., the owl was observed on
anest) or if young were observed with an adult owl, we coded
the visit as a 1. If a survey was not conducted, we coded the
visit as a missing observation (-). A hypothetical detection
history of 10.1 would indicate that a pair of owls was detected
on the first and fourth surveys, no owls or a single owl was
detected on the second survey, and the territory was not
visited during the third survey.

Data Analyses

Basic modeling procedures.—We estimated site occupancy in
Program MARK (White and Burnham 1999) using single-
species, multiple-season models (MacKenzie et al. 2003,
2006). This analysis generated estimates of 4 parameters:
W, the probability that a site is occupied in the first year of the
study (initial occupancy); €, the probability an occupied site
became unoccupied the subsequent year (extinction); vy, the
probability an unoccupied site was occupied the subsequent
year (colonization); and P, the probability of detection
(detection). In our analyses, primary sampling occasions
were years and secondary sampling occasions were visits to

Table 2. Definitions of habitats used in the assessment of the impacts of wildfire and salvage logging on northern spotted owl site occupancy at the Biscuit,
Quartz, and Timbered Rock burns in southwest Oregon, USA, from 2003 to 2006.

Habitat class

Description

Early seral

Intermediate forest™—low severity burn
Intermediate forest—moderate severity burn
Older forest>—low severity burn

Older forest—moderate severity burn

Non-forested areas, early seral, and pole sized conifer stands
Intermediate-aged conifer stands with <20% of the canopy removed by fire
Intermediate-aged conifer stands with 21-70% of the canopy removed by fire
Older conifer forest with <20% of the canopy removed by fire

Older conifer forest with 21~70% of the canopy removed by fire

High severity Intermediate-aged and older conifer forests with >70% of the canopy removed by fire
Salvage Intermediate-aged and older conifer forests that were salvage logged
Edge The interface between the combined area of intermediate-aged and older forest that

burned with a low or moderate severity and all other habitat types

* Forest stands that provide suitable roosting and foraging habitat for spotted owls.

b Forest stands that provide nesting habitat for spotted owls.
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territories within years. This modeling framework was flexi-
ble and allowed for time-specific parameter estimates, inclu-
sion of site-specific covariates, the ability to include missing
observations, the direct estimation of colonization and ex-
tinction, and it assumed detection probabilities were <1
(MacKenzie et al. 2003, 2006).

We modeled the 4 occupancy parameters using a step-wise
approach (Olson et al. 2005, MacKenzie et al. 2006, Dugger
et al. 2011). We first determined the most parsimonious
model for within year detection probabilities followed by
among year detection probabilities, retained that model, and
then proceeded to model initial occupancy. We then retained
the most parsimonious model for initial occupancy and
proceeded to model colonization and extinction parameters.
We followed the conventions of Lebreton et al. (1992) and
White and Burnham (1999) when developing and naming
models. We considered several possible temporal effects on
detection probabilities both within and among years that
included constant detection (-), linear (7), log-linear (In 7),
and quadratic (7'7) trends. We did not evaluate time-specific
models (#) within years because they required estimation of
too many parameters to obtain reasonable estimates (Olson
et al. 2005); however, we considered models that included
time-specific effects among years (year). We also considered
models that included differences in detection probabilities
between study areas, because experience and effort of survey
personnel may have differed. We considered 2 initial occu-
pancy models that contrasted differences between study areas
(area) and constant initial occupancy (-). When modeling
extinction and colonization parameters, we considered mod-
els that compared differences between study areas (area) and
no differences between areas (-), and we considered several
biologically plausible temporal effects including constant
rates among years (-), variable rates among years (#), and
linear (7), log-linear (In 7), and quadratic (77) trends over
time. Models that included >2 study areas included additive
and interactive effects between study area and temporal
effects, where appropriate.

We used Akaike’s Information Criterion corrected for
small sample sizes (AIC,) and the difference between the
AIC, value of the best model and the 7th model (AAIC,) to
rank and compare candidate models at each step of the
analysis. We used Akaike weights to evaluate the strength
of evidence for 1 model versus another model (Burnham and
Anderson 2002). We considered models that were <2.0
AIC, of the best model as competitive. We used estimates
of regression coefficients (8) and their 95% confidence inter-
vals to evaluate the relative effect and measure of precision of
various covariates in our models. Following the approach
outlined by Anthony et al. (2006), we used 95% confidence
intervals for the coefficients as a relative measure of support
for observed relationships rather than a strict test of the
hypothesis that 8 = 0. Covariates whose 95% confidence
intervals did not overlap 0 had strong evidence for an effect,
those that narrowly overlapped 0 had some evidence for an
effect, and those that broadly overlapped O had little or no
evidence for an effect on the parameter of interest. We used
this approach because significance testing is not valid under

an information theoretical approach (Burnham and
Anderson 2002), and it is best to present estimates of effect
size and precision under this analysis paradigm (Anderson
et al. 2000).

Comparison of South Cascades and Timbered Rock—
We compared occupancy at Timbered Rock and South
Cascades from 1992 to 2006. Our objective was to determine
if extinction and colonization probabilities following the
Timbered Rock burn were different from unburned land-
scapes in the South Cascades (i.e., the control) during the
same time period. In this analysis, we considered all study
area and temporal effects on site occupancy parameters that
are outlined above in the basic modeling procedures. In
addition, we considered 10 models for colonization and
extinction that were modifications of common study area
and time effect models (Fig. 1). We considered these models
because they may identify distinct changes in extinction and
colonization rates following a disturbance such as wildfire
and subsequent salvage logging. We predicted that under
model [Pre-burn(-)Post-burn(area)] the South Cascades and
Timbered Rock would have similar, constant extinction
probabilities prior to the Timbered Rock burn, but extinction
probabilities would be greater at Timbered Rock following
the burn. In contrast, we predicted the opposite for coloni-
zation probabilities (e.g., under model [Pre-burn(-)Post-bur-
n(area)], colonization rates would be equal at Timbered Rock
and South Cascades prior to the Timbered Rock burn, but
colonization rates would be less at the Timbered Rock study
area following the burn). We retained the best ranked initial
occupancy, extinction, colonization, and detection probabil-
ity models and combined them to determine our best overall
model. We used the best overall model to calculate estimates
of year-specific probabilities of site occupancy in Program
MARK using the equation from MacKenzie et al. (2003):

‘i’, = @;71(1 - éffl) + (1 - \i,tfl)i/r—l

Re/m‘ian.r/_)ip between wildfire, salvage logging, and spotted
owl site occupancy.—We modeled occupancy of nesting terri-
tories after fires from 2003 to 2006 at the Biscuit, Quartz,
and Timbered Rock burns. Our objective was to model the
potential influence of fire severity, salvage logging, and hab-
itat covariates on site occupancy of spotted owls. In this
analysis, we used a multiple step approach outlined in previ-
ous occupancy analyses for the species (Olson et al. 2005,
Dugger et al. 2011). This approach included 3 steps: 1)
determine the occupancy model that best described temporal
and study area effects, 2) retain the best model from step 1
and model individual covariates to determine the best spatial
scale and relationship of the covariate, and 3) retain the best
model from step 1 and the best spatial scale and relationship
of covariates from step 2 to test specific hypotheses regarding
the effects of covariates on site occupancy.

Our first step was to determine the best model that only
included study area and temporal effects by following the
methods outlined in the basic modeling procedures. Our
objective in this step was to develop a base model upon
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Figure 1. Visual representation of 10 hypothetical models comparing extinction rates of northern spotted owl territories at the Timbered Rock burn and South
Cascades Demographic Study Area. We considered models that compared differences between study areas (area) and no differences between areas (-), and we
considered several biologically plausible temporal effects including constant rates among years (-), variable rates among years (#), and linear (7) trends over time.
The last 4 intervals represent the predicted changes in extinction probabilities following the Timbered Rock burn. The opposite relationship was predicted for
colonization rates. Grey lines with open boxes represent the Timbered Rock study area, black lines with black diamonds represent the South Cascades
Demographic Study Area, and gray lines with black triangles represent no differences between study areas.

which we modeled the effects of covariates. We considered
all models outlined in the basic modeling procedures and 3
additional study area covariates for initial occupancy, extinc-
tion, and colonization models that incorporated various
study area combinations including, 1) the Quartz and
Timbered Rock burns would have similar occupancy dynam-
ics because they include large amounts of private land
(BIS # TR = Q), 2) the Timbered Rock and Biscuit burns
would have similar occupancy dynamics because they oc-
curred 1 year after the Quartz burn (BIS = TR # Q), and 3)
the Quartz and Biscuit burns would have similar occupancy
dynamics because they are both located in the Siskiyou
Mountains (BIS = Q_# TR). Our primary objective during
this portion of the analysis was to develop a parsimonious
model on which to model covariates; consequently, we did
not consider competing models in this step of the analysis.
After determining the best study area and temporal effects
model, we retained this model and proceeded to the second
step of the analysis.

In the second step of this analysis, our objective was to
determine the spatial scale and relationship that best

explained the effect of various covariates on initial occupancy,
extinction, and colonization probabilities. We calculated
site-specific covariates at 2 spatial scales (territory and
core area) and with 2 relationships (linear and log-linear),
which represented 4 possible models for each covariate. We
calculated covariate values in ArcGIS 9.1 from post-fire
habitat maps as the percent of each cover type within a
2,230-m radius (1,560 ha; territory scale) and a 730-m radius
(167 ha; core area scale) of the territory center. We selected
these spatial scales because they were used to model spotted
owl survival and reproduction in the same geographic region
(Dugger et al. 2005).

For initial occupancy and colonization probabilities, we
modeled 9 covariates (Table 3) to determine the best spatial
scale and relationship of the covariate. All of the covariates
we modeled on initial occupancy and colonization param-
eters were thought to represent the quality of habitat remain-
ing at the territory and were based on biologically meaningful
relationships. Forested areas that burned with a low or
moderate severity likely had minimal changes in the amount
of canopy cover, snags, and downed woody debris, which are
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Table 3. Candidate model sets for initial occupancy, extinction, and colo-
nization parameters in the analysis of covariate effects on site occupancy of
northern spotted owls at the Biscuit, Quartz, and Timbered Rock burns in
southwest Oregon, USA, from 2003 to 2006.

Initial occupancy (¥)
and colonization (y)*

INTL + INTM +
OLDL + OLDM

Extinction (c)°
EARLY + HIGH + SALVAGE

INTL + OLDL HIGH + SALVAGE

INT + OLD HARVEST + HIGH

OLDL + OLDM EARLY + HISALV

OLDL HISALV

OLD HARVEST

LOW + MOD SALVAGE

LOW HIGH

EDGE EARHISALV
EDGE

*INTL, intermediate-aged forest that burned with a low severity; INTM,
intermediate-aged forest that burned with a moderate severity; OLDL,
older forest that burned with a low severity; OLDM, older forest that
burned with a moderate severity; INT, intermediate-aged forest that
burned with a low or moderate severity (combined area of INTL and
INTM); OLD, older forest that burned with a low or moderate severity
(combined area of OLDL and OLDM); LOW, intermediate-aged and
older forest that burned with a low severity (combined area of INTL and
OLDL); MOD, intermediate-aged and older forest that burned with a
moderate severity (combined area of INTM and OLDM); EDGE, the
interface between forested areas that burned with low or moderate
severity and areas that were early seral stands, burned with high severity,
or were salvage logged; EDGE was modeled as an additive effect with the
best ranked covariate model to determine if it improved model fit.

" EARLY, non-forested areas early seral stands that burned with any
severity; HIGH, the combined area of intermediate-aged and older
forest that burned with a high severity; SALVAGE, any intermedi-
ate-aged or older forest that was salvage logged; HARVEST, any
forested area, that was harvested before or after the burn (combined
area of EARLY and SALVAGE); HISALYV, any forested area, exclud-
ing early stands, that burned with a high severity or was salvage logged
(combined area of HIGH and SALVAGE); EARHISALYV, any early
seral stand or forested area that burned with high severity or that was
salvage logged (combined area of EARLY, HIGH, and SALVAGE).

all critical components of spotted owl habitat (Hershey et al.
1998, North etal. 1999, Irwin et al. 2000). Intermediate-aged
forests contribute to landscape heterogeneity, which influ-
enced spotted owl survival in other studies (Franklin et al.
2000, Olson et al. 2004), so we hypothesized that it would also
influence site occupancy by the subspecies. Spotted owl terri-
tories usually have high proportions of mature and older
forests (Ripple et al. 1991, 1997; Meyer et al. 1998;
Swindle et al. 1999), so we expected that initial occupancy
and colonization probabilities would be influenced by the
amount of older forest within the territory.

We elected to use a different set of covariates on extinction
probabilities because of the highly correlated nature of ex-
tinction and colonization probabilities (MacKenzie et al.
2006). Modeling the same set of covariates on extinction
and colonization parameters can result in counter-intuitive
results. This is because sites that went extinct are the sites
available for colonization. As a result, factors that contribute
to increased extinction probabilities could also contribute to
increased colonization probabilities. For extinction models,
we modeled 7 covariates (Table 3) to determine the best
spatial scale and relationship of the covariate. All of the

covariates considered for extinction were thought to be related
to the impacts of habitat loss and modification attributable to
past timber harvest, high severity fire, and salvage logging. We
hypothesized that all 3 of these factors would negatively affect
site occupancy. Spotted owl territories that had increased
amounts of clear-cut timber harvest had decreased occupancy
(Thrailkill et al. 1998). Timber harvest and post-fire salvage
commonly results in large-scale clear-cuts; as a result, site
occupancy by owls should be negatively affected by these
factors. High severity fire removes downed woody debris
and reduces canopy cover and structural diversity. All of these
factors influence spotted owl habitat selection (Hershey et al.
1998, North et al. 1999, Irwin et al. 2000), so we hypothesized
that increased amounts of high severity fire may increase
extinction probabilities.

We considered the effects of the amount of edge habitat on
initial occupancy, extinction, and colonization probabilities
because we suspected edge could have positive or negative
impacts on site occupancy. Greater amounts of edge habitat
may increase site occupancy by increasing prey availability,
particularly woodrats (Neotoma spp.), which are common in
edge habitats (Zabel et al. 1995, Ward et al. 1998) and are a
primary prey item in this portion of the spotted owl’s range
(Forsman et al. 2004). In contrast, increased amounts of edge
habitat may decrease the amount of interior forest available
to owls, which has been associated with decreased spotted
owl survival (Franklin et al. 2000). To avoid the potential
correlation between extinction and colonization parameters
(MacKenzie et al. 2006), we only used edge in 1 of the
parameters, not both, in the same model. We used edge
as an additive effect with the best ranked covariate model for
initial occupancy and extinction or colonization to determine
if it improved model fit (i.e., decreased the AIC, value).

We modeled each of the 4 possible models of each covariate
individually, as an additive effect, with the best model from
the first step of our analysis. We took this approach to reduce
redundancy in the potential list of covariates due to spatial
scales and relationships of covariates being correlated and to
reduce the number of candidate models that would be con-
sidered in the final step of the analysis. We ranked each
model using AIC, values to determine the best spatial scale
and relationship of each covariate.

The third step of our analysis combined the best individual
covariates from the second step of our analysis into more
complex models to test a specific set of biologically plausible
hypotheses (Table 3). We did not use covariates on detection
probabilities because they are nuisance parameters for which
we had minimal interest. Our most complex initial occupan-
cy and colonization models included 4 covariates (combina-
tions of intermediate-aged and older forests and low and
moderate burn severity; Table 3). Other models were var-
iations of the most complex model that included a subset of
these covariates or combined 2 covariates into a single co-
variate. Our most complex extinction model included 3
covariates (early seral stands, forests with high burn severity,
and salvage logged forests; Table 3). The remaining candi-
date models were variations of the most complex model that
had fewer covariates or combined 2 or more covariates into a
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single covariate. Prior to fitting our candidate model set
(Table 3), we looked for correlations between variables
that may be included in the same model. We did not include
candidate models with highly correlated variables
(#* > 0.70). After determining the best covariate model
for initial occupancy, extinction, and colonization probabili-
ties, we retained these models and combined them to deter-
mine our best overall model.

RESULTS

Comparison of the South Cascades to Timbered Rock

The best model for detection probabilities was P
(year + area + In 7), and the second ranked model [P
(year + In 7)] was not competitive (AAIC, = 13.18;
Table 4). The best model indicated that detection probabili-
ties varied among years, differed between areas, and followed
a log-linear time trend within years. Detection probabilities
were greater at South Cascades than at Timbered Rock in 10
out of 15 years. In most years (8 out of 15), detection
probabilities declined over the survey season, but in the
remaining 7 years, detection probabilities increased over
the survey season. Detection probabilities during 1 survey
over the 15 years of the study varied considerably and ranged
from 0.24 to 0.82 at the South Cascades and 0.11-0.79 at
Timbered Rock. The range of detection probabilities within
years was less variable. The best model for initial occupancy
was ¥ (area), and the second ranked model [W(-)] was not
competitive (AAIC, = 7.21). The best model indicated that
the South Cascades had greater initial occupancy (B=221,
95% CI = 0.65-3.76) than Timbered Rock. We estimated
initial occupancy probabilities in 1992 to be 0.94 (95%

CI = 0.88-1.00) at South Cascades compared to 0.65 at
Timbered Rock (95% CI = 0.44-0.86).

The best model for extinction probabilities was &[Pre-burn
(area + HPost-burn(area + #)], and 2 models were highly
competitive (i.e., AAIC, < 2.0) with the best extinction
model (Table  4). However, model  g[Pre-
burn(area + #)Post-burn(area + #)] had a weight of 0.42,
indicating strong support for the best model.
Interpretation of the best model was that extinction rates
varied by year and study area, but the study areas followed the
same pattern over time (Fig. 2). We found some evidence
that the South Cascades had greater extinction probabilities
than Timbered Rock prior to the burn because the 95%
confidence interval barely overlapped 0 (B=0.69, 95%
CI = —0.06 to 1.43). Following wildfire and subsequent
salvage logging at the Timbered Rock study area, extinction
probabilities were greater than at the South Cascades
(B=1.46, 95% CI = 0.29-2.62; Fig. 2). Model &[Pre-
burn(#)Post-burn(area + £)] was the second ranked extinc-
tion probability model (AAIC, = 1.53; Table 4). This model
suggested that extinction probabilities varied by year and the
Timbered Rock and the South Cascades study areas had
similar extinction probabilities prior to the Timbered Rock
burn, but extinction probabilities were greater at Timbered
Rock following wildfire and subsequent salvage logging.
Model & () was the third ranked extinction model
(AAIC, = 1.84; Table 4). This model suggested that extinc-
tion probabilities varied by year, and the Timbered Rock and
South Cascades study areas had similar extinction probabili-
ties before and after the Timbered Rock burn. We did not
consider this model further, because the 2 best ranked models
had similar interpretations with a combined model weight of

Table 4. Model selection results for extinction (g), colonization (), and detection (P) probability models in the analysis of site occupancy of northern spotted
owls at the South Cascades Demographic Study Area and the Timbered Rock study Area in southwest Oregon, USA, from 1992 to 2006. We presented only
models with an Akaike weight >0.01. We considered models that compared differences between study areas (area) and no differences between areas (-), and we
considered several biologically plausible temporal effects including constant rates among years (-), variable rates among years (#), and linear (7), log-linear (In 7),
and quadratic (7°7) trends over time. For all extinction, colonization, and detection probability models, the best initial occupancy (W) model was W (area).

Model AIC2? AAICP w® K Deviance
Extinction—e¢
e(Pre-burn(area + #)Post-burn(area + #))y(area + T)P(year, area + In 7) 8689.47 0.00 0.42 66 8552.27
€(Pre-burn(#)Post-burn(area + #))y(area + 7)P(year, area + In 7) 8691.00 1.53 0.19 65 8555.96
e(dy(area + T)P(year, area + In 7) 8691.31 1.84 0.17 64 8558.42
g(area + Ay(area + T)P(year, area + In 7) 8692.58 3.12 0.09 65 8557.54
e(Pre-burn(area + #)Post-burn(area x #))y(area + 7)P(year, area + In 7) 8692.77 3.30 0.08 69 8549.08
&(Pre-burn(#)Post-burn(area x #))y(area + T)P(year, area + In 7) 8694.30 4.83 0.04 68 8552.78
Colonization—y
g(area x Ay(area + T)P(year, area + In 7) 8700.13 0.00 0.43 78 8536.83
g(area x Ay(area + TT)P(year, area + In 7) 8702.15 2.03 0.16 79 8536.66
g(area x Ay(Pre-burn (area + 7)Post-burn area + 7))P(year, area + In 7) 8702.29 2.16 0.15 79 8536.80
e(area X #)y(Pre-burn(area + 7T)Post-burn(area x 7))P(year, area + In 7) 8702.32 2.19 0.15 79 8536.83
e(area X A)y(Pre-burn(area)Post-burn(area))P(year, area + In 7) 8703.02 2.89 0.10 78 8539.72
g(area x #y(Pre-burn(7)Post-burn(area x T))P(year, area + In 7) 8708.47 8.35 0.01 79 8542.98
Detection probability—P*
g(area x Ay(area X £)P(year, area + In 7) 8729.48 0.00 1.00 103 8510.61
g(area X Ay(area x #)P(year, In 7T) 8742.66 13.18 0.00 88 8557.33

* Akaike’s Information Criterion corrected for small sample sizes.
> The difference between the model listed and the best AIC, model.
¢ Akaike weight.

No. parameters in model.

¢ Detection probability modeling notation is P (among year detection, within year detection).
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Figure 2. Estimated extinction, colonization, and site occupancy probabil-
ities (95% CI) of northern spotted owls at the Timbered Rock and South
Cascades study areas in southwest Oregon, USA from 1992 to 2006.

0.62 and indicated that post-burn, extinction probabilities
were greater at Timbered Rock.

The best model for colonization was y (area + 7), and no
models were within 2.0 AIC. units of the best model
(Table 4). Model vy (area + 7) had a weight of 0.43 indi-
cating strong support for this model. Interpretation of the
best model was that colonization probabilities differed be-
tween study areas and declined linearly over time.
Colonization probabilities were greater at the South
Cascades (B=1.31, 95% CI = 0.60-2.03) than at
Timbered Rock and declined over time (8 = —0.06, 95%
CI = —0.12 to 0.00) at both areas (Fig. 2). Wildfire and
salvage logging did not appear to influence post-burn colo-
nization probabilities at Timbered Rock because models that
included changes in colonization probabilities following
wildfire were not competitive (i.e., AAIC, > 2.0) with the
best model (Table 4).

We combined the best ranked models for initial occupan-
cy, extinction, colonization, and detection probabilities to
obtain our best overall model (Table 4), which we used to
contrast trends in occupancy probabilities over time at the
Timbered Rock and South Cascades study areas. We used
the best overall model [W(area)e[Pre-burn(area + #)Post-
burn(area + #)]y(area + T)P(year + area + In 7)] to cal-
culate year-specific occupancy estimates for each study area.

Site occupancy by spotted owls at the South Cascades
declined from 1992 to 1994, remained relatively stable
from 1995 to 2005, and declined again in 2006 (Fig. 2).
In contrast, site occupancy by spotted owls at Timbered
Rock declined slightly from 1992 to 2002 and declined in
an almost linear fashion from 2003 to 2006, which corre-
sponded to the years following the Timbered Rock burn
(Fig. 2). Between 2002 and 2006, the estimated proportion
of spotted owl territories occupied by a pair at South
Cascades declined from 0.68 to 0.51, a 25% reduction in
site occupancy. In contrast, the estimated proportion of
spotted owl territories occupied by a pair at Timbered Rock
declined from 0.56 to 0.20, a 64% reduction in site occu-
pancy during the same time period. This indicated that
occupancy of territories by spotted owls in a recently burned
landscape that was subjected to salvage logging declined at
a greater rate than in a recently unburned landscape.

Relationship Between Wildfire, Salvage Logging, and
Spotted Owl Site Occupancy

Our objective in this portion of the analysis was to determine
the best model prior to modeling habitat covariates; conse-
quently, we did not consider any competing models. The best
model that described study area and temporal effects on
spotted owl site occupancy at the Biscuit, Quartz, and
Timbered Rock burns from 2003 to 2006 was
W()e(BIS # TR = Q_+ T)y(-)P(-) (Table 5). Detection
probabilities were constant within and among years, and
equal between study areas. The probability of detecting a
spotted owl pair on any 1 visit was 0.46 (95% CI = 0.39-
0.53). The probability of initial occupancy was similar be-
tween study areas and was 0.46 (95% CI = 0.30-0.62) in
2003 at all 3 study areas. Colonization probabilities were also
similar among study areas and constant over time. The
probability that an unoccupied territory would be colonized
the subsequent year was 0.15 (95% CI = 0.07-0.26).
Extinction probabilities were greater at the Biscuit burn
(B=558, 95% CI = 1.25-9.91) than the Quartz and
Timbered Rock burns and increased from 2004 to 2006
(B=12.96, 95% CI = 0.97-4.94) at all 3 study areas.
Extinction probabilities at the Quartz and Timbered Rock
burns increased from 2004 to 2006 (0.11, 95% CI = 0.03—
0.36; 0.72, 95% CI = 0.41-0.90, respectively). In contrast,
extinction probabilities increased from 0.37 (95%
CI = 0.11-0.73) in 2004 to 0.92 (95% CI = 0.58-0.99)
in 2006 at the Biscuit burn. Based on the point estimates,
extinction probabilities have increased dramatically for all
areas (11-92%).

We modeled individual covariates as an additive effect with
the best study area and temporal effects model (Table 5) to
determine the spatial scale (core or territory) and relationship
(linear or log-linear) that best described the effect of the
covariate on initial occupancy, extinction, and colonization
parameters (Table 6). In most cases, the models for alterna-
tive spatial scales and relationships were competitive (i.c.,
AAIC, < 2.0) with the best model for each covariate; how-
ever, our objective was to reduce redundancy between models
and reduce the number of models in the final step of our
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Table 5. Model selection results for initial occupancy (¥), extinction (g), colonization (7y), and detection (P) probability models in the analysis of site occupancy
of northern spotted owls without site-specific covariates at the Biscuit (BIS), Quartz (Q), and Timbered Rock (TR) burns in southwest Oregon, USA, from 2003
to 2006. We presented only models with an Akaike weight >0.05. We considered models that compared differences between study areas (area) and no
differences between areas (-), and we considered several biologically plausible temporal effects including constant rates among years (-), variable rates among years

(#), and linear (7), log-linear (In 7), and quadratic (7°7) trends over time.

Model AIC? AAIC} ws K Deviance
Extinction—e
W()e(BIS # TR = Q_+ T)y()F(, ) 476.93 0.00 0.28 6 464.38
W()e(T)y()P(, ) 477.79 0.86 0.18 5 467.39
W()e(BIS # TR = Q + In TWy()P(, ) 477.94 1.01 0.17 6 465.39
V(- )e(ln Dy()PG, -) 478.65 1.72 0.12 5 468.26
W()e()y(-)P(-, -) 479.35 2.42 0.08 6 466.80
W()e(TT)y()P(-, ) 479.35 2.42 0.08 6 466.80
W(-)e(area + £)y()P(, -) 480.17 3.24 0.05 8 463.21
Colonization—y
W(-)e(area x Hy(-)P(, -) 482.39 0.00 0.70 10 460.91
W()e(area x Ay(BIS # TR = Q)P(-, ) 487.41 5.02 0.06 13 458.90
Initial occupancy—¥
W(-)e(area x £)y(area x HP(-, -) 499.61 0.00 0.44 20 453.52
W(BIS # TR = Q)e(area x #y(area x HP(-, -) 501.12 1.51 0.21 21 452.37
W(BIS = Q_# TR)g(area x #y(area x AP(-, -) 501.50 1.89 0.17 21 452.75
W(BIS = TR # Q)e(area x #y(area x HP(-, -) 502.27 2.66 0.12 21 453.52
W(area)e(area x #)y(area x AHP(:, -) 503.70 4.09 0.06 22 452.26
Detection probability—P*
W(area)e(area x #)y(area x A)P(:, -) 503.70 0.00 0.52 22 452.26
W(area)e(area x fry(area x £)P(In 7, -) 506.28 2.58 0.14 23 452.11
W(area)e(area x #y(area x #)P(T, -) 506.44 2.74 0.13 23 452.26
W(area)g(area x fyy(area x £)P(17T, -) 506.51 2.81 0.13 23 452.33
W(area)e(area X #)y(area X #)P(year, -) 507.56 3.86 0.08 25 447.79

* Akaike’s Information Criterion corrected for small sample sizes.

> The difference between the model listed and the best AIC, model.
© Akaike weight.

4 No. parameters in model.

¢ Detection probability modeling notation is P (among year detection, within year detection).

analysis. As a result, we did not consider competing models
and assumed the highest ranked model best described the
relationship of the covariate on each occupancy parameter.
After determining the best spatial scale and relationship of
each covariate, we looked for correlations between variables
that were included in the same model. None of the variables
that were included in the same model were highly correlated
(# < 0.31 in all contrasts). Consequently, we did not ex-
clude any variables from our candidate model set because of
colinearity (Table 3).

Fire severity and habitat effects.—The best model that de-
scribed the relationship between site occupancy and fire
severity, salvage logging, and habitat covariates at the
Biscuit, Quartz, and Timbered Rock burns from 2003 to
2006 indicated that initial occupancy was best predicted by
intermediate-aged and older forest that burned with a mod-
erate severity at the core scale and amount of edge at the core
scale. Extinction was best predicted by early seral stands that
burned with high severity or were salvage logged at the core
scale and amount of edge at the territory scale with extinction
rates differing across time and at Biscuit sites. Colonization
was best predicted by intermediate-aged older forests with
low and moderate burn severity at the core scale and detec-
tion was constant across variables (Table 6). One model was
within 2.0 AIC, units of the best model for extinction
probability (Table 6). However, this model was a slight

variation of the best model and did not include the covariate

representing edge at the territory scale, so it was not consid-
ered further because the amount of edge at the territory scale
improved model fit. No models competed with the best
initial occupancy and colonization probability models
(Table 6). The best overall covariate model ranked substan-
tially higher (AAIC, = 27.12) than the model that only
included study area and temporal effects (Table 6). This
indicated that the covariates used in this model explained
some of the variability observed in post-fire site occupancy by
spotted owls at the Biscuit, Quartz, and Timbered Rock
burns.

Our best initial occupancy model included variables for the
amount of low severity burn and edge (km) within the core
use area (Table 6). The confidence intervals of the beta
coefficients for the amount of low severity burn within the
core area (B=0.52, 95% CI = —0.22 to 1.26) and the
amount of edge (km) in the core area (B=—0.42, 95%
CI = —0.92 to 0.10) broadly overlapped zero, which indi-
cated that neither of these variables influenced initial occu-
pancy probabilities. Extinction probabilities increased as the
combined area that was previously harvested, burned with a
high severity, or salvage logged increased (B =1.88, 95%
CI = 0.10-3.66; Fig. 3a). We found some evidence that the
amount of edge (km) within a territory had a positive effect
on extinction probabilities as the 95% confidence intervals
overlapped 0 slightly (B =0.18, 95% CI = —0.01 to 0.37;
Fig. 3b). We found weak support that colonization proba-
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Table 6. Initial occupancy (W), extinction (€), and colonization (y) models in the analysis of covariate effects on site occupancy of northern spotted owls at the
Biscuit (BIS), Quartz (Q), and Timbered Rock (TR) burns in southwest Oregon, USA, from 2003 to 2006. We presented only models with an Akaike weight
>0.05. For all initial occupancy, extinction, and colonization models the best detection probability model was constant detection among and within years (P(-, -)).

Model® AICS AAIC.© w K Deviance
Best overall model
P(ln LOWc + EDGEc)e(BIS # TR = Q + 7'+ In EARHISALVc + 449.81 0.00 1.00 14 418.89
EDGEt)y(INTLc 4+ INTMc + OLDLc + OLDM¢)P(;, -)
W(-)e(BIS # TR = Q_+ T)y()P(-, -)—Base model 476.93 27.12 0.00 6 464.38
Initial occupancy—W¥
P(ln LOWc + EDGEc)e(BIS # TR = Q 4+ T)y(-)P(, -) 473.78 0.00 0.36 8 456.82
W(ln LOWo)e(BIS # TR = Q + Dy(-)P(-, -) 476.01 222 0.12 7 461.27
W(INTLc + OLDLc)e(BIS # TR = Q + T)v(-)P(, ) 476.09 2.30 0.12 8 459.13
W(RFc + In NRFo)e(BIS # TR = Q + 7) y()P(,, -) 476.43 2.65 0.10 8 459.47
W()e(BIS # TR = Q_+ T)y()P(:, -)—Base model 476.93 3.15 0.08 6 464.38
W(INTLc + INTMt + OLDLc + OLDM¢t)g(BIS # TR = Q + T)y(-)P(, -) 477.43 3.65 0.06 10 455.94
W(OLDLc)e(BIS # TR = Q + Dy()P(, ) 477.64 3.85 0.05 7 462.89
W(In NRFc)e(BIS # TR = Q + T)y()P(, -) 477.88 4.09 0.05 7 463.14
Extinction—e
P(-)e(BIS # TR = Q + T + In EARHISALVc + EDGEt)y(-)P(-, -) 464.61 0.00 0.60 8 447.65
W()e(BIS # TR = Q + T + In EARHISALVc)y(-)P(-, -) 466.50 1.89 0.23 7 451.76
P()e(BIS # TR = Q + 7 + In HARVESTc + HIGHc)y(-)P(;, -) 469.49 4.88 0.05 8 452.53
P()e(BIS # TR = Q + T + In EARLYc + HISALVc)y()P(, -) 469.73 5.12 0.05 8 452.77
Colonization—y
W(-)e(BIS # TR = Q + T)y(INTLc + INTMc + OLDLc + OLDM¢t)P(;, ) 462.72 0.00 0.65 10 441.24
W()e(BIS # TR = Q + 7)y(INTLc 4+ INTMc + OLDLc + OLDMt + In EDGEC)P(,, -)  464.93 221 022 11 441.14
W(-)e(BIS # TR = Q_+ 7)y(OLDLc + OLDMt)F(,, -) 467.27 4.54 0.07 8 450.31

* Variables preceded by In were modeled using a log-linear relationship, variables followed by a c were modeled at the core area scale, and variables followed by
# were modeled at the territory scale. INTL, intermediate-aged forest that burned with a low severity; INTM, intermediate-aged forest that burned with a
moderate severity; OLDL, older forest that burned with a low severity; OLDM, older forest that burned with a moderate severity; LOW, intermediate-aged
and older forest that burned with a low severity (combined area of INTL and OLDL); MOD, intermediate-aged and older forest that burned with a
moderate severity (combined area of INTM and OLDM); EDGE, the interface between forested areas that burned with low or moderate severity and areas
that were early seral stands, burned with high severity, or were salvage logged; EDGE was modeled as an additive effect with the best-ranked covariate model
to determine if it improved model fit; EARLY, non-forested areas early seral stands that burned with any severity; HIGH, the combined area of
intermediate-aged and older forest that burned with a high severity; SALVAGE, any intermediate-aged or older forest that was salvage logged; HARVEST,
any forested area that was harvested before or after the burn (combined area of EARLY and SALVAGE); HISALV, any forested area, excluding early
stands, that burned with a high severity or was salvage logged (combined area of HIGH and SALVAGE); EARHISALV, any early seral stand or forested
area that burned with high severity or that was salvage logged (combined area of EARLY, HIGH, and SALVAGE); RF, intermediate-aged forest that
burned with a low or moderate severity (combined area of INTL and INTM); NRF, older forest that burned with a low or moderate severity (combined area

of OLDL and OLDM); T, linear time.
b Akaike’s Information Criterion corrected for small sample sizes.
¢ The difference between the model listed and the best AIC, model.
4 Akaike weight.
¢ No. parameters in model.

bilities increased as the amount of intermediate-aged forest
that burned with a low severity within the core area in-
creased (B = 0.10,95% CI = —0.01 to 0.38; Fig. 4a) as the
amount of older forest that burned with a low severity
within the core area increased (B=0.10, 95%
CI = —0.01 to 0.22; Fig. 4b), and as the amount of older
forest that burned with a moderate severity within the
territory increased (B=0.82, 95% CI = —0.05-1.69;
Fig. 4c). We found no evidence that colonization proba-
bilities were associated with the amount of intermediate-
aged forest that burned with a moderate severity within the
core area (B = —1.20, 95% CI = —3.21 to 0.80).

DISCUSSION

Comparison of the South Cascades to Timbered Rock

As predicted, the Timbered Rock and South Cascades study
areas had relatively similar trends in site occupancy prior to
the Timbered Rock burn. However, extinction probabilities

increased at Timbered Rock following wildfire and subse-
quent salvage logging, which combined with the lesser col-
onization rates at Timbered Rock contributed to greater
declines in site occupancy than were observed in recently
unburned landscapes at the South Cascades (Fig. 2). The
Timbered Rock study area had an approximately 64% re-
duction in site occupancy following wildfire, whereas the
South Cascades study area had a roughly 25% reduction in
site occupancy during the same time period. This supported
our prediction that occupancy rates in burned and salvage
logged landscapes would decline at a greater rate than un-
burned landscapes. Our results contrast with those of previ-
ous studies that compared occupancy rates of spotted owls in
burned and unburned landscapes. Jenness et al. (2004) found
that territory occupancy of Mexican spotted owls in burned
areas was similar to unburned areas. Roberts et al. (2011)
found that site occupancy of California spotted owls in
randomly selected burned and unburned areas were similar.
Neither of these studies was affected by the high degree of
salvage logging we observed following the Timbered Rock
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Figure 3. The estimated effects of the percent of (a) forested area that
burned with a high severity or was previously harvested or salvage logged
and (b) forest edge on extinction probabilities of northern spotted owls at the
Biscuit, Quartz, and Timbered Rock burns in southwest Oregon, USA from
2003 to 2006. The 95% confidence intervals for the estimated effects are
represented by gray, dashed lines. The median values of the additional
covariates in the model were held constant while varying the covariate of
interest over the observed range of values.

burn, which may explain the difference between our results
and those of previous studies.

The approximately 25% reduction in site occupancy at the
South Cascades from 2002 to 2006 was somewhat surprising
given that the study area did not have any large scale dis-
turbances during this time. However, several spotted owl
populations have been declining throughout the subspecies’
range (Anthony et al. 2006, Forsman et al. 2011), and
declines in site occupancy at the South Cascades could be
related to ongoing population declines that are unrelated to
natural disturbances. Dugger et al. (2011) found that barred
owls (Strix varia) had negative impacts on site occupancy by
spotted owls by decreasing colonization rates and increasing
extinction rates. This likely explains much of the nearly 25%
decline in site occupancy we observed from 2002 to 2006 at
the South Cascades. The 64% reduction in site occupancy at
Timbered Rock from 2002 to 2006 was substantially greater
than the roughly 25% decline observed at South Cascades,
which suggests that wildfire, subsequent salvage logging, and
past timber harvest contributed to the greater declines in site
occupancy at Timbered Rock. We estimated that following
the Timbered Rock burn only 46% of the area within
2,230 m of spotted owl territories were intermediate-aged
or older forests that burned with a low or moderate severity
(Table 1). This amount of habitat is marginal for successful
reproduction (Bart and Forsman 1992) and may cause
decreases in survival rates of the subspecies (Franklin et al.
2000, Dugger et al. 2005).

The large declines in site occupancy following the

Timbered Rock burn are most likely explained by dispersal
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Figure 4. The estimated effects of the percent of (a) intermediate-aged
forest that burned with a low severity, (b) older forest that burned with a
low severity, and (c) older forests that burned with a moderate severity on
colonization probabilities of northern spotted owls at the Biscuit, Quartz,
and Timbered Rock burns in southwest Oregon, USA from 2003 to 2006.
The 95% confidence intervals for the estimated effects are represented by
gray, dashed lines. The median values of the additional covariates in the
model were held constant while varying the covariate of interest over the
observed range of values.

out of the burn (i.e., emigration) and decreased survival of
spotted owls. Several color-banded, adult spotted owls at the
Timbered Rock burn (2 pairs and 1 individual, 25% of the
known pre-fire population) dispersed to an unburned terri-
tory adjacent to the burn, 1-2 years post-fire (OCFWRU,
unpublished data). Adult dispersal is a relatively rare occur-
rence in spotted owls throughout their range (Forsman et al.
2002: 5%, Zimmerman et al. 2007: 2%); however, owl terri-
tories may be abandoned when large amounts of mature and
older forest are lost (Bart and Forsman 1992, Bart 1995). We
believe that the relatively high rate of adult dispersal follow-
ing the Timbered Rock burn suggests that insufficient habi-
tat remained at abandoned territories to support a spotted
owl pair. In addition, radio-marked spotted owls that main-
tained a territory within the Timbered Rock burn had lower
survival rates (§'= 0.69 £ 0.12; Clark et al. 2011) than
reported throughout the subspecies’ range ((@ =0.75 to
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0.91 + 0.01 to 0.05; Anthony et al. 2006). Annual survival of
spotted owls was positively associated with greater amounts
of older forest within their home ranges or core use areas in
other studies (Franklin et al. 2000, Olson et al. 2004,
Blakesley et al. 2005, Dugger et al. 2005). High severity
wildfire and salvage logging removed and modified 26% of
the intermediate-aged and older forests within 2,230 m of
spotted owl territories at the Timbered Rock burn, and 28%
of the remaining area was previously harvested (i.e., early
seral forest; Table 1). Consequently, the large degree of
habitat loss and modification from past timber harvest,
high severity fire, and salvage logging following the
Timbered Rock burn likely contributed to the high levels
of dispersal out of the burn, decreased survival rates and
subsequent declines in site occupancy that we observed.
These declines in site occupancy appear to have continued
past the conclusion of our study because no spotted owls were
detected during surveys conducted during the 2011 breeding
season at the Timbered Rock study site (OCFWRU, un-
published data).

Increased extinction rates following the Timbered Rock
burn may have been exacerbated by the checkerboard land
ownership pattern of private and BLM lands (Richardson
1980). Private lands within the area of the Timbered Rock
burn are managed as industrial forests and are frequently
subjected to large-scale timber harvest, which creates large
tracts of early seral forest. Following the Timbered Rock
burn, much of the private land was salvage logged (17% of
the study area), which created large clear-cuts throughout the
landscape. Territory occupancy by spotted owls was nega-
tively associated with increased areas of clear-cuts within the
territory in another study (Thraillkill et al. 1998).
Consequently, the large areas of clear-cuts created by salvage
logging and past timber harvest (approx. 45% of the area
within 2,230 m of spotted owl territories; Table 1) poten-
tially exacerbated declines in site occupancy following the
Timbered Rock burn or confounded the effects of wildfire.
Declines in site occupancy may not be as large in burned areas
that were not subjected to previous timber harvest or sub-
stantial amounts of post-fire salvage logging.

Relationship Between Wildfire, Salvage Logging, and
Spotted Owl Site Occupancy

Extinction.—We predicted that occupancy of nesting ter-
ritories by spotted owls after fires would decline because of
increased extinction probabilities attributable to habitat loss
and modification from past timber harvest, high severity fire
and salvage logging. Our results supported this prediction
because extinction probabilities increased as the combined
area of high severity burns, salvage logging, and early seral
forest increased (Fig. 3a; B =1.88, 95% CI = 0.10-3.66).
This was the strongest relationship we observed in this
analysis because it was the only habitat covariate where
the 95% confidence interval for the regression coefficient
did not overlap 0. Unfortunately, we were unable to separate
the impacts of these 3 variables on extinction probabilities.
When these 3 variables were included separately, the models

were not competitive with the model that combined these
variables into a single covariate (Table 6). This may indicate
that we lacked the precision to separate the impacts of these 3
variables or they were confounded. However, our results
suggest that these 3 variables work in concert and generate
synergistic effects. Any 1 disturbance event may not generate
negative effects on occupancy of territories, but the combined
loss and modification of habitat from these 3 factors nega-
tively affected spotted owls in our study. The combined
influence of these 3 factors may reduce spotted owl habitat
to such an extent that a threshold is passed and spotted owls
are no longer able to occupy the territory.

Spotted owls are associated with late-successional forests
(Forsman et al. 1984, Thomas et al. 1990), and their terri-
tories have greater amounts of older forests than surrounding
landscapes (Ripple et al. 1991, 1997; Meyer et al. 1998;
Swindle et al. 1999). Forest stands used by spotted owls
have large proportions of downed woody debris and snags,
high canopy cover, and high structural diversity (Hershey
et al. 1998, North et al. 1999, Irwin et al. 2000). Timber
harvest, salvage logging, and high severity fire remove or alter
many of these structural characteristics associated with spot-
ted owl habitat. As a result, we were not surprised that these
factors were associated with increased extinction probabili-
ties and declines in site occupancy. Spotted owls have high
site fidelity (Forsman et al. 1984, 2002; Zimmerman et al.
2007), and survival rates are positively correlated with in-
creased amounts of older forest in their territories (Franklin
et al. 2000, Olson et al. 2004, Dugger et al. 2005); conse-
quently, owls that occupied territories with a large degree of
past timber harvest, salvage logging, and high severity fire
were likely forced to emigrate out of the burned area or risk
decreased survival.

Radio-marked spotted owls at the Timbered Rock burn
were located closer to edge habitats than at random (Clark
2007), which suggests edge habitat may provide a benefit to
the subspecies. Spotted owls may prefer to forage in habitat
edges because of greater densities of some prey in early seral
forests (Carey and Peeler 1995, Franklin and Gutiérrez
2002), particularly woodrats in southwest Oregon and north-
west California (Zabel et al. 1995, Ward et al. 1998). Our
results provided some evidence that extinction probabilities
increased as the amount (km) of edge increased within
nesting territories increased (Fig. 3b; B=0.18, 95%
CI = —0.01-0.37), suggesting a negative impact of edge
habitat on spotted owl territory occupancy. In our analysis,
edge represented a metric of habitat fragmentation. Dugger
et al. (2011) observed greater colonization probabilities at
spotted owl territories when older forest was less fragmented,
and our results were similar. Franklin et al. (2000) indicated
that spotted owls are likely to have decreased survival at
territories with reduced amounts of interior forest, suggest-
ing that habitat fragmentation negatively affects spotted
owls. The patchy nature of high severity fire and salvage
logging created large amounts of edge habitat, which likely
reduced the amount of interior forest available to owls and
contributed to declines in site occupancy in our study.
Furthermore, increases in edge may be correlated with in-
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creased amounts of nonhabitat (i.c., nonforested and early
seral stands) and increases in nonhabitat have contributed to
declines in territory occupancy of California spotted owls
(Blakesley et al. 2005) and increases in extinction probabili-
ties in this study. Despite indications that spotted owls are
negatively affected by habitat fragmentation, the mechanism
of these effects is not well understood (Franklin and
Gutiérrez 2002). We calculated the amount of edge as the
interface between intermediate-aged and older forests that
burned with a low or moderate severity and all other habitat
types (Table 2). This classification of edge habitat delineated
distinct boundaries between stands of larger living trees and
high severity burns or early seral stands. Additional types of
edge habitats exist at the interface between intermediate-
aged and older forests or the interface between low and
moderate severity burns, and these types of edges may pro-
vide foraging habitat for spotted owls. Additional research
between the association of various edge habitats on spotted
owl demography and site occupancy is needed to clarify this
relationship.

Colonization.—QOverall, our estimated effects of habitat
covariates on colonization probabilities were relatively im-
precise. We attributed this lack of precision to the fact that
we observed only 6 colonization events at our 3 study areas
from 2003 to 2006. Despite the fact that we observed rela-
tively few colonization events, we were still able to document
several biologically meaningful associations between post-
fire habitat and colonization probabilities. We suspect that if
additional colonization events had occurred during the
course of our research, our estimated effects of habitat on
colonization probabilities would be more precise.

We found some evidence that colonization probabilities
in our study were positively associated with increased
amounts of older forest that burned with a low severity
within the core area (Fig. 4b; B =0.10,95% CI = —0.01 to
0.22). Although this estimated effect had weak support,
this finding was expected and follows the well documented
association between spotted owls and older forest (Forsman
et al. 1984, Thomas et al. 1990). Furthermore, previous
research indicated that territory occupancy of California
spotted owls was positively associated with older forest
(Blakesley et al. 2005), extinction probabilities at northern
spotted owl territories were greater at territories with lesser
amounts older forest (Dugger et al. 2011) and site occu-
pancy by California spotted owls in areas that primarily
burned with a low and moderate severity was similar to
unburned areas (Roberts et al. 2011). Older forests that
burned with a low severity are likely the highest quality
spotted owl habitat in post-fire landscapes. These areas
likely retained much of the canopy cover, downed woody
debris, snags, and structural diversity that is selected by
spotted owls (Hershey et al. 1998, North et al. 1999, Irwin
et al. 2000). As a result, unoccupied territories that have
high quality habitat (i.e., older forest that burned with a
low severity) will have the greatest probability of being
colonized by spotted owls. Within the Timbered Rock
burn, radio-marked spotted owls strongly selected for older

forest that burned with a low severity (Clark 2007), further

demonstrating the influence of this habitat on spotted owls
in post-fire landscapes.

Moderate severity burns likely remove and modify more of
the forest stand features selected by spotted owls than low
severity burns, yet many critical habitat features are likely
retained and allow moderately burned areas to provide habi-
tat for spotted owls following wildfire. Our analysis provided
weak support that colonization probabilities were positively
associated with increased amounts of older forest that burned
with a moderate severity (Fig. 4c; B =0.82, 95%
CI = —0.05 to 1.69). In addition to potentially providing
many of the critical habitat features of forest stands that
burned with a low severity, moderately burned stands likely
have decreased risk of stand-replacement in the future be-
cause of removal of ladder fuels (Agee 1993), which likely
increases the resilience of the forest stand to future distur-
bance. Spotted owls have been shown to disproportionately
forage in habitats that have high levels of prey abundance
(Carey et al. 1992, Carey and Peeler 1995, Zabel et al. 1995).
Moderate severity burns may increase habitat heterogeneity
and prey abundance, similar to the effects of heterogeneous
thinning of young forest stands (Carey 2001). However, we
did not test this hypothesis, and the potential benefits of
moderate severity burns in older forests for spotted owls are
unclear.

Previous studies have suggested a quadratic relationship
between survival and reproduction of spotted owls and the
amount of older forest surrounding nesting territories
(Franklin et al. 2000, Olson et al. 2004). These studies
suggest that territories that are not entirely comprised of
older forests are beneficial to spotted owls and that spotted
owls may be adapted to natural disturbances such as wildfire
that create a mosaic of forest conditions. Our results provided
weak support for this hypothesis because owl territories in
our study that had increased amounts of intermediate-aged
forest that burned with a low severity have a greater proba-
bility of being colonized by a pair of owls (Fig. 4a; B =0.10,
95% CI = —0.01 to 0.38). However, we expect a threshold
exists in this relationship because spotted owls are associated
with older forest (Forsman et al. 1984, Thomas et al. 1990)
and spotted owls that occupy territories with insufficient
amounts of older forest will have decreased survival and
reproductive rates (Franklin et al. 2000, Olson et al. 2004,
Dugger et al. 2005). The amount of intermediate-aged forest
that burned with a low severity at any 1 owl territory in our
study ranged from 0 to 38%. Territories that have insufficient
amounts of older forest will likely not be occupied by spotted
owls, but our results provided some evidence of a benefit of
habitat heterogeneity for spotted owls.

Initial occupancy.—We were unable to identify any rela-
tionships between initial occupancy probabilities and the
habitat covariates that we considered in our analysis. Our
best model for initial occupancy probabilities (Table 6) in-
cluded variables for the amount of the core area that burned
with a low severity (8 = 0.52,95% CI = —0.22 to 1.26) and
the amount of edge habitat (B=—0.42,95% CI = —0.92 to
0.10); however, both of these estimates were imprecise and
the 95% confidence intervals broadly overlapped zero, which
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suggested these relationships were not meaningful. Since
these relationships were not supported by the data, additional
research is needed to investigate the influence of low severity
fire and edge habitat on spotted owl site occupancy.

Our analysis of site occupancy at the Biscuit, Quartz, and
Timbered Rock burns indentified several meaningful rela-
tionships between site occupancy and amount of post-fire
habitat. All of these relationships were based on biologically
plausible hypotheses and have implications for spotted owl
management. However, the relationships we observed were
based on small sample sizes, non-random samples at the
Biscuit burn, and our estimated relationships were often
imprecise. Furthermore, our study was opportunistic and
observational, which prevents us from assigning cause and
effect relationships. Consequently, we suggest a cautionary
approach when applying our findings to future land man-
agement decisions. In particular, the relationships we ob-
served in our analysis may not be applicable to spotted owls in
post-fire landscapes that are not affected by post-fire salvage
logging.

Both wildfire and barred owls have been identified as
threats to the persistence of spotted owls (USFWS 2011).
Barred owls have expanded throughout the entire range of
the northern spotted owl (Dark et al. 1998, Pearson and
Livezey 2003) and are negatively affecting spotted owls
(Kelly et al. 2003, Olson et al. 2005, Dugger et al. 2011).
Furthermore, barred owls have a more generalized diet
(Hamer et al. 2001, Wiens 2012) and use a wider range
of habitats (Hamer et al. 2007) than spotted owls, which
suggests that barred owls may be better adapted to persist in
burned landscapes. We only detected 2 barred owls at the
Biscuit, Quartz, and Timbered Rock burns during demo-
graphic surveys conducted between 2003 and 2006, so we
believe that barred owls had little to no effect on our results.

Jointly, our analyses suggest that site occupancy by spot-
ted owls in burned landscapes is likely to decline, at least in
the short-term. These declines in site occupancy are driven
by large increases in extinction probabilities in post-fire
landscapes and are attributable to past timber harvest, high
severity fire, and salvage logging. Although territories that
had increased amounts of older forest that burned with a
low severity had the greatest colonization probabilities, we
only observed 6 colonization events at our 3 study areas
from 2003 to 2006, and this level of colonization was
insufficient to offset the high extinction probabilities we
observed. This suggests that insufficient habitat remained
at many of the spotted owls territories included in our
analyses to support a pair of spotted owls following wildfire.
Site occupancy by Mexican and California spotted owls in
landscapes that burned primarily with low or moderate
severities was similar to unburned landscapes (Jenness
et al. 2004, Roberts et al. 2011), which suggests that
spotted owls may be able to persist in burned landscapes.
These findings contrast our results, which suggested that
spotted owl site occupancy will decline in burned land-
scapes; however, our results were confounded by the effects
of past timber harvest and salvage logging. Additional
research in post-fire landscapes that have not been impact-

ed by past timber harvest and salvage logging are needed to
help clarify these relationships.

MANAGEMENT IMPLICATIONS

We identified several factors that influenced occupancy of
nesting territories by spotted owls in post-fire landscapes;
however, the strongest association we observed was that site
occupancy declined because of increased extinction proba-
bilities. Increased amounts of past timber harvest, salvage
logging, and high severity burns jointly contributed to in-
creased extinction probabilities and subsequent declines in
spotted owl site occupancy. Past timber harvest negatively
influenced site occupancy in our analysis, so we recommend
increased protection of older forest in dry forest ecosystems
to prevent future habitat loss to timber harvest and mitigate
potential losses of older forest to stand-replacing fire and
subsequent salvage logging. High severity fire was 1 of 3
factors that combined to increase local-extinction probabili-
ties of spotted owls in our study; however, we were unable to
separate the impacts of wildfire from land management
activities. As a result, we recommend future research to
clarify the relationship between high severity fire and spotted
owl site occupancy in the absence of past timber harvest and
salvage logging. We believe that widespread, stand-replacing
wildfires will negatively affect site occupancy by spotted owls,
so we suggest efforts should be made to reduce the risk of
widespread, stand-replacing wildfire in spotted owl habitat.
However, a precautionary approach should be taken when
implementing fuel reduction techniques that will reduce that
risk of stand-replacing wildfire. Research is needed to ensure
that fuel reduction techniques, particularly commercial or
non-commercial thinning, are not detrimental to spotted
owls, their habitat, or prey before fuel reduction techniques
are implemented on a large scale. Our results also indicated a
negative impact of salvage logging on site occupancy by
spotted owls. We recommend restricting salvage logging
after fires on public lands within 2.2 km of spotted owl
territories (the median home range size in this portion of
the spotted owl’s range) to limit the negative impacts of
salvage logging. Our results indicated a negative response of
spotted owls to wildfire in the short-term, but the response is
likely to vary over time; however, little is known about the
long-term response of spotted owls to wildfire. As a result,
long-term monitoring studies should be implemented in
post-fire landscapes to determine the response of spotted
owls to wildfire over time.
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[ Discussion

Alternative Views of a Restoration
Framework for Federal Forests in the
Pacific Northwest

Dominick A. DellaSala, Robert G. Anthony,
Monica L. Bond, Erik S. Fernandez, Chris A. Frissell,
Chad T. Hanson, and Randi Spivak

F ranklin and Johnson (2012) outlined elements of what they
term an “ecological forestry” strategy for federal forests in the
Pacific Northwest. They posit that their strategy will produce eco-
logical and economic benefits from federal forests in Oregon and
Washington and that economic returns are necessary for their wide-
spread implementation. Thus, the strategy relies heavily on commer-
cial thinning and an unknown amount of regeneration harvests to
create economic returns. Many of their recommendations were re-
cently incorporated into the final recovery plan and critical habitat
ruling for the northern spotted owl (US Department of Interior
[USDI] Fish & Wildlife Service 2012) over repeated objections
raised by The Wildlife Society, American Ornithologists’ Union,
and Society for Conservation Biology concerning untested and risky
active management proposals in owl habitat (USDI Fish & Wildlife
Service Oregon Fish & Wildlife Office 2013).

Franklin and Johnson’s (2012) framework is based on manag-
ing forests under the premise that they will be “restored,” while
producing timber from sustained yield, yet their recommendations
do not adequately recognize fish and wildlife habitat needs, and they
rest on inappropriate ecological baselines for judging efficacy of res-
toration activities. They do, however, acknowledge that their core
strategies may face social opposition, insufficient funding for imple-
mentation, restrictions due to impacts to northern spotted owls
(Strix occidentalis caurina), and policy conflicts with the sustained
yield provisions of the National Forest Management Act.

Here, we identify shortcomings of ecological forestry and how it
is being implemented by managers based on our knowledge of the
region’s ecology, habitat needs of the northern spotted owl and other
wildlife, and pertinent published literature related to conservation
biology, restoration ecology, and management of wildlife and
aquatic resources. Although we believe that some aspects of ecolog-
ical forestry may improve with current management, the framework
places economic and political interests above ecological concerns in
ways likely to generate new controversies and unintended harmful
ecological consequences for natural resources.

J. For. 111(6):420—-429
http://dx.doi.org/10.5849/jof.13-040
Copyright © 2013 Society of American Foresters

Importance of Pacific Northwest Forests

The Pacific Northwest forests constitute some of the most im-
portant temperate forests on earth. They contain remaining concen-
trations of older forests that are currently well below historical levels
due to logging (Strittholt et al. 2006). Federal forests in this region
are known for exceptional biodiversity (DellaSala et al. 2011), car-
bon storage (Smithwick et al. 2002), late-successional habitat for
>1,000 associated species (Forest Ecosystem Management Assess-
ment Team [FEMAT] 1993), including spotted owls and marbled
murrelets (Brachyramphus marmoratus), and relatively intact water-
sheds for numerous stocks of salmon (Oncorbynchus spp.). Because
of the heated debate over what should be valued most in these “mul-
tiple use” public forests, management has been controversial and
mistrust among stakeholders pervasive.

The Northwest Forest Plan (NWFP) is the foundation for man-
agement of federal land across nearly 25 million acres (FEMAT
1993) and is considered a global model of ecosystem management
and biodiversity conservation (DellaSala and Williams 2006). The
NWEP eased controversy over logging of older forests on federal
lands to some degree. However, the decline in timber receipts to local
counties has resulted in considerable pressure from county commis-
sioners, Oregon Governor John Kitzhaber, former Interior Secretary
Ken Salazar, and most of the Oregon congressional delegation to
increase logging. This political pressure is most apparent for the
approximate 2.1 million acres of Oregon and California Revested
Lands (O&C) managed by the Bureau of Land Management (BLM)
in western Oregon, which has a contentious history (Blumm and
Wigington 2013). In response to recent pressures, former Interior
Secretary Salazar initiated a series of “pilot projects” to implement
ecological forestry in 2009, which could become the foundation for
resource management plans across all 2.5 million acres of BLM lands
in western Oregon and legislative proposals to address the O&C
counties’ fiscal issues through increased timber harvests (Wyden
2012).

Positive Attributes of Ecological Forestry

Franklin and Johnson’s (2012) framework recognizes the con-
servation importance of late-successional forests on federal lands un-
der the NWEDP, which was reaffirmed in the recovery plan and crit-
ical habitat rule for the spotted owl (e.g., USDI Fish & Wildlife
Service 2012). The importance of older, fire-resistant tree species in
dry forests and the need to protect older trees throughout the land-
scape is also recognized by them. They reaffirm the NWFP’s empha-
sis on thinning dense, younger (<80 years) plantations to accelerate
the acquisition of late-successional characteristics and increase the
amount of forests under long rotations. Early seral forests are ac-
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knowledged by them as an important eco-
logical stage, and a distinction is made be-
tween forests created by industrial-scale
logging that are deficient in biological lega-
cies and biodiversity versus those generated
by natural disturbances that are structurally
complex and rich in biodiversity (Swanson
et al. 2011, DellaSala et al. 2013). Franklin
and Johnson’s (2012) also recommend
a credible adaptive management strategy
whereby integrated monitoring and research
activities, regional analysis and planning,
and systematic assessments of ecological and
social outcomes by independent parties are
key elements. We generally agree with these
aspects of their framework but acknowledge
that the details of some of this management
are yet to be described.

Ecological Shortcomings of
Ecological Forestry

We identify seven major areas in which
the framework of ecological forestry or its
implementation by BLM may create adverse
consequences to natural resources and con-
flicts over forest management.

1. Oversimplified Forest Classifications

Franklin and Johnson (2012) stratify
the landscape into moist forests (MFs) and
dry forests (DFs). In MFs, older stands are
reserved and previously logged plantations
are logged again using variable retention re-
generation harvests (VRHs). In DFs, silvi-
cultural treatments retain and release older
trees (>150 years old), reduce stand densi-
ties, shift composition toward fire- and
drought-tolerant species, and incorporate
multiscaled heterogeneity. Unfortunately,
the moist/dry classification and associated
fire regimes are much too coarse and will
create on-the-ground uncertainties where
forest communities are highly complex (i.e.,
fine-grained heterogeneity). For example,
inclusion of mixed-conifer forests in the DF
type within the Klamath Province of south-
ern Oregon and northern California will
subject these forests to inappropriate com-
mercial thinning based on false notions that
these forests were historically more open (see
below). Plant communities and fire regimes
in this region vary widely across moisture
gradients, soil types, microclimates, slope
exposure, elevation, and bedrock geology
with different forest patches grading into
one another over short distances (i.e., high
beta diversity) (Odion et al. 2004). Mixed-
severity fires historically created landscape
mosaics in this province that included a por-
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tion of high-severity burn patches (DellaSala
2006, Donato et al. 2009, Halofsky et al.
2011) as well as those in the DF of the east-
ern Cascades (Hessburg et al. 2007, Baker
2012). These forests do not lend themselves
to simplistic binary classifications. We dis-
agree with the generalization of Franklin and
Johnson (2012) that climate change is in-
creasingly likely to shift plant associations
toward the dry end of the moisture spectrum
where plant associations straddle gradients
because this assumption is not well sup-
ported and discounts considerable regional
climatic variation. For example, Mote
(2003) projected increased precipitation in
some regions, including summer precipita-
tion, and uncertainties in climate change
modeling.

2. Lack of Clarity on Where to
Draw the Line on Old Tree and Old
Forest Retentions

Franklin and Johnson (2012) recognize
the importance of both mature (>80-159
years) and old-growth (=160 years) MFs
but state that the age at which forests are
“deemed older is a social decision influenced
but not defined by scientific input.” The
goal of the NWEFP is to restore a functional,
interconnected late-successional (both ma-
ture and old-growth) forest ecosystem and
to produce timber. This means building on
the NWEP through additional protections
for old forests as recommended in critical
habitat designations for the spotted owl and
marbled murrelet. It also requires clear tree
protection standards for older forests with
greater recognition of mature forests (>80
years), given their rarity and ecological im-
portance (FEMAT 1993, Strittholt et al.
2006). Instead, Johnson and Franklin
(2009) analyzed various tradeoffs of setting
tree protection thresholds at 80 to 160 years
in MFs and >150 years in DFs, creating
uncertainties in what to protect that have
resulted in implementation controversies
and poor policy choices.

Such lack of clear tree protection stan-
dards has generated considerable mistrust
among stakeholders who monitor the man-
agement practices of BLM pilots in south-
west Oregon (Reilly 2013, Wheeler 2013)
(Figure 1A—D). For instance, of seven re-
cent timber sales monitored on BLM pilot
sites (MFs) by conservation groups, there
were portions of mature forests and owl crit-
ical habitat included in logging proposals,
and one logging site was adjacent to a 450-
year-old forest occupied by nesting murre-
lets that will probably create edge effects

(Table 1). The net result of these sales was
the incidental “take” of four spotted owls,
triggering project-level appeals. These are
examples of how immediate economic and
political pressures have trumped older forest
protections because mature forest protec-
tions were not clearly defined by the guide-
lines of ecological forestry. Without clear
and ecologically appropriate age class restric-
tions, unintended ecological consequences
will occur in project implementation.

Another example is the O&C legislative
principles proposed by Oregon Senator Ron
Wyden (2012), which cite Franklin and
Johnson’s (2012) and prescribe tree protec-
tion cutoffs at 120 years, thereby missing an
important part of the mature forest cohort
(80-120 years). The ecological conse-
quences of this cutoff are not evaluated, and
the guideline appears to be economically
and politically motivated, not ecological.
For instance, mature forests (80120 years),
which are well below historical levels, play a
critical role as foraging and roosting habitat
for spotted owls (Thomas et al. 1990).
Without adequate protection of these for-
ests, a successional debt will accrue on fed-
eral lands over time that will reduce ecosys-
tem resilience and habitat for hundreds of
associated species.

The latest data from the BLM Forest
Cover Operations Inventory for all western
Oregon BLM lands (including public do-
main, acquired, Coos Bay Wagon Road, and
O&C lands) is a good example of how suc-
cessional debt can accrue from not protect-
ing older forests in such policy formulation.
For instance, these data indicate that the
highest proportion (43%) of forests on the
BLM lands are <80 years old, whereas ma-
ture forests (80—120 years) account for only
15%, forests of 120— 150 years account for
11%, and old-growth forests (>150 years)
account for 24% of BLM lands (Figure 2A).
Legislating ecological forestry provisions as
proposed (Wyden 2012) would fail to pro-
tect the severely underrepresented mature
forest (80—120 years) cohort. Thus, many of
the 395,000 acres in this age bracket (MFs
and DFs) would potentially be vulnerable to
increased logging. Further, if the age limit
for logging DFs was set at 150 years, as pro-
posed by Franklin and Johnson (2012), up
to 215,200 acres of DFs (80-150 years)
would be potentially at risk (Figure 2B). Im-
portantly, both the critical habitat rule and
recovery plan for the spotted owl recom-
mended protecting structurally complex
older forests; thus, many mature forests with
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Figure 1. Ecoforestry applications on BLM pilots in southwest Oregon as documented by independent project monitoring.? Many large (24-
to 36-in. dbh) fire-resistant Douglas-firs are being removed under the guise of restoration. Clusters of large trees are marked for removal
to “accelerate development of old-growth characteristics,” and new permanent roads are built for site access (BLM pilot Environmental
Assessments). A. A 32-in. dbh Douglas-fir marked for removal in BLM ecoforestry Pilot Thompson unit 19-4. (Photo credit: Luke Ruediger.)
B. In Pilot Thompson unit 20-1, a large 27-in. dbh Douglas-fir marked for removal and a 14-in. dbh ponderosa pine marked for retention.
(Photo credit: Luke Ruediger.) C. BLM Pilot Joe mark before implementation. Numbers correspond to tree dbh. The blue mark is cut; the
yellow mark (Ponderosa pine) is retain. (Photo credit: Aaron Krikava.) D. BLM Pilot Thompson unit 28-2, grouping of Douglas-firs >24-in.
dbh marked for removal. (Photo credit: Luke Ruediger.)

important habitat attributes could be elimi-
nated by logging under both proposals. No-
tably, the total amount of mature forest acres
open to logging ultimately depends on how
spotted owl Recovery Action 32 and other
NWEP regulations and environmental laws
are interpreted and maintained. Nonethe-
less, targeting mature forests for logging
would mean that federal lands would never
attain adequate habitat levels for numerous
species associated with late-successional for-
ests.
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3. Lack of Appropriate Baseline
Compromises Restoration in Mixed-
Severity Fire Regions

Franklin and Johnson’s (2012) ap-
proach to restoration focuses on commercial
thinning to achieve desired conditions; how-
ever, for restoration to be ecologically based,
foresters need an appropriate baseline from
which to gauge the efficacy of restorative ac-
tions. For instance, under ecological forestry
what does a restored site look like if not com-
pared with an appropriate reference condi-

tion (e.g., comparable area of high ecological
integrity) (DellaSala et al. 2003) or historical
baseline? How will managers know when a
site is restored, given the long time periods
necessary to restore degraded sites?

In particular, baseline studies in the
Klamath-Siskiyou ecoregion have ques-
tioned dry fuel models that are being incor-
rectly applied to justify VRHs and thinning
in BLM pilots. For example, fire regimes in
this region are of mixed severity (DellaSala
2006, Halofsky et al. 2011) and are within
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Table 1. BLM ecological forestry pilots in MFs of western Oregon using VRHs, commercial thin, and density management.

District Location Treatment Ecological shortcomings Status
Roseburg Myrtle Creek 3,145 acres total pilot; 500 acres Oldest units ~75-124 yr; mostly spotted owl Scoping; no environmental
VRH, remaining areas CT critical habitat assessment yet
and DM
Camas Valley 2011 1,574 acres of CT and 239 acres Some spotted owl critical habitat, mostly No environmental assessment yet
Harvest Plan of VRH <70 yr
White Castle 187 acres of VRH Mature forest ~110 yr old; critical spotted Sold and under appeal; part of
owl habitat; suitable spotted owl habitat Roseburg District
and core owl areas demonstration pilot
Buck Rising 60 acres of VRH and 19 acres of Mostly young forests but includes spotted owl Protest denied; logging in
DM critical habitat progress; part of Roseburg
District demonstration pilot
Coos Bay Soup Creek 300 acres of VRH Mostly owl critical habitat; ~72 yr old; Scoping
previously commercially thinned
Wagon Road 121 acres of VRH Formerly considered spotted owl critical Appealed and sold
habitat in the 1992 determination;
includes a 9-acre alder conversion next to
old growth Port Orford cedar
(Chamaecyparis lawsoniana) and 450-yr-old
occupied marbled murrelet (Brachyramphus
marmoratus) habitat; incidental “take” of 4
spotted owls
Eugene Upper Willamette 2,000 acres of regeneration Variable retention on 350 acres of a forest Scoping

harvest and CT

80-90 yr old; regeneration harvest on

stands infected with laminated root rot
that would otherwise create high-quality

carly-seral habitat

Monitoring data were provided by F. Eatherington, Cascadia Wildlands. CT, commercial thin; DM, density management.

historical bounds (Colombaroli and Gavin
2010), and open plant communities were of
minor importance historically (Leiberg
1900, Duren et al. 2012). Hessburg et al.
(2007) and Baker (2012) also demonstrated
that small (<16 dbh) trees were abundant
historically and actually numerically domi-
nant in forests east of the Cascades in Ore-
gon and Washington and that open stands
were less common than assumed. Thus, this
lack of an appropriate baseline may result in
approaches that appear restorative because
they are based on presumed historical con-
ditions but that incorrectly calibrate a forest
stand against a baseline that instead repre-
sents significant departures from an earlier
state not considered (Papworth et al. 2009)
and that could lead to novel ecosystems (Fig-
ure 3). Novel ecosystems, systems that have
been sufficiently altered in structure and
function most often by human action, can
favor nonnative species and flip ecosystem
dynamics to altered states (Lindenmayer et
al. 2011). The altered state may not be resil-
ient to climate change because of accumulat-
ing land-use stressors, particularly from
multiple stand entries that can compound
the effects of ecological perturbations (Paine
et al. 1998).

Franklin and Johnson (2012) and many
managers assume that the absence of fire at
the stand or landscape level constitutes an a

priori risk due to a buildup of hazardous fu-
els in DFs. However, empirical studies have
not shown this to be the case in the Klamath-
Siskiyou ecoregion (Odion et al. 2004, Ha-
lofsky et al. 2011) where fire severity de-
clined as the time between fire return
intervals increased (Odion et al. 2010).
Thus, the more complex systematics and
processes at play in regions of mixed-severity
fires require precautionary principles that
first define and then test assumptions about
baselines before deciding on what desired fu-
ture conditions should be, let alone the in-
terventions necessary to attain them.

4. Impacts to Aquatic Ecosystems
Will Probably Increase

Franklin and Johnson (2012) acknowl-
edged that they did not adequately address
aquatic and riparian impacts, and this omis-
sion error can be costly to aquatic ecosystems
in implementation. Freshwater and forest
ecosystems share the same landscape. Be-
cause water quality and habitat conditions
for fish and wildlife are determined in part
by the condition of roads, vegetation, and
erosion processes across the landscape, any
forest management plan or conceptual
framework should account for these factors a
priori. For instance, Colombaroli and Gavin
(2010) offered a critical environmental con-
text across a 2,000-year sediment core re-
cord in which logging events over the past

century have pushed sedimentation rates far
outside the range attributable to fires and
climate variability.

Implementation of the timber prescrip-
tions of Franklin and Johnson (2012) would
create a need to maintain or expand the al-
ready extensive road system. However, roads
and associated landings are the primary
cause of landslides and chronic elevation of
sediment delivery to streams, lakes, and wet-
lands (Gucinski et al. 2001). Roads perma-
nently distort surface and subsurface drain-
age patterns that may trigger slope failure
and channel erosion. Forest roads deliver
sediment- and nutrient-laden runoff directly
to surface drainage networks. Road densities
are currently very high on previously logged
lands in western Oregon (Firman et al.
2011), and agency resources are already in-
sufficient to maintain the existing road net-
work to prevent ongoing harm to water-
sheds. Stream conditions have improved
markedly only where large reductions in
roads have occurred under the NWFP
(Reeves et al. 2006). Climate change fore-
casts indicate increasing hydrologic stress on
road systems that will place additional strain
on watershed resilience in the future
(Furniss et al. 2010). Whatever the silvicul-
tural objective, any restoration-focused
management must reduce the forest road
network and its impact on streams. More-
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Figure 2. A. Stand ages and Northwest Forest Plan land-use allocations (units in acres) for BLM lands in western Oregon based on BLM
Oregon Forest Cover Operations Inventory' compiled for 2013. The following notes apply. (1) BLM geographic information systems (GIS)
data are most accurate in identifying forests <80 years followed by > 150 years with lower levels of accuracy for intermediate age classes.
Age classifications in southwest Oregon are not as accurate as those in other regions due to the complexity and diversity of the stands. (2)
BLM data also include 153,000 acres of null value acres. These are predominately nonforested areas such as lakes and meadows. A small
percentage of these stands should have been assigned stand age data because they are forested. (3) BLM stand age data extend farther
east than our study area and into the Klamath Falls region. No distinction is made between DF versus MF forest types because Senator
Wyden'’s principles do not differentiate these forest types. B. Stand ages for DF types on western Oregon BLM lands. The following notes
apply. (1) The 159,400 acres of forests <80 years includes 67,200 acres of stands classified by the BLM as having a dominant age <80
years but with a minority component of trees >80 years old. (2) Oregon Gap Analysis 1998 Land Cover for Oregon GIS data was used
as the source data to differentiate MF versus DF types and to mimic the moist/dry breakdowns in Franklin and Johnson (2012). The source
data should not be considered an exact match, given that the data are a general overview of plant association groups that we then grouped
as moist or dry. This was not an ideal data set for our study area given the classification errors. One example is that the source data
incorrectly classified a number of forestlands as agricultural lands in the Roseburg area.

over, depletion of near- and medium-term
large-wood recruitment can result from
thinning in and near riparian areas (Spies et
al. 2013), and more extensive ground distur-
bance from logging in and near headwater
riparian areas will probably increase chronic
sediment delivery to streams (Rashin et al.
20006).

5. Impacts to Northern Spotted
Owls Are Grossly Underestimated

Extensive commercial thinning and/or
regeneration harvest in stands >80 years
will degrade spotted owl habitat with possi-
ble negative consequences on their move-
ments and habitat use (Forsman et al. 1984,
Thomas et al. 1990, Meiman et al. 2003).
Spotted owls nest and roost in forests with
high canopy closure, large trees, large woody
debris, and vertical and horizontal diversity
in stand structure (Thomas et al. 1990), all
characteristics that thinning and logging will
affect negatively. Franklin and Johnson
(2012) assume that skips and gaps in thin-
ning and retention of dense patches in places
will provide for spotted owls, but there is no
empirical evidence to support this claim.
They also assume that retaining one-third to
one-half of DFs on public lands in dense
forest conditions is sufficient for spotted
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owls; however, only about half the forest
landscape is publicly owned in the BLM
checkerboard lands of western Oregon. Be-
cause many private forestlands are managed
under short rotations, maintenance of this
amount of public lands as dense forests rep-
resents only one-fourth to one-sixth of the
entire forest landscape. To compound this
problem, survival rates of owls decline dra-
matically when home ranges include <50-
60% late-successional forest (Franklin et al.
2000, Olson et al. 2004, Dugger et al.
2005). Unfortunately, the DF provisions
call for extensive thinning in the Klamath
Province where spotted owl populations are
most numerous and currently most stable
(Forsman et al. 2011). Pilot projects on
BLM lands also have proposed controversial
VRHs and thinning in critical habitat in ma-
ture MFs (>80 years), leading to incidental
take of owls (Table 1; Figure 1).

Thinning in mature forests (>80 years)
also has been shown to have negative effects
on the abundance of the owls’ primary prey
species, including northern flying squirrels
(Glaucomys sabrinus) (Waters and Zabel
1995, Carey 2000, 2001, Gomez et al.
2005, Wilson 2010, Manning et al. 2012,
Wilson and Forsman 2013), red-backed

voles (Myodes rutilus) (Suzuki and Hayes
2003), and red tree voles (Arborimus longi-
caudus) (Swingle and Forsman 2009, Wil-
son and Forsman 2013). Further, thinning
affects the composition and biomass of hy-
pogeous fungi (Gomez et al. 2003), an im-
portant food item for flying squirrels and
other small mammals. The food web of my-
corrhizal ~ fungi/small  mammals/spotted
owls is an important ecosystem function
(Maser et al. 1978), and it should receive
more attention if forest restoration is truly
the goal. Franklin and Johnson (2012) note
only one of the above references, but ac-
knowledge probable restrictions, given the
potential effects of thinning on small mam-
mals as spotted owl prey.

Vegetative changes created by commer-
cial thinning of mature MFs and extensive
thinning (one-half to two-thirds as proposed
by ecological forestry) in DFs will have a
negative effect on primary prey (e.g., north-
ern flying squirrel) for both spotted owls and
barred owls (Strix varia) who exploit this
common food source (Wiens 2012). This,
in turn, will likely increase the competitive
pressures on spotted owls that appear to be
competitively inferior to barred owls (Dug-
geretal. 2011, Wiens 2012). Itis not known
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Figure 3. Restoration schematic diagram for forest ecosystems based on comparisons of
degraded versus baseline sites with respect to forest structures, functions, processes, and
species composition. Ecological restoration would move a site from low (degraded) to high
ecological integrity (upper right) based on comparisons to a historic baseline or a reference
area of high ecological integrity (DellaSala et al. 2003).

whether there are thinning approaches that
will not have these negative effects on prey of
either or both species, or whether there will
be ample research funds to address this ques-
tion. This concern needs to be studied in
more detail before commercial thinning is
implemented beyond the pilot projects on
BLM lands.

Notably, at least for California spotted owls,
they select high-severity fire areas (unsal-
vaged) for foraging (Bond et al. 2009) and
have higher reproduction successes in
mixed-severity fire areas than in unburned
forests (Roberts et al. 2011); in addition,
mixed-severity fire without postfire logging
does not reduce occupancy (Lee et al. 2012)
nor does it change home-range size (Bond et
al. 2013). Thus, whether active manage-
ment is needed in owl habitat for fire con-
cerns remains questionable. Moreover, esti-
mates of forest disturbance by fire versus
natural regrowth in DF provinces within the
region show an increasing amount of older,
closed canopy forests at the landscape scale
even with fire (Hanson et al. 2009, Odion et
al. in review). Only when the ratio of stand
replacing fire to forest regrowth is >1 do
closed canopy forests decrease over time.
Thus, fire would have to increase about 5

times the current rates in dry provinces be-
fore this ratio would switch to a decreasing
state (Odion and Hanson 2013, Odion etal.
in review). Consequently, the assumptions
of high fire risk to closed canopy forests and
fire as a risk to spotted owls that are contin-
ually used to justify ecological forestry ap-
pear to be considerably overstated and lack
empirical evidence.

6. Lack of Recognition for Natural
Pathways to Complex Early Seral Forests

An important tenet of ecological for-
estry is that VRHs are needed to produce
timber volume while creating early seral
habitat for wildlife. VRHs can be an im-
provement over clearcutting practices, de-
pending on structural retentions, but they
remain untested hypotheses regarding bene-
fits to early seral communities. Franklin and
Johnson (2012) omit natural pathways to
complex early seral forests, and this alterna-
tive approach to generate early seral forests is
missing from the BLM pilots. Instead, the
contemporary pattern of early seral forests
generated by commercial logging has re-
sulted in widespread distribution of more
simplistic forests across large landscapes
(e.g., “checkerboard” BLM ownerships in
southern Oregon) and presumably a lack of

complex early seral forests generated by nat-
ural disturbance processes (Swanson et al.
2011, DellaSala et al. 2013). Notably, some
rare wildlife species such as the black-backed
woodpecker (Picoides arcticus) respond pos-
itively to complex early seral habitat created
by natural disturbance but negatively to
carly seral habitat created by even-aged log-
ging (Hutto 2008). The same appears to be
true for spotted owls (Lee et al. 2012). Com-
plex early seral forests created by high-sever-
ity fire also support species richness compa-
rable to that of old-growth forests, but this
stage is ephemeral (lasting <20 years) as co-
nifer crowns close off understory develop-
ment (Fontaine et al. 2009, Swanson et al.
2011, Donato et al. 2012, DellaSala et al.
2013).

Generally, the only known pathway to
complex early seral forests is to allow them to
go through succession unimpeded after nat-
ural disturbance (Swanson et al. 2011, Del-
laSala et al. 2013). Postfire logging can ad-
versely affect conifer regeneration (Donato
et al. 2006), wildlife habitat (Noss and Lin-
denmayer 2006, Hutto 2008), soils (Della-
Sala et al. 2006), survival and territory occu-
pancy of spotted owls (Clark et al. 2011,
2013, Lee et al. 2012), and aquatic ecosys-
tems (Karr et al. 2004), retarding develop-
ment of complex early seral forests. Interest-
ingly, postfire logging represents significant
timber volume on BLM lands with some
BLM districts reporting 27.5% of annual
sale quantity (1995-2006) from “mortality
salvage” (e.g., Lakeview BLM District; US-
DOI Bureau of Land Management 2013).
Much of this volume came from forests
likely to have complex early seral features
such as those in key watersheds, late succes-
sional reserves, and riparian reserves; areas
with large, old trees killed by fire or insects
are the best places to naturally regenerate
complex early seral forests (Swanson et al.
2011). Cessation of postfire logging would
certainly help compensate for the likely un-
derrepresentation of complex early seral for-
ests across the landscape and alleviate the
perceived need to create them silviculturally.

7. Landscape Context Is Often Ne-
glected During Implementation

When it comes to context, managers
need to see the forest not just for the trees
but for the landscape (Figure 4) before de-
ciding on stand-level prescriptions. For in-
stance, BLM pilots are nested in a landscape
highly fragmented by roads and clearcuts
and thus creating early seral forests through
VRH at the stand level is not necessary,

Journal of Forestry * November 2013 425



Buck Rising pilot

S

[ piot units

[] Estimated Riparian Reserve

A sm

AUTHOR’S PERSONAL COPY

; White Castle pilot

o

S

%‘%
oo

Figure 4. Landsat view of BLM pilots in southwest Oregon showing a highly fragmented
landscape with BLM cut units (white polygons) in variable retention harvests and adjoining
Riparian Reserve (linear polygons) in “density management” within a surrounding land-
scape of mostly early seral forest created by logging. Northwest units (3) are the Buck Rising
pilot; other units are in the White Castle pilot. Data sources: Esri, Bureau of Land Manage-

ment, US Department of Agriculture, i-cubed.

given that it is not in short supply nor is
VRH a substitute for natural disturbance
processes. Additional harvests in remaining
older forests to create early seral forests
would also result in cumulative impacts to
late-successional species and further contrib-
ute to the successional debt of older forests.
A more fragmented landscape, where the re-
maining mature forest blocks are broken up
into smaller and structurally simplistic
patches (Figure 4) lacking interior condi-
tions, may exacerbate predation of marbled
murrelet nest sites by corvids (Malt and
Lank 2009).

Conclusions and
Recommendations

Whereas Franklin and Johnson (2012)
offer ecological forestry as a new paradigm
for federal lands in the Pacific Northwest,
key elements of their proposal and the way it
is being implemented by managers conflict
with conservation biology, ecological resto-
ration, and prudent management of aquatic
and wildlife resources. The most significant
shortcomings of their approach are that it is
driven largely by economic returns and po-
litical pressures, uses an inappropriate base-
line for evaluating restoration, will degrade
habitat for spotted owls and many other late
seral species, will increase aquatic impacts
from extensive thinning and road networks,
and may create novel ecosystems that flip
ecosystem dynamics to altered states with
undesirable consequences to biological di-
versity. Implementation problems with the
pilot projects further demonstrate how ap-
proaches lacking in well-defined tree age
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cutoffs create mistrust, a greater need for
multidisciplinary monitoring, and scientific
input from forest and wildlife ecologists.

We offer 14 recommendations to im-
prove the framework and its implementa-
tion:

1. Adhere to the NWFP standards and
guidelines, especially the reserve net-
work and riparian and watershed con-
servation measures in the Aquatic Con-
servation Strategy because there have
been measurable improvements to wa-
tersheds under this strategy (Reeves et
al. 20006).

2. In MFs and areas with mixed-severity
fires, prohibit thinning in forests >80
years and prohibit VRHs in spotted owl
and marbled murrelet critical habitat.
There is scientific precedent for this age
threshold (FEMAT 1993); mature for-
ests are in short supply regionally (Strit-
tholt et al. 2006), are the only precur-
sors to old-growth forests, and are
habitat for these and other imperiled
late seral species such as red-tree voles.
Lacking specific prohibition on harvest-
ing of mature forests, we anticipate con-
tinued conflict over ecological forestry
as evidenced by the BLM pilots.

3. If experiments with VRHs are done,
they should be confined to previously
managed stands <80 years outside crit-
ical habitat for any listed species or spe-
cies of concern. The effects on early se-
ral species should be addressed.

4. In DFs, if thinning is conducted in a
particular location due to land manag-

ers’ concern about hazardous fuels, use
an upper cut limit (trees =80 years or
trees <21 in dbh; “eastside screens”)
(US Department of Agriculture 1995)
to protect large trees that are scarce
(Henjum et al. 1994, Van Pelt 2008)
and to remove small trees for fire con-
cerns (Martinson and Omi 2003). Do
not alter the composition of multistrata
stands with large trees or single-stratum
stands with large fire-intolerant white
firs (Abies concolor) below their natural
range of variability (e.g., as in the exist-
ing castside ecosystem strategy guide-
lines in place, US Department of Agri-
culture 1995). Include snag creation
(Hanson et al. 2010) of larger white firs
to shift species composition in fire-
suppressed forests.

5. Prioritize managed wildland fire and
prescribed fire for ecological restora-
tion.

6. Retain at least 60% canopy closure in
DFs (USDI Fish & Wildlife Service
2012) and >50% late-successional for-
ests at the territory scale (Franklin et al.
2000, Olson et al. 2004, Dugger et al.
2005) for spotted owls and other species
associated with closed canopy, older
forests. Include high densities of large
snags and small/medium-sized trees for
late seral wildlife such as Pacific fishers
(Martes pennanti) (Zielinski et al. 2006)
and spotted owls (Pidgeon 1995, North
etal. 1999) and high snag basal area for
black-backed woodpeckers (Hutto
2008).

7. Avoid creation of novel ecosystems by
using both back casting (e.g., stand age
reconstructions) and forecasting (e.g.,
downscaled climate change models)
techniques to set restoration targets. We
are not suggesting that ecosystems re-
turn to some specific past condition;
however, clearly defined baselines with
historical context or comparable refer-
ence areas of high ecological integrity
should be a restoration prerequisite to
avoid creation of novel ecosystems.

8. Fully assess the impacts of “ecological
forestry” and ensure that forest restora-
tion addresses the complete range of
ecological concerns, including reduc-
tions in carbon stores caused by VRHs
and thinning (Campbell et al. 2011),
soil compaction, and reduced recruit-
ment of dead wood, invasive species,
roads, and forest fragmentation.

9. Restore hydrologic functions to areas



damaged by roads through road obliter-
ation and recontouring of the road
prism and prohibit postfire logging in
riparian reserves and key watersheds.

10. Support well-designed and fully funded
experiments to resolve conflicts over
thinning to spotted owls, prey species,
and barred owl invasions.

11. Develop a finer classification system
than moist/dry to resolve uncertainties
and place forests with mixed-severity
systems in the MF category to limit in-
appropriate thinning. Forest classifica-
tions need to correlate more specifically
with plant association groups, site-
specific factors, and historical fire re-
gimes before conclusions can be drawn
on appropriate management, particu-
larly in mixed-severity systems (Ha-
lofsky et al. 2011, Perry et al. 2011).
This issue should be periodically re-
viewed, given the emerging evidence of
climate change.

12. Conduct research to estimate historical
amounts and distribution of complex
early seral forests versus current spatio-
temporal distribution of simple and
complex early seral forests to document
any current deficiencies and differences
in forest quality (Odion and Hanson
2013).

13. Prohibit postfire logging and replanting
after disturbance to ensure adequate
structure and composition of complex
early seral forests.

14. Incorporate landscape context in envi-
ronmental assessments to determine the
cumulative effects of thinning and log-
ging on late seral species and distribu-
tion of complex early seral forests.

Franklin and Johnson (2012) state that
stakeholders have created polar opposites for
federal lands: either managing them for in-
tensive wood production or for spotted
owls. However, the NWFP was designed to
meet the viability requirements of >1,000
late-successional species, not just owls, and
is a compromise between these two compet-
ing views. Many scientists and conservation
groups have offered ways to restore forests
beyond thinning (DellaSala et al. 2003),
have proposed thinning measures with less
impact (Kerr 2012), and other active man-
agement approaches that constitute more
comprehensive restoration measures (Han-
son et al. 2010). Ecological forestry as cur-
rently conceived will create more tension
over management of federal forests than it
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resolves, initiating questions about its ade-
quacy as an ecologically credible framework.
Whereas we have presented ecological con-
cerns, others have identified significant con-
troversy in policies that seek to increase tim-
ber volume by overturning environmental
protections (Blumm and Wigington 2013).
This is especially the case for BLM lands in
western Oregon because these lands have a
history of overcutting and recent proposals
to undermine the NWFP; thus, increased
logging would come at a significant expense
to important ecological values already in
short supply and to the public trust.

Endnotes
1. Data from BLM Oregon Forest Cover Op-
erations Inventory obtained from www.blm.
gov/or/gis/data-details.php?data=ds000045.
2. Please visit [thesiskiyoucrest.blogspot.com|
for more information.
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RESPONSE

Ecologically Based Management: A
Future for Federal Forestry in the

Pacific Northwest

Jerry F. Franklin and K. Norman Johnson

n their opinion piece, DellaSala et al. (2013) (hereafter, called the
“Critique”) offer a miscellany of criticisms of the peer-reviewed
article in which we proposed some restoration strategies for federal
forests in the Pacific Northwest (PN'W) (Franklin and Johnson 2012).
We respond below to aspects of their critique, primarily what they
view as our major “ecological shortcomings.” Their assertions re-
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garding potential negative impacts of our proposals on the north-
ern spotted owl (NSO) are addressed by Henson et al. (2013).

Ecological Forestry

Ecological forestry (EF) is conceptually based on utilizing pro-

cesses and conditions characteristic of natural forest ecosystems as
models for forest management and is not defined by a specific
silvicultural practice or management proposal, which the Critique
apparently does not recognize. EF differs fundamentally from pro-
duction forestry (PF), which is conceptually grounded on agro-
nomic models constrained by economic considerations (Table 1).
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Table 1. Conceptual basis and some exemplary elements of ecological forestry in contrast with those of production forestry.

Ecological forestry

Production forestry

Conceptual basis

Utilizes ecological models from natural forest systems as basis for managing

forests

forests

Utilizes agronomic models combined with economic models as basis for managing

Exemplary philosophical contrasts

Maintains full array of ecosystem structures, functions, and biota at larger

spatial scales
Tends to increase management and societal options
Values complexity and heterogeneity

Maintains limited set of ecosystem structures, functions, and biota consistent with

economic goals except where legally required to do more
Purposely limits management and societal options in pursuit of high economic returns
Values simplicity and homogeneity

Exemplary definitional elements of ecological forestry

Provides for continuity in structure, function, and biota between forest

generations

Utilizes natural stand development models, including effects of
disturbances, in developing silvicultural prescriptions

Spatial heterogeneity at stand and landscape levels is typically a goal

Considers and incorporates impacts of natural disturbances

Creates discontinuity in structure, function, and biota between forest generations
Utilizes agronomic models in developing silvicultural prescriptions

Spatial uniformity at stand and landscape levels is goal
Attempts to climinate or evade potential for natural disturbances

Exemplary attributes of silvicultural systems and prescriptions

Multi- or uneven-aged management regimes

Incorporates biological legacies into all regeneration harvest treatments

Variable-density thinning practices
Retains woody debris and defective trees and structures

Even-aged management regimes or economic selection on low-production sites

Does not incorporate concept of biological legacies except as legally required

Uniform density thinning practices
Eliminates coarse wood and defective trees and structures, except as legally required

The hierarchical structure of EF in
which specific silvicultural activities are
grounded in the general ecological attributes
of forest ecosystems is illustrated in Table 1
and contrasted with practices and attributes
of PF. In general, management approaches
using EF principles do not attempt to opti-
mize singular outcomes but, rather, inte-
grate multiple ecological, economic, and
cultural objectives. As such, EF provides a
philosophical basis for management; man-
agement proposals can be judged as to
whether or not they are philosophically con-
sistent with EF.

Northwest Forest Plan

The Northwest Forest Plan (NWEP) is
described as a “global model of ecosystem
management and biodiversity [protection]”
in the Critique and represented as an unde-
viating guide to federal forest management
since its adoption in 1994. In fact the
NWEDP was never implemented as written
and almost immediately began undergoing
alterations in interpretation and agency
practices (Thomas et al. 2006). Regenera-
tion harvests of mature and old-growth for-
est in the Matrix, which were a foundational
element of the NWEFP, were litigated, even-
tually leading agencies to quietly adopt a
“thinning only” strategy of timber harvest.
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New provisions in the NSO recovery plan
and critical habitat designation (USDI Fish
& Wildlife Service 2011, 2012) effectively
represent major revisions in the NWEP.
Hence, we view the Critique’s claim
that “pressures for change in the NWFP are
recent and solely in response to economic
concerns” as nonsense! Essentially all of the
significant changes in the NWFP have in-
volved increasing ecological protections and
restricting timber harvests, such as by greatly
reducing the area actually available for sus-
tained timber harvests. We do not judge the
merits of these changes but their reality must
be acknowledged in any discussions about

the NWEP.

Recognizing Forest Diversity in
Policy

The distinction between dry forests and
moist forests of the PN'W is identified as first
among our ecological shortcomings in the
Critique. We viewed this distinction as the
critical starting point for any national policy
regarding retention of old-growth forests be-
cause: (1) active management is imperative
to restore and sustain old forests on many
sites with natural disturbance regimes of fre-
quent low- to mixed-severity wildfire (our

dry forests, or DFs); in contrast, (2) active
management is generally unnecessary and
even potentially destabilizing in existing old-
growth forests growing on sites character-
ized by infrequent high-severity wildfires
(our moist forests, or MFs). Further, our
proposed policy for active management of
DFs is permissive, meaning that managers
would be allowed (but not required) to ac-
tively restore DFs, depending on such vari-
ables as their condition and landscape con-
text.

Of course, a “simplistic binary classifi-
cation” of forests without further elabora-
tion would be inadequate so we identified
and assigned each of the several hundred,
geographically relevant and scientifically
documented plant associations and habitat
types to MF or DF categories. This ap-
proach explicitly recognizes the diversity of
forest types and conditions and the intricate
landscape-level mosaics of forest, habitats,
and disturbance regimes in a way that is ap-
propriate in federal legislation and it pro-
vides managers with needed flexibility in ap-
plying the management strategy so that they
can tailor it to site-specific considerations. In
addition we strongly urge managers to do
on-the-ground surveys to identify plant as-
sociations thatare present and their distribu-



tion rather than depending on generalized
maps.

Defining Old Forests

Policy decisions about federal forests
are ultimately social decisions, including de-
cisions about which forests should be re-
served from timber harvest. Goals in a policy
analysis are to analyze an array of possible
alternatives without prejudice. Hence, we
used three different ages at which MFs
might be declared “old” and reserved from
harvest. All three ages—80, 120, and 160
years— have been part of the social dialogue
(Johnson et al. 1991, Johnson and Franklin
2009, Johnson and Franklin 2012) and their
disposition on NWEFP land allocations avail-
able for harvest (Matrix and Adaptive Man-
agement Areas) intensely debated. We were
members of a congressionally chartered
committee (Johnson et al. 1991) that first
identified 80 years as the age when forests
began to exhibit some “late successional at-
tributes” and documented that mature for-
ests (80—200 years old) are relatively com-
mon on federal lands in the PNW. Large
areas of such forests are incorporated into
the Late Successional Reserves of the
NWEP. Further, Recovery Actions 10 and
32 in the recovery plan for the NSO (USDI
Fish & Wildlife Service 2011) are likely to
resultin retention of many forests in the 80—
160 year age range. Given all of these cir-
cumstances, we suggested that MF variable-
retention  regeneration  harvests  focus
primarily on younger forests, with retention
of any trees 150 years when they occur in
younger stands subject to harvest. In any
case, we reiterate that the disposition of
these mature forests 7s a social decision.

We certainly do propose restoration
treatments of DF stands that have individual
trees >150 years and, indeed, often argue
that stands containing these older trees
should be high priorities for restoration
since the old trees in these stands are often at
high risk of accelerated mortality (Franklin
etal. 2013). Our DF strategy is a landscape-
level approach in which approximately one-
third of the landscape is retained in denser
patches and all older trees in the remaining
two-thirds are not only retained but nur-
tured (by reductions of fuels and competi-
tion) to increase their longevity. Our pro-
posals are largely consistent with the DF
strategy adopted in the NSO recovery plan
(USDI Fish & Wildlife Service 2011).
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Impacts to Aquatic Ecosystems

The Critique charges that our proposed
timber harvesting program will “. . . create a
need to maintain or expand the already ex-
tensive road system,” which would presum-
ably have undesirable impacts on aquatic
ecosystems. In fact, resumption of regenera-
tion harvests would almost certainly result in
less road-related impacts than the extensive
thinning programs apparently favored by
authors of the Critique (e.g., proposals of
Kerr 2012). Thinning programs not only re-
quire a much greater mileage of road per
unit of wood harvest but also produce much
lower stumpage returns, resulting in fewer
dollars being available for maintenance or
closure of roads.

Baselines for Dry Forests

The Critique appears to lump all DFs
into the category of “mixed severity fire re-
gions.” Our restoration strategy for the DF
landscapes in eastern Oregon is detailed in
Franklin et al. (2013). Included in the DF
category are ponderosa pine, dry mixed-co-
nifer, and moist mixed-conifer forest types
with more detailed specification by specific
plant associations. We again note that active
management of such forests is optional and
not mandatory under our proposals, provid-
ing managers the flexibility to respond as ap-
propriate to individual plant associations,
stand conditions, landscape contexts, and
management goals.

Our baseline includes analyses of his-
torical timber cruises of the Klamath and
Warm Springs Reservations (Hagmann et
al. 2013, Hagmann 2013). It is clear from
this revealed historical baseline that pine and
dry and most moist mixed-conifer forests
were low-density stands dominated by large
diameter ponderosa pine. It is also clear from
the historical cruises that Baker’s (2012) at-
tempted reconstructions in these two loca-
tions grossly overestimate historical stand
densities.

We agree with the Critique that there is
high forest diversity in southwestern (SW)
Oregon, including Oregon’s portion of the
Klamath—Siskiyou (KS) region but in subse-
quent discussions the Critique largely treats
SW Oregon as a singularity (i.e., a region of
mixed-severity wildfire). In fact, conditions
vary from coastal areas, which are clearly MF
with infrequent severe wildfire regimes, to
dry interior river valleys, where natural fre-
quent wildfire regimes dominated (DF).

Great care is, therefore, required in
characterizing conditions in SW Oregon on
both local and larger scales. The Critique
cites several studies from the Klamath Na-
tional Forest, which is in moister portions of
the KS region, and not applicable to interior
valleys in SW Oregon. A cited study of lake
sedimentation (Colombaroli and Gavin
2010), which is used to infer widespread oc-
currence of mixed-severity wildfires, lies in a
watershed that is dominantly MF," where
such fires would be expected. After visiting
more than 50 locations, we have found that
many DF sites in the interior valleys of SW
Oregon are occupied by maturing (<150
year old) Douglas-fir forests, which appear
to be the first generation of closed-canopy
conifer forests on these sites. This interpre-
tation is consistent with recent fire history
studies in the Applegate River drainage.’

As before, we conclude that research
and management in SW Oregon requires
close attention to local environmental con-
ditions and a highly adaptive approach so as
to create and incorporate additional under-
standing of this complex region.

High-Quality Early Seral
Ecosystems

The Critique charges that we failed to
recognize natural pathways to “complex
early seral forests.” First, we need to clarify
that the issue is about high-quality early seral
ecosystems (ESEs), not “complex early seral
forests;” the ESEs that characterize the ini-
tial period following a disturbance are not
forests (ecosystems dominated by trees) but
ecosystems dominated by diverse plant life
forms— cryptogams, herbs, shrubs, and in-
dividual trees. Second, while we agree that
ecological forestry can provide conceptual
approaches to producing “. .. timber vol-
ume while creating early seral habitat,” such
a goal is certainly not a “tenet of ecological
forestry”!

Cessation of postfire logging could
provide high-quality ESEs as noted in the
Critique and we have opposed salvage log-
ging on MF sites where primary manage-
ment goals are ecological, such as on much
federal land (e.g., see Lindenmayer et al.
2008).

ESEs are the ecologically critical first
stage in the multicentury successional se-
quences or seres that develop on MF sites in
the PNW. The ESEs arguably sustain the
highest biodiversity of any stage in the sere
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by a variety of measures; this biodiversity in-
cludes many ESE habitat specialists as well as
ecosystem processes weakly represented else-
where in the sere (e.g., accretion of nitrogen
stocks) (Swanson et al. 2011). Conse-
quently, ESEs need to be predictably and
adequately represented in time and space
and, just as with old-growth forests, the only
landownership on which high-quality exam-
ples of such ecosystems can reliably be pro-
vided are federal lands. Hence, we argue that
provision of ESEs is a goal that needs to be
incorporated into federal management plans
and suggest achieving this by a program of
variable retention regeneration harvests with
adjustments periodically made for ESEs cre-
ated by natural disturbances.

The Critique’s assertion that ESEs were
“ephemeral” is inaccurate. ESEs typically
persisted for several decades. For example,
the duration of Douglas-fir establishment in
natural stands throughout the Douglas-fir
region—a useful index to persistence of ESE
conditions—averaged 50—60 years in two
independent studies of natural Douglas-fir-
dominated stand establishment (Tepley
2010, Freund 2013).

Conclusion

Our proposals are motivated by ecolog-
ical goals and the desire to see that all man-
agement of federal lands is ultimately based
on ecological principles. However, we admit
to seeking solutions that provide economic
as well as ecological benefits in the belief that
such approaches represent the only viable fu-
ture for federal forest lands. We also admit
to raising the issue of whether society wishes
for forestry to have a continuing and active
role in management of the federal forests of
the PNW. If so, we have suggested some
ways for forestry to play that role that inte-
grate ecological, economic, and social val-
ues. If raising these issues increases tensions
over management of federal lands, so be it;
the time for this discussion is long past!
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Endnotes

1. Moist forest plant associations as modeled in
Johnson and Franklin (2009 and 2012).

2. Comfort, E., C.J. Dunn, J.D. Bailey, J.F.
Franklin, and K.N. Johnson. (Manuscript in
development). Disturbance history and eco-
logical change in a coupled human-ecologi-
cal system of southwest Oregon, USA.
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RESPONSE

Using Ecological Forestry to Reconcile
Spotted Owl Conservation and Forest
Management

Paul Henson, Jim Thrailkill, Betsy Glenn,
Brian Woodbridge, and Brendan White

I n their opinion article, DellaSala et al. (2013) identify the po-
tential shortcomings of Franklin and Johnson’s (2012) ecologi-
cal forestry (EF) management principles. DellaSala et al. also criti-
cize the incorporation of some of these principles into the recently
completed northern spotted owl (Strix occidentalis caurina) (NSO)
revised recovery plan (USDI Fish & Wildlife Service 2011) and
revised critical habitat (CH) designation (50 CFR 17; 77 FR
71875). Although we agree with several of their points, we think
components of their criticisms and recommendations mischaracter-
ize our application of EF principles. DellaSala et al. also understate
the risk of climate change and associated disruptions in forest eco-
system disturbance processes, whereas they overstate the potential
impacts of certain EF management prescriptions on those same eco-
systems. We focus below on their comments concerning NSO con-
servation and its relationship to climate change, active forest man-
agement, and the Northwest Forest Plan (NWEFP) (USDA Forest
Service/US Department of Interior Bureau of Land Management
1994).

Many of the recommendations made by DellaSala et al. (2013)
are sound and were originally included in the NSO recovery plan
and CH. The recovery plan takes an ecosystem approach. It encour-
ages managers to (1) conserve older forests and manage them for
resilience, (2) restore fire and other natural disturbance processes
where they have been suppressed or altered, (3) conserve legacy hab-
itat elements in postfire landscapes, (4) design and implement res-
toration treatments at the landscape scale, and (5) reconcile any
short-term impacts of this management with long-term NSO con-
servation. Areas of disagreement with DellaSala et al. are mostly a
matter of degree and risk tolerance: What are the risks of taking
management action versus inaction? And what are the respective
tradeoffs between near-term impacts to NSO for longer-term gains
for forest health, other wildlife species, and other societal values
(Ager et al. 2007, Gaines et al. 2010a)?

DellaSala et al. (2013) seem to question most active manage-
ment within NSO habitat because they believe that (1) current and
projected patterns of wildfire occurrence in much of the NSO range
are acceptable and within historical bounds, (2) the related Califor-
nia spotted owl (Strix occidentalis occidentalis) evolved with fire and
use burned areas (therefore, fire may have a mostly positive impact
on the NSO), (3) management is risky or counterproductive and
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should not be taken until some (unspecified) level of certainty or risk
tolerance is reached, and (4) political and economic interests, rather
than science, are driving EF management recommendations. Each
of these positions deserves careful consideration.

We believe the preponderance of scientific evidence suggests
that climate change and past management practices are intensifying
disturbances in western forest ecosystems, including wildfire, dis-
ease, and insect outbreaks. Wildfire size and total burn area have
been increasing in the dry, fire-prone forests of the western United
States (Westerling et al. 2006, Littell et al. 2009, Chmura et al.
2011) and are projected to increase significantly during the next
century (Marlon et al. 2012, Vose et al. 2012, Yue et al. 2013).
Larger wildfires west of the Cascade Mountains are also more likely
(Littell et al. 2010, Rogers et al. 2011), including all major forest
types in Oregon (Shafer et al. 2010) and in northwestern California
(Miller et al. 2012). Davis et al. (2011) found a marked increase in
large wildfires in the NSO range in the last 30 years.

The overriding management issues are the following: how “de-
parted” are these disturbance processes and vegetation patterns from
both retrospective baselines and reasonable estimates of likely future
conditions, and what, if anything, should land managers do to in-
fluence these patterns in the face of climate change? DellaSala et al.
(2013) generally downplay the challenges that climate change has
brought to forest management decisions, suggesting that ecological
departure in northwest forests is low and uncertainty in localized
predictions means that managers should defer taking most manage-
ment action if there are short-term adverse effects of NSO or asso-
ciated wildlife species. We disagree with both their interpretation of
climate science and their advocacy of a passive approach. Rather, we
believe it is necessary to weigh the relative risks of action and inac-
tion and make timely management decisions that take into account
broader, longer-term goals for wildlife and ecosystem conservation
(Agee 2002, Carey 20006, North et al. 2010). The Endangered Spe-
cies Act of 1973 directs us to “conserve the ecosystems” on which
listed species depend (Endangered Species Act, Section 2), and
NSO conservation is consistent with and, in fact, relies on these
broader ecosystem conservation objectives.

Our perspectives also diverge from those of DellaSala et al.
(2013) regarding the relative risks to the NSO from wildfire, and
their conclusions discounting the potential impacts of fire on spot-
ted owl populations and habitat rangewide are premature (Kennedy
and Wimberly 2009, Halofsky et al. 2013). Wildfire is now the
leading cause of NSO habitat loss on federal lands (Davis et al.
2011), and Clark et al. (2013) found that NSO site occupancy of
nesting territories declined after wildfire. The NSO recovery plan
describes how individual spotted owls use burned areas to varying
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degrees, and we agree that pre- and postfire
management intervention is not warranted
or would be counterproductive in many ar-
eas (USDI Fish & Wildlife Service 2011, p.
I1I-30). We also agree that there is tremen-
dous variation in disturbance processes and
vegetation patterns due to ecological com-
plexity (Hessburg et al. 2007) and that high-
severity fire is an appropriate and desirable
component of natural fire regimes in some
areas (Stephens et al. 2012). However, valu-
able and rare (in absolute and historical
terms) older forests in the range of the NSO
are being removed by fire (Spies et al. 2006,
Davis etal. 2011), and these losses will prob-
ably increase in the future (Healey et al.
2008). DellaSala et al. acknowledge that
“mature forests are in short supply
regionally” and should be conserved, and
they advocate adherence to the NWEFP
guidelines, but they disregard the NWFP di-
rection to conserve these forests from cata-
strophic disturbance (USDA Forest Ser-
vice/US Department of Interior Bureau of
Land Management 1994, p. B-5, C-12).
Their general conclusions that large areas of
these older forests, including areas in the
eastern Cascade Mountains of Washington
(Lehmkuhl et al. 2007, Haugo et al. 2010)
and Oregon (Kennedy and Wimberly 2009,
Spies et al. 2010), in southwest Oregon
(Perry et al. 2011, Hagmann et al. 2013),
and in northern California (Miller et al.
2012), are at low risk of loss or ecological
conversion are at odds with those of many
other scientists.

The NSO recovery plan seeks an appro-
priate balance between action and inaction
in view of disturbance risk and past manage-
ment practices. It recommends little or no
management intervention in areas of high-
quality NSO habitat or where disturbance
risk is relatively low or acceptable (e.g., older
moist forest). However, in other areas, espe-
cially drier forests, it recommends that land
managers consider intervention based on
careful planning at the appropriate land-
scape level (Roloff et al. 2012, Safford et al.
2012, Halofsky et al. 2013). Much of this
science is focused on explicitly weighing the
tradeoffs between single species conserva-
tion and broader ecosystem goals (e.g.,
White et al. 2013a). DellaSala et al. call for
more research before management actions
are taken, but there is already much specific
guidance on how to minimize risk and im-

pacts to NSO and other wildlife when im-
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plementing appropriate management (e.g.,
Lehmkuhl et al. 2007, Buchanan 2009,
Spies et al. 2012). Although there is still
much unknown about these ecosystems and
no decision is risk-free, there is solid scien-
tific insight that enables informed manage-
ment decisions to move forward. Applying
EF principles is not a “one size fits all” ap-
proach, and we support monitoring and in-
corporating those results into subsequent
decisions as part of an adaptive management
process. Good examples of landscape strate-
gies that apply EF and adaptive principles
within the NSO range include Gaines et al.
(2010a), Smith et al. (2011), Davis et al.
(2012), North etal. (2013), and Hessburg et
al. (2013).

Similar to their generalizations con-
cerning wildfire, DellaSala et al. (2013)
oversimplify how various types of vegetation
management might negatively affect NSO
populations or other wildlife, but they do
not provide the same level of speculation on
how inaction might negatively affect the
NSO or other species. Our approach is
based on considerations of both action and
inaction. In reality, these management deci-
sions are quite complex and context- and
taxa-specific. Wildfire, prescribed fire, and
vegetation management affect species in
many different ways—positively and nega-
tively— over space and time, and there are
ecological tradeoffs for many species and val-
ues (e.g., Forsman et al. 2010, Fontaine and
Kennedy 2012). Many other scientists rec-
ommend active management of various
types to help conserve forest wildlife due to
threats of uncharacteristic disturbance (e.g.,
Gaines et al. 2010b, Kalies et al. 2010, Ste-
phens and Alexander 2011). For example,
high fuel loading and ladder fuels can reduce
foraging or nesting habitat quality for Cali-
fornia spotted owls in Sierra Nevada forests
(Roberts and North 2012, Keane 2013). A
vegetation treatment may accelerate the de-
velopment of NSO nesting habitat (Wim-
berly et al. 2004) or reduce the risk of high-
severity fire for forest birds (White et al.
2013b), even if it temporarily degrades ex-
isting habitat and “takes” owls in the near
term (Franklin et al. 2006). Forest manage-
ment projects may adversely affect and take
NSOs, but these projects might still be com-
patible with NSO recovery and CH if the
overall magnitude of the impacts is limited
in scope temporally and geographically, es-
pecially where the primary intent of the

project is long-term restoration (Gaines et
al. 2010a). Scheller et al. (2011) described
similar tradeoffs for the fisher (Martes
pennanti) in the Sierra Nevada. The NSO
recovery plan recommends that these
tradeoffs be carefully evaluated on a case-by-
case basis at the appropriate landscape scale,
with a joint goal of restoring or emulating
natural disturbance processes and recovering
NSOs.

DellaSala et al. (2013) criticize these
projects for having an impact on the NSO.
They do not acknowledge, however, the
possibility that the known adverse effects as-
sociated with a well-crafted project may be
preferable to potential adverse effects associ-
ated with doing nothing in highly departed
landscapes (North et al. 2010). We appreci-
ate the many sources of uncertainty that im-
pinge on such a choice, but as we described
above, tools and techniques are available to
create detailed, site-specific, risk assessments
to inform these difficult management deci-
sions. We recommend ongoing research and
monitoring to better understand the effects
of forest restoration treatments on the NSO
and other plant and animal species (USDI
Fish & Wildlife Service 2011, p. I1I-35).

DellaSala et al. (2013) suggest that ap-
plication of Franklin and Johnson’s (2012)
EF principles or the NSO recovery plan
might result in a decrease in protections pro-
vided by the NWEFP or other environmental
safeguards. We believe the opposite is more
likely. Each of the pilot projects they criti-
cize (DellaSala etal. 2013, Table 1) not only
are consistent with the requirements of the
NWEP but also are more restrictive than
what the NWEFP otherwise permits. They
leave more downed wood and more stand-
ing trees than the NWFP requires, they in-
corporate natural disturbance processes into
management decisions, and the prescrip-
tions do a better job addressing broader
wildlife goals than traditional silviculture.
The approach is a marked improvement
over previous types of permitted federal tim-
ber harvest, including what is allowed on
“matrix” lands under the NWEFDP.

On a broader level, DellaSala et al.
(2013) discourage active forest management
because of the risk of unintentionally creat-
ing “novel” ecosystems. Yet the majority of
researchers (Hagmann et al. 2013, Lydersen
etal. 2013, Sensenig et al. 2013, and others)
agree that the cumulative effects of fire sup-
pression and past timber harvest have al-
ready created novel conditions across large



areas, particularly within the eastern Cas-
cades and diverse Klamath-Siskiyou forest
ecosystems. Are these changes to forest
structure and function, taken separately
from wildfire risk, assumed by DellaSala et
al. to be neutral or beneficial to the NSO and
other wildlife, now and in the long term? We
agree that caution is always warranted when
one takes any habitat-altering action. But
what of the potential for novel conditions to
be created or perpetuated as a consequence
of management inaction? Many scientists are
concerned about climate-driven distur-
bances speeding up ecological conversions
among forest types and recommend research
and intervention (e.g., Collins et al. 2011,
Perry et al. 2011, Davis et al. 2012). Given
the tremendous landscape scale of climate-
driven changes, we suggest that this is a
much more serious conservation challenge
for northwest forests (Millar et al. 2007,
Vose et al. 2012). We have structured
NSO recovery to fit within science-based
landscape strategies that address this chal-
lenge and to work closely with our land
management partners such as the USDA
Forest Service (Tidwell 2012) and other
landowners.

In conclusion, the EF principles such as
those articulated by Franklin and Johnson
(2012) and many others (e.g., Franklin et al.
2002, 2007, Drever et al. 2006, North and
Keeton 2008, Long 2009, others) should be
applied to forest management where appro-
priate. They provide an important founda-
tion for restoring natural ecological pro-
cesses, and if also applied to commercial
timber harvest, they are likely to result in a
net conservation improvement compared
with what is currently permitted on many
federal, state, and private lands. DellaSala et
al. (2013) acknowledge this potential, saying
that “some aspects of ecological forestry may
improve on current management,” but this
endorsement is overshadowed by their
suggestion that the EF principles place eco-
nomic and political interests above ecologi-
cal concerns. Viewed from a historical per-
spective and in the face of climate change,
the emergence of EF principles during the
last decade—and their growing acceptance
by both forestland managers and practical
conservationists—is a positive incremental
step in reconciling forest management goals
with wildlife conservation and other socio-
economic values. This reconciliation is es-
sential to building the trust that allows sus-
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tainable policy decisions, especially those
related to conservation of endangered spe-
cies and at-risk ecosystems, to be carried out
with broader public support.
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Introduction

Climate change threatens biodiversity and ecosystem integrity all over the globe (IPCC, 2014) and is already triggering pronounced
shifts of species and ecosystems (Chen et al., 2011; Parmesan et al., 2000). Climate change is also expected to exacerbate effects of
forest fragmentation (Bossuyt and Hermy, 2002; Opdam and Wascher, 2004), especially where only small fractions of formerly
intact ecosystems remain (Heilman et al., 2002), presumably by magnifying local edge effects (Chen et al., 1995; Harper et al.,
2005) and by reducing opportunities for dispersal and range expansion (Thompson et al., 2009; Watson et al., 2013). Thus,
mitigating such effects in areas of global conservation importance is critical as biodiversity losses are especially significant.

The conservation importance of the coastal temperate rainforest region of North America is exemplified by the inclusion of six
World Wildlife Fund Global 200 ecoregions (Ricketts et al., 1999), some of the most carbon dense ecosystems on earth (Leighty
et al., 2006; Smithwick et al., 2002), extraordinarily productive salmon (Oncorhynchus spp.) runs and relatively intact forests
northward (DellaSala et al., 2011). The highest epiphytic lichen biomass of any forest system also occurs here (McCune and Geiser,
2009). Thus, maintaining extant biodiversity in a changing climate has biodiversity significance on a global scale given the region'’s
importance.

Already confirmed climate change effects in this region include elevated temperatures (Karl et al., 2009), declining mountain
snowpack (Mote et al., 2005), shifts in species distributions (Wang et al., 2012), and reduced fog levels (Johnstone and Dawson,
2010). Diminished snowpack combined with late winter freezes has triggered dieback of Alaska yellow-cedar (Cupressus nootka-
tensis) in southeast Alaska (Hennon et al., 2012) and northern British Columbia (Wooten and Klinkenberg, 2011).

Vegetation along the northern Pacific coast has been sensitive to climatic changes since the last glaciation, resulting in large
shifts in species distributions, and providing strong evidence that future climate change will result in substantial ecological changes
(Brubaker, 1988; Heusser et al., 1985). Even small changes in temperature often result in large species displacements, which
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explains contemporary pattern of species distributions along the coastal region (Alaback, 1996). A 125 000-year record of
vegetation change from the eastern slope of the Cascades, for example, shows that while species movements are individualistic,
depending on species characteristics and geography, at the millennial scale global climatic variation is the dominant factor
controlling vegetation distribution (Whitlock and Bartlein, 1997). Conifer species” distributions have changed since the glacial
maximum reflecting differences in dispersal ability, effects of refugia, and changes in glacial dynamics from central Alaska
southward. The physiography of the region, with north-south tending cordillera, has facilitated species movements, helps explain
the rarity of species extinctions in the past, and importance of dispersal in the future if species are to adapt to even more abrupt
climatic changes. Additionally, dramatic changes in vegetation in the past 20 000 years (Whitlock, 1992) corresponded to warming
of 2.5-7.8 °C (median values, including uncertainty) that is similar to what most general circulation models (GCMs) predict for the
Western USA by the end of the twenty-first century (IPCC, 2014).

There is no broad adaptation plan that addresses potential range-wide shifts of ecologically and commercially valuable species
in this region, although there is a growing body of relevant adaptation work as reflected by the North Pacific Landscape
Conservation Cooperative (NPLCC) of the U.S. Fish & Wildlife Service (http://northpacificlcc.org, accessed October 14, 2014).
Our primary objectives were therefore to: (1) model current potential distributions of focal conifers considered of commercial
importance to land managers and to project future potential distributions of focal species and broad rainforest vegetation types in
response to anticipated climate change; (2) identify areas that may exhibit higher vegetation stability, including those in currently
protected areas where biodiversity conservation is emphasized; and (3) illustrate how uncertainty can be addressed in designing
effective adaptation strategies in a changing climate.

Notably, attempts to predict future shifts in species’ ranges have employed a variety of approaches. One widespread approach,
climate envelope modeling, considers the climate conditions where a species is currently or historically distributed and estimates
where those same suitable climate conditions are expected to be found in the future based on GCM outputs. This approach has
both benefits and shortcomings, which have been thoroughly reviewed (Wiens et al., 2009). A criticism of climate envelope
modeling is the strict focus on climate variables with little to no consideration of non-climate drivers such as competition,
predation, soils, elevation, and dispersal. Thus, in our assessment of potential climate change effects, we employed both climate
envelope models and a dynamic vegetation model, despite differences in input data and analysis scales, to qualitatively compare
gross differences regarding the spatial patterns produced. Using correlative and mechanistic modeling approaches independently
might increase the reliability of predictions (see Coops and Waring, 2011; Kearney et al., 2010), reducing uncertainties inherent in
relying on any individual modeling effort.

Also, in this paper, our findings are used to illustrate some key concepts in climate adaptation planning for managers wishing to
maintain extant biodiversity in a changing climate for a rainforest region that straddles two countries (USA and Canada) and large
swaths of public and private lands. Additional analyses not presented, including detailed appendices and datasets, are available
online (http://databasin.org/articles/172d089c062b4fb686cf18565df7dc57; accessed October 28, 2014).

North America Pacific Coast Temperate Rainforest Region

The Pacific Coast of North America contains the largest proportion of temperate rainforests in the world, representing 35% of the
global total (DellaSala et al., 2011). Stretching from the coast redwoods (38° N), California to northern Kodiak Island and Prince
William Sound (61° N), Alaska, these rainforests span a wide climatic gradient (Alaback, 1996). Coastal rainforests are associated
with cool, moist oceanic air masses, a narrow range of temperature extremes, high frequency of clouds and fog, and high annual
precipitation, with most precipitation in the winter (Redmond and Taylor, 1997) and up to 20% in the summer in northern
latitudes (DellaSala et al., 2011). The region consists of four distinct rainforest zones that differ climatically and floristically:
(1) subpolar - north of southeast Alaska to Prince William Sound and Kodiak Island; (2) perhumid - southeast Alaska to northern
Vancouver Island; (3) seasonal - central Vancouver Island to southern Oregon; and (4) warm - southern Oregon coast to San
Francisco Bay area (Alaback, 1996; Figure 1).

Climate Data

In order to predict potential shifts in species and rainforest distributions, we used the downscaled WorldClim dataset at 30 arc-s
(1-km) resolution (Hijmans et al., 2005). We obtained 19 climatic variables for baseline conditions (1950-2000) and for two
future time periods (2050s, 2080s) under the A2A ensemble-high-emissions scenario. This scenario assumes continued global
population growth and focus on regional economic growth rather than global collaboration. It is one of the scenarios that most
closely tracked the emissions trajectory at the time of our 2012 study. Thus, we used three GCMs: CCCMA-CGCM2 (third
assessment, Flato and Boer, 2001), CSIRO-MK2 (third assessment, Gordon et al., 2002), and HADCM3 (third assessment -
Johns et al., 2003) that covered a broad range of temperature and precipitation projections spanning dry and wet projections.

For climate envelope modeling, we employed a 1000-km buffer on the coastal rainforest study area to capture the entire current
ranges of focal species and potential future shifts. Due to the small distribution of coast redwood, the buffer for the baseline model
was set to 100 km around the most outer available localities.
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Figure 1 Aggregated potential distribution of eight focal conifer species (Pacific silver and grand fir, Alaska yellow-cedar, Sitka spruce, western red
cedar, western and mountain hemlock, coast redwood) for the baseline period (a) and the richness changes for 2080s under scenario A2A
ensemble-emissions based on three General Circulation Models (CSIRO (b), CCCMA (c), and HADCM3 (d)).

Selection of Focal Species of Commercial Importance

Based on prior discussions with land managers, we selected eight dominant conifer species of commercial, conservation, and
cultural importance to model potential range shifts related to climate change. These species also were chosen because there was
readily available location data and their geographic range overlapped primarily with our study area. They included Sitka spruce
(Picea sitchensis), western and mountain hemlock (Tsuga heterophylla, T. mertensiana), western red cedar (Thuja plicata), Alaska
yellow-cedar, Pacific silver and grand fir (Abies amabilis, A. grandis), and coast redwood (Sequoia sempervirens). We did not include
other conifers with wide distributions that extended well outside our study area buffer such as Douglas-fir (Pseudotsuga menziesii,
see Coops and Waring, 2011) or hardwoods (see Hamann and Wang, 2006) given their lower importance to land managers in this

region.
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Presence-only Modeling of Focal Species

To build the baseline species distribution models, we obtained presence-only data (point and polygon locations) for focal species
from numerous databases (USDA Forest Inventory Assessment DataMart v5.1 - apps.fs.fed.us/fiadb-downloads/datamart.html;
Biogeoclimatic Ecosystem Classification Program - www.for.gov.bc.ca/hre/becweb/resources/codes-standards/standards-becdb.
html, active October 14, 2014; herbaria collections; museum records; published atlases) and from regional specialists that provided
more than 30 000 species localities ranging from 710 occurrence points for coast redwood to 7999 points for western hemlock.

Presence-only models outline areas that are predicted as suitable space for a given species according to the predictor dataset
(Soberon and Peterson, 2005); these models are known to overestimate realized distributions due to missing information of
unvisited locations (Kent and Carmel, 2011). To examine the impact of climate change on species distributions, we only took
climatic predictors into account, therefore, focusing on a species’ climate envelope (Pearson and Dawson, 2003). Potential
distribution was thus determined by projecting this climate envelope across the geographic study area (Soberén and
Peterson, 2005).

We applied Maxent 3.3.3k (Elith et al., 2011; Phillips et al., 2006) to model current and future potential distribution for each
focal species. Maxent frequently outperforms other presence-only modeling algorithms (Wisz et al., 2008). Instead of real absences,
Maxent uses random background points to approximate the best fitting probability distribution for estimating habitat suitability
(Elith etal., 2011). We used area under curve (AUC) statistics to assess model discrimination performance (Phillips et al., 2006). All
models were replicated 25 times using the bootstrap replicate run type. The final average outputs were used for further analyses. The
species datasets were split into 70% training and 30% test data sets randomly chosen for each model run.

We used jackknife procedures from initial model runs to exclude predictors that showed low importance in predicting included
presence points when modeled in isolation, expressed by low values of model gain. We activated the ‘fade by clamping’ option in
Maxent to mitigate clamping issues arising from projection values extending beyond the range of training data (Phillips et al., 2006)
and chose the logistic output format. The automatic feature selection was applied since it has been validated with respect to a broad
range of species, environmental conditions, numbers of occurrences, and degrees of sample selection bias (Phillips and Dudik,
2008). Using ARCGIS 10, the continuous grid outputs of the Maxent models were transformed into binary data showing either
potential presence or modeled absence of a given species based on species-specific thresholds that minimized falsely excluded
presences while retaining the similarity to published ranges (Little, 1978). Thus, for every species we created one baseline (1950~
2000) potential distribution layer and six future potential distribution layers based on the two time periods (2050s, 2080s) and
three GCMs.

Identifying Areas of Persistence, Gain, and Loss

For each focal species, we analyzed and mapped differences and commonalities between current and all variants of future potential
distributions that were categorized as: (1) ‘persistent distribution” where baseline and future potential distributions overlap,
(2) ‘distribution gain’ where baseline potential distributions are absent but future potential distributions are present, and (3) -
‘distribution loss’ where baseline potential distributions are present but future potential distributions are absent. This is important
for managers wishing to assess broad patterns in species distributions related to projected climate changes.

GCM outputs may differ widely, leading to variation in output among different climate envelope projections (Beaumont et al.,
2008). Using three GCMs that spanned much of the range of possible futures, from wetter to drier and from faster warming to
slower warming, allowed us to assess the level of disagreement among model output as an indirect measure of model uncertainty
for managers wishing to plan for future distribution shifts. Importantly, we were able to assess climate envelope model outputs
regarding model uncertainty inherent in climatic projections: uncertainty being lowest in areas where future potential distributions
of all model projections showed a full consensus (spatial agreement) and highest in cases where they completely differed (Aragjo
and New, 2007). Obviously, model uncertainty is still inherent based on the complexity of climate and ecological systems, the
potential for unexpected events related to climate change, and human behavior concerning greenhouse gas emissions abatement.
Nonetheless, we propose that projections with relatively high agreement among models are useful in predicting broad trends
important in robust reserve design and forest management decisions.

We calculated Cohen'’s kappa coefficients (K) (R Development Core Team, 2013 v. 2.1.12), indicating the degree of agreement
(Fielding and Bell, 1997) between baseline and future potential distribution for all modeled species in order to quantify possible
divergences in potential distributions over time as a proxy for expected shifts in species distribution (online appendix).

Outputs of climate envelope models can also be used to compile richness maps based on aggregated potential species
distributions (McKenney et al., 2007). We used binary, aggregated potential distributions of focal tree species as an index of
broad potential changes in species richness patterns across the entire study area.
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Future Vegetation Stability, Intact Late-Seral Forests, and Current Protection Schemes

In addition to potential species shifts, we used the MC1 dynamic vegetation model outputs, biogeography module (Bachelet et al.,
2001) to assess potential stability of dominant types of vegetation under a changing climate. The MC1 model was derived from
physiologically based biogeographic rules derived from the MAPSS model (Neilson, 1995) adapted to dynamic environmental
gradients using site production information (Bachelet et al., 2001). While the Maxent climate envelope analysis (above) focused on
individual rainforest species and species richness, the MC1 output provided information on overall functional types of potential
vegetation (temperate coastal needleleaf forest, for example) but not individual species. We compiled MC1 outputs produced
under current and future climatic conditions using three GCMs (third assessment models): Hadley (HadCM3; Johns et al., 2003),
MIROC (Hasumi and Emori, 2004), and CSIRO (Gordon et al., 2002) under the A2 emissions scenario. MC1 explicitly simulates
vegetation dynamics, nutrient cycles and dynamic impacts of disturbance due to fire and has been used in analyses of vegetation
responses to climate change (Lenihan et al., 2008). However, MC1 does not incorporate anthropogenic disturbances such as timber
harvest, agriculture, urbanization, invasive species introductions, and human-wildfire ignition sources.

All applied MC1 model outputs have a 1/12°, unprojected, grid-cell resolution that is nominally 8-km (Daly et al., 2008).
We assessed vegetation stability by comparing the dominant type of vegetation predicted to be supported under modeled baseline
conditions (1961-1990) to that predicted to be supported for two future time periods (2035-45 and 2075-85). We identified areas
as ‘stable’ or ‘unstable’ based on whether the future climate is expected to continue to support the same dominant vegetation type
through late-century based on agreement across the three GCMs.

Notably, Pacific coastal temperate rainforests are highly fragmented in southern locales, which may be more vulnerable to large-
scale changes in precipitation and temperature if magnified by local edge effects. Therefore, we accessed the most current intact late-
seral rainforest datasets to identify areas that overlap with stable vegetation areas as potential refugia (Keppel et al., 2012; Olson et al.,
2012; Watson etal., 2013). For intactness, we downloaded the only seamless forest fragmentation dataset available for the entire Pacific
coastal temperate rainforest region and published in 1995 (http://databasin.org/datasets/7f72a68ac6c343bda3ffffabef3926de;
accessed October 28, 2014).

We also intersected protected area feature classes with the MC1 stability areas to determine areas that are currently protected and
projected to support climatically stable vegetation types overtime. In the USA, we used GAP status codes 1 (‘strict’) and 2 (‘relaxed’)
obtained from the Protected Area Database (PAD-US CBI edition v1.1). In most cases, this database does not include administra-
tive protections such as late-successional reserves of the Northwest Forest Plan (USFS and BLM, 1994) unless they overlapped with
more stringent protections such as Wilderness and Congressionally Withdrawn Areas. The protected area data in British Columbia
were obtained from Global Forest Watch Canada. Thus, we were able to show how areas of future stable vegetation, current late-
seral forests and protected areas coincide in order to assess if the current conservation scheme across the entire region is well
adapted to climate change or not.

Climate Envelope Model Evaluation and Most Important Climate Parameters

For the focal species, the AUC values based on the test data averaged across Maxent model runs ranged from 0.82 (western
hemlock) to 0.93 (coast redwood), indicating that the models satisfactorily discriminated between presence and background
information (online appendix).

The two most influential variables from the Worldclim dataset that most frequently show highest prediction power among the
predictive Maxent models for focal species were ‘Precipitation of Coldest Quarter’ and ‘Precipitation of Driest Quarter’ (online appendix).

Key Findings for Focal Species and Rainforest Assemblages
Shifts of Potential Species Distributions

Aggregated potential distributions of focal conifer tree species predicted a shift for all applied GCMs by 2080s (Figure 1). More
detailed species by species analysis are available in the online appendix. Although the intensity of shifts differed slightly among
GCMs, the overall pattern showed a substantial reduction of aggregated potential species distributions for large parts of the seasonal
and warm rainforest zones (south) and a broadly stable richness pattern of aggregated potential species distributions along the
perhumid zone (north) - except for some northerly, island parts, and rain shadow areas (e.g., Olympic Peninsula). Quantitative
comparisons of potential species distributions through time periods indicated that future distributions, in part, differ substantially
compared to their baseline counterparts (Table 1). Averaged Cohen'’s kappa coefficients across all species and applied GCMs per
time period revealed that differences are more pronounced by 2050s (K=0.71) compared to 2080s (K=0.57) in relation to
baseline distributions.

By 2080s, potential distributions of western red cedar, Sitka spruce, and western hemlock show marked persistence (55-82%)
mainly in northern portions of their range with minor contractions (2-7%) in the south (Table 1, Figure 1). Pacific silver fir, grand
fir, Alaska yellow-cedar, and mountain hemlock had more substantial reductions (15-39%) in potential distributions throughout
their range by 2080s. Coast redwood is expected to experience reduction of nearly one-fourth of its modeled climate envelope by
2080 (Figure 2, inset). Small (3%) climate related potential distribution gains were possible to the north; however, these are gone
by 2080.
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Table 1 Percent of baseline (1950-2000) potential distribution loss, persistence, and gain for focal species in the
Pacific Coastal temperate rainforest by two time periods (2050s, 2080s), the A2A ensemble-emissions scenario, and full
agreement among three General Circulation Models (CCCMA-CGCM2; CSIRO-MK2; and HADCM3)

Species Period Loss (%) Persistence (%) Gain (%)
Western red cedar 2050s 4 65 18
2080s 6 59 28
Sitka spruce 2050s 0 83 9
2080s 2 82 15
Western hemlock 2050s 4 74 8
2080s 7 55 12
Pacific silver fir 2050s 24 35 3
2080s 39 21 5
Grand fir 2050s 20 35 6
2080s 36 17 10
Alaska yellow-cedar 2050s 8 66 4
2080s 21 34 4
Moutain hemlock 2050s 7 59 7
2080s 15 33 4
Coast redwood 2050s 21 16 3
2080s 23 1 0
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Figure 2 Predicted areas of vegetation stability (scenario A2, 2080s), protected areas, and late-seral forests in the Pacific coastal rainforests. Inset
map shows potential distribution gain, persistence, and loss of coast redwood based on three GCMs (CSIRO, CCCMA, and HADCM3). The three circled
areas in the redwood insert indicate protected areas where redwoods are currently found. Only the upper circled area has parks that coincide with
projected redwood persistence in green.
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Future State of the Ecosystem and Conservation Areas

Results from the MC1 dynamic vegetation model largely resembled the pattern obtained from climate envelope models on a
broader scale (Figure 3 vs. Figure 1). Areas with potentially stable dominant vegetation communities were most densely spread
across the perhumid zone and the coastal regions of the northern seasonal zone while southern areas changed more dramatically as
also depicted in the species distribution models. In general, northern regions are expected to retain climate suitable for the baseline
dominant vegetation types through 2080s, mostly the maritime evergreen needleleaf (e.g., western hemlock, Sitka spruce) type.
Unstable areas also occur in the North, including portions of the Queen Charlotte and Haida Gwaii island and much of the mid
and southern British Columbia coastline where temperate deciduous broadleaf woodland (e.g., red alder, Alnus rubra) is expected
to expand, and the Kenai Peninsula of Alaska where the climate is expected to be more suited to temperate cool mixed forest rather
than the baseline needleleaf forest. The climate currently supporting baseline subalpine forest in many areas is expected to shift
toward conditions more suitable for patches of maritime evergreen needleleaf forest, temperate evergreen needleleaf forest, and
temperate deciduous broadleaf forest.
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Figure 3 Outputs from MC1 functional vegetation model show baseline (a) and f